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The impacts of human activities on soil contamination are
many and varied. The extent of human impact is now so per-
vasive and profound that there is currently much discussion
about the “Anthropocene”, a new geologic era characterized
by anthropogenic disturbances of the geologic record. Many
of the problems recognized during the 1970s linger on,
including the effects of acid rain and airborne deposition
of soot, fly ash, and other potentially toxic particulates.
Further, the scope of the problem has grown significantly
with economic growth in previously less developed nations
such as China and India. The effects of human activities vary
with land use, ranging from agricultural wastes such as farm
animal sewerage and fertilizer runoff, to commercial and
industrial wastes of every conceivable type and magnitude.
Over the years, the list of toxic contaminates has also grown,
so that it not only includes heavy metals, radionuclides,
and organic compounds of anthropogenic origin, but phar-
maceuticals, explosives, and previously unknown biological
pathogens. The field of soil remediation has also grown
tremendously over the past few decades. The goal of this
special issue is to further explore the effects of human activ-
ities on soil contamination. Topics to be examined include
the nature and extent of soil contamination, state of the
art methodologies for studying soil and related groundwater
contamination, and innovative techniques for remediation.

This special issue initially contains five articles, with
plans for future publication of additional papers. The papers
deal with heavy metals and toxic organics, as well as soil
acidification and the effects of military explosives on soil. In
the paper “Occurrence of vanadium in Belgian and European
alluvial soils,” V. Cappuyns and E. Slabbinck bring attention
to the possible effects of V as a soil contaminant. They

document the nature and extent of V contamination in
alluvial soils developed in three industrialized drainage
basins in Belgium, and from other areas in Europe. Their
results suggest that the mobility of V is low, but nevertheless
worthy of further investigation. B. V. Kjellerup et al. examine
the effects of biodecomposition by bacteria as a remedial
tool for PCB contamination in the paper entitled “Spatial
distribution of PCB dechlorinating bacteria and activities
in contaminated soil.” Their results support the use of
the method for remediating sediments, whereas use in
contaminated soils faces further challenges. In the paper
called “Acidification and nitrogen eutrophication of Austrian
forest soils” R. Jandl et al. reevaluate the effects of acidic
deposition and nitrogen on forests soils. Interestingly, pH
has risen in the soils studied as a result of air pollution
mitigation and nitrate leaching into the groundwater is not
found to be a large-scale problem. The high levels of nitrogen
deposition have actually led to an unexpected increase in the
forest productivity. J. Pichtel reviews the effects of military
explosive wastes on soils in the article entitled “Distribution
and fate of military explosives and propellants in soil: a review.”
He shows that soils worldwide are contaminated by the
chemically active components of explosives and propellants.
These compounds undergo varying degrees of chemical
and biochemical transformation and appear to be common
groundwater contaminants. Thus, there appears to be an
urgent need to identify and remove such hazards from con-
taminated soils. In the paper “A critical evaluation of single
extractions from the SMT program to determine trace element
mobility in sediments,” V. Cappuyns compares two commonly
applied single extraction procedures, ammonium-EDTA and
acetic acid, for evaluating heavy metal contamination in
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soils. The results underscore the difficulties of relating single
extractions to phytoavailability, and thus the need for further
work.

Fernando José Garbuio
Jeffrey L. Howard

Larissa Macedo dos Santos
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We evaluated the effect of acidic deposition and nitrogen on Austrian forests soils. Until thirty years ago air pollution had led to soil
acidification, and concerns on the future productivity of forests were raised. Elevated rates of nitrogen deposition were believed to
cause nitrate leaching and imbalanced forest nutrition. We used data from a soil monitoring network to evaluate the trends and
current status of the pH and the C : N ratio of Austrian forest soils. Deposition measurements and nitrogen contents of Norway
spruce needles and mosses were used to assess the nitrogen supply. The pH values of soils have increased because of decreasing
proton depositions caused by reduction of emissions. The C : N ratio of Austrian forest soils is widening. Despite high nitrogen
deposition rates the increase in forest stand density and productivity has increased the nitrogen demand. The Austrian Bioindicator
Grid shows that forest ecosystems are still deficient in nitrogen. Soils retain nitrogen efficiently, and nitrate leaching into the
groundwater is presently not a large-scale problem. The decline of soil acidity and the deposition of nitrogen together with climate
change effects will further increase the productivity of the forests until a limiting factor such as water scarcity becomes effective.

1. Introduction

Forests in central Europe provide manifold ecosystem
services. Besides their function for wood production and
protection, their soils represent an efficient filter and purifi-
cation layer for water passing through, where they retain
carbon and nitrogen. The maintenance of carbon stocks
in soils contributes to the mitigation of climate change.
In addition, forest soils buffer acidic deposition. Over the
last three decades several factors have been identified which
compromise the provision of these ecosystem services.

In the late 1970s, increasing evidence for forest decline
arose [1]. The topic attracted a lot of public attention,
followed by initiatives to reduce emissions and improve
forest soils [2, 3]. In the mid 1980s, the nitrogen saturation
hypothesis was brought up. Due to industrial processes

the nitrogen input to forests has reached unprecedented
levels [4–6]. It was expected that the release of ammonium
into soils is harmful due to the proton generation during
nitrification [7–9]. The formed nitrate is leached into the
groundwater, and as a consequence base cations are lost.
The nitrogen saturation hypothesis was expanded to nutrient
imbalances; these occur as a consequence of high growth
rates, caused by excess nitrogen, when other nutrients are
in short supply [10]. Following the general trend, Austrian
forest soils are affected by acidic deposition. Many sites are
carrying a legacy of nutrient exploitation due to previous
land-use practices. These sites were especially predisposed
to acidification [11]. Soils formed on calcareous bedrock
are less vulnerable. Historic forms of land use also have
affected the nitrogen cycle. With respect to the nitrogen
saturation hypothesis, it was expected that many forest soils
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were critically depleted in nitrogen in the past. These forest
soils are, therefore, not easily oversaturated by incoming
nitrogen, even when deposition loads exceed the actual
nitrogen demand.

In Austria, the emission reduction between 1990 and
2009 amounted to 72% for SO2, but only to 3% for NOx and
to 4 % for NH3. Whereas mean annual NOx-concentrations
in Austrian nonurban areas have decreased over the last
20 years, the Austrian limit value (30 μg NOx m−3 accord-
ing to BGBl. 298/2001) as well as critical loads (10 to
20 kg N ha−1 yr−1 depending on the respective ecosystem
[12]) are often exceeded in the vicinity of roads [13, 14].
Critical loads are a reference system defining upper limits
for the deposition of elements that can safely be processed
within the ecosystem. The deposition of elements/substances
becomes problematic when the capacity is exceeded. Critical
loads are derived from the estimation of leaching rates from
soils but also from the response of particularly vulnerable
organisms such as lichens, mosses, and vascular plants [15–
18]. Air monitoring stations are irregularly installed and
often placed where high pollution is expected. Alternative
methods are necessary in order to provide a wider coverage
of survey points. Bioindication with mosses is a useful tool to
assess the nitrogen deposition [19–21].

(i) In this paper we show the long-term trend of soil
pH in Austrian forest soils in order to evaluate the
extent of the previous acidification and the recovery
of forest soils as a consequence of the declining
acidic deposition. We demonstrate the effect of the
prolonged trend of nitrogen depositions on soil
properties.

(ii) We evaluate the effect on the basis of soil parameters
and of receptor organisms, that is, the nutrition of
Austrian forest trees with nitrogen.

(iii) We compare the current deposition loads of protons
and inorganic nitrogen with previously established
critical loads. As a potential response to nitrogen
enrichment, we present the temporal trend of the
nitrogen nutrition of Austrian forests based on the
Austrian Bioindicator Grid. As an indication for the
spatial distribution of nitrogen supply, we present
nitrogen concentrations in mosses.

(iv) Pathways of nitrogen in forest ecosystems—for exam-
ple, leaching of nitrate into the groundwater—will be
demonstrated by the example of two case studies.

2. Materials and Methods

2.1. Monitoring Networks. The evaluations are based on
chemical data of soils and depositions and bioindication data
from Austrian monitoring networks that are parts of several
independently conducted transnational networks (Table 1).

2.2. Soils. The initial soil sampling was part of the ICP-
Forests “Level I monitoring network” (http://www.icp-for-
ests.net) and the second sampling was conducted within the

“BioSoil” project [22]. Data of pH values and C : N ratios
were selected from the comprehensive data pool and are
discussed here. The data set comprises 39 sites on calcareous
bedrock and 100 sites on silicatic bedrock.

2.3. Depositions. The Austrian deposition monitoring grid
for forest ecosystem (ICP Forests programme) comprises
20 plots representing the dominant forest types in Austria.
The sites are located in clean-air regions and reflect the
background level of atmospheric deposition. Furthermore,
17 sample plots of the Federal deposition monitoring
network, located mainly in rural areas, were included.

Locations and analytical procedures of the Austrian
deposition monitoring grid are described in [23], those of
the Federal deposition monitoring network by [24]. Among
a series of ions the annual deposition rates of protons and
total inorganic nitrogen (nitrate and ammonium) contents
from wet deposition were evaluated.

2.4. Bioindication with Spruce and Pine Needles. Within the
Austrian Bioindicator Grid (http://bioindikatornetz.at; BIN)
the pollutant input and the nutrition status of forests are
monitored. The BIN is organized on a regular grid and
comprises the content of main nutrients and micronutrients
in spruce and pine needles. Sampling was done annually in
autumn. The nitrogen content of the foliage was used for this
evaluation. According to [25] concentrations <1.3% indicate
nitrogen deficiency.

2.5. Bioindication with Mosses. The moss species Hylo-
comium splendens, Pleurozium schreberi, Hypnum cupressi-
forme, Abietinella abientina, and Scleropodium purum were
sampled in 5-year intervals and analysed for nitrogen. These
species have a similar morphological structure and a similar
mechanism of nitrogen uptake. The objective of the moss
analysis was to obtain a proxy for the long-term input
of nitrogen when a comprehensive deposition monitoring
system is not available. Here we use the content of nitrogen.

2.6. Case Studies at Intensive Investigating Plots. Input/out-
put budgets of nitrogen were estimated for two long-term
monitoring plots in Austria.

The site Zöbelboden belongs to the “Convention on
Long-Range Transboundary Air Pollution” (CLRTAP)-Prog-
ram and is located in the Northern limestone Alps (latitude:
47◦50′ 30” N, longitude 14◦26′30′′; http://www.umwelt-
bundesamt.at/im). The bedrock is formed by dolomite, the
altitude is 850–956 m, the average annual temperature is
7.2◦C, and the annual rainfall ranges from 1500 to 1800 mm.
The mixed forests are dominated by Norway spruce (Picea
abies) and beech (Fagus sylvatica). The site receives approx.
20 kg N ha−1 yr−1 and, depending on the forest type, between
21 and 27 kg N ha−1 yr−1 in the open field [26, 27].

The site Mühleggerköpfl is also located in the Northern
Limestone Alps (latitude 47◦34′ 50′′ N; longitude 11◦38′ 21′′

E) at 910 m a.s.l. on a north-northeast facing slope. The
mean annual air temperature and precipitation are 6.8◦C
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Table 1: Austrian monitoring networks regarding the evaluation of soil acidification and nitrogen saturation, nitrogen deposition and
bioindication of nitrogen deposition, and nutrition status. The location of the sample points is shown in Figures 5 and 6.

Forest soils Deposition Spruce and pine needles Mosses

Project title
Austrian forest soil
monitoring
system/BioSoil (EU)

Austrian deposition monitoring
grid for forest ecosystem (ICP
Forests); Federal deposition
monitoring network

Austrian Bioindicator Grid

Monitoring of atmospheric
pollution by mosses in Austria
(UNECE ICP monitoring
programme)

Samplings 1987 and 2007 1996–2009; 1984–2009 1983–2010 1991, 1995, 2000, 2005, 2010

Number of sites 511 (1987); 139 (2007) 20/14 763 220

and 1563 mm, respectively. The experimental forest is 130-
years old and dominated by Norway spruce. The site receives
approx 20 kg N ha−1 yr−1 [28, 29].

2.7. Calculation of Critical Loads. The acidification of
soils and the nitrogen saturation of forest ecosystems were
calculated based on the Austrian forest inventory [30], the
Austrian inventory of forest soils [31], and Corine 2006 land
cover data [32]. The sulphur, nitrogen, and cation deposition
rates were estimated from time series modelled by the sources
[33, 34].

The soil data were evaluated with the SAS statistical
package. For the change of soil pH and the C : N ratio
between the first and the second soil inventory, a pairwise
comparison of means was done by a t-test. The data were
stratified according to the geological substrate. The temporal
trend of the proton and nitrogen input between 1983 and
2008 and the trend of the proportion of nitrogen deficient
spruce and pine forests were evaluated by a linear regression.

3. Results

3.1. Soils. Austrian forest soils have consistently shown an
increase of the pH during two decades (Figure 1). The
strongest increase occurred in the organic surface layer (FH
horizon) and the effect diminished with depth in the mineral
soil. The variability is quite large. The deacidification of soils
was stronger in soils on calcareous bedrock than on silicatic
soils. The large error bars are explained by the small-scale
spatial variability of soil properties. The temporal change
of the pH is statistically significant in all depth layers of
the calcareous soils and in the organic surface layer and
the upper mineral soil (0–10 cm) of the silicatic soils. As a
result of decreasing deposition of acidifying substances the
critical loads for acidification are exceeded at only 0.6% of
the Austrian forest area.

The C : N ratio is an integrating indicator for the
enrichment and the availability of nitrogen. A narrow C : N
ratio indicates a high availability of nitrogen with several
consequences such as an improved nitrogen supply for plants
and a higher soil microbial activity. According to Figure 2,
the C : N ratio was slightly widening during the last 20 years.
The effect is strongest in the forest floor material. Soils did
not respond differently among the 2 geological substrates.
Contrary to the soil pH, the change in the C : N ratio is not
statistically significant, although the ratio has become wider.
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Figure 3: Annual input of protons (above) and inorganic nitrogen
(below) in Austria.

3.2. Depositions. Long-term measurements of the wet proton
deposition (free acidity) in Austria show a general decrease
over time. Between 1984 and 1993s the input of protons
decreased substantially (between 39 and 99%) at five sites
situated at the northern Alpine rim and in the inner Alpine
area [24]. The highest inputs—up to 0.7 kg H+ ha−1 yr−1—
were measured in the eastern part of Austria. The chemical
quality of the rain water varies widely in Austria depending
on the distance to emitters, and their exposure to imported
air pollutants. In general, the pollutant loads correspond
to the precipitation pattern so that higher deposition is
particularly found at the northern slopes of the Alps and to
some extent in southern Carinthia. The mean deposition of
protons is 134 g H+ ha−1 yr−1 and decreases significantly by
7 g H+ ha−1 yr−1 from 1984 to 2009 (P < 0.001; Figure 3,
Table 2).

Nitrogen is entering the ecosystem as deposition of
ammonium, nitrate, and organic nitrogen. The average total
input of inorganic nitrogen is approximately 8 kg ha−1 yr−1.
Figure 3 illustrates the considerable variation of nitrogen
deposition, caused by the heterogeneity of sites. The variabil-
ity is caused by the proximity of sites with high precipitation
rates and high local emission and sites in the rain shade
of mountain ranges that receive very little deposition.
During the observation period between 1996 and 2009
the nitrogen input slightly, but significantly decreased. The
highest inorganic nitrogen inputs (up to 22 kg ha−1 yr−1)

Table 2: Mean annual deposition rates of protons and nitrogen,
mean annual changes, and significance of the changes at Austria
measurement sites. The sites are irregularly distributed.

Element
Mean annual

deposition
[kg ha−1 yr−1]

Mean annual
change [kg

ha−1]

Significance
of change

Number
of

samples

H 0.134 −0.007 ∗∗∗ 602

N (inorganic) 8.056 −0.146 ∗∗∗ 603

Table 3: critical loads (CL) for acidification (kg ha−1 yr−1) and
eutrophication (kg ha−1 yr−1) of the Austrian forested area. CL-
acidmax (S): critical load of S assuming an exclusion of N; CL-acidmax

(N): critical load of N assuming an exclusion of S; CL-eutnut (N): CL
for eutrophication according to the mass balance; CL-eutemp (N):
empirical CL for eutrophication for Austrian forest types according
to [26] ECE (2010).

25th percentile median 75th percentile

CL-acidmax (S) 2.384 2.776 6.242

CL-acidmax (N) 4.125 4.982 9.891

CL-eutnut (N) 10.1 11.0 11.9

CL-eutemp (N) 10–20

Percent area with an exceedance of the CL

CL-acid 0.6 %

CL-eut 94 %

were observed in the northern Alpine rim and in the eastern
part of Austria, the lowest in the Inner Alps.

The critical loads for nitrogen eutrophication are
exceeded at some sites. Average critical loads for acidification
are relatively high due to carbonate bedrock in many Austria
areas. Exceedance only occurred at 0.6% of the Austrian
forest area. Critical loads for eutrophication based on mass
balance are around 11 kg ha−1 yr−1. Nitrogen immobilisation
increases with altitude, whereas losses by nitrogen leaching
decrease with altitude. The critical loads for nitrogen vary
between 10 and 20 kg N ha−1 yr−1 over the Austrian terri-
tory. In total, 94% of the Austrian forest area features a
deposition exceeding the critical load for eutrophication. The
exceedance is 4.1 kg N ha−1 yr−1 on average and highest in the
northern part of the Alps and in eastern Austria (Table 3).

3.3. Bioindication with Spruce and Pine Needles. The trend of
decreasing nitrogen availability in soils, indicated by the C : N
ratios, corresponds to the nitrogen deficiency in needles that
was revealed by the Austrian Bioindicator Grid (Figure 4).
According to the threshold values of 1.3% N, the area of
nitrogen deficient sites in Austrian forests has increased since
the early 1980s. By contrast, the nitrogen supply has been
diminished and no evidence for nitrogen enrichment is given
based on nitrogen contents of spruce needles.

The geographic distribution of the nutrition status has
totally changed during the last 30 years (Figure 5). Areas
in the north and southeast of the country have been well
supplied with nitrogen in the past and suffer currently from
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Figure 4: Trend of the proportion of nitrogen deficient sites of
Norway spruce and Scots pine in Austrian forests from 1983 to 2010
(Austrian Bioindicator Grid).

nitrogen deficiency. In the Central Alps the nitrogen supply
has declined in the last 25 years.

3.4. Mosses. The distribution of the nitrogen content of
mosses can be taken as a surrogate for nitrogen deposition
in areas not covered directly by trees or shrubs. As shown
in Figure 6, nitrogen deposition has been elevated in densely
populated areas, especially where the density of car traffic
is high, where nitrogen was mainly deposited as nitrate.
Furthermore, higher concentrations in the northern part
of Austria are caused by intensive agriculture (e.g., cattle
raising). In these areas ammonium was the main emission
source [21]. The nitrogen content of mosses in the mountain
regions is substantially lower.

3.5. Case Studies at Intensive Investigating Plots. Concerns on
the nitrogen saturation of forests invoked the implementa-
tion of several case studies where the nitrate leaching from
forest ecosystems was quantified. At the two long-term mon-
itoring sites Zöbelboden and Mühleggerköpfl precipitation is
high, so that even at low nitrogen concentrations in the rain
deposition load is considerable. These sites are characterized
either by mature spruce-dominated forests or mixed conifer-
deciduous forests and a mosaic of deep chromic Cambisols
and shallow rendzic Leptosols, developed from the under-
lying dolomite gravel. We assessed whether the soils were
currently capable to retain the incoming nitrogen or whether
they released nitrate into the karst aquifer. A repeated soil
inventory at Zöbelboden had indicated a slight increase in
the nitrogen pool of the organic surface layer and botanists
observed an increase in the coverage of nitrogen demanding
herbaceous plants and bryophytes [35, 36]. An estimation
of the nitrogen losses by leaching showed no indication for
nitrogen saturation. The nitrogen release in the aqueous
phase, though quite high, was still dominated by specific
events such as strong snow melt, high amounts of litterfall
due to drought in the year 2003, or an increase of nitrogen
availability after a bark beetle attack that had taken out
several trees and left some of the available nitrogen unutilized
[36]. As a result, leaching of inorganic nitrogen can even
rise to 20 kg N ha−1 yr−1. The overall magnitude of nitrogen

leaching differs substantially between forests and soil types.
The site in Tyrol also shows a remarkable nitrogen retention
capacity. In all the years the nitrogen release in the aqueous
phase was lower than the nitrogen input from deposition
[37].

4. Discussion

The consistent increase of the soil pH within the last 20
years gives evidence of strong changes in the Austrian
forest ecosystems (Figure 1). The alkalinisation of forest
soils has also been shown consistently in Europe [38, 39].
The decrease of soil acidity can partially be attributed to
the decrease of SO2 and NOx emissions which diminished
stress caused by acid deposition. However, effects of reduced
emissions from industry are superimposed by the long-term
recovery of soils from negative impacts of former land use
practices [40]. Before mineral fertilisers became available for
low prices, shortly after World War II, forests commonly
served as a source for organic material and nutrients for
agriculture and have, therefore, been degraded [41]. During
the last 60 years, a recovery of forest soils has been observed
in central Europe [42]. Therefore, the increase in soil pH is
a combined response to both reduction of emissions from
industrial sources and change in land use intensity.

The widening of the soil C : N ratio is an indication
for a decreasing nitrogen availability in Austrian forest soils
(Figure 2). Air pollution due to both imported long-range
transport and local nitrogen emissions, caused considerably
higher nitrogen deposition compared to the preindustrial
amounts. Currently, the emissions are slightly declining. In
addition the discontinuation of litter raking ensures that no
longer large quantities of nitrogen are removed from forest
soils. It was hypothesized that forest soils were approaching
nitrogen saturation. However, we did not find evidence that
forest soils were accumulating nitrogen. A major reason
is the accentuated increase of the productivity of central
European forests. The differentiation of simultaneous effects
such as nitrogen enrichment, CO2 fertilisation, changed
forest management and elongation of the growing season
revealed that nitrogen was the most important factor [43–
45]. Moreover, the adverse effects of acidic deposition (SO2,
NOx) are no longer effective on a large scale. Increased
growth rates of forests demand higher nitrogen supply from
soils. The high productivity of forests is paralleled by lower
nitrogen contents of the leaves and can only be supported by
the effective utilization of the soil nitrogen pool, as indicated
by the increase in nitrogen deficiency and the wider C : N
ratio (Figures 2 and 4). Other factors such as increased soil
organic matter decomposition due to higher temperatures
and higher soil pH values [46] and improved types of forest
management are probably less important.

The change of the proton deposition is remarkable
(Figure 3). The concern for the quality of the environment
led to legal measures obligating industry to efficiently reduce
SO2 emissions. The implementation was successful due to
the well-defined industrial sources of SO2. The reduction of
nitrogen oxide emissions in order to counteract the effect
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Figure 5: Nitrogen content of moss tissue at 220 sampling sites in Austria following a method established within the framework of
UNECE/ICP vegetation. Dots represent measured concentrations in mosses; grey colours were derived from interpolation by means of
ordinary kriging.
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Figure 6: Nitrogen nutrition of Austrian forest, based on the amounts of nitrogen deficiency in the period 1983–1987 (a) and 2006–2010 (b).

of nitrogen saturation was more difficult as the sources of
these nitrogen compounds are more diffuse. The increase
of road traffic density led to increased nitrogen emission
rates that almost compensated the emission reductions in
other sectors. Taking into account that SO2 emissions have
declined and that NOx concentrations in the atmosphere did
not markedly decrease we conclude that sulphuric acid is
now of minor relevance for soil acidification, whereas nitric
acid still supplies protons. Further sources of acidification are
nitrification caused by high rates of NH4 deposition.

The decline of the nitrogen nutrition of forests (Figures 4
and 5) is explained by observed forest management dynamics

during the last decades. Forest ecosystems in central Europe
have been used less exploitative for several decades. Being
aware that closed nutrient cycles are relevant for ecosystems,
their maintenance has been fully integrated into the concepts
of sustainable forest management. The nitrogen demand
has more strongly increased than the nitrogen supply in
Austria due to afforestation of marginal agricultural land
and the extended area of young forests with a high nitrogen
demand [47]. Moreover, stand densities are increasing due
to economic constraints in terms of thinning operations.
Political incentives towards the expansion of the production
of renewable energy are expected to increase the demand
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for wood biomass in the future. A consequence would be
the increase of the management intensity and the intensified
mobilisation of this resource [17, 48].

Trees are investing additional nitrogen in an increase of
the needle biomass in order to achieve high productivity
rates. The supply and the availability of nitrogen over
an prolonged growing season as a consequence of rising
temperatures reduces the nitrogen content in photosynthet-
ically active tissues. In conclusion, the increase of nitrogen
availability is not invested in nitrogen-enriched needles and
leaves, but in an expansion of the tree. Fertilisation exper-
iments demonstrated that nitrogen amendments led only
transiently to higher concentrations in leaves, but primarily
replenished the previously exhausted soil nitrogen pool
[49].

The findings from needle analyses were confirmed by
moss analyses. In contrast to needles, for mosses the
atmosphere is the main nitrogen source. The analyses
indicate that the nitrogen content of mosses is a useful
integrating parameter for the long-term supply of nitrogen
from atmospheric sources [21, 35].

The case studies of nitrogen leaching did not give any
indication that the forest soils would lose their ability
to retain nitrogen. The nitrogen saturation hypothesis
according to [9] is still considered to be valid. However,
under natural conditions it could not be demonstrated that
moderately elevated nitrogen depositions led to continu-
ous and prolonged nitrogen leaching. Furthermore, meta-
analyses of long-term studies revealed a number of factors
as prerequisites for losses due to nitrate leaching in addition
to deposition [50]. In a comprehensive review [51], it
was demonstrated that nitrogen leaching is connected with
ecosystem disturbances. However, it is difficult to identify
the nitrogen enrichment of undisturbed forests, because the
excess nitrogen of a quantity of several kilograms per ha and
year dissipates in the large pool of several tons per ha.

Although model based mapping of critical loads has its
weaknesses [52], the widespread exceedance in Austria and
elsewhere should attract more interest [53]. Global warming
prolongs the growing season and increases the productivity
of forests. Consequently, the demand for nitrogen is expected
to increase. For regions with limited nitrogen supply, a
“progressive nitrogen limitation” is expected [54, 55]. Global
warming might, therefore, mitigate the problem of nitrogen
saturation of forest ecosystems.

Forest disturbances are predicted to increase and have
the potential to mobilize reasonable amounts of N as shown
by our case studies and elsewhere [27]. The uncertainty
regarding the identification of critical input rates cannot be
a justification to ignore the challenge. From the viewpoint
of the chemical quality of water from forest ecosystems, it is
important to know the limit of nitrogen retention capacity.

5. Conclusions

(i) In Austria, soils formed on noncalcareous bedrock
are recovering from previous acidification due to the
release from exploitative forms of forest management

during centuries and acidic deposition in recent
history.

(ii) The C : N ratio of Austrian forest soils is widening,
despite a higher availability and quicker turnover
of nitrogen. The higher productivity of forests and
changes of the management intensity increase the
nitrogen demand.

(iii) Nitrogen saturation is conceptually well understood
but difficult to identify on the plot level when nitro-
gen deposition is not massively exceeding critical
loads.

(iv) The nitrogen budgets of two intensive monitoring
plots have shown that soils can retain high amounts
of nitrogen, even when the input rate is exceeding the
demand by plants. Nitrate leaching is presently not
a large-scale problem but could become one in the
future when nitrogen emission is not reduced.

(v) The supply with nitrogen is worst among the main
nutrients nitrogen in Austrian forests.

(vi) Mosses are useful bioindicators for atmospheric
nitrogen deposition as they are integrating the nitro-
gen depositions of several years. Nitrogen concen-
tration in well-defined moss species can be taken
as proxies for nitrogen deposition in the respective
growth area.
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“Amelioration of magnesium deficiency in a Norway spruce
stand (Picea abies) with calcined magnesite,” Water, Air, and
Soil Pollution, vol. 125, no. 1–4, pp. 1–17, 2001.

[4] P. M. Vitousek, J. D. Aber, R. W. Howarth et al., “Human alter-
ation of the global nitrogen cycle: sources and consequences,”
Ecological Applications, vol. 7, no. 3, pp. 737–750, 1997.

[5] J. W. Erisman, “The European nitrogen problem in a global
perspective,” in The European Nitrogen Assessment, chapter 2,
pp. 9–31, Cambridge University Press, 2011.

[6] M. A. Sutton, O. Oenema, J. W. Erisman, A. Leip, H. Van
Grinsven, and W. Winiwarter, “Too much of a good thing,”
Nature, vol. 472, no. 7342, pp. 159–161, 2011.

[7] B. Nihlgard, “The ammonium hypothesis. An additional
explanation to the forest dieback in Europe,” Ambio, vol. 14,
no. 1, pp. 2–8, 1985.

[8] J. D. Aber, “Nitrogen cycling and nitrogen saturation in
temperate forest ecosystems,” Trends in Ecology and Evolution,
vol. 7, no. 7, pp. 220–224, 1992.

[9] J. Aber, W. McDowell, K. Nadelhoffer et al., “Nitrogen satu-
ration in temperate forest ecosystems: hypotheses revisited,”
BioScience, vol. 48, no. 11, pp. 921–934, 1998.

[10] H. Van Oene, “Acid deposition and forest nutrient imbalances:
a modeling approach,” Water, Air, and Soil Pollution, vol. 63,
no. 1-2, pp. 33–50, 1992.



8 Applied and Environmental Soil Science

[11] R. Jandl, C. Alewell, and J. Prietzel, “Calcium loss in Central
European forest soils,” Soil Science Society of America Journal,
vol. 68, no. 2, pp. 588–595, 2004.

[12] World Health Organization, Air Quality Guidelines for Europe,
European Series No. 91, WHO Regional Publications, 2nd
edition, 2000.

[13] S. Smidt and E. Obersteiner, “10 Jahre Depositionsmessung
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Soil samples contaminated with Aroclor 1260 were analyzed for microbial PCB dechlorination potential, which is the rate-limiting
step for complete PCB degradation. The average chlorines per biphenyl varied throughout the site suggesting that different rates of
in situ dechlorination had occurred over time. Analysis of PCB transforming (aerobic and anaerobic) microbial communities and
dechlorinating potential revealed spatial heterogeneity of both putative PCB transforming phylotypes and dechlorination activity.
Some soil samples inhibited PCB dechlorination in active sediment from Baltimore Harbor indicating that metal or organic
cocontaminants might cause the observed heterogeneity of in situ dechlorination. Bioaugmentation of soil samples contaminated
with PCBs ranging from 4.6 to 265 ppm with a pure culture of the PCB dechlorinating bacterium Dehalobium chlorocoercia DF-
1 also yielded heterologous results with significant dechlorination of weathered PCBs observed in one location. The detection of
indigenous PCB dehalorespiring activity combined with the detection of putative dechlorinating bacteria and biphenyl dioxygenase
genes in the soil aggregates suggests that the potential exists for complete mineralization of PCBs in soils. However, in contrast to
sediments, the heterologous distribution of microorganisms, PCBs, and inhibitory cocontaminants is a significant challenge for
the development of in situ microbial treatment of PCB impacted soils.

1. Introduction

Polychlorinated biphenyls (PCBs) are persistent organic
pollutants that are still present in the environment despite
a U.S. production ban in 1976 [1]. Prior to this, commercial
mixtures of PCBs (trade name Aroclor in the U.S.) were used
for a range of industrial applications such as high-voltage
transformers, insulating materials, and hydraulic liquids [2,
3]. PCBs are hydrophobic with a high affinity for adsorption
to soil particles and for bioaccumulation in lipids causing
hepato- and immunotoxicity, carcinogenesis, and affecting
endocrine organs and reproduction in humans [4, 5] and
animals [6]. Removal of PCBs from impacted sites has,
therefore, been a regulatory priority for several decades [7].

Soils contaminated with PCBs can be found worldwide
as a result of industrial activity [8]. However, large het-
erogeneities in contaminant concentration and microbial
populations were observed, when the total concentration
of PCBs and other contaminants were evaluated on both
macro- and microscales [9, 10]. In some cases, the reason for
the heterogeneity was caused by the source of contamination
such as organic contaminants from an aluminum plant,
where there was a decreasing contaminant gradient away
from the plant [11]. Even in cases without a specific source,
the physical and environmental conditions in soil involved in
formation of soil aggregates impacted the spatial distribution
of PCBs leading to heterogeneity of microbial activity [12,
13]. Despite the physical heterogeneities in soil, prior studies
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have shown that this variability is not a crucial factor for
the composition of the microbial soil communities [14].
Previous reports suggested that sites contaminated with
weathered PCBs are recalcitrant to microbial dechlorination
[15] due to sequestering of PCB molecules in the pores of
the soil particles [16]. Desorption of PCBs depends on the
partitioning of PCB molecule between the pore water and
the associated organic matter as well as the diffusion of the
molecules. It has been suggested that formation of strong
bonds between the PCB molecule and the soil particles could
cause desorption resistance [16].

Complete microbial degradation of PCBs requires anaer-
obic reductive dechlorination of extensively chlorinated
congeners followed by subsequent aerobic cleavage of the
biphenyl ring and mineralization of the less extensively
chlorinated congeners [17, 18]. Several anaerobic bacteria
within the Chloroflexi have been confirmed to have PCB
dechlorinating activity including Dehalococcoides ethano-
genes, [19], Dehalococcoides sp. CBDB1 [20], Dehalobium
chlorocoercia DF-1, bacterium o-17 [21], and phylotypes SF-
1 and DH-10 [22]. In contrast, aerobic PCB degradation can
be performed by many bacterial species such as Burkholderia
xenovorans strain LB400 [23], Rhodococcus sp. strain RHA1
[24], and bacteria utilizing biphenyls are ubiquitously dis-
tributed in the environment [25]. Biphenyl 2,3-dioxygenases
are considered the key enzymes in the oxidative pathway
for PCB degradation, where bphA1 can degrade specific
PCB congeners [26] and bphC is involved in extradiol meta
cleavage [27]. In the soil environment, bioaugmentation
with aerobic PCB degrading bacteria has successfully been
applied [28, 29], whereas anaerobic bioaugmentation has
previously only shown success in sequential anaerobic-
aerobic treatment in granular sludge and a mixture of
sediment and soil [30].

In this study, the spatial distribution of putative aerobic
and anaerobic bacteria involved in PCB transformation was
investigated for the first time in PCB-contaminated soil. The
indigenous anaerobic dechlorination potential was mapped
spatially throughout the site using a fixed grid established for
previous sampling events. In addition, the effect of anaerobic
bioaugmentation with a PCB dechlorinating microorganism
was evaluated.

2. Materials and Methods

2.1. Bacterial Cultures for Bioaugmentation. Dehalobium
chlorocoercia DF-1 isolated from sediments in Charleston
Harbor was maintained in the laboratory as descried previ-
ously [31]. D. chlorocoercia dechlorinates doubly flanked in
the para or meta positions.

2.2. Sample Collection. Samples were collected from astorm
water drainage ditch in Mechanicsburg, PA ranging from its
source at 40◦13′46.16

′′
N, 76◦59′38.51

′′
W to approximately

730 meters downstream to 40◦14′06.60
′′

N, 76◦59′32.50
′′

W.
The open drainage ditch, which collects storm water runoff
from the Naval Support Activities base and surrounding off-
base properties, extends approximately 2.4 kilometers from
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Figure 1: Sampling locations in the drainage ditch.

its origin to its confluence with Trindle Spring Run. Samples
contaminated with different levels of PCBs were collected
with a 60 cm by 5 cm (OD) core sampler from the top 30 cm
of soil. In total, 19 soil samples were collected (Figure 1) and
stored anaerobically in sealed glass jars at 4◦C in the dark and
processed 1–3 weeks later.

2.3. Extraction and Analysis of PCBs from Soil Samples and
Microcosms. The total concentration of PCBs in the samples
was measured in sacrificed samples as described previously
[32]. Briefly, the samples were weighed prior to extraction,
the overlying water was separated from the soil by decanting,
and the remaining sample was mixed with anhydrous sodium
sulfate. Following the addition of the surrogates PCB-14,
PCB-65, and PCB-166, the overlying water samples were
shaken in hexane, while the solid samples were extracted by
sonication in 25 mL of 1 : 1 acetone : hexane for six minutes
following EPA method 3550B. The extracts were then pooled
and solvent exchange was performed to replace the solvents
with hexane. PCB cleanup was based on EPA SW846
Methods 3660B (activated copper treatment), and 3630C
(silica gel treatment). The volume obtained after cleanup was
diluted according to QA protocols, and the PCB congeners
were analyzed using an Agilent 6890 Gas Chromatograph
equipped with microelectron capture detector.

2.4. Microbial Activity Assays. A microbial dechlorination
activity assay was used to determine the potential dechlori-
nation activity of indigenous microbial communities in the
soil samples as described previously [33]. Briefly, 10 mL of
low-sulfate mineral F-medium [34] was prepared anaero-
bically and the congener 2,3,4,5,6-CB (AccuStandard, CT)
was added to a final concentration of 50 ppm in acetone
(10 µL added). Triplicate cultures were inoculated with 4.0 g
of soil (wet weight). Negative controls were prepared by
autoclaving twice for 20 min at 121◦C one and three days
after inoculation prior to adding PCB. The cultures were
incubated at 30◦C in the dark and 1 mL subsamples were
collected for PCB analysis in an anaerobic glove box after 0,
52, 75, 105, 130, 163, and 200 days.

Inhibition of the dechlorination activity was evaluated
with a modification of the activity assay described above.
Sediment from Baltimore Harbor (2 g) with confirmed
dechlorination activity was mixed with the test soil sample
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(2 g) in E-Cl medium and analyzed for PCB dechlorination.
Sampling for PCB analysis was performed after 0, 50, 75, 100,
150, and 214 days.

2.5. DNA Extraction. DNA was extracted (in triplicate)
by transferring 0.75 g of soil to a sterile microcentrifuge
tube containing approximately 1 g of 0.1 mm Zirconia/Silica
Beads (BioSpec Products, Inc. OK) followed by addition
of 200 µL of 1x TE buffer, 150 µL of phosphate buffer pH
8.0 (0.12 M) and 150 µL 1x TS-SDS buffer. The sample
and buffers were mixed by hand shaking prior to 30 s
of bead beating at speed “4.5” using a FastPrep120 (Q-
Biogene, CA). Nucleic acid extraction and purification
were performed using a phenol/chloroform-based protocol
described previously [35].

2.6. Detection and Enumeration of Putative PCB Dechlo-
rinating Bacteria. Enumeration of putative dechlorinating
bacteria in the soil samples was performed in triplicate
by a competitive PCR assay as described previously [33]
using the 348F-884R 16S rRNA gene primer set. To confirm
that potential PCR inhibitors were not coextracted, all
samples were tested in parallel with the universal 16S
rRNA gene primer set 341F/907R [36, 37]. All samples
from the site showed positive results with the universal
primer set indicating that the assay would detect putative
dechlorinating phylotypes in abundances greater than the
detection limit of 2× 102 gene copies µL−1. The enumerated
16S rRNA genes copies from the cPCR assay were normalized
to the dry weight content of the soil sample. One 16S
rRNA gene copy per cell was assumed based on the genome
sequences of Dehalococcoides ethenogenes [38] and CBDB1
[39]. DNA extraction efficiency was tested by extracting
different amounts of homogenized soil and measuring the
DNA concentration on a spectrophotometer at 280 nm. The
results showed linear extraction efficiency in the range from
0–4 g dry wt of soil (data not shown).

2.7. Detection of Potential Aerobic PCB Degrading Bacteria.
Putative PCB degrading aerobic bacteria were detected by
PCR amplification of the functional genes bphA and bphC,
which encode the PCB transforming enzymes biphenyl
dioxygenase and 2,3-dihydroxybiphenyl 1,2-dioxygenase,
respectively. Detection of bphA was performed with primer
set bphA40-F/bphA50-R [26], whereas detection of bphC
was performed with primer set P42D-F/P43U-R [27].
PCR was conducted in 50 µL reaction volumes using the
following GeneAmp reagents (Applied Biosystems, Foster
City, CA): 10 mM Tris-HCl, 75 mM KCl, 0.2 mM of each
dNTP in a mix, 1.5 mM MgCl2, 2.5 units of AmpliTaq DNA
Polymerase, 50 pM of each primer, 1 µL of DNA template,
and 34.5 µL of nuclease free water. Amplification of the bphA
fragment was performed as follows (40 cycles): denaturation
at 45◦C for 60 s, primer annealing at 31–49◦C for 3 min,
elongation at 72◦C for 4 min, and a final holding step at
4◦C. For amplification of the bphC fragment (35 cycles), the
following conditions were applied: denaturation at 95◦C for
30 s, primer annealing at 35◦C for 60 s, elongation at 72◦C

for 3 min, a final extension step at 72◦C for 10 min, and a
final holding step at 4◦C. PCR products of the correct length
were confirmed by electrophoresis using a 1.5% agarose gel.
Burkholderia xenovorans LB400 [23] was used for verification
of the PCR protocols for bphA and bphC and as the positive
control during PCR amplification.

2.8. Bioaugmentation in Microcosms. In total, 4 g of soil
(wet weight) was inoculated into triplicate 10 mL volumes
of anaerobically prepared mineral medium [41] in 25 mL
anaerobe tubes sealed under N2-CO2 (80 : 20) with Teflon
septa. No electron donors were added except for the
components in the medium (0.0125% w/v cysteine) and
residual hydrogen (≤5% v/v) present in the atmosphere of
the anaerobic glove box used for inoculating and sampling
of the microcosms. D. chlorocoercia DF-1 was grown to
approximately 107 cells per mL with PCE, which was purged
with N2/CO2 to remove residual PCE and chloroethene
products that could result in “priming” of dechlorination
activity. 2 mL of culture were inoculated into the soil
microcosms. Nonbioaugmented controls included medium
and soil containing indigenous microorganisms without DF-
1. Controls for abiotic activity containing medium, soil con-
taining indigenous microorganisms, and DF-1 were sterilized
by sequential autoclaving for 1 hour on days 0, 2, and 4.

2.9. Microbial Community Analysis. Community analyses
were performed by denaturing HPLC (DHPLC) using a
WAVE 3500 HT system (Transgenomic, Omaha, NE) and the
16S rRNA gene primers 348F/884R as described previously
[33]. The 16S rRNA gene fragments were analyzed in
20 µL injection volumes and the fractions were collected
in 96 well plates (Biorad, Hercules, CA). Fractions were
dried using a Savant SpeedVac system (Thermo Electron
Corporation, Waltham, MA) followed by dissolution in
15 µL nuclease-free water. Each DHPLC fraction was
sequenced in both the 5′ and 3′ direction with 250 pM
of primer 348F or 884R, respectively, in 5% DMSO to
reduce effects from potential secondary structure using the
BigDye Terminator v3.1 (Applied Biosystems, Foster City,
CA) kit per the manufacturer’s instructions and sequenced
on an ABI 3130 XL automated capillary DNA sequencer
(Applied Biosystems, CA) as previously described [33]. The
16S rRNA gene sequences and submitted gene sequences
obtained from NCBI (http://ncbi.nlm.nih.gov/BLAST)
were compiled and aligned using the automatic nucleic
acid aligner in the BioEdit sequence alignment editor.
A total of 13 sequences containing approximately 530
nucleotides were unambiguously aligned and used for
calculation of trees by the neighbor joining and FITCH
approaches using default settings in the PHYLIP software
(http://evolution.genetics.washington.edu/phylip.html).
Bootstrap analyses (1000 replicates) were performed using
the PHYLIP package.

2.10. Nucleotide Accession Numbers. The Genbank accession
numbers for the 16S rRNA sequences reported in this paper
are JF412634-JF412646.
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Table 1: Analyses of the dry matter content, the total PCB concentration, the average number and percentage of chlorines less than 4 and
6, respectively, and in soil samples and commercial Aroclor mixtures [40]. a,b,crefer to the homolog distribution profiles, where ais the most
typical distribution, bis the most dechlorinated, and cis the least dechlorinated among the soil analyzed soil samples. Sample Meb9 was not
collected.

Location Dry matter (mg/g) PCB conc. (ppm) Average no. of chlorines ≤6 chlorines (%) ≤4 chlorines (%)

Meb1 18.92 34.8 6.52 52.1 0.4

Meb2a 17.54 264.6 6.47 53.6 0.5

Meb3 13.71 12.5 6.51 52.5 0.5

Meb4 28.25 36.6 6.54 50.7 0.4

Meb5 23.17 15.1 6.54 50.5 0.4

Meb6 26.61 3.1 6.43 54.7 1.7

Meb7 16.71 5.6 6.50 52.6 0.2

Meb8 23.71 45.3 6.54 50.5 0.5

Meb10b 15.91 4.6 6.36 55.9 4.3

Meb11c 26.68 2.3 6.61 45.8 1.0

Meb12 33.61 8.2 6.48 52.3 2.4

Meb13 13.55 12.1 6.47 51.8 3.2

Meb14 27.34 12.3 6.47 52.3 2.6

Meb15 29.22 35.6 6.54 47.1 2.6

Meb16 15.20 9.1 6.48 50.9 2.7

Meb17 25.10 17.6 6.52 50.9 2.0

Meb18 36.72 11.3 6.50 50.9 2.7

Meb19 20.31 20.1 6.55 48.7 1.9

Meb20 18.60 72.7 6.54 51.7 0.3

Aroclor 1016 — — 3.04 100.0 100.0

Aroclor 1232 — — 2.41 100.0 94.1

Aroclor 1242 — — 3.31 100.0 92.3

Aroclor 1248 — — 3.97 100.0 82.2

Aroclor 1254 — — 5.15 96.0 18.9

Aroclor 1260 — — 6.39 56.7 0.6

3. Results

3.1. Physical and Chemical Characterization of Soil Samples.
Soil samples from 19 locations were collected in the center
of the storm water drainage ditch bed and on each of
the flanking banks at incremental distances from the inlet
to approximately 365 m downstream in addition to five
locations between 365 and 730 m downstream from the
inlet (Figure 1). Soil samples collected from the banks were
all moist, whereas both dry and moist soil samples were
collected from the center of the ditch. Soil was not collected
from the center of the ditch at the inlet because only 1-
2 cm of soil was present above the bedrock due to erosion
from heavy storm water events, but this layer increased in
depth with distance from the inlet. Soil samples collected
more than 365 m downstream were submerged in water at
the time of sampling. The total PCB concentration at the 19
sampling sites ranged from 2.3–265 ppm with an average of
32.8 ppm (±58.9 ppm), (Table 1). The highest concentration
was detected at the east bank nearest to the inlet (Meb2),
whereas the lowest concentration was detected at the west
bank sampling location Meb11. The average number of
chlorines at each site ranged from 6.36–6.61, with a total

average of 6.50 (±0.053), which is similar to the average of 6.4
observed for Aroclor 1260 (Table 1). The distribution of PCB
homologs was similar to A1260 and in prior studies A1260
was reported to be the only Aroclor detected at this site
[42]. In some of the samples, higher concentrations of tetra
chlorinated congeners were observed (Table 1). The elevated
levels of tetrachlorinated congeners detected did not coelute
with any known chlorinated non-PCB compounds including
pesticides and sulfur indicating that they were likely PCBs.
The results suggest that in situ PCB dechlorination occurred
to some extent in these samples.

3.2. Characterization of Indigenous Microbial Communities.
Bacteria were detected in 18 of 19 samples using universal
16S rRNA bacterial primers (Table 2). In contrast, putative
anaerobic dechlorinating and putative aerobic degrading
bacteria were detected in only ten samples using primers
specific for dechlorinating Chloroflexi and bphA/bphC genes,
respectively (Table 2). At seven locations, both putative
aerobic and anaerobic PCB transforming bacteria were
detected in the same samples. The numbers of putative
anaerobic dechlorinating bacteria ranged from 5·103 to
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Table 2: Analyses of total bacteria, putative PCB dechlorinating and PCB degrading bacteria and the number of putative dechlorinating
bacteria in soil samples. Sample Meb9 was not collected.

Location
Presence/absence of

Bacteria Dechlorinating bacteria Aerobic PCB degraders
No. of dechlorinating bacteria

(16S copies·g soil−1)

Meb1 + − − —

Meb2 + − − —

Meb3 + + + <DLa

Meb4 + + + 3 · 104 ± 2.8 · 104

Meb5 + + + <DL

Meb6 + + + 3 · 106 ± 2.8 · 106

Meb7 + + + 4 · 105 ± 2.3 · 105

Meb8 + + − 3 · 105 ± 2.8 · 105

Meb10 + − + —

Meb11 + − − —

Meb12 + − − —

Meb13 + − + —

Meb14 + + + <DL

Meb15 + + + <DL

Meb16 + - + —

Meb17 + + − <DL

Meb18 + + − 3 · 103 ± 2.8 · 103

Meb19 + − − —

Meb20 + − − —

Mean values and standard deviations ± are given (n = 3).
aDL: detection limit ≥102 16S copies/g wet soil.

5·106 dechlorinating bacteria g−1 soil, whereas the numbers
at several locations were below the detection limit for
enumeration, but presence was detected. The number of
putative aerobic degrading bacteria was not determined for
this phylogenetically diverse group of bacteria.

The population of putative dechlorinating bacteria was
examined by DHPLC in three samples where 16S rRNA
gene copies were most abundant (Meb6, Meb7, and Meb8)
and compared to the sequences of known PCB dechlori-
nating bacteria within the Chloroflexi group (Figure 2). Five
of the 13 identified phylotypes grouped closely together
within the clade of known Dehalococcoides sp. and the
remaining eight phylotypes grouped within the broader o-
17/DF-1 Chloroflexi group. No trend was observed between
the location of the samples and the identified phylotypes,
since phylotypes from the three locations were located
throughout the phylogenetic tree. This observation indicates
the population of indigenous phylotypes was heterogeneous
throughout the site.

3.3. Dechlorination Activities by Indigenous Communities.
The indigenous dechlorination potential was examined in
soil samples using 2,3,4,5,6-CB as a surrogate, which is
saturated with chlorines on one biphenyl ring. Activity was
detected in six of the 19 samples (Table 3). The highest
dechlorination rate (6.93 ± 5.33 · 10−3 mol% 2,3,4,5,6-CB
× day−1) was measured in Meb16 and the lowest (0.93

± 1.70 · 10−3 mol% 2,3,4,5,6-CB × day−1) in Meb17.
The observed products of the dechlorination of 2,3,4,5,6-
CB were predominantly 2,3,4,5-CB/2,3,5,6-CB, but 2,3,6-
CB, and 2,6-CB were detected in sample Meb10. The
remaining 13 samples did not show any dechlorination
activity after 200 days of incubation despite detection of
putative dechlorinating bacteria by cPCR in some of the
inactive samples.

3.4. Effects of Indigenous Contaminants on Activity. The
absence of detectable dechlorination activity in some of
the samples despite the detection of putative dechlorinating
phylotypes was further examined to determine whether high
concentrations of PCBs or other contaminants inhibited
activity. Soil from inactive samples was mixed with bio-
catalytically active sediment from Baltimore Harbor, MD,
which transforms 2,3,4,5,6-CB to 2,4,6-CB via reductive
dechlorination at the two meta positions. For all tested
samples including sediment from Baltimore Harbor, the
lag phase was less than 50 days and the terminal plateau
ranged between 6 and 46 mol% 2,3,4,5,6-CB (Table 4). The
dechlorination rates varied from 7–12 · 10−3 mol% 2,3,4,5,6-
CB day−1, where the most active site had approximately
25% greater activity than observed in Baltimore Harbor
sediment alone. This soil sample (Meb7) was collected
furthest away from the inlet of the drainage ditch, had the
highest number of putative dechlorinating bacteria, and had
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Figure 2: Phylogenetic tree showing the relationships between the dominant phylotypes identified in sediment samples Meb6, Meb7, and
Meb8 (bold) and the closest dechlorinating species within the dechlorinating Chloroflexi group. Phylotypes from sample Meb6, Meb7 and
Meb8 were located throughout the phylogenetic tree and did not show any relationship between the sample origins their phylogenetic
relationship. Accession numbers are indicated in parentheses. The tree was calculated by the neighbor joining method and supported by
FITCH [43]. The scale bar indicates 10 substitutions per 100 nucleotide positions.

a high water content compared to the rest of the samples.
The dechlorination rates for the mixed samples were all
higher or at levels similar to those observed in the activity
assays (Table 3). In all samples tested, the end product of
dechlorination was 2,4,6-CB, which is characteristic of BH
activity rather than the tetrachlorinated congener products
detected predominantly in indigenous ditch microcosms,
indicating that the indigenous BH dechlorinating activities
were dominant. A statistical evaluation (Student’s t-test,
P < 0.05) showed that statistically significant inhibition was
found for only samples Meb6 and Meb18 (dechlorination
plateau) and Meb17 (dechlorination rate and plateau).

3.5. Effect of Bioaugmentation. Bioaugmentation with a
pure culture of the PCB dechlorinating bacterium DF-1
was tested in microcosms with soil from three locations
containing approximately 5 ppm (Meb10), 73 ppm (Meb20),
and 265 ppm (Meb2) total weathered PCBs. These locations
were selected based on the different concentrations of
PCBs. The specific dechlorination of only doubly flanked
chlorines by this organism could be readily distinguished
from the dechlorination of single flanked and unflanked

chlorines by the indigenous populations. Controls with
indigenous populations without DF-1 and autoclaved
controls showed no significant dechlorination. In the
bioaugmented microcosms, significant dechlorination was
observed for Meb10 (5 ppm), (Table 5). In addition to DF-1,
a highly enriched culture of indigenous PCB dechlorinating
microorganisms from MEB10 enriched with 2,3,4,5,6-PCB
was also used to bioaugment Meb2, but no significant
effect on dechlorination was observed. Evaluation of the
changes in homolog distributions indicated that DF-1 was
active in Meb10 (Figure 3), with significant reductions of
hepta- and octachlorinated congeners and significant
increases of tetra- and pentachlorinated congeners.
The congeners that were significantly reduced were
22′33′45′6 (PCB-175), 22′33′55′66′/22′33′44′6/233′44′5
(PCB-202/171/156), 22′33′455′ (PCB-172), 22′344′55′

(PCB-180), 22′33′44′5/233′44′56 (PCB-170/190), and
22′344′55′6/22′33′44′56′ (PCB-203/196). All congeners
that were dechlorinated significantly more than the control
contained both double-flanked meta and para positioned
congeners with the exception of PCB-175 and PCB-171 that
only contained a double-flanked meta positioned chlorine
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Table 3: The potential dechlorination activity of the soil samples in microcosms. Locations not listed here did not show any dechlorination
activity.

Location
Max rate·10−3a

(mol% 2,3,4,5,6-CB × day−1)
Lag phase (d)

PCB 116 remaining after 200 days
(mol% 2,3,4,5,6-CB)

Dechlorination products

Meb10 4.2 (0.7) 0–50 46.0 (7.0)
2,3,4,6-CB/2,3,5,6-CBb

2,3,6-CB, 2,6-CBc

Meb12 4.2 (4.1) 0–130 82.3 (5.8) 2,3,4,6-CB/2,3,5,6-CB

Meb13 3.4 (3.8) 0–150 78.0 (15.6) 2,3,4,6-CB/2,3,5,6-CB

Meb16 6.9 (5.3) 0–105 58.7 (27.6) 2,3,4,6-CB/2,3,5,6-CB

Meb17 0.9 (1.7) 0–200 89.7 (18.2) 2,3,4,6-CB/2,3,5,6-CB

Meb19 3.0 (5.0) 0–200 68.3 (49.7) 2,3,4,6-CB/2,3,5,6-CB

Negative control 0.1 — 98 —
a
Mean values are given and figures in brackets are standard deviations (n = 3).

bThe products 2,3,4,6-CB/2,3,5,6-CB coeluted during GC analysis.
cThis product was detected in one of three replicate cultures <5 mol%.

Table 4: Effect of inhibition on the dechlorination activity in microcosms using selected soil and sediment samples mixed 1 : 1 with actively
dechlorinating sediment from Baltimore Harbor. Inhibition was determined (P < 0.05) for the dechlorination rate and terminal plateau. Lag
phase is defined as not showing activity that is different from the autoclaved negative control.

Location Lag phase (d)
PCB 116 remaining after 200 days
(mol% 2,3,4,5,6-CB)

Dechlorination rate · 10−3

(% 2,3,4,5,6-CB day−1)
End product

Inhibition (P < 0.05)

Rate Plateau

Baltimore Harbor 0–50 5.7± 4.5 9.1± 2.2b 2,4,6-CBa — —

Meb6 0–50 31.3± 15.9 7.3± 1.0 2,4,6-CB No Yes

Meb7 0–50 10.7± 3.5 12.4± 1.1 2,4,6-CB No No

Meb8 0–50 21.0± 19.2 8.4± 3.7 2,4,6-CB No No

Meb17 0–50 46.3± 6.5 7.5± 2.2 2,4,6-CB Yes Yes

Meb18 0–50 45.7± 10.1 10.5± 2.2 2,4,6-CB No Yes
a
One tube showed additional terminal products such as 2,4-CB, 2,5-CB, and 2,6-CB.

bData are means ± standard deviation (n = 3).

Table 5: Change in the number of chlorines per biphenyl over the
five month incubation period for the bioaugmentation experiments
with DF-1.

Location

Chlorines per biphenyl

Day 0 Day 145

No DF1 With DF1

Meb10 6.34± 0.02 6.30± 0.19 5.94± 0.10

Meb20 6.42± 0.02 6.29± 0.09 6.30± 0.04

Meb2 6.43± 0.01 6.42± 0.01 6.42± 0.01

and PCB-202 that did not contain any double-flanked meta
or para positioned chlorines. However, the latter congener
coeluted with PCB-156 (50%-50% split) that contains both
double-flanked meta and para positioned chlorines. In the
samples Meb20 and Meb2 containing higher concentrations
of total PCB, bioaugmentation with DF-1 did not show any
significant effects (data not shown).

4. Discussion

Bacteria capable of aerobic PCB degradation are found
ubiquitously in the soil environment and several have
been isolated and identified that belong to genera such

0

5

10

15

20

25

30

35

40

45

Mono Di Tri Tetra Penta Hexa Hepta Octa Nona Deca
PCB homolog

Day 0
No DF1-day 145
With DF1-day 145

M
ol

%

Figure 3: Homolog distribution showing the effect of DF-1 in the
bioaugmentation experiment compared to effect of the indigenous
population for Meb10.

as Pseudomonas, Burkholderia, Ralstonia, Achromobacter,
Comamonas, Bacillus and Rhodococcus [25, 44]. Although
anaerobic dechlorination activity has been detected in soils
by activity based methods at several Canadian military instal-
lations such as Saglek, Labrador [45], Resolution Island,
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Nunavut [30], and Fort Albany, Ontario [46], anaerobic PCB
dechlorinating bacteria have not been identified previously
from soils. This is the first study to combine microbial
community analysis and activity-based techniques on PCB
impacted soils. The presence of active dechlorinating bacteria
is an essential first step of the sequential degradation
process that requires reduction of extensively chlorinated
PCB congeners to less chlorinated congeners that can be
subject to aerobic ring cleavage by microbial 2,3- and 3,4-
dioxygenase activity and can subsequently be mineralized by
other aerobic microorganisms.

In the drainage ditch soil examined in this study, the
PCB contamination originated predominantly from A1260
contamination [42]. The presence of tetra chlorinated
homologs atypical of Aroclor 1260 combined with identi-
fication of the putative PCB dechlorinating phylotypes and
detection of PCB dechlorination activity suggests that in
situ dechlorination occurs at this site. The 13 identified
phylotypes clustered within the dechlorinating Chloroflexi
group, either within the the Dehalococcoides clade [47–49]
within the broader Chloroflexi clade, which includes other
confirmed PCB dechlorinating bacteria such as Dehalobium
chlorocoercia DF-1 and strain o-17-group [50]. In two previ-
ous reports on bacterial communities in PCB contaminated
soil, bacteria closely related to Proteobacteria, the Holophage-
Acidobacterium phylum, Actinobacteria, and Plantomycetales
and Cytophagales were identified [51, 52]. Interestingly, the
dominant species included the genera Burkholderia and
Variovorax together with Sphingomonas species, Rhodophila
globiformis group members, and Acidobacterium capsulatum
that aerobically degrade a variety of organic pollutants
including PCBs. However, neither anaerobic dechlorinating
bacteria nor any phylotypes related to the dechlorinating
Chloroflexi were identified.

Prior to the current study, PCB dechlorinating bacteria
have only been identified in sediments. Thus, detection
of putative anaerobic dechlorinating bacteria and reductive
dechlorination activity in the examined soil samples indi-
cates that microbial dehalorespiration of PCBs also occurs
in soil. Putative aerobic PCB degrading bacteria were also
detected at several locations in the drainage ditch, which
suggests that natural attenuation of PCBs could occur in soils
by sequential anaerobic dechlorination followed by aerobic
degradation. However, the large spatial heterogeneity of both
anaerobic and aerobic phylotypes associated with PCB trans-
formation could be an obstacle to bioremediation. Similar
heterogeneity observations have been reported in studies of
soils contaminated with heavy metals [9] and polycyclic aro-
matic hydrocarbons [11]. In the first study, it was found that
samples collected within 1 cm distance could have a 10,000
fold difference in metabolic potential and that metal con-
centrations did not correspond with the metabolic potential
[9]. In another report, microscale heterogeneities observed
in PAH contaminated soil were attributed to the particle size
of sand and silt fractions, which impacted the PAH concen-
trations and availability [11]. This corresponds with obser-
vations of the behavior between bacteria and clay minerals
in soils contaminated with PCBs [12]. Here, it was observed
that soil aggregates called “clay hutches” housed the bacteria

creating a microhabitat, which would limit the PCB availabil-
ity and constitute the main carbon source in an otherwise
carbon limited environment. These observations of spatial
heterogeneity on both a macro- and microscale are consistent
with the observations of the spatial variability of bacteria
involved in PCB transformation in soil in the current study.

The numbers of putative dechlorinating bacteria were
2 to 5 orders of magnitude lower in soils compared with
sediments, where up to approximately 108 bacteria per g
sediment have been reported [33]. Dechlorination rates were
lower in the soil compared to sediment indicating that the
overall potential for dechlorination is reduced. The lack of
correlation between the number of dechlorinating bacteria
and the dechlorination rates in the soil samples might have
been caused by localized environmental conditions. For
example, most of the soil samples at the time of sampling
were moist but were not submerged in water as sediment
samples. In a study of simulated dredged sediment that was
spiked with 300 ppm A1248, it was reported that the dechlo-
rination activities were lowered when the water content was
reduced, which caused a lag in the dechlorination of A1248
[53]. Degradation studies of other contaminants in soil such
as petroleum hydrocarbons also show that moisture content
in soil influences the degradation rate [54].

A possible consequence of the reduced moisture content
in the soil samples could be exposure to oxygen that
negatively influences anaerobic dechlorination. In a study
of methanogenic granules capable of A1254 dechlorination,
exposure to oxygen did not significantly influence the
dechlorination activity [55]. In six months, 80% of the
initial concentration of A1254 had been dechlorinated in
samples that had been exposed to oxygen for one week. The
reason for this rapid dechlorination could be the formation
of biofilms in microniches that stay anaerobic despite the
exposure to oxygen at the surface of the granule. Microniches
in soil can result in spatial and temporal heterogeneity for
parameters such as oxygen, pH, redox, and nutrients as
well as PCBs [12, 54]. Thus, another factor affecting the
spatial variation in dechlorination rates observed in the
soil samples could be the heterogeneous moisture content
affecting formation of biofilms and anaerobic microniches
that support communities of dechlorinating bacteria.

Successful bioaugmentation of weathered Aroclor 1242
in soil with an enrichment culture from the Hudson River
has been observed previously [56]. In the report, meta-
dechlorination was observed after 19 weeks of incubation
resulting in a reduction of the average chlorine content by
0.7 chlorines per biphenyl. Another report that evaluated
the effect of sequential anaerobic-aerobic treatment of
A1260 contaminated soil from Saglek, Labrador, Canada,
[45] initiated with a dechlorinating enrichment, showed a
decrease in the average chlorine content of 1.2 chlorines
per biphenyl together with a significant homolog shift after
three months of anaerobic bioaugmentation [45]. In the
current study, bioaugmentation of A1260 contaminated soil
with a pure culture of D. chlororcoercia has resulted in
only 0.4 chlorines per biphenyl after 20 weeks. As expected,
dechlorination of doubly flanked meta- and para-positioned
chlorines was observed, but at least one product was
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observed that could not have been formed due to DF-1
activity, which suggests that D. chlororcoercia might have
stimulated dechlorination of single-flanked chlorines by the
indigenous dechlorinating population, possibly as a result
of priming of the indigenous populations by intermedi-
ates products. Stimulation of dechlorinating activity after
bioagumentation with D. chlororcoercia has been reported
previously [57]. The relatively low rate of dechlorination in
soil form Meb10 and lack of enhanced dechlorination at the
two other bioaugmented sites might have been caused by
inhibition by other contaminants such as metals and/or other
organic contaminants [58].

In this study, the spatial distribution of bacteria involved
in PCB transformation was investigated in Aroclor 1260
contaminated soil containing heavy metals and organic
cocontaminants. The results showed that anaerobic PCB
dehalorespiring bacteria were present and active. Detection
of genes encoding biphenyl dioxygenase genes suggests
that the potential exists for natural attenuation by sequen-
tial anaerobic dehalorespiration and aerobic degradation.
Although a recent study demonstrated the potential for
in situ treatment of PCB impacted sediment by bioaug-
mentation [57], the spatial heterogeneity inherent in soil
in the current study had a profound effect on the ability
to transform PCBs as only one of the bioaugmented
samples showed positive effect. Strategies for effective in
situ bioremediation of PCB-impacted soils may require
additional remedial treatments such as flooding the soil
prior to bioaugmentation to provide homologous water
content, addition of a carbon source to create an adequately
reduced environment for dehalorespiration, and precipita-
tion of potentially inhibitory heavy metals or concurrent
or sequential bioremediation with biocatalysts specifically
target potentially inhibitory organic co-pollutants. The
results illustrate some of the challenges associated with the
development of in situ bioremediation strategies for PCB
impacted soils.
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[15] A. C. Alder, M. M. Häggblom, S. R. Oppenheimer, and
L. Y. Young, “Reductive dechlorination of polychlorinated
biphenyls in anaerobic sediments,” Environmental Science and
Technology, vol. 27, no. 3, pp. 530–538, 1993.

[16] P. B. Hatzinger and M. Alexander, “Effect of aging of
chemicals in soil on their biodegradability and extractability,”
Environmental Science and Technology, vol. 29, no. 2, pp. 537–
545, 1995.

[17] J. A. Field and R. Sierra-Alvarez, “Microbial transformation
and degradation of polychlorinated biphenyls,” Environmental
Pollution, vol. 155, no. 1, pp. 1–12, 2008.



10 Applied and Environmental Soil Science

[18] D. H. Pieper and M. Seeger, “Bacterial metabolism of poly-
chlorinated biphenyls,” Journal of Molecular Microbiology and
Biotechnology, vol. 15, no. 2-3, pp. 121–138, 2008.

[19] D. E. Fennell, I. Nijenhuis, S. F. Wilson, S. H. Zinder,
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Two commonly applied single extractions procedures, namely extractions with ammonium-EDTA and acetic acid, were evaluated
based on the analysis of 72 samples from alluvial sediments. For most trace elements (Cu, Zn, Cd, Ni, As, and Pb), a significant
linear relationship could be established between their ammonium-EDTA or acetic acid extractable concentrations and their total
concentrations, the organic carbon content, pH, and Fe , Al, and/or Ca content in the sediments. The scientific understanding
of trace element partitioning in the complex soil-water system with these simple models is rather limited, but they offer the
opportunity to use data from single extractions in a more comprehensive way. Despite the fact that these extractions cannot
directly be related to the bioavailability of elements, they can provide input data for use in risk assessment models. Additionally,
they also offer possibilities to perform a fast screening of the mobilizable pool of elements in soils and/or sediments.

1. Introduction

The contamination of soils and sediments is widespread and
is a potential threat for the environment in the short and long
term. The impact of trace elements in soils and sediments
on the environment depends on their speciation, mobility,
and bioavailability. Over the past decades, the term “heavy
metals” has increasingly been used, without any consistency
to denote trace element contamination of environmental
media. An overview of the use of the term “heavy metals”
in scientific dictionaries and relevant literature can be found
in Duffus [1]. Since “heavy metals” is a poor scientific term
and many alternatives exit [2], we will use the term “trace
elements” in the present study to refer to As, Cd, Cu, Cr, Ni,
Pb, and Zn. Talking about trace metals would be incorrect
because arsenic is actually a metalloid.

Before discussing the different methods for determina-
tion of “trace element” availability in soils and/or sediments
and before addressing the pros and cons of single and
sequential extraction procedures, the difference between soils
and sediments will be clarified, as well as the terminology
used throughout this paper.

1.1. Soils versus Sediments. Soils and sediments are differ-
ent matrixes from many viewpoints, especially under the
environmental context. “Soil” can be defined as a “three-
dimensional body with properties that reflect the impact
of climate, vegetation, fauna, and topography on soils
parent material over a variable time span. Soils are still
in a process of change. As a result of “soil formation”
or “pedogenesis,” soil profiles show signs of differentiation
or alteration of the soil material [3].” “Sediment” can be
described as “material that is transported by water and
settles down from the water column [4]. In freshly deposited
alluvial sediments, signs of differentiation or alteration of the
material are sometimes not yet observable.” Nevertheless, in
soil classification, specific designations are foreseen for this
kind of “material”: alluvial soils can often be classified as
Fluvisols, which “exhibit a stratified profile that reflects their
depositional history or an irregular layering of humus and
mineral sediments in which the content of organic carbon
decreases with depth [5].” The qualifiers fluvic and spolic
are used to indicate, respectively, the regular deposition of
fresh sediments or the deposition of dredged sediments on
a soil.
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Throughout this paper, the term “sediment” will be used
to indicate both the river sediments and the alluvial soils
that consist of dredged-sediment derived soils and overbank
sediments, regardless of their specific origin (e.g., overbank
flooding, dredged-sediment derived soils, etc.), the degree of
alteration, or the catchment width.

1.2. Trace Element Mobility in Soils and Sediments: Exper-
imental Approach. “Trace element mobility” is an opera-
tionally defined term, which is determined by an approach
used to determine the mobile, labile, or available metal
species in soils and sediments. Although spectroscopic tools
such as X-ray adsorption fine structure (XAFS) spectroscopy
can give information on the coordination chemistry of
metals (e.g., [6]), the quantification of the most mobile
species is still difficult.

The composition of soil pore water is important from an
environmental point of view because it gives an indication
of the “actual mobility” of trace elements and because the
uptake of trace elements by plants occurs via the pore water.
Moreover, pore water is also the carrier for elements to the
groundwater. Leaching is the process by which inorganic
or organic contaminants in the pore water are moved to
deeper soil layers or to the groundwater by infiltrating
water. However, the pore water composition only gives a
momentary picture of trace element mobility since pore
water composition can change over time. To assess trace
element mobility in the long term (referred to as “poten-
tial mobility,” including physicochemically and biologically
available metal pools) and under changing environmental
conditions a variety of leaching and extractions tests are used.
According to Peijnenburg et al. [7], three approaches can be
distinguished to quantify physicochemically and biologically
available metal pools in the soil: (1) direct measurement or
modelling of metal activities, (2) assessment of operationally
defined element fractions by means of single and sequential
extractions, and (3) application of semipermeable devices,
such as ion exchange resins/membranes and toxicity tests
with membrane devices. For example, the in situ technique
of diffusive gradients in thin films (DGT) is used for
measuring effective soil solution concentrations and the
additional element concentration supplied from the solid
phase.

The direct measurement of metal activities in pore water
is rather complex, and there is not always an agreement
between measured and model concentrations of free metal
ion activities [8]. Several investigations have also been
performed to compare the results of diffuse gradients in thin
films (DGT) with single and sequential extraction methods.
Roulier et al. [9] compared the mobilisation of Co, Cd, and
Pb in sediments using DGT and sequential extractions and
found a correlation between the masses of metals trapped
in DGT resins and the metals extracted during sequen-
tial extractions. Other authors concluded that the DGT-
methodology did not have an additional value in predicting
bioavailability of zinc [10] or uranium [11] in terrestrial
ecosystems as compared to conventional extraction methods.
Nevertheless, the DGT measure of trace elements provides
a promising indicator of their toxicity [12], but interacting

effects should first be clarified before DGT can be used in
routinely risk assessment of soils and sediments.

The present work will focus on the second approach,
with emphasis on two commonly applied single extractions
procedures, which will be critically evaluated.

1.3. Single and Sequential Extractions. Single and sequen-
tial extractions provide semiquantitative information on
element distribution between operationally defined geo-
chemical fractions. Therefore, the fractions obtained from
single and sequential extraction do not necessarily reflect
true chemical speciation. The different extractions are often
intended to simulate processes in nature, such as acidifica-
tion or oxidation. However, the physicochemical conditions
in single and sequential extraction experiments (strong
reagents and rapid reactions) often differ from natural con-
ditions (weak reagents and slow reactions) [13]. Although
leaching techniques such as column leaching and pHstat

leaching tests are probably more realistic to field conditions,
single sequential extractions can give an indication of the
“pools” or “sinks” of trace elements that are potentially
available under changing environmental conditions.

From a practical point of view, the main drawbacks of
sequential extraction procedures are that they are rather
laborious and time-consuming. Moreover, not all the steps in
a given procedure are equally important in soil or sediment
samples with different composition. Sometimes, one is not
interested in the association of a metal with different phases
in soil but wants to estimate the environmental risks of trace
elements, for example, the availability to plants. In recent
years, attempts to improve single and sequential extractions
towards higher selectivity and higher operational efficiency
has been achieved. With respect to this more problem-
orientated approach, Maiz et al. [14] proposed a short
extraction scheme only considering mobile (“exchangeable”:
CaCl2), mobilizable (DTPA), and residual forms. Gómez
Ariza et al. [15] developed an improved extraction scheme
for heavily polluted and iron-oxide-rich sediments, using
repetitive extractions with NH2OH·HCl 0.4 mol/L.

The most common problems with sequential extractions
are the nonselectivity of reagents and readsorption phenom-
ena [16, 17]. Besides the measurement of elements in the
extracts, the analysis of the solid phase (X-ray diffraction,
energy dispersive spectroscopy, and microprobe analysis),
after extraction with a reagent, can give information on the
selectivity of the reagent and the completeness of reaction
[18–24]. The extraction of model solid phases can also yield
information of the selectivity and efficiency of reagents in
the different steps of a sequential extraction scheme (e.g.,
[15, 25, 26]). La Force and Fendorf [23, 24] concluded that
sequential extractions should not be universally applied to all
soils but need to be evaluated on a site basis for a given soil.
Therefore, optimization of a given extraction (concentration
of reagents, sequence, and reaction time) is required. On
the other hand, standardization of these procedures is the
only way to achieve comparability when using sequential
extractions [27]. In the past decade, much effort has been
made to evaluate sequential extraction schemes. The best
example is the BCR sequential extraction scheme, a simple
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Table 1: Examples of different types of extractions with EDTA salts applied to soils and sediments.

Extractant Applied to t L/S [conc] Metals analyzed Reference

(NH4)4-EDTA Sediments 1 h 10 mmol/L [38]

Na2H2-EDTA Soils 2 h 5 10 mmol/L Cd, Zn, Pb, Cu, and Ni [37]

Na2H2-EDTA
Na4-EDTA

Calcareous soils 22 h 10 250 mmol/L Cd, Pb, Zn, and As [39]

H4-EDTA Urban soils 24 h 5 68.4, 13.7 and 27.4 mmol/L Cd, Pb, Zn, and Cu [41]

Na2Ca-EDTA Calcareous soils Pb [42]

3-stage procedure that was thoroughly tested by interlabora-
tory trials. The original procedure [28] consisted of 3 extrac-
tions that separated “acid extractable” (CH3COOH 0.11 M),
“reducible” (NH2OH·HCl 0.1 M, pH 2), and “oxidizable”
(H2O2 15%) fractions. During the certification of reference
materials [29, 30], the reducing extraction (NH2OH·HCl)
in the BCR sequential extraction scheme was found to
suffer from a lack of reproducibility. After testing different
reaction conditions (concentration of the reagent, pH), the
NH2OH·HCl concentration was changed to 0.5 M and the
pH of the reagent was adjusted to 1.5 by the addition of a
fixed volume of HNO3.

Finally, different extraction procedures, applied on the
same sample, are often compared to select the procedure
that is most suited for the soil or sediment of concern (e.g.,
[15]). However, the direct comparison between methods
is difficult to carry out, especially when different reagents
are applied to extract a specific phase or when reagents
with different concentrations are used in the methods to be
compared.

1.4. Single Extractions Applied in the Present Study. Single
extractions represent a relatively fast, cheap, and simple way
to assess trace element mobility in contaminated soils and
sediments. Depending on the objectives of the extraction,
water, diluted salt solutions, or stronger reagents such as
EDTA are used. Single extractions are also widely applied
in soil science for the quantification of the amount of
Fe and Al oxides in soils. Gupta et al. [31] presented a
risk assessment and risk management guideline concept to
handle contaminated soils or sites. Mobile and mobilizable
metal fractions were introduced, which can be separated
by means of single extractions. These fractions are oper-
ationally defined by the method used to separate them.
The mobile fraction is equivalent to the “actually available”
metal fraction, while the mobilizable fraction is related
with the potential availability of trace elements in soils and
sediments.

1.4.1. EDTA. EDTA extractions are often used to estimate
the potentially available pool (i.e., the pool that can deliver
metals from the solid phase of the soil to the soil solution
in a relatively short time period). EDTA exhibits a strong
capacity to complex metals. EDTA was shown to dissolve
carbonates, thereby mobilizing occluded elements [32].
Borggaard [33] showed that EDTA extracts amorphous Fe
oxides, but this dissolution is very slow in the presence
of other metal-chelate complexes [34]. It is also able to

form organometal complexes, which compete with organic
matter in soil. Several authors mention that an extraction
with EDTA provides results similar to the sum of all of the
extractable metals in a sequential extraction scheme (total
content minus the load associated with the residual phase)
[35].

Different types of EDTA salts are used to extract soils
and sediments, in different concentrations and at different
solid/liquid ratios. Additionally, EDTA can be applied to
soils and sediments by percolation in column leaching tests
(e.g., [36, 37]) or in batch extractions. Some examples of the
different operational conditions of batch EDTA extractions
are given in Table 1. Sodium-EDTA and ammonium-EDTA
are the most frequently used EDTA salts, whereas EDTA as a
free acid is rarely used to extract soils and sediments.

Zou et al. [38] investigated the influence of different
EDTA salts (EDTA free acid, Na-EDTA, and NH4-EDTA)
at different concentrations and pH values. The extraction
efficiency of EDTA decreased with increasing pH in the pH
range 2–10, and consecutive extractions with diluted EDTA
solutions are more effective than a single extraction with
a concentrated solution [38]. The tetrasodium salt (Na4-
EDTA) is less effective for heavy metal removal compared to
the disodium salt (Na2H2-EDTA) [39]. According to Finžgar
and Leštan [40], multiple dosages of EDTA were substantially
more effective for leaching Pb from contaminated soils than
using one large single dose. Similarly, two extractions with
EDTA (5 mmol EDTA/kg) removed more Cu than a single
dose of 10 mmol/kg EDTA.

Additionally, besides the type of EDTA salt, the pH,
and the liquid/solid ratio, time is an important variable
that influences the results of EDTA extractions. Bermond
and Ghestem [43] used a kinetic fractionation method to
monitor the EDTA extraction of soil elements versus time.
They assumed the existence of two sorts of metallic cations,
that is, labile cations-that were quickly extracted, and the
slowly or moderately labile cations that were less quickly
released. The reactions were considered as pseudo-first-order
reactions since the EDTA reagent was in excess and described
by a first-order equation [44].

The effectiveness of EDTA salts to extract trace elements
from soils and sediments is very variable, not only depending
on extraction conditions but also on the composition of soils
and sediments and on the speciation of trace elements.

Because of the relatively low cost of EDTA, soil washing
with EDTA, both as an in situ and ex situ remediation
technique, has been evaluated by many researchers.
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EDTA can effectively remove Cd, Cu, Pb, and Zn from
soils with removal efficiencies ranging between 65 and 86%
[45]. However, due to possible adverse health and environ-
mental effects, the use of EDTA is currently under scrutiny.
Kalf et al. [46] determined the maximum permissible
concentration (MPC) and negligible concentration (NC) for
EDTA in water, based on the EU risk assessment report for
this compound. The maximum permissible concentration
(MPC) for EDTA in water is 2.2 mg/L, and the negligible
concentration (NC) is 0.022 mg/L. Calculation of MPCs
for sediment or soil was not possible due to the complex
speciation of EDTA in soils and sediments.

Since the toxic wastewaters that are generated during soil
washing with EDTA cannot be treated using conventional
methods such as filtration, flocculation, and precipitation
[47], several methods such as electrochemical advanced
oxidation [48] or resin trapping techniques [41] have been
tested to recuperate the washing solutions or to clean the
wastewaters containing EDTA.

1.4.2. Acetic Acid. Extractions with acetic acid or with acetate
salts are often carried out as one of the first steps in a
sequential extractions scheme. A 1 mol/L sodium acetate
solution, acidified to pH 5, and 0.11 mol/L acetic acid are the
most widely used reagents to determine “acid extractable”
metal concentrations in sequential extractions schemes:
sodium acetate is used to determine the “carbonate fraction”
in the Tessier sequential extraction procedure [49], whereas
the first step of the BCR sequential extraction procedure [50]
consists of an extraction with 0.11 mol/L acetic acid.

One of the major parameters that influence the selec-
tivity of reagents during single and sequential extractions
is the pH of the extracts. 0.11 mol/L acetic acid (step 1
in the BCR sequential extraction scheme) is supposed to
release “exchangeable” elements and to dissolve some poorly
crystalline hydroxy- and carbonate-metal phases [32]. It is
of major concern that this extraction is as complete as
possible since pH and changes in pH during extractions are
key parameters that determine the potential redistribution
of trace elements during (sequential) extractions [43]. The
extraction with acetic acid 0.43 mol/L allows an estimation
of the metal fraction remobilized after acidification of the soil
to the pH of the extracting agent [51].

1.4.3. Single Extractions of the SM&T Program. The Euro-
pean Standards, Measurements and Testing program (SMT),
formerly BCR (European Community Bureau of Reference
in Brussels) supports standardization. Between 1996 and
2000, BCR has sponsored studies of soil extraction proce-
dures for trace element speciation conducted by a Working
Group of some 35 European laboratories. These studies
included the evaluation of single extracting agents for trace
element speciation. Within the framework of harmonization
of leaching procedures for risk assessment of trace elements
in soils, the SM&T performed an extensive collaborative
study, which resulted in the selection of ammonium-EDTA
0.05 mol/L and CH3COOH 0.43 mol/L (extract the “mobiliz-
able fractions,” indicating the “potential availability”) as soil
extracting agents [50].

In the present study, “potentially mobile” fractions of
trace elements in a set of 72 sediment samples with different
degree of contamination, major element composition, grain
size, organic carbon content, and pH, were separated by
means of single extractions that were recommended by the
SM&T of the European Commission. The results of both
extractions were compared, and the relationships between
the extractability of trace elements and the composition
of the sediments samples (degree of contamination, major
element composition, grain size, organic carbon content, and
pH) were investigated and quantified when possible. Finally,
different possible uses and interpretations of the acetic acid
and ammonium-EDTA extractable trace element fraction are
critically discussed.

2. Methodology

2.1. Sampling and Sample Pretreatment. The samples ana-
lyzed in this study consist of river sediments, alluvial soil
samples (land disposed dredged sediments and overbank
sediments) from 10 different locations in Flanders (Northern
Belgium). Throughout this paper, the term “sediment” will
be used to indicate both the river sediments and the alluvial
soils that consist of dredged-sediment derived soils and
overbank sediments. The river sediments (3 samples) were
sampled with a Van Veen Grab, taking the uppermost 5 cm
of the sediment surface. For the alluvial soil samples, profile
pits were dug until the depth of the water table and 3 to
5 samples were taken, depending on visual differences in
color and texture. During sampling, precaution was taken to
minimize metal contamination from the grab or the spade,
for example, the outer part of the sediment sample was
removed and only the inner part was further processed.
In total, 72 samples were collected in plastic bags and
transported to the laboratory, where they were air-dried. For
the physicochemical analysis, part of the sample was gently
disaggregated in a porcelain mortar and sieved (<2 mm).

2.2. Physicochemical Sample Characteristics. pH(H2O) was
measured in a soil/water suspension (1/2.5 kg/L) (pH Hamil-
ton single-pore electrode). Organic carbon was determined
according to the Walkley and Black method [52], and
effective cation exchange capacity (CEC) was analysed for
applying the “silver thiourea method” [53, 54]. Grain size
composition was determined by means of laser diffrac-
tion spectrophotometry (Malvern Mastersizer S long bed,
Malvern, Worcestershire, UK). For practical reasons, CEC
and grain size distribution analysis were only performed on
34 samples. Total element concentrations (Al, As, Cd, Co, Cr,
Cu, Ni, Pb, Zn, Fe, Mg, Mn, K, and Ca) were determined
after dissolution of the samples with a mixture of three
concentrated acids (4 mL HClconc, 2 mL HNO3conc, and 2 mL
HFconc).

2.3. Reagents. All reagents used were of analytical grade
Suprapur quality (acetic acid from Riedel-de Haën, NH3 and
EDTA from Merck).

The 0.05 mol/L ammonium-EDTA extracting solution
was prepared as an ammonium salt solution by adding in
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a fume cupboard 146.12± 0.05 g of EDTA free acid to 800±
20 mL distilled water and by partially dissolving by stirring
in 130 ± 5 mL of concentrated ammonia solution until all
the EDTA was dissolved. The obtained solution was filtered
(2.0 μm) into a 10-litre polyethylene container and diluted
with water to 9.0± 0.5 L. The pH was adjusted to 7.00± 0.05
by addition of a few drops of hydrochloric acid. Finally, the
solution was diluted with distilled water to 10 ± 0.1 L, well
mixed, and then stored in stoppered polyethylene container.

The 0.43 mol/L acetic acid extracting solution was pre-
pared by adding 250 ± 2 mL of redistilled glacial acetic acid
in a fume cupboard to about 5 litres of distilled water in a
10 L polyethylene container. The solution was diluted with
distilled water to 10 L volume, well mixed, and then stored in
a stoppered polyethylene container.

Standard solutions for FAAS were made by serial dilution
of 1000 μg/L standard solutions (Merck) of the appropriate
elements. Standard series for ICP-MS were made, starting
from the “10 ppm multielement calibration standard 2A in
5% HNO3” from Hewlett Packard.

2.4. Single Extractions. For the ammonium-EDTA and acetic
acid extraction, the protocol of the SM&T program [27] was
followed. 20 mL of a 0.05 mol/L ammonium-EDTA solution
was added to 2 g of dry sediment. The suspension was shaken
for 1 h in a reciprocal shaker, centrifuged (3500 rpm, 10 min),
decanted off, and filtered (0.45 μm). 40 mL of a 0.43 mol/L
CH3COOH solution was added to 1 g of dry sediment.
The suspension was shaken for 16 h in a reciprocal shaker,
centrifuged (3500 rpm, 10 min), decanted, and then filtered
(0.45 μm). After measuring the pH, the CH3COOH extracts
were acidified with concentrated HNO3 to bring the pH <
2. The EDTA extracts were not acidified prior to analysis
to prevent precipitation of EDTA salts at very low pH. A
Reference material (CRM 483) certified for its ammonium-
EDTA and acetic acid extractable content of Cd, Cr, Cu,
Ni, Pb, and Zn was also included in quadruplate. Blank
extractions (i.e., without soil or sediment) were carried out
for each set of analysis, using the same reagents as described
above.

2.5. Analysis of the Leachates. The solutions were analysed
by flame atomic adsorption spectrometry (FAAS) (Varian
Techtron AA6) for Ca, Fe, K, and Al. For As, Cd, Cr, Cu, Mn,
Ni, Pb, and Zn a multielement analysis by ICP-MS (HP 4500
series) was carried out. All samples were diluted with HNO3

1 mol/L (ultra pure) to maintain a comparable matrix for all
samples.

For measurement of the single extraction leachates,
standard solution series were made in such away that they
contained the same proportion of the respective extraction
solution and background. All glassware was thoroughly
cleaned with HNO3 0.15 mol/L. Reagent blanks were deter-
mined for each new batch of reagent. Detection limits
were calculated according to the procedure in the HP
4500 Application Handbook. Except for Ca (10 μg/L) and
for Fe (3 μg/L), the detection limit was generally below
1 μg/L. An indium (In) internal standard was applied to
both samples and standards to minimise the influence of

nonspectroscopic interferences such as signal suppression or
enhancement when measuring samples with a high matrix
concentration. The spectroscopic interference of ArCl, which
has the same m/z as As (75), was corrected according to
the recommendations of the US Environmental Protection
Agency (EPA) (method 200.8, [55]). The pH of the extracts
was measured with a pH Hamilton single-pore electrode.

2.6. Statistical Analysis. Statistical analysis was performed
with the software package SPSS 18.0 for Windows. Descrip-
tive statistics (average, median, minimum, maximum, and
standard deviation) were calculated for each variable. The
normal distribution of the variables was checked by means
of the Kolmogorov-Smirnov (K-S) test, and correlations
between variables were tested by calculating two-tailed
Pearson’s correlation coefficients. An α-value of 0.01 was
adopted at the critical level for all statistical testing, giving
a 99% confidence level. One-way ANOVA was performed
to investigate whether there was a difference between both
reagents concerning the ability to extract elements from the
sediments.

Finally, stepwise multiple linear regression was per-
formed to deduce possible causal relationships between
the variables. Attention was mainly paid to the possi-
bility of predicting trace element concentrations in the
ammonium-EDTA and acetic acid extracts based on trace
element content, major element composition, pH, and
organic matter content. Different assumptions of the linear
regression (normality of the de residues, autocorrelation,
quasi-multicollinearity (QMC), and heteroscedasticity) were
tested.

For the statistical analysis, the recommendations of
Webster [56, 57] (reporting mean values with standard
errors, performing linear regressions, etc.) were taken into
account.

3. Results and Discussion

3.1. Certified Reference Materials. Certified reference mate-
rials, which are also called standard reference materials,
are used for the verification of the accuracy of analytical
procedures following strict extraction protocols [58]. In the
present work, single extractions (with ammonium-EDTA
0.05 mol/L, acetic acid 0.43 mol/L) were performed on two
certified reference materials that were developed within the
framework of the SM&T program, namely, BCR 701 and
CRM483.

Total concentrations of Cd, Cr, Cu, Ni, Pb, and Zn
were determined in reference material BCR-701 [59] by
dissolution with 3 concentrated acids (HF, HCl, and HNO3)
(Table 2). Although the extraction procedure is different
from the aqua regia extraction, the own values were within
1 standard deviation of the indicative values, except for Cu.

CRM 483 is a sewage-sludge amended soil that was col-
lected by multiple sampling to a depth of 10 cm [60]. Within
the framework of harmonization of leaching procedures for
risk assessment of trace elements in soils (SMT program), the
reference material CRM 483 was certified for its ammonium-
EDTA and acetic acid extractable contents [28].



6 Applied and Environmental Soil Science

Table 2: Comparison between aqua regia extractable (indicative
values) and “3-acid” extractable (this work) concentrations (mg/kg)
of Cd, Cr, Cu, Ni, Pb, and Zn in sample BCR 701. Mean ± standard
deviation of 3 replicates.

Indicative values This work

Cd 11.7± 1.0 10.9± 0.2

Cr 272± 20 284± 5

Cu 275± 13 242± 2

Ni 103± 4 99± 7

Pb 143± 6 141± 3

Zn 454± 19 465± 4

Table 3: Comparison of the results of the ammonium-EDTA and
acetic acid extractions of CRM 483 with certified and indicative
values [31]. The number of replicates is given between brackets.
Concentrations in mg/kg.

CRM483 Certified values [31]

Ammonium-EDTA Acetic acid

Cd 20.4± 1.3 18.3± 0.6

Cr 28.6± 2.6 18.7± 1.0

Cu 215± 11 33.5± 1.6

Ni 28.7± 1.7 25.8± 1.0

Pb 229± 8 3.1± 0.25

Zn 612± 19 620± 24

CRM483 This work

Ammonium-EDTA (6) Acetic acid (6)

Cd 20.6± 0.6 15.2± 1.48

Cr 26.4± 3.4 13.3± 1.95

Cu 207± 4 28.1± 0.46

Ni 26.5± 1.78 21.5± 0.77

Pb 202± 27 1.7± 0.21

Zn 607± 4 556± 23

A good agreement was obtained between the own
and indicative/certified values for the ammonium-EDTA
extractions (Table 3). Experimental values always differed by
less than 1 standard deviation from the certified values.

The results of the acetic acid extraction, however, were
systematically lower than the certified values. This can
be related to the fact that a reciprocal shaker was used
instead of an end-over-end shaker, as recommended by
the SM&T procedure. The shaker speed and the use of an
end-over-end shaker (instead of a reciprocal shaker) are
considered to be important parameters since they represent
factors that condition the maintenance of the samples in
suspension during extraction. During the comparison of
trace element extractability in sample CRM 483, the results
obtained from the reciprocal shaker were systematically too
low [31]. Therefore, the centrifuge bottles were placed in the
shaking device with an inclination of approximately 45◦. This
modification allowed a better suspension of the sediments
during extraction. For the ammonium-EDTA extraction, for

which 2 g of material was suspended in 20 mL of solution
in a 50 mL centrifuge tube, the samples were maintained
in suspension during extraction. However, during the acetic
acid extraction, 1 g of material was suspended in 40 mL
of solution in a 50 mL centrifuge tube, resulting in a less
efficient suspension of the material because of the higher
amount of liquid in the centrifuge tube. This may explain
the deviating results of the acetic acid extractions.

3.2. General Sample Characteristics. The 72 samples repre-
sent a variety of sediments with different contents of major
elements, trace elements, organic carbon, and pH. The pH of
the samples investigated in this study was in the range 5.3–8.1
(Table 4). The grain size distribution of the samples varied
from clayey to sandy, and cation exchange capacity (CEC)
was between 7 and 38 cmol/kg (not in Table 4). A significant
positive linear correlation (R = 0.760) was found between
CEC, on the one hand, and the organic carbon and Al
content (which can be used as a proxy for the clay content),
on the other hand. Since CEC was not determined for all the
samples, it was not included in the further analysis of the
dataset. All the samples were polluted with at least one of
the following trace elements: Zn, Cd, Pb, Cu, As, and/or Ni.
Significant correlations were found (0.01 significance level)
between most trace elements (Cr, Cu, Zn, Ni, Cd, Pb, and Co,
R = 0.805–0.382). Ca and pH were also positively correlated
(R = 0.789), as well as Fe and the organic carbon content (R =
0.456) and Ca and pH (R = 0.860).

With respect to the extraction with ammonium-EDTA,
Zn, Cd, Cu, Ni, and As correlated positively with each other,
whereas the correlation between pH and EDTA-extractable
Al and Fe was negative. Finally, for the acetic acid extraction,
a positive correlation was found between the extracted
concentrations of Cr, Cu, Zn, Co, and Mn.

3.3. Extraction Efficiency. Single extractions with acetic acid
and ammonium-EDTA provide some information on the
influence of acidification and complexation on trace element
mobility. In general, Zn, Cd, and Ni were sensitive to both
acetic acid and ammonium-EDTA, whereas Pb and Cu were
more sensitive to an extraction with ammonium-EDTA. The
highest average extraction efficiency with acetic acid was
obtained for Cd and Zn, while Cu was most effectively
extracted with ammonium-EDTA.

The extraction efficiency of both extracting agents was
compared in order to assess their ability to release metals
from the “weakly bound” element pool of the sediments.

The results from the one-way ANOVA (Table 6) showed
that there were significant differences between both extract-
ing agents for Cu, Pb, and Co and for most of the major
elements, such as Fe, Al, and Ca. For Cd, Zn, Ni, As, Cr, and
Mn there was a similarity between ammonium-EDTA and
acetic acid as an extracting agent. Nevertheless, the yields for
Cr were negligible.

From Figure 1, it can be deduced that comparable
amounts of Zn and Ni are extracted with both reagents.
Slightly more Cd was extracted with acetic acid compared
to ammonium-EDTA, while for the trace elements Cu
and Pb, ammonium-EDTA was a more effective extracting
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Table 4: Average, standard deviation, median, minimum, and maximum of the amounts of major and trace metals, the organic carbon
(OC) content, and the pH in the 72 sediments investigated in this study.

Cr Cu Zn Ni As Cd Pb Co Mn K Fe Ca Al OC
pH

mg/kg mg/kg mg/kg mg/kg mg/kg mg/kg mg/kg mg/kg mg/kg mg/kg % % % %

Average 131 65 706 29 80 18 124 7.9 273 12265 6 2 3 6.2 6.7

Stdv 99 71 959 23 92 37 162 5.2 342 7106 5 1 1 4.1 0.8

Median 95 45 442 27 42 9 69 8.0 172 11070 3 2 3 5.3 6.7

Min 28 1 14 3 4 0.1 4 1.3 23 3248 1 0.2 1 0.5 5.3

Max 529 286 5086 117 516 198 756 24.0 2555 46479 23 5 5 19.5 8.1

Table 5: Average, standard deviation, median, minimum, and maximum of the amounts of major and trace metals extracted with acetic
acid and ammonium-EDTA.

Acetic acid

Cr Cu Zn Ni As Cd Pb Co Mn K Fe Ca Al
pH

mg/kg mg/kg mg/kg mg/kg mg/kg mg/kg mg/kg mg/kg mg/kg mg/kg mg/kg mg/kg mg/kg

Average 2 10.4 436 8.02 3.26 8 5 1.3 104 338 1049 11386 172 3.1

Stdv 2 15.3 652 8.81 5.60 13 11 1.2 121 786 2223 8865 126 0.4

Median 1 3.3 197 6.34 1.49 5 1 1.1 74 195 296 7846 145 3.1

Min <0.01 <0.01 4 <0.01 0.05 0.1 <0.01 0.1 2 65 47 1126 28 2.2

Max 10 77.0 3574 43.88 26.96 69 65 4.8 592 6788 13143 38694 844 3.6

Ammonium-EDTA

Cr Cu Zn Ni As Cd Pb Co Mn K Fe Ca Al
pH

mg/kg mg/kg mg/kg mg/kg mg/kg mg/kg mg/kg mg/kg mg/kg mg/kg mg/kg mg/kg mg/kg

Average 1 31 419 7.76 2.4 10 49 0.7 50 228 3176 9066 68 6.3

Stdv 1 43 578 9.56 3.6 21 81 0.6 66 143 2957 4478 59 1.0

Median 1 20 216 5.65 1.2 5 21 0.5 41 182 2039 9178 50 6.4

Min <0.01 0.10 2 0.45 0.02 <0.01 <0.01 <0.01 <0.01 51 176 1232 8 4.6

Max 6 177 2539 51.67 16 109 389 3.3 527 603 11902 18718 265 7.8

agent (Figure 1). Some samples with a high total con-
tent of Zn and Cd, as well as an important EDTA and
acetic acid extractable content of Zn and Cd, distort the
general relationship between total and ammonium-EDTA
or acetic acid extractable content of Zn and Cd. Log-
transformed concentrations were used in further calculations
(see Section 3.2).

The more important release of Cu and Pb by
ammonium-EDTA compared to acetic acid is related to
the fact that EDTA has a much stronger complexing capacity
than acetic acid. The stability constants for EDTA and
acetic acid complexes with Cd, Cu, Zn, Ni, and Pb are
presented in Table 7. Complexes of Cd and Zn with acetate
are characterised by significantly lower stability constants
than Pb and Cu, but this does not compensate for the
fact that Zn and Cd are more easily mobilised upon a pH
decrease compared to Cu and Pb. The pH of the acetic acid
extract is in the range 2.7–3.5, promoting the release of Cd,
Zn, and Ni while Cu and Pb are only released in significant
amounts at lower pH values.

Since the pH of the ammonium-EDTA extract is fairly
constant and almost neutral, trace element release is prin-
cipally a consequence of complexation reactions. No rela-
tionship was found between the formation constants for 1 : 1

EDTA complexes and the slopes of the relation in Figure 1,
indicating that the amount of a metal extracted with EDTA
is not only determined by the affinity of the metal to form
complexes with EDTA. Besides the complexing affinity of a
EDTA for a trace element, the affinity between the sediment
and a trace element will also control the desorption by the
complexing agent.

According to Papassiopi et al. [39], the dissolution of
calcite can consume EDTA in calcareous soils, lowering the
extraction efficiency for trace elements. In general, major
cations present in the soil may be one of the factors affecting
trace element extraction efficiency [66]. In the present
study, important amounts of Fe and Ca were also extracted
with ammonium-EDTA (Table 5), possibly affecting the
extraction efficiency of the reagent.

The comparison of “potential availability” of trace
elements by different and single extractions (acetic acid
or ammonium-EDTA extractions as defined by the SMT
program) is not completely straightforward since operational
conditions (L/S ratio, extraction time, etc.) and reagents
are different. The estimation of the potential (long-term)
trace element availability is thus operationally defined by the
extracting agents used. van der Sloot et al. [51] mention that
the acetic acid and ammonium-EDTA extractions release
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Table 6: Results of the one-way ANOVA for the comparison of elements extracted with acetic acid and EDTA (∗significant at P < 0.05).

SS df MS F P-value

Cr 8.5 1 8.5 3.15 0.078

Cu 15448 1 15448 15.05 0.000∗

Zn 9944 1 9944 0.03 0.872

Ni 2.5 1 2.5 0.03 0.863

As 26.1 1 26.1 1.18 0.279

Cd 137.2 1 137.2 0.45 0.502

Pb 71795 1 71795 21.38 0.000∗

Co 15.2 1 15.2 18.28 0.000∗

Mn 104719 1 104719 11.05 0.001∗

Fe 162860447 1 162860447 23.80 0.000∗

Ca 193751031 1 193751031 3.93 0.049∗

Al 387317 1 387317 39.76 0.000∗

Table 7: Formation constants (log K) for 1 : 1 metal EDTA complexes and 1 : 1 metal acetate complexes.

Stability constant for acetic acid Reference Stability constant for EDTA Reference

Cu2+ 1.76, 1.87, 2.71, 3.09, 3.63 [61, 62] 19.7, 18.8 [63, 64]

Zn2+ 0.91, 1.9 [61, 62] 17.5, 16.5 [63, 64]

Ni2+ 0.74, 0.83, 1.43 [61, 62] 19.5, 18.56 [63, 64]

Cd2+ 1.19, 1.23, 1.32, 1.82, 3.15 [61, 62] 17.4 [63, 64]

Pb2+ 3.5, 2.98, 4.08 [61, 62] 19 [63, 64]

Co2+ 0.71 [65] 16.21 [64]

Mn2+ 13.56 [64]

Fe3+ 25.7 [64]

Ca2+ 0.5 [65] 10.7 [64]

Al3+ 16.3 [64]

an amount of Zn and Cd that is very similar to the amount
leached at pH 4 in a 24 h pHstat test, L/S = 5 L/kg). However,
this seems to not be the case in a more heterogeneous
dataset with samples with very different physicochemical
characteristics.

The difference between acetic acid and ammonium-
EDTA as an extracting agent is particularly interesting for the
metalloid As. Although As is generally more easily mobilized
when pH increases, acetic acid is capable of extracting a
considerable amount of As. Even more As is extracted by
acetic acid than with ammonium-EDTA, despite the lower
final pH of the acetic acid extract (around Section 3.5).
Wenzel et al. [67] also found that only minor proportions
of As were extracted by ammonium-EDTA, virtually not
contributing to As fractionation. The inefficiency of As
extraction by ammonium-EDTA is explained by the fact that
EDTA does not form stable complexes with arsenic [68].

3.4. Influence of Sediment Characteristics on Metal Extractabil-
ity. The lack of a distinct relationship between total and
acid extractable metal concentrations in the present dataset
is most likely due to the very different physicochemical and
mineralogical characteristics of the samples. In a previous
study on land-disposed dredged sediments [69], acetic acid

(0.43 mol/L) extractable Zn and Cd concentrations were
linearly correlated with total Zn and Cd concentrations. All
the samples originated from the same river catchment and
were characterised by and elevated clay and organic carbon
content.

The pH after extractions with acetic acid (0.43 mol/L)
was in the range 2.2–3.6. The increase in pH after extraction
(Figure 2) can be related to the acid neutralizing capacity of
the samples. The pH of the EDTA extract was between 4.6
and 7.8, despite the fact that the ammonium-EDTA solution
is a buffered solution. Additionally, the difference in pH of
the acetic acid extracts before and after extraction showed
a significant linear correlation with the (log-transformed)
total Ca content of the samples. This can simply be explained
by the fact that samples with an elevated acid neutralizing
capacity (ANC) usually are characterised by a high CaCO3

content, which is an important contributor to acid neutraliz-
ing reactions in soils and sediments.

Based on the results of the extractions and on the sed-
iment composition, regression equations were constructed
using the ammonium-EDTA or acetic acid extractable
content of a trace element (Cu, Cr, Zn, Ni, As, Cd, Pb, or
Co) as the dependent variable and the total content of the
respective trace element (Cu, Cr, Zn, Ni, As, Cd, Pb, or
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Figure 1: Amount of trace elements extracted by ammonium-EDTA (black symbols and full line) and acetic acid (white symbols and dotted
line) as a function of their total content in the sediments.
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Figure 2: Difference between the pH of the acetic acid solution
before and after extraction versus the amount of Ca released from
the samples.

Co), the total content of Ca, Al, and Fe, the pH, and the
organic carbon content as independent variables. Because
the data were not normally distributed, log-transformed data
were used (expect for pH, which is already a logarithmic
value). In soils and sediments, Ca is dominantly found in
clay minerals and in carbonate minerals (e.g., CaCO3). Fe is a
major component of Fe(hydr)oxides, but is also a constituent
of clay minerals. Al is often used as a proxy for the clay
content in soils and sediments. Rodrigues et al. [70] found
that the variation of the total Al in soil content in soil and
sediments expresses the sorptive capacity of aluminosilicates
and Al oxides at the surfaces and edges of clay minerals better
than the actual variability of clay contents.

For most trace elements, the independent variables (total
concentrations of trace metals, Al, Fe, Ca, organic carbon
(OC), and/or (pH)) were significant in predicting the depen-
dent variable (ammonium-EDTA or acetic acid extractable
concentration) when the level of significance is below 0.05.
For almost all trace elements, the total content was the most
important predicting variable. For the ammonium-EDTA
extractable content of Zn, Ni, Cd, and Pb, the organic carbon
content was also an important predicting variable, which can
be related to the fact that EDTA is able to form organometal
complexes, which compete with organic matter in soil. The
predictive value of total Al and Fe concentrations differed
among different trace elements.

For Zn, Ni, As, and Cd, the total Ca content was an
explaining variable for their acid extractable content, besides
the total content of these elements, whereas the predictive
value of Fe and Al was less important.

In the present study, the “EDTA extractable pool” of
Cu was not significantly affected by the major elements
and organic carbon content of the sediments since the
EDTA extractable fraction of this element was found to be
proportional to its total content (Table 8). For the amount
of Cu extracted with acetic acid, pH was also a significant
explaining variable, together with the total Cu content of the
sediments.

A linear correlation between EDTA extractable and total
concentrations of Cd, Zn, Cu, and Pb has been mentioned
in several other studies [71, 72]. McGrath [73] mentioned
that the amount of Cd, Cu, and Ni extracted by EDTA from
7 polluted and unpolluted Irish soils was related to total
metal content, while the EDTA extractable Zn content was
related to organic carbon. Filipek and Pawlowski [74] also
mentioned a positive relationship between EDTA extractable
Cu and organic carbon in soils, a relationship not observed
in our dataset.

3.5. Potential Use and Interpretation of

the Results of Ammonium-EDTA and Acid

Extractable Metal Concentrations

3.5.1. Quantification of Metal Partitioning in Soils. Metal
partitioning in soils can be quantified by models in which
metal concentrations in the pore water are described as a
function of the metal binding solid phases such as Fe and Al
(hydr)oxides, organic matter, and clay and as a function of
soil characteristics that influence trace element partitioning,
such as pH. The ratio between total metal content bound
to a soil relative to its concentration in the soil solution
is often represented by Kd coefficients. However, such a
model assumes that the sorption capacity of a material is
independent of the soil properties (organic matter content,
pH, clay content, etc.) and, therefore, single Kd values
are not appropriate to predict metal solubility in soil. In
the literature, several models can be found, in which it is
assumed that exchangeable metals and protons compete for
adsorption on soil exchange sites [75]. In these models,
besides soil properties—such as pH, organic carbon content,
and CEC—total elements concentrations are often used
to predict dissolved elements concentrations (i.e., elements
concentrations in the pore water). However, several authors
[76, 77] used extractions with HNO3 (0.43 mol/L), HCl, or
EDTA to estimate the available pool of an element for use in
solid-solution partitioning modeling, instead of using total
metal concentrations.

In a study of Cappuyns et al. [78], ammonium-EDTA
extractable metal concentrations were used instead of total
metal concentrations. Stepwise multiple linear regression
was performed with pH(CaCl2), organic carbon content, clay
content, CaCl2 extractable element concentrations, dissolved
organic carbon (DOC) content in de CaCl2 extracts, and
ammonium-EDTA extractable element concentrations. With
this model, in which the EDTA extractable element fraction
represented the “available” pool of the element, Cd and Zn
concentrations in the pore water could be predicted very well,
based on pH, organic carbon content, and EDTA extractable
Zn and Cd concentrations. Rodrigues et al. [79] derived
Freundlich-type models based on commonly available soil
properties (pH, organic carbon, and clay) as well as extended
models that used other properties such as amorphous Al and
Fe oxides and evaluated their possible use in risk assessment.
The approach enabled the prediction of the reactivity of
potentially toxic elements.

Empirical partition relations can be useful to de-
scribe metal partitioning in soils, especially in large-scale
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Table 8: Ammonium-EDTA and acetic acid extractable element concentrations as a function of their total concentrations and total
concentrations of Al, Fe, Ca, and organic carbon (OC). (n = 72, ∗significant at α = 0.05). Acetic acid is abbreviated as “HOAc” in the
equations.

Acetic acid r2

log [Cu]HOAc = 1.073 log [Cu]total + 0.363 pH − 3.645 0.851∗

log [Cr]HOAc = 0.958 log [Cr]total− 0.408 log [Fe]total− 1.683 0.345

log [Zn]HOAc = 1.013 log [Zn]total + 0.479 log [Ca]total− 0.399 log [Al]total− 0.312 0.856∗

log [Ni]HOAc = 0.915 log [Ni]total + 0.557 log [Ca]total− 0.439 log [Al]total− 0.478 0.766∗

log [As]HOAc = 1.356 log [Ca]total + 0.649 log [As]total− 0.617 log [Fe]total + 0.641 log [Al]total− 1.101 0.751∗

log [Cd]HOAc = 0.663 log [Cd]total + 0.268 log [Ca]total− 0.077 0.835∗

log [Pb]HOAc = −2.93 pH + 0.75 log [Pb]total− 0.905 log [Fe]total + 1.071 log [Al]total− 0.598 log [OC] − 1.289 0.968∗

log [Co]HOAc = 0.591 log [Co]total + 0.457 log [Ca] − 0.591 0.590∗

Ammonium-EDTA

log [Cu]EDTA = 1.058 log [Cu]total− 0.546 0.698∗

log [Cr]EDTA = 0.512 log [Cr]total + 0.159 pH − 0.063 0.393

log [Zn]EDTA = 1.043 log [Zn]total + 0.368 log [OC] + 0.268 log [Ca]total− 0.765 0.883∗

log [Ni]EDTA = 0.858 log [Ni]total± 0.172 pH + 0.326 log [OC] + 0.473 0.715∗

log [As]EDTA = 0.878 log [As]total + 0.513 log [Al]total− 0.748 log [Fe]total + 0.373 log [Ca]total− 1.616 0.670∗

log [Cd]EDTA = 0.663 log [Cd]total + 0.345 log [OC] + 0.220 log [Fe]total− 0.62 0.883∗

log [Pb]EDTA = 1.017 log [Pb]total− 0.338 log [Al]total + 0.166 log [Fe]total + 0.183 log [OC] + 0.085 pH − 1.289 0.749∗

log [Co]EDTA = −0.384 log [OC] + 0. 333 log [Co]total + 3.75 0.192

applications, and offer the advantage that they are simple to
understand and can be used by nonexpert users [80].

3.5.2. Relation between EDTA Extractable Metal Concentra-
tions and Plant Uptake? For trace elements, total concentra-
tions in soil are mostly used as an input in risk assessment
models. However, trace elements in contaminated soil are
rarely released completely as only a portion of trace elements
is “bioavailable” or “geoavailable” (which means that the
elements can be released and become available for biological
uptake). Several authors claim that extractions such as
extractions with EDTA and acetic acid can be used to
evaluate the bioavailable fraction of an element in soil.
However, the interpretation of the term “bioavailability” can
vary widely as the availability and uptake of elements will also
depend of the type of organism (plant, earthworm). EDTA
salts have mainly been used to assess the availability of metals
to plants, since they are believed to mimic rhizosphere effects
in the soil. For example, a study of Bakircioglu et al. [81]
indicated the extractable Pb and Ni of soils by EDTA single
extraction procedures were significantly correlated with the
metal contents of wheat grains. According to Anyanwu
et al. [82], EDTA can be used to quantify the empirical
relationships between plant uptake and soil metal contents.
In another study, a significant positive correlation was found
between EDTA extractable metals and metal accumulation in
the shoot of Brassica juncea L. [83]. However, other studies
(e.g., [84]) showed that extracting agents such as EDTA can
not be used as universal soil extraction for estimating Cu, Zn,
and Ni uptake by barley.

Peijnenburg et al. [85] made an overview of empirical
methods for extraction of metals from soils as a surrogate for
bioavailable and bioaccessible metal pools. They concluded

that the value of these chemical methods for measuring
bioavailability can be significantly improved when the
species, metal, and soil specific aspects of bioavailability are
more accurately taken into account.

3.5.3. Estimation of “Available Element Fraction” for Use in
Risk Assessment and LCA. In the case of remediation projects
for soils and sediments, trace element “availability” is also
an important consideration since only a portion of the
total metal load in soils or sediments can be considered as
“geoavailable” or mobile. In a risk-conservative approach,
it is assumed that all the metals contained in a solid
matrix (soil, sediment, waste material, etc.) will be released.
When this “total metal content” is used as an input in
life cycle analysis (LCA), this will most likely result in an
overestimation of the risk associated with the trace elements.
Additionally, LCA typically covers an extended period of
time (depending on the life cycle of a product or process),
so long-term trace element emissions have to be assessed.
The assessment of trace element released from soils and
sediments on the long term is still controversial. Several
methods and procedures have been proposed to estimate
the long-term emissions of trace elements contained in soils,
sediments, and waste materials, but there is no consensus as
to which method performs best [86]. Extractions with “mild”
reagents such as ammonium-EDTA and acetic acid can be
useful to estimate “geoavailable” element concentrations in
soils and sediments, and they have the advantage that they
are relatively easy to perform.

4. Conclusion

The present study shows that both ammonium-EDTA and
acetic acid have a different capacity to extract elements,
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depending on the elements and on the characteristics of
the matrix that is being extracted (sediments in this case).
The estimation of the potential (long-term) trace element
availability is operationally defined by the extracting agents
used. Making the comparison of “potential availability”
by different single extractions (acetic acid or ammonium-
EDTA extractions as defined by the SMT program) is
not completely straightforward since operational condi-
tions (L-S ratio, extraction time, etc.) and reagents are
different.

For most trace elements (Cu, Zn, Cd, Ni, As, and
Pb), a significant linear relationship could be established
between their ammonium-EDTA or acetic acid extractable
concentrations and their total concentrations, organic car-
bon content pH, and Fe, Al, and/or Ca content. The scientific
understanding of trace element partitioning in the complex
soil-water system with these simple models is rather limited,
but they offer the opportunity to use data from single
extractions in a more comprehensive way.

Although single extractions with extracting agents—
such as ammonium-EDTA and acetic acid that aim to
extract the “mobilizable” pool of elements from soils and
sediments—can be statistically related to soil properties,
they are primarily determined by the total element content
in the soil or sediments. Despite the fact that single
extractions with ammonium-EDTA and acetic acid cannot
directly be related to the bioavailability of elements, they
can provide input data for use in risk assessment models.
Additionally, they also offer possibilities to perform a fast
screening of the mobilizable pool of elements in soils and
sediments.
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[40] N. Finžgar and D. Leštan, “Multi-step leaching of Pb and Zn
contaminated soils with EDTA,” Chemosphere, vol. 66, no. 5,
pp. 824–832, 2007.

[41] R. S. Tejowulan and W. H. Hendershot, “Removal of trace
metals from contaminated soils using EDTA incorporating
resin trapping techniques,” Environmental Pollution, vol. 103,
no. 1, pp. 135–142, 1998.

[42] P. Theodoratos, N. Papassiopi, T. Georgoudis, and A. Kon-
topoulos, “Selective removal of lead from calcareous polluted
soils using the Ca-EDTA salt,” Water, Air, and Soil Pollution,
vol. 122, no. 3-4, pp. 351–368, 2000.

[43] A. Bermond and J. P. Ghestem, “Kinetic study of trace metal
EDTA-desorption from contaminated soils,” in Heavy Metals
Release in Soils, H. M. Selim and D. L. Sparks, Eds., pp. 131–
147, Lewis, 2001.

[44] A. Bermond, “Limits of sequential extraction procedures re-
examined with emphasis on the role of H+ ion reactivity,”
Analytica Chimica Acta, vol. 445, no. 1, pp. 79–88, 2001.

[45] A. Polettini, R. Pomi, E. Rolle et al., “A kinetic study of chelant-
assisted remediation of contaminated dredged sediment,”
Journal of Hazardous Materials, vol. 137, no. 3, pp. 1458–1465,
2006.

[46] D. F. Kalf, M. A. G. T. Hoop van den, J. P. Rila, C.
Posthuma, and T. P. Traas, “Environmental Risk Limits for
Ethylene Diamine Tetra Acetic acid (EDTA). Rijksinstituut
voor Volksgezondheid en Milieu RIVM (Ed.),” RIVM Report
601501010/2003, Bilthoven, The Netherlands, 2003.

[47] D. Jiraroj, F. Unob, and A. Hagège, “Degradation of Pb-EDTA
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Energetic materials comprise both explosives and propellants. When released to the biosphere, energetics are xenobiotic
contaminants which pose toxic hazards to ecosystems, humans, and other biota. Soils worldwide are contaminated by energetic
materials from manufacturing operations; military conflict; military training activities at firing and impact ranges; and open
burning/open detonation (OB/OD) of obsolete munitions. Energetic materials undergo varying degrees of chemical and
biochemical transformation depending on the compounds involved and environmental factors. This paper addresses the
occurrence of energetic materials in soils including a discussion of their fates after contact with soil. Emphasis is placed
on the explosives 2,4,6-trinitrotoluene (TNT), hexahydro-1,3,5-trinitro-1,3,5-triazine (RDX), and octahydro-1,3,5,7-tetranitro-
1,3,5,7-tetrazocine (HMX), and the propellant ingredients nitroglycerin (NG), nitroguanidine (NQ), nitrocellulose (NC), 2,4-
dinitrotoluene (2,4-DNT), and perchlorate.

1. Introduction

Energetic compounds, defined as the active chemical com-
ponents of explosives and propellants, are necessary both for
peaceful (e.g., demolition and mining) and military pur-
poses. Commonly used military energetic compounds
include the explosives 2,4,6-trinitrotoluene (TNT), hexa-
hydro-1,3,5-trinitro-1,3,5-triazine (RDX), and octahydro-
1,3,5,7-tetranitro-1,3,5,7-tetrazocine (HMX) [1]. Nitroglyc-
erin (NG), nitroguanidine (NQ), nitrocellulose (NC), 2,4-
dinitrotoluene (DNT), and various perchlorate formulations
are employed in missile, rocket, and gun propellants [2,
3]. The chemical structures of these compounds appear in
Figure 1.

As a result of military activities and due to improper
management and disposal practices many energetic sub-
stances and their by-products have contaminated environ-
ments to levels that threaten the health of humans, livestock,
wildlife, and ecosystems. In humans TNT is associated with
abnormal liver function and anemia, and both TNT and
RDX have been classified as potential human carcinogens
[4, 5]. TNT toxicity has been demonstrated using earthworm

reproduction tests [6], and studies with Vibrio fischeri have
established TNT as being “very toxic” to aquatic organisms
[7]. Mutagenicity studies have been carried out using TNT
and its metabolites on Salmonella strains and mammalian
cell lines [8–11]. TNT was found to be mutagenic, with some
metabolites more so than the TNT itself.

The effects of RDX on mammals are generally charac-
terized by convulsions. Deaths in rats were associated with
congestion in the gastrointestinal tract and lungs [12, 13]
(oral rat LD50 = 0.07–0.12 g/kg) [14]. Factory employees in
Europe and the US have suffered convulsions, unconscious-
ness, vertigo, and vomiting after RDX exposure [15]. Infor-
mation is limited concerning health effects of HMX [16].
The USEPA has established lifetime exposure drinking water
health advisory limits for TNT, RDX, and HMX at 2.0, 2.0,
and 400 μg/L, respectively [17, 18].

Acute exposure to NG can cause headaches, nausea, con-
vulsions, cyanosis, circulatory collapse, or death [19, 20].
Chronic exposure may result in severe headaches, halluci-
nations, and skin rashes [21]. Perchlorate adversely affects
human health by interfering with iodine uptake in the
thyroid gland [22].



2 Applied and Environmental Soil Science

CH3

NO2O2N

NO2

(a)

NO2O2N

NO2

N N

N

(b)

NO2

O2N

NO2

N

NO2NN

N

(c)

O

N+

O−

−O
+N

O

OO

O

O

N+
O−

(d)

NO2

N

C

NH2H2N

(e)

O−

N+O
O

O
O

O N+

O−

O

O N+

O

O−
O

O
N+

N+

N+

O
O

O

O−

O−

O

O

O
O

O−

(f)

CH3

NO2

NO2

(g)

O

O−
Cl

O

O

(h)

Figure 1: Chemical structures of energetic compounds: (a) 2,4,6-trinitrotoluene (TNT); (b) hexahydro-1,3,5-trinitro-1,3,5-triazine (RDX);
(c) octahydro-1,3,5,7-tetranitro-1,3,5,7-terazocine (HMX); (d) nitroglycerin (NG); (e) nitroguanidine (NQ); (f) nitrocellulose (NC); (g)
2,4-dinitrotoluene (DNT); (h) the perchlorate anion.

Energetic compounds may enter the soil environment via
numerous avenues including [23–28] the following:

(i) ammunition production facilities, for example, wast-
ewater lagoons, filtration pits;

(ii) packing or warehouse facilities;

(iii) waste disposal and destruction facilities, for example,
open dumps, burn pits, incinerators;

(iv) weapons firing ranges;

(v) weapon impact areas.

Soil contamination by energetics at manufacturing sites,
conflict areas, and military ranges is an international con-
cern. In the US alone, thousands of military sites are listed
as contaminated by energetic compounds [27, 29]. Approx-
imately 50 million acres are affected by bombing and other
training activities [30–32]. An even greater number of
contaminated sites may exist in Europe and Asia [33].
Significant public health emergencies resulting from soil
contamination have launched demands by local citizenry for
remediation measures [34]. During the past two decades an
increased environmental awareness has compelled military

agencies in the US, Canada, and many European and Asian
nations to identify sites of energetics contamination and to
evaluate the impacts of military activities on the quality of
soil, groundwater, and surface water.

2. Types of Energetic Materials

Energetic compounds are chemicals that, when exposed to
physical or chemical stimuli, decompose extremely rapidly
with the evolution of energy in the form of flame, heat, and
light. In addition, rapid liberation of heat causes the gaseous
products of the reaction (e.g., N2, CO2, H2O) to expand and
generate high pressures [33, 35–37].

2.1. Explosives. Explosives are classified as primary, sec-
ondary, or tertiary based on their susceptibility to initiation.
Primary explosives are highly sensitive to initiation and
include silver azide, lead styphnate, and mercury fulminate.
Primary explosives are often used to initiate secondary explo-
sives in a so-called firing train [35]. Common secondary
explosives include TNT, RDX, HMX (Table 1, Figure 1), and
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Table 1: Composition of common military energetic materials (adapted from [36, 38, 39]).

Name Composition

Secondary explosives

Amatex TNT, ammonium nitrate, RDX

Ammonal TNT, ammonium nitrate, aluminium

Anatols TNT, ammonium nitrate

Baratol TNT, barium nitrate

C-4 RDX (91%), plasticizer (9%)

Composition A RDX (91%), wax (9%)

Composition B RDX (60%), TNT (39%), wax (1%)

Cyclotol RDX, TNT

Explosive D Ammonium picrate, picric acid

HTA-3 HMX, TNT, aluminium

Minol TNT, ammonium nitrate, aluminium

Octol HMX (70%–75%), TNT (25%–30%)

Pentolite Ammonium picrate, TNT

Tetrytol Tetryl, TNT

Torpex RDX, TNT, aluminium

Tritonal TNT (80%), aluminium (20%)

Propellants

Single-base smokeless powder (M1; M6; M10) NC, 2,4-DNT; NC, 2,4-DNT; NC, diphenylamine

Double-base smokeless powder (M2, M5, M8) NC, 2,4-DNT; NC, 2,4-DNT; NC, diphenylamine

Triple-base smokeless powder (M30, M31) NC, NG, NQ, ethyl centralite

tetryl (N-methyl-2-4-6-trinitrophenylnitramine). The ener-
getic compounds most commonly used in military explosives
include TNT, RDX, and HMX. Their environmental fate will
be addressed in this paper. Tertiary explosives, also termed
blasting agents, are so insensitive to shock that they cannot be
detonated by reasonable quantities of primary explosive and
instead require a secondary explosive. A common tertiary
explosive is a physical mixture of ammonium nitrate and fuel
oil.

Organic secondary explosives can be further divided into
nitroaromatics, nitramines, and nitrate esters. Nitroaromat-
ics, which include TNT, tetryl, and ammonium picrate, con-
tain NO2 groups bonded to carbon atoms on the aromatic
ring. Nitramines contain NO2 groups bonded to nitrogen
present within an alicyclic ring, for example, RDX and HMX;
nitrate esters contain NO2 groups bonded to an oxygen atom
attached to an aliphatic carbon, for example, nitroglycerin.

In addition to the infusion of specialized compounds, an
explosive formulation may contain impurities or decompo-
sition by-products. For example, TNT may contain dinitro-
toluene and trinitrotoluene isomers [38, 40], and HMX may
occur as an impurity in RDX [41].

2.1.1. TNT. TNT was first used on a significant scale during
World War I. It is one of the most common bulk explosives
in use today both in military ordnance and in mining and
quarrying operations. TNT is used as a booster for high-
explosive munitions. It is used alone and in mixtures with
other energetic compounds (e.g., RDX and HMX) in

explosive formulations including amatol, pentolite, torpex,
tritonal, picratol, and others (Table 1) [42].

TNT is chemically and thermally stable, has a low melting
point, and is amenable for melt casting [36]. TNT is popular
in the military and industry because of its insensitivity to
shock and friction, which reduces the risk of accidental
detonation [35]. The TNT molecule is slightly soluble in
water and has a low vapor pressure and Henry’s law constant
(Table 2). The octanol : water partitioning coefficient of TNT
(logKow = 1.86) indicates that dissolved TNT will not sorb
strongly to soils and therefore may be mobile in the biosphere
[1, 36, 37].

2-amino-4,6-dinitrotoluene (2-A-4,6-DNT) and 4-
amino-2,6-dinitrotoluene (4-A-2,6-DNT) are generated in
the biosphere from biotic transformation of TNT nitro
groups to amino groups [43, 44]. Both amino dinitrotoluene
isomers are relatively nonvolatile and have solubilities of 17
and 36 mg/L, respectively. Amino dinitrotoluenes have low
octanol:water partitioning coefficients (logKow of 2.8 and
2.6); however, they are known to bind covalently to soil
organic and mineral components [1, 36].

2.1.2. RDX. RDX is a highly stable nitramine compound. It
is typically used in mixtures with other explosives [35]. RDX
is slightly soluble in water (56.4 mg/L at 25◦C) and has a low
vapor pressure (Table 2). RDX will not readily volatilize from
aqueous solution (Henry’s law constant = 6.3 × 10−8 atm-
m3 mol−1) [1] and will not sorb strongly to soil (Kow = 0.90)
[36].
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2.1.3. HMX. HMX is used as burster charges for artillery
shells [45] and as a component of plastic explosives. HMX
has also been used as an ingredient of solid fuel rocket pro-
pellants and to implode plutonium-239 in nuclear weapons
[46, 47].

The HMX molecule is of low volatility, has a water sol-
ubility of 4.5 mg/L and an octanol : water partitioning coeffi-
cient of 0.16 (Table 2) [48]. Dissolved HMX does not readily
sorb to soil and therefore may be mobile in the biosphere
[3, 37].

2.2. Propellants. Solid propellants for guns, artillery, and
mortars comprise low-explosive materials formulated to
burn at a controlled rate and produce gases that propel
rockets or accelerate projectiles from guns [39, 49]. The
primary component of gun, artillery, and mortar propellant
formulations is commonly a nitro-containing organic chem-
ical such as nitrocellulose (NC) often combined with other
energetic compounds such as nitroglycerin (NG), nitro-
guanidine (NQ), or dinitrotoluenes (DNT) [2, 37]. Solid
propellants containing NC are divided into three classes
based on presence of added energetics (Table 1). Single-base
propellants contain NC as the sole energetic material.
Double-base propellants contain NC impregnated with an
organic nitrate such as NG. Triple-base propellants include
NC and NG in combination with nitroguanidine (NQ)
[36, 49, 50]. Additional ingredients include compounds
that modify burn rate, binders or plasticizers that facili-
tate loading the propellant into the shell, and compounds
that enhance propellant stability during storage [40].

2.2.1. Nitroglycerin. Nitroglycerin (Figure 1) is a nitrate ester
widely used by the military for the manufacture of pro-
pellants and dynamite. Its solubility ranges from 1,250 to
1,950 mg/L, and it has a logKow of 1.62 [51, 52]. Nitroglyc-
erin was found to be extremely sensitive to slight shocks; to
address this concern Alfred Nobel in 1866 absorbed nitro-
glycerin (75%) in kieselguhr (diatomaceous earth) (25%) to
create dynamite. Kieselguhr, an inactive ingredient, stabilizes
nitroglycerin and makes dynamite a much safer explosive to
handle. Nitroglycerin is often encountered in soils of live-fire
military training ranges, particularly near firing points [39].

2.2.2. Nitroguanidine. Nitroguanidine (Figure 1) melts at
450◦F (232◦C) and decomposes at 480◦F (250◦C). Its sol-
ubility at 25◦C is 4.4 g/L, and its vapor pressure is 1.6 ×
10−4 bar [53]. Nitroguanidine is not flammable and is an
extremely low-sensitivity explosive; however, its detonation
velocity is high. In triple-base smokeless powder NQ reduces
the propellant’s flame temperature without loss of chamber
pressure. Nitroguanidine is typically used in large-bore guns
where barrel erosion and flash are key concerns [39].

2.2.3. Nitrocellulose. Nitrocellulose (Figure 1) is composed
of polymerized cellulose chains in which nitrate esters replace
most hydroxyl functions. Other compounds are incorpo-
rated to control the physical properties of the propellant, its

burning rate, and long-term stability [39]. Nitrocellulose is
insoluble in water [50].

2.2.4. Dinitrotoluenes. 2,4-Dinitrotoluene (DNT) is used in
the production of smokeless powders, as a plasticizer in
rocket propellants and as a gelatinizing and waterproofing
agent [54, 55]. Both dinitrotoluene isomers (2,4-DNT and
2,6-DNT) may occur as impurities during manufacture of
TNT or may be formed during biotic and abiotic transforma-
tion of TNT [3, 19]. 2,4- and 2,6-DNT have similar chemical
properties. They have low aqueous solubility, are relatively
nonvolatile, and have octanol : water partitioning coefficients
of 1.98 and 2.02, respectively [36]. Both are listed as US EPA
priority pollutants [56]. 2,4-DNT is often detected in surface
soils of live-fire military training ranges [57, 58].

2.2.5. Perchlorate. Perchlorate (ClO4
−) (Figure 1) is a highly

oxidized (+7) chlorine oxyanion which, when reacted with
NH4

+, K+ and Na+, serves as an oxidizer in solid propellants
for rockets, missiles, explosives, and pyrotechnics [59–62].
Composite propellants, used in many rocket motors, typi-
cally consist of an organic fuel (such as ammonium picrate)
combined with an inorganic oxidizer (commonly perchlo-
rate, powdered aluminum, or barium nitrate) and an
organic-binding agent [49, 50]. In a 2001 DOD survey
of weapons systems containing perchlorate, 259 different
munitions and related items such as fuses, flares, illumina-
tion rounds, simulators, and grenades, as well as 41 missile
systems were listed [63].

Most perchlorate salts are highly soluble in water [43];
sodium perchlorate has a solubility of about 2 kg/L [64]. The
periodic replacement and use of solid propellant have result-
ed in the discharge of more than 15.9 million kg of per-
chlorate salts into the environment [62, 64].

3. Soil Contamination Episodes

Substantial data is available regarding concentrations of
energetic materials at sites adversely affected by manufac-
turing operations [19, 87–91]. Additionally, in recent years
detailed information regarding military activities and levels
of energetics residues at firing ranges has become available
[2–4, 68, 92] (Figure 2, Table 3).

3.1. Contamination from Manufacturing Operations. Sources
of soil contamination include explosives machining, casting
and curing, improper storage practices, and improper dis-
posal of contaminated wastewaters [23, 93]. The Pantex
Plant (TX) was used during World War II by the US Army
for loading conventional ammunition shells and bombs.
Current operations include development, testing, and fab-
rication of high explosive components [90, 94]. The plant’s
solid waste management unit is contaminated with TNT,
RDX, and HMX. Concentrations are highest at 10 m depth
and continue downward in places to 85 m. Plumes contain-
ing explosives have been detected offsite with the potential
for leaching into the Ogallala aquifer, the region’s primary
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Figure 2: Possible fates of explosives. (Adapted from [33, 86]).

source of drinking water [33]. The site was placed on the
National Priorities List (NPL) in 1994 [87].

For decades the US military had used unlined evapo-
ration/percolation lagoons for disposal of wastewaters from
manufacturing, demilitarization, and load, assemble, and
pack (LAP) operations. Many explosives have subsequently
accumulated at the surfaces of lagoons, sometimes at con-
centrations in the percent range [28, 94]. These areas are a
significant concern relative to long-term soil and groundwa-
ter contamination as well as for the potential for accidental
detonation [18].

Outfalls from explosives manufacturing at Los Alamos
National Laboratory (NM) discharged TNT-, RDX-, and
HMX-contaminated waters onto a mesa from 1944 to 1996.
Newman et al. [95] detected residues released through burial
or dispersion of solid-phase explosives near the Los Alamos
site. The majority, however, was released through wastewater
discharges in surface runoff or into unlined ponds. Explo-
sives concentrations in surface soils ranged to more than 20%
w/w, and concentrations in surface waters measured up to
800 μg/L [95, 96].

From the 1940s through 1977 more than four billion
pounds of explosives, primarily TNT and tetryl, were man-
ufactured in the MFG Area at the Joliet Army Ammunition
Plant (IL) [88]. The MFG Area contains 139,500 yd3 of soil
contaminated with explosives, primarily TNT, tetryl, and
DNT. An additional 13,500 yd3 of soil are enriched with
metals, primarily Pb, and 15,700 yd3 contain both explosives
and metals. A number of groundwater plumes contaminated
with explosives, volatile organic compounds, and/or metals
have been identified.

In the Joliet Plant LAP Area 12,400 yd3 of soil are contam-
inated with TNT, RDX, and HMX, and 17,500 yd3contain
both metals and explosives. In addition, several areas contain

unexploded ordnance (UXO). Four separate groundwater
plumes contaminated with explosives have been detected
[88].

Explosives processing, handling, and storage took place
at the Savanna Army Depot (IL) until its closure in 1995.
Soils are affected by TNT and RDX as well as metals, pesti-
cides, and polycyclic aromatic hydrocarbons. TNT and RDX,
solvents, and petroleum-related contaminants were detected
in groundwater [97].

An estimated 100,000 tons of TNT were produced at the
former ammunition site WerkTanne in Germany. During
manufacturing operations over five million m3 of toxic
wastewater were generated. Environmental damage was
exacerbated by the destruction of the facility during Allied
bombing raids in 1944. This site remains highly polluted
today with explosives and their metabolites as well as with
polycyclic aromatic hydrocarbons and heavy metals [98].

At the former Explosives Factory Maribyrnong, Victoria,
Australia, a 5.5 ton crystalline TNT zone was delineated on a
former waste lagoon. A near-pure TNT layer with an average
thickness of 3 cm was located 10–15 cm below the surface.
The TNT contaminant profile in the vadose zone was a
result of leaching, recrystallization, sorption, transformation
reactions, precipitation of TNT at the water table interface,
and aqueous transport [28].

Large-scale disposal of ammonium perchlorate salts from
manufacturing operations has resulted in contamination of
both groundwater and surface water, particularly in the west-
ern United States. Perchlorate has been detected in water
supplies of 15 million homes in California, Nevada, and
Arizona [99]. It is also known to contaminate the Colorado
River, a major source of irrigation water in the southwestern
US, which could potentially result in perchlorate uptake by
crops [100, 101].
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3.2. Contamination from Military Activities

3.2.1. UXOs and Low-Order Detonations. A fired munition
will experience one of several possible fates. Generally, it will
detonate as intended (a “high-order detonation”). However,
it may experience a low-order detonation or not explode at
all (i.e., a dud). Unexploded ordnance (UXO) refers to explo-
sive, propellant, or chemical-containing munitions that had
been armed and fired, yet did not explode due to malfunction
[102].

(1) Asia, the Middle East, Africa, and Europe. In 2002 The
Viet Nam Ministry of Defense estimated UXO- and land-
mine-affected land to comprise “approximately 7-8% of
the country.” Between 15 and 20% of UXO and mines
from the war are believed to remain [103]. Official sources
estimate from 350,000–800,000 tons of war-era ordnance in
the soil [104]. The Ministry of Defense states that “three
million [antipersonnel] landmines remain in Vietnam’s
soil” [105]. All provinces are affected as well as major cities.
Despite extensive clearance operations in the 1990s, land-
mines remain a serious problem on the Chinese and Cam-
bodian borders. Many UXOs occur on the Laotian border.
Minefields remain from the 1954 Dien Bien Phu campaign
against the French, continuing through border conflicts with
China and the Khmer Rouge in the 1970s [106].

Approximately 85% of all landmines contain TNT [107].
Although military grade TNT generally contains about
99% of 2,4,6-trinitrotoluene, other components occur,
including 2,4-DNT, 2,6-DNT, 1,3-dinitrobenzene, and
1,3,5-trinitrobenzene.

More than 580,000 bombing missions were conducted
over Laos between 1964 and 1973, with more than 2 mil-
lion tons of ordnance dropped. This includes more than 270
million cluster submunitions, which are the most common
form of UXO remaining. It is estimated that up to 30% failed
to detonate [108]. In Cambodia millions of mortar bombs,
rocket-propelled and rifle grenades, artillery shells, cluster
bomb submunitions, aircraft bombs, and antipersonnel and
antitank mines litter two areas of the country. Only a small
percentage of land has been cleared of UXO and mines [109].
Over 60,000 UXO and mine casualties have been recorded
since 1979 [110].

A total of 1,215 sites contaminated by UXOs have been
identified in Australia, with the majority in West Australia
(334 sites), New South Wales (292), and Queensland (269)
[111]. All affected sites comprise military training ranges.

Somaliland, Puntland, and Central and Southern Zone
(CSZ) contain hundreds of thousands of UXO including
grenades, artillery shells, rocket-propelled grenades and
mortars. The UXO is amassed at former camps, scattered in
the aftermath of attacks on depots, and deposited during
battles [112].

Iraq is one of the most energetics-contaminated coun-
tries in the world. Affected sites cover an estimated 1,730 km2

and affect 1.6 million people. Contamination includes 20
million mines, numerous UXO sites, and many abandoned
munitions sites. Over 50 million cluster bomblets were
dropped on Iraqi soil. Landmines are concentrated in Iraqi

Kurdistan, within the major oil infrastructure, and in areas
bordering Iran, while UXOs impair areas in the southern and
central governorates [113].

It is estimated that southern Lebanon was littered with
one million undetonated cluster bombs dropped by Israeli
Defense Forces in the last days of the 2006 Israel-Lebanon
war [114, 115]. The Palestinian Occupied Territories are
plagued by both UXO and landmines [116]. In 2002 UNICEF
concluded that most minefields dating from the 1967 Middle
East war were not marked. Israeli military training zones are
not fenced, and UXOs are not collected following training
exercises. In addition, in most areas of confrontation, Israeli
and Palestinian UXOs and improvised explosive devices
remain in the ground [117].

During the war between Armenian forces and Azer-
baijan (1988–1994), battle lines frequently shifted, leaving
Nagorno-Karabakh contaminated with UXO and landmines.
The NKR Ministry of Agriculture estimated that 37 mil-
lion m2 of arable land and 35 million m2 of pasture are
affected, and 80,000 m2 of vineyards are unusable [118].

Russian officials have admitted to large-scale use of
mines in Chechnya [119]. During 1999-2000 Russian forces
deployed antipersonnel mines from airplanes, helicopters,
and rockets [120, 121]. In 2002 it was estimated that Russia
had planted approximately three million mines during the
Second Chechen War [122]. Throughout 2002 and 2003
Chechen rebels used landmines on an almost daily basis
against both Russian and civilian targets. A true assessment
of the locations and quantities of mines is difficult given that
battle lines constantly changed combined with factors such as
natural flooding, limited clearance activities, scavenging and
reuse, and ongoing fighting [123].

(2) The United States and Canada. Most UXO occurring in
the US and Canada is the result of weapons testing and troop
training activities. Land affected by UXO includes active
military sites, land transferred to private ownership such as
Formerly Used Defence Sites, and land no longer used for
military purposes but still under US Government ownership,
such as Base Realignment and Closure sites [124].

Originally 2300 sites in the US and overseas US facilities
were identified as possible UXO sites. Subsequent investi-
gations have narrowed this number to 1400 sites. The total
affected land area comprises some 10 million acres [125].
Some munitions use dates back to the US Civil War and
World War I [69, 125]. Estimates for remediation of this
acreage have ranged from tens of billions of dollars to more
than $100 billion [124].

Numerous live-fire and demolition ranges have been
studied at US and Canadian military bases for contamination
by energetics [2, 3, 18, 27, 39, 65–68, 71, 73, 74, 92, 126, 127].
Affected sites include antitank rocket, hand grenade, rifle
grenade, demolition, tank firing, mortar, artillery, C-130
gunship, and bombing ranges. Training is conducted with a
range of munitions containing a suite of energetic mixtures.

The primary source of explosive and propellant con-
tamination at live-fire ranges is residues from detonation of
military munitions including projectiles (e.g., mortar and
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artillery rounds), grenades, landmines, aerial bombs, and
missiles, as well as ordnance demolition charges. Energetic
residues at firing points tend to be composed of propellant
formulations, and those at impact areas are high explosives
in warheads [3, 18, 128].

Firing points and targets at live-fire ranges are widely
spaced; therefore, much of the land is uncontaminated by
residues of energetic compounds. A high degree of spatial
heterogeneity of residues has been detected [2, 3, 92, 129–
132]. Distribution on impact ranges (e.g., from antitank and
artillery firing and bomb drops) has been described as ran-
domly distributed point sources [18, 133]. Explosives con-
centrations spanning five orders of magnitude have been
reported in samples located within 3 m of each other [18,
134].

Most detonations during live-fire testing and training are
high-order (i.e., the round performs as designed). When high
order detonations of artillery rounds, mortars, and hand
grenades occur, most of the explosive is consumed and only a
relatively small percentage (10−3 to 10−6 percent) of the ini-
tial mass is deposited [2, 3, 133–135]. Therefore, high-order
detonations do not contribute significantly to the overall
residues at firing ranges. As a result of low-order detonations
during live-fire training large chunks, fibers, slivers, and
soil-size particles (<2 mm) of the original formulations are
dispersed over the soil surface [135, 136]. The incidence of
low-order explosions varies among weapon systems.

Taylor et al. [136] estimated that as much as 2% of a
TNT-filled 155 mm round remained on the soil surface after
a high-order detonation, which is equivalent to 140 g of
explosive residues per round. If the round undergoes a low-
order detonation, up to 3 kg of TNT would be deposited.
Pennington et al. [18] noted a trend of increasing residue
mass with decreasing energy of detonation.

At Fort Greely, AK, soil was sampled near a 2.75 inch
rocket from a low-order detonation. Concentrations of TNT,
RDX and HMX were 130, 340 and 40 mg/kg, respectively
[68]. At Fort Bliss (NM), soil near a low-order 155 mm round
contained 2520 mg/kg TNT [78]. TNT concentrations were
143,000 mg/kg near a low-order 4.2 inch mortar [133]. Dur-
ing environmental investigations at 23 military firing ranges
in the US and Canada, concentrations of TNT and RDX from
Composition B were often hundreds or thousands of mg/kg
in soils next to low-order detonations [18]. The bulk charge
in US and Canadian army fragmentary munitions is either
TNT or Composition B. The formula for Composition B is
a 60% : 39% ratio of RDX and TNT, containing ∼1% wax
as a binder. However, all weapons-grade RDX contains 8
to 10% HMX as an impurity. Therefore, the formula for
Composition B is closer to 55.2% RDX, 39% TNT, 4.8%
HMX, and 1% wax [137].

The most extensively studied US training area is probably
Camp Edwards, Massachusetts Military Reservation (MMR),
where military activities have taken place since 1938. Nearly
9,500 soil samples and 5,500 groundwater samples have
been collected and analyzed for contamination by energetic
compounds [8, 18, 138–143]. The energetics most frequently
detected include, in order of decreasing frequency, perchlo-
rate, RDX, HMX, the amino transformation products of

TNT, and 2,4-DNT. The MMR occurs on highly permeable
soils and experiences abundant rainfall. These conditions
create a “worst case” for contamination of groundwater by
munitions constituents leaching from surface soils [18]. Pri-
mary sources of groundwater contamination were low-order
detonation residues in the impact areas around targets and
UXO [27].

3.2.2. Residues as a Function of Weapon System. The types
and concentrations of energetic compounds present in soil
are a function of the type of weapon systems used.

Antitank Ranges. The munitions most commonly fired at
anti-tank rocket ranges are 66 mm M72 Light Antitank
Weapons (also known as Light Anti-Armor Weapon or LAW
rockets) and 84 mm AT-4 rockets. The primary charge in
LAW rockets is octol, which is composed of HMX and TNT
in a 60 : 40 ratio. The double-base M72 propellant contains
55% NC, 35% NG, 8% potassium perchlorate, 0.8% ethyl
centralite, and 1.2% carbon black [27, 128]. The propellant
for the AT-4 is also double base (NC/NG), but the formula-
tion is proprietary [2].

LAW rockets sometimes rupture upon impact without
detonating; this is the major source of explosives residues
at impact areas of anti-tank ranges [3]. The primary residue
detected is HMX with concentrations near targets generally
in the hundreds of mg/kg. TNT, RDX, 4-ADNT, and 2-
ADNT are often detectable as well, but concentrations are
several orders of magnitude lower.

High concentrations of HMX were associated with rup-
tured LAW rockets at Canadian Force Base (CFB) Valcartier
(QC), Western Area Training Center (WATC) Wainwright
(BC), CFB Gagetown (NB), and CFB Petawawa (ON), and at
US ranges Fort Ord (CA) and Yakima Training Center (WA)
[18, 67, 83, 144]. Concentrations of HMX near tank targets
were as high as 1,640 mg/kg in surface soils at CFB Valcartier
[67, 83] and 587 mg/kg at Fort Ord [71]. Soil concentrations
of TNT occurred at levels of about 0.01 that of HMX at both
sites.

Thiboutot et al. [67] studied soil contamination at anti-
tank ranges at WATC Wainwright and Canadian Force
Ammunition Depot Dundurn. Relatively high levels of HMX
were detected in surface soils (up to 3,700 mg/kg at Wain-
wright), and much lower concentrations of TNT were found.
In soil collected near a ruptured M72 rocket at Yakima
Training Center (WA), concentrations of HMX, TNT, and
RDX at the 0–0.5 cm depth measured 10,400, 358, and
46 mg/kg, respectively. Concentrations declined to 49, 1.7,
and 1.5 mg/kg at 6–10 cm depth [3, 78]. At CFB Petawawa
HMX and RDX (up to 17 ug/L) were detected in groundwa-
ter at impact areas [8].

Nitroglycerin residues are common at the firing points
of anti-tank rocket ranges due to the use of double-based
propellant in M72 rockets. Residues have been deposited at
distances up to 100 m in front of the muzzle [3]. The major
deposition of residue, however, is behind the firing line due
to back blast. Studies conducted at anti-tank rocket firing
points at Yakima Training Center [18, 78], Fort Bliss (TX)
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[77], CFB Gagetown [65, 66], CFB Valcartier [131], and CFB
Petawawa [145] indicate highest NG concentrations behind
the firing line due to back blast of shoulder-fired rockets.
Concentrations at the low percent level are sometimes found
in soil up to 25 m behind the firing line. Nitroglycerin is
also found between the firing line and the target, but the
concentrations are generally several orders of magnitude
lower [128].

At firing points at US and Canadian sites, Pennington
et al. [3] found NG to be the primary residue, with soil
concentrations in the hundreds or thousands of mg/kg at
depths from 0 to 25 m. In Fort Lewis (WA), NG concentra-
tions in samples 15–25 m, 25–35 m, 35–45 m, and 45–55 m
behind the firing line were 175, 82.4, 13.0, and 3.36 mg/kg,
respectively. At a second firing area the mean concentration
5–15 m behind the firing line was 936 mg/kg, and 206 mg/kg
for the 15–25 m zone [2]. Nitroglycerin concentrations 5–
15 m and 15–25 m behind the firing line at CFB Valcartier
were 788 mg/kg and 339 mg/kg, respectively [131]. At CFB
Petawawa 2400 mg/kg was detected 0–10 m behind the firing
line, and from 10–20 m behind the line it was 380 mg/kg. At
a second anti-tank rocket range which had been closed for
30 years, the mean NG concentration in surface soil was
250 mg/kg [145].

At the Gagetown Training Area HMX predominated at
the target, while NG was detected at high levels near the
firing line. The order of energetic residue concentrations was
HMX > NG > TNT > RDX > 2-ADNT and 4-ADNT [65].
Nitroglycerin concentrations were as high as 6560 mg/kg at a
distance of 2 m behind the firing line [65] and were detected
to a depth of 60 cm. At the front of the firing point at CFB
Gagetown Pennington et al. [3] measured the majority of
NG in the top 11 cm (range of 6.5–11 mg/kg). Below 11 cm
concentrations were typically <1 mg/kg. HMX, TNT, and NG
were detected in high concentrations in ponds located in the
target area of the range [18, 74].

2,4-DNT has been detected near firing positions at Fort
Richardson (AK) and Aberdeen Proving Ground (MD) [146,
147]. At the Arnhem anti-tank range (Quebec, Canada),
highest perchlorate concentrations were detected in surface
soils just behind the firing line. Perchlorate was detected in
all analyzed groundwater samples [27].

Artillery Ranges. The major munition systems fired into
artillery ranges include 155 mm howitzers, 105 mm how-
itzers, 120 mm main tank guns, 81 mm mortars, 60 mm mor-
tars, and 120 mm mortars. The explosives used in artillery
and mortar warheads are generally either TNT or Composi-
tion B, although some older rounds contained tetryl. Bombs
dropped in some ranges contain TNT or tritonal (TNT
and aluminum), and 40 mm grenades contain Composition
A5 (RDX). Munitions are delivered using single-, double-,
and triple-based gun propellants, and rocket and missile
propellants [3].

Results of soil analyses from several locations indicate
that very low concentrations of explosives residues are
widespread at artillery testing and training ranges. In addi-
tion, the distribution of energetics residues is spatially very
heterogeneous [83].

On artillery ranges at Camp Guernsey (WY), Fort Bliss
(NM), Fort Hood (TX), Fort Polk (LA), and Fort Greely
(AK), TNT, RDX, and HMX concentrations near targets
ranged from nondetectable to <1 mg/kg except for low-order
detonations, where concentrations were three or four orders
of magnitude greater [3, 68, 131, 148]. At artillery and
mortar impact areas at Fort Lewis (WA), concentrations of
residues associated with high-order detonations were typi-
cally <1 μg/kg [83]. RDX was detected at <100 μg/kg. Anal-
ysis of water samples obtained from monitoring wells and
seeps that border the artillery range indicated a low level
(<1 μg/L) of RDX contamination. In soil collected near a
155 mm round that had undergone a low-order detonation
the TNT concentration was 1.5%. Concentrations were also
high in soils collected at 5 and 10 cm depths [83]. At a 105
mm howitzer firing point at the Fort Lewis artillery range
2,4-DNT was detected at concentrations as high as 237 mg/kg
in surface soil [83]. Pennington et al. [3] found that
a portion of energetics residues occurred as unburned or
partially burned propellant fibers of lengths ranging from
0.4 to 7.5 mm. The unburned fibers contained much higher
concentrations of 2,4-DNT than did partially burned ones.

At gun and mortar firing points at Camp Edwards, MMR,
Clausen et al. [138] detected 2,4-DNT in soil, mostly in
the surface to 1 ft depth. Also, 2,6-DNT, diethyl phthalate,
n-nitrosodiphenylamine, and di-n-butyl phthalate were
identified.

Bomb Drops. Air Force ranges have historically measured
hundreds of km2 in size, but current training areas are much
smaller, generally only tens of hectares. The explosives in US
and Canadian Air Force bombs are usually either tritonal
(TNT, aluminum powder) or H-6 (TNT, RDX, aluminum
powder). Large-mass high explosive detonations are very
efficient, dispersing only microgram to milligram quantities
of residue when they detonate high order [135]. As with
other ordnance, low-order detonations are the major source
of residues from bombs [3].

The Cold Lake Air Weapons Range [55, 149] has been in
use for air-to-ground bomb drops for over 40 years. Soil TNT
concentrations at a target ranged from 3 to 408 mg/kg, with a
mean value of 86 mg/kg over a 50 m radius. Mean concentra-
tions of RDX, HMX, 4-ADNT, 2-ADNT, 2,4-DNT, and trini-
trobenzene were 0.27, 0.21, 0.71, 1.2, 0.20, and 0.13 mg/kg,
respectively [3]. The main sources of RDX and TNT were
low-order detonations and UXO. RDX was the most mobile
and persistent contaminant in groundwater, whereas TNT
concentrations were higher but degraded more rapidly.

TNT was detected at the highest concentrations in sur-
face and shallow subsurface soil at an impact range at Hol-
loman AFB (NM). RDX was generally below detection limits
although trace levels were sometimes detected due to use of
C4 to destroy UXO during range maintenance. No evidence
of offsite migration of residues was found with depth or in
samples collected along an arroyo that drains the impact
range [18].

At the Donnelly Training Area (AK) [3, 68] residues
included TNT (<1–314 mg/kg), RDX (up to 1.4 mg/kg),
HMX (<1 mg/kg), 2,4-DNT (<1 mg/kg), and NG



Applied and Environmental Soil Science 15

(<1 mg/kg). Only four samples had TNT concentrations
>1 mg/kg. One sample collected near a 500 lb bomb partial
detonation had a TNT concentration of 17,300 mg/kg
[3, 18].

Hand Grenades. The majority of training at US hand gre-
nade ranges is with M67 fragmentation grenades, in which
the explosive charge is 185 g of Composition B. In Canada,
training is generally with C-13 fragmentation grenades; how-
ever, they have the same specifications as the M67 [3]. The
primary energetic residues on grenade ranges are RDX and
TNT from Composition B [128, 132].

Variability in soil concentrations of energetics may be
substantial at grenade ranges. At Fort Lewis (WA) and Fort
Richardson (AK), concentrations of explosives-related com-
pounds differed by over two orders of magnitude for samples
collected less than 1 m apart [83].

On grenade ranges at 23 military installations in the US
and Canada, RDX concentrations ranged from <1 mg/kg to
about 50 mg/kg [3]. HMX concentrations ranged from
<1 mg/kg to 9.1 mg/kg. In several instances, chunks of the
explosive fill were observed near grenade casings, and their
inside surfaces were coated with explosive material.

Jenkins et al. [83] sampled grenade impact areas at Fort
Lewis (WA) and Fort Richardson (AK). An estimated 6,000
to 7,000 grenades are thrown on the Fort Lewis range each
year. RDX was detected in all 96 samples collected at the
ranges, from both surface and shallow subsurface (depths as
great as 30 cm at Fort Lewis and 45 cm at Fort Richardson).
Median and maximum concentrations of RDX in surface
soils were 1.6 and 51.2 mg/kg at Fort Lewis and <1 and
0.5 mg/kg at Fort Richardson. Pennington et al. [78] detected
TNT and HMX in most soils from grenade ranges, with
maximum concentrations of 40.6 and 5.2 mg/kg, respec-
tively. At CFB Petawawa RDX, HMX, and TNT were detected
in relatively low concentrations (<5 mg/kg) [18]. Highest
concentrations were typically measured in the top few cm of
soil. Mean concentrations were 10.8 and 12.5 times greater
in surface soils than at the 10 cm depth for RDX and HMX,
respectively, and about 49 times greater for TNT in the
surface relative to the 10 cm depth [3].

3.3. Demolition and Disposal. Demolition ranges at military
installations are used to destroy munitions that are consid-
ered safe to move. Demolition ranges generally measure a
few hectares in size [3]. Substantial residues may be dispersed
during demolition events, particularly if they result in low-
order detonations or if the C4 does not detonate completely
[74]. Some open burning/open detonation (OB/OD) areas
have generated kickout, that is, UXO which is propelled from
burn pits when other munitions explode. As a result, some
OB/OD areas generate higher concentrations of energetic
compounds than those found in impact areas. OB/OD areas
pose an additional concern since many have been used
to dispose of industrial wastes such as paints, solvents,
lubricants, and fuels. They may therefore contain a much
wider array of hazardous chemicals than ranges where only
munitions have burned [151].

RDX is the most common energetic compound at dem-
olition ranges, as it is the major component of C4 demolition
explosive. Nitroglycerin and 2,4-DNT are also frequently
detected from disposal of excess propellant [2].

RDX and HMX, probably from C4, were detected at a
demolition range at Camp Edwards (MMR). At CFB Pet-
awawa a demolition range was contaminated with a suite of
explosives and propellants, primarily RDX and HMX [18].
At Elgin AFB (FL) mean concentrations of RDX and HMX in
surface soil samples were 8.84 and 0.54 mg/kg, respectively.
At Holloman AFB (NM) mean concentrations of RDX and
HMX within a 25 m radius around a demolition crater were
11.4 and 1.84 mg/kg, respectively [3]. At a site of blow-in
place of 155 mm projectiles at Fort Richardson (AK), average
recovered residual mass was 14 mg for RDX and 0.84 mg for
HMX. No TNT was detected [18, 74]. Soil from the Louisiana
Army Ammunition Plant was contaminated with 10,000,
1,900, and 900 mg/kg of TNT, RDX, and HMX, respectively
[89]. These levels resulted after incineration of explosives-
contaminated soils and sludges. In studies by Jenkins et al.
[2], about 1.7% of the original NG in a propellant formula-
tion remained after unconfined burning.

4. Environmental Fate of Energetic Materials

Following entry into the terrestrial environment both abiotic
and biotic processes govern the fate of energetic compounds
[36, 37]. The rate and extent of transport and transformation
are influenced by the physicochemical properties of the
compounds (e.g., solubility, vapor pressure, Henry’s law
constant), environmental factors (weather conditions, soil
properties, pH, redox status), and biological factors (popu-
lations of energetics-degrading microorganisms). Processes
that influence the environmental fate of explosive com-
pounds may be divided into (1) influences on transport
(dissolution, volatilization, adsorption) and (2) influences
on transformation (photolysis, hydrolysis, reduction, and
biological degradation) [33]. Figure 3 illustrates the major
fate and transport pathways for energetic materials.

4.1. Dissolution. Energetic residues often occur on the soil
surface as solid particles and chunks resulting from low-
order detonation or as partially fragmented UXO. Dissolu-
tion in water is the primary mechanism for their transport
and dispersion in the biosphere [3, 33]. Once in solution, a
key factor affecting fate and transport is advection [86].

Numerous studies have addressed the dissolution mech-
anisms of energetic compounds in soil; many, however, have
addressed dissolution of individual explosives and propellant
formulations [152–157]. Results may have limited applica-
bility for dissolution of residues on soils at impact zones or
firing ranges because explosives and propellants are typically
formulated with binders, waxes, stabilizers, and other com-
pounds during manufacture. Binders and waxes decrease dis-
solution rates of individual explosive compounds [158–160].
Dissolution may therefore proceed more slowly than pre-
dicted on the basis of solubility of the pure compound [18].

Due to the relatively low aqueous solubility of TNT
(130 mg/L), RDX (42 mg/L), and HMX (5 mg/L) (Table 2),
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Figure 3: Suggested fates of energetic compounds in the environment [33, 36, 150].

dissolution of solid particles results in continuous release to
the local environment over extended periods [33, 160]. In
studies performed by Lynch [161] and Lynch et al. [160]
using aqueous systems, rate of dissolution followed the
order TNT > HMX > RDX. Dissolution rates at 10◦C were
approximately 0.0087, 0.0063, and 0.0013 mg/min/cm2 for
TNT, HMX, and RDX, respectively [36], and rates doubled
with every 10◦C increase in temperature from 3 to 33◦C
[161, 162]. Rates increased as surface area and mixing rate
increased [3, 160, 162–165] and were independent of pH
(range 4.2–6.2) [162].

Because the aqueous solubility of HMX is low it tends
to accumulate on the surface while TNT dissolves. Dissolved
HMX does not strongly interact with soils and can migrate
through the vadose zone to groundwater. At the Fort
Ord (CA) anti-tank rocket range HMX was detectable at
concentrations generally <1 mg/kg at depths of 120 cm
whereas TNT, RDX, and amino transformation products of
TNT were not detected below 15 cm [71].

At Fort Greely (AK), Fort Bliss (TX), Fort Lewis (WA),
Camp Guernsey (WY), Fort Carson (CO) and elsewhere,
HMX and RDX penetrated deeper into the soil profile than
did TNT [3]. This is consistent with the lower soil/water
partition coefficients for HMX and RDX relative to TNT and
the susceptibility of TNT to attenuation reactions with soil
components (see below) [166–168]. RDX and HMX have
been found in groundwater below several training ranges,
but TNT has not.

The behavior of 2,4-DNT and 2,6-DNT in soils has been
evaluated [148, 158, 169]. Dontsova et al. [158] studied the
dissolution of 2,4-DNT and 2,6-DNT from propellant for-
mulation M1 (87.6% nitrocellulose, 7.3% 2,4-DNT, 0.57%
2,6-DNT, 1.06% diphenylamine, 3.48% dibutyl phthalate)

and their subsequent transport in soil. In propellant formu-
lations 2,4-DNT is impregnated within an insoluble nitrocel-
lulose matrix. M1 dissolution was limited by DNT diffusion
from the interior of the pellet, resulting in an exponential
decrease in dissolution rate with time. Dissolution rate was
higher for 2,4-DNT than for 2,6-DNT.

At US and Canadian artillery ranges the concentration of
2,4-DNT declined from 9.6 mg/kg in the surface 0–3 cm to
0.56 mg/kg at 10–20 cm depth [3].

NG is rather mobile in soil in part due to its high
solubility (1,250 to 1,950 mg/L) (Table 2); however, NG and
DNT introduced to soil during military training at small
arms ranges did not leach from site soil [170]. The degree to
which NG is available for release is a function of the degree
of deterioration of the nitrocellulose (NC) encapsulation in
the propellant mix [170, 171].

As a consequence of its relatively high solubility and neg-
ligible partitioning to soil, perchlorate is not expected to
persist in soil for any significant length of time. Once in
contact with moisture, solid particulate perchlorate rapidly
dissolves and is transported [18].

4.2. Volatilization. At ambient temperatures (approximately
0◦–40◦C) most energetic compounds exist as crystalline
solids with vapor pressures ranging from 10−8 to 10−17 atm
(Table 2) [36, 37]. Therefore, sublimation (i.e., direct trans-
formation from solid to vapor phase) is insignificant.
Likewise, few energetic compounds volatilize from the
aqueous phase. Compounds with Henry’s law constant
(KH) values >10−5 atm-m3/mol may volatilize from aqueous
solutions. With KH values of 10−7 to 10−15 atm-m3/mol,
TNT, RDX, HMX, NG, 2,4-DNT, and 2,6-DNT do not
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readily volatilize in the aqueous phase [36, 37]. Volatilization
of energetic compounds is therefore a negligible contribution
to the biosphere.

4.3. Adsorption. Adsorption refers to a process by which a
dissolved chemical (solute) accumulates at the surface of a
particle (sorbent). In the current context, surfaces include
those of humic substances, metal oxides and hydroxides, and
microorganisms. Sorption reactions may include hydropho-
bic partitioning, hydrogen bonding, ion exchange, and
chemisorption [33, 36, 172, 173]. The extent of partitioning
between solute and sorbent is a function of their physic-
ochemical properties as well as environmental conditions
[33, 36].

TNT is reversibly sorbed by soil [167, 173]; hydrogen
bonding and ion exchange have been suggested as sorption
mechanisms between the nitro functional groups and soil
colloids [26, 173–175]. Xue et al. [176] determined that
soil/water partitioning coefficients (Kd) for TNT in surface
soils ranged from 2.7 to 3.7 L/kg. Pennington and Patrick
[173] determined Kd values to range from 2.3 to 11 L/kg. In
aquifer materials, Pennington et al. [177] measured Kd
values of 0.04–0.27 L/kg.

In general, RDX is sorbed less than TNT by soils [150,
167]. Although RDX sorption is minimal, the process is
nearly irreversible [174]. Sorption has been described by
linear isotherms [167, 178–180]. Values of Kd for RDX have
ranged from 0.21 to 0.33 L/kg [177], 0.12 to 2.37 L/kg [180],
and 0.06 to 7.3 L/kg.

Sorption data for HMX is somewhat varied; however,
most authors agree that HMX is less sorbed and more
mobile than TNT [181]. Values of Kd for HMX have ranged
from 0–1.6 L/kg (surface soils) [178], 0.09–0.37 L/kg (aquifer
material) [177], and 0.12–17.7 L/kg (surface soils) [182]. In
general, however, HMX adsorption coefficients are <1 L/kg
in aquifer materials and within the range of 1 to 18 L/kg in
surface soils [37].

The number of functional groups on nitroaromatic com-
pounds like TNT influences their sorption capacity [33].
Sheremata et al. [183] determined that Kd values increased
with an increase in the number of amino groups; that is,
sorption of the TNT decomposition product 2,4-diamino-
6-nitrotoluene (2,4-DANT) was greater than that for 4-
amino-2,6-dinitrotoluene (4-ADNT) (another decomposi-
tion product) which was greater than that for TNT [183].

Clay minerals impart a significant effect on sorption
of energetic compounds. Adsorption of TNT onto clays
increased in the order montmorillonite > kaolinite [167]. In
a montmorillonite clay the Kd value for TNT was determined
to be 413 L/kg [184]. Cattaneo et al. [185] determined Kd
values of 156 and 1.0 L/kg for montmorillonite and kaolinite,
respectively. Sorption is additionally influenced by the types
and amounts of exchangeable cations on the clay surface
[167, 186, 187]. Haderlein et al. [167] determined adsorption
constants up to 21,500 L/kg when K+ or NH4

+ were the prin-
cipal cations compared to 1.7 L/kg when Al3+, Ca2+, Mg2+, or
Na+ was dominant. Brannon et al. [174] demonstrated that
saturation of cation exchange sites of aquifer solids with K+

and NH4
+ resulted in a 9,780% increase in TNT sorption.

In freshwater environments dominated by Ca2+, sorption of
TNT to soil may thus be lower than that observed in a saline
environment dominated by K+ and Na+. The type of soil
or aquifer material and the ionic strength and composition
of the water are therefore critical variables in predicting
adsorption [37].

Haderlein et al. [167] determined the Kd for 2,4-
DNT reacted with kaolinite, illite, and montmorillonite to
be 690, 3,650, and 740 L/kg, respectively. In contrast, Kd
values for 2,6-DNT were much lower, with values of 10,
52, and 125 L/kg for kaolinite, illite, and montmorillonite,
respectively. In adsorption experiments using soils from
Camp Edwards (MMR) the average Kd value for 2,4-DNT
was 3.3 L/kg [169].

Jenkins et al. [2] found that NG and NQ were retained
only slightly in low organic carbon soils. In studies by Bran-
non et al. [188] NQ partition coefficients were very low,
ranging from 0.15 to 0.43 L/Kg. Haag et al. [189] reported
a value of <0.1 L/Kg. In soil at small-arms ranges Kd values
for 2,4-DNT, 2,6-DNT, and NG ranged from 0.1 to 21.3,
0 to 18.2, and 0 to 7.3 L/kg, respectively [190]. Mean Kd
values were 3.2, 2.6, and 0.9 L/kg, respectively. Soil properties
(e.g., organic carbon content, cation exchange capacity, clay
content) imparted a significant effect on Kd. Desorption
experiments revealed that a portion of these propellants were
irreversibly bound [170]. The lower adsorption coefficient
of 2,6-DNT compared to 2,4-DNT in clays is attributed to
the steric hindrance of the NO3 group in the ortho position
[158].

Sorption of perchlorate to soil is affected by pH and
ionic strength. Sorption is negligible in sandy soil under most
conditions, including near-neutral pH [63]. Perchlorate has
been observed to adsorb slightly to variable charge soils in
low pH environments, however [191].

The organic carbon fraction in soil plays a significant
role in sorption of energetic compounds. Yamamoto et al.
[169] determined that Kd values for TNT, RDX, and 2,4-
DNT were dependent on quantity of soil organic carbon.
TNT and 2,4-DNT were more strongly adsorbed compared
with RDX. In studies by Brannon and Pennington [37] and
Price et al. [181], significantly less RDX than TNT was
associated with soil organic matter. Monteil-Rivera et al.
[192] determined that soil organic carbon content did not
significantly affect HMX sorption. Kd coefficients for HMX
were 2.5 and 0.7 L kg−1 for soil containing 8.4% and 0.33%
total organic carbon, respectively.

Numerous investigations of the fate of energetic com-
pounds in soils and sediments have used weathered clays,
silts, and sands in column and incubation studies [168, 186,
189, 193]. The behavior of aged mineral surfaces differs
markedly from that of newly created surfaces generated by
fracturing from detonations, however, Douglas et al. [194]
found that fractured soil particles exhibited greater transfor-
mation rates for nitroaromatic and nitramine compounds
than did weathered soil particles. These results may be caused
either by enhanced adsorption to the fractured surfaces or by
accelerated transformation processes.
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4.4. Photolysis. Photolysis has been identified as one of the
major processes affecting the transformation of energetic
compounds in waste streams and surface water bodies [175].
Alteration of a molecule may occur as a consequence of direct
absorption of light energy as influenced by wavelength and
intensity or via transfer of energy from a photosensitized
compound (e.g., peroxide, humic compounds) [36, 195].
Photolytic transformation of energetic compounds in soils
presumably occurs only near the soil surface [36].

Phototransformation of TNT results in the formation of
nitrobenzenes, benzaldehydes, azoxydicarboxylic acids, and
nitrophenols as a result of the oxidation of methyl groups,
reduction of nitro groups and dimer formation [33, 175].
Burlinson et al. [196] identified 20 products of TNT pho-
tolysis from laboratory irradiation. About 45 to 50 percent
of the photodecomposition products of TNT were recovered
in solution with the remainder present as insoluble residues,
possibly oligomers of azo and azoxy compounds, which were
not identified [196].

TNT, alone and as a component of Composition B, gen-
erated photolysis products more readily than did RDX [18].
The rate of photolysis over a 16 h period of irradiation was
relatively rapid. Photolysis was faster when TNT was mixed
with soil. Results suggest that Composition B photolysis,
particularly the TNT component, generates an active mixture
of products occurring on solid surfaces before dissolution,
and increasing once in solution [18].

Leachate, groundwater, and surface water of former
ammunition sites in Germany were analyzed by Godejohann
et al. [197]. Several nitrobenzoic acids were identified;
2,4-dinitro-benzoic acid (2,4-DNBA) occurred at 160 μg/kg
and 2-amino-4,6-dinitro-benzoic acid (2-A-4,6-DNBA) at
86 μg/kg. 4-Amino-nitrobenzoic acid, 2-amino-nitrobenzoic
acid, and 2-amino-4-nitrobenzoic acid were detected in
drain water samples from a former ammunition plant by
Schmidt et al. [198]. Preiss et al. [199] identified several
methyl-, amino-, and hydroxynitrobenzoic acids in samples
obtained from former German ammunition sites. Hennecke
et al. [200] investigated the phototransformation processes of
explosives in natural water/sediment systems. System pH
and the presence of natural photosensitizers influenced TNT
photolysis rate. The major metabolites identified were
2-A-4,6-DNBA, 4-A-2,6-DNBA, 2,4,6-trinitrobenzoic acid,
1,3,5-trinitrobenzene, and 3,3,5,5-tetranitroazoxybenzene-
2,2-dicarboxylic acid.

Photolytic processes may transform RDX with the
formation of azoxy compounds, NH3, NO2

−, NO3
−, N2O,

formaldehyde, and n-nitroso-methylenediamine [195]. RDX
solution reacted in the presence of sunlight for 28 h until
the concentration was not distinguishable from background
[201]. After treatment, the solution was found not to be
toxic to Ceriodaphnia dubia. Additional products of RDX
photolysis included MNX, formate, formamide (CHO-NH2)
and urea (CO(NH2)2) [202, 203]. Different products may
form depending on wavelength of light; however, no mecha-
nisms have been proposed [204].

Photodegradation of DNTs is possible once dissolved in
water; however, this mechanism is limited in soils because,

similar to TNT [154, 205], dissolution rate is expected to be
slow [190].

4.5. Hydrolysis. Hydrolysis involves the reaction of a water
molecule with the functional group of an organic molecule
to form a new carbon-oxygen bond. Amine, amide, nitrile,
and carboxylic acid groups are susceptible to hydrolysis.
Nitroaromatic compounds, aromatic amines, aldehydes, and
benzenes are generally resistant [36].

Hydrolysis of nitroaromatics such as TNT and aromatic
amines occur at strongly elevated pH. Such pH levels typ-
ically do not occur in the natural environment; however,
alkaline hydrolysis has been investigated as a remediation
technology for explosives-contaminated soils [33, 36, 206,
207]. Hydrolysis of TNT was demonstrated when soil pH was
>10 [208, 209]. At pH 12 Bajpai et al. [210] observed >95%
reduction in TNT concentration compared to 25% reduction
at pH 11. A higher pH was necessary for the destruction of
2A-DNT and 4A-DNT compared to TNT [207].

Hydrolysis of RDX and HMX has been noted under
alkaline conditions; however, the rate is extremely slow
[211, 212]. Balakrishnan et al. [213] observed the formation
of NH3, NO2, N2O and formaldehyde following alkaline
hydrolysis of RDX and HMX at pH > 10. It was proposed
that initial denitration of cyclic nitramines was sufficient to
induce ring cleavage and spontaneous decomposition of both
compounds.

Transformation products resulting from hydrolysis reac-
tions are similar to those generated during photolysis and
biotransformation, and as a result isolating the effects of the
hydrolysis process from other reactions is difficult [36, 175,
213].

4.6. Reduction. Energetic compounds containing nitro func-
tional groups are susceptible to abiotic reduction, with nitro
groups being reduced to amino groups [33, 37, 175]. It
has been proposed that abiotic reduction requires activation
by solid catalysts such as Fe compounds, clay minerals, or
organic molecules [33, 214].

Reductive transformation of TNT has been widely doc-
umented [150, 172, 175, 177, 215–219]. Laboratory studies
have demonstrated the effects of several environmental
factors on transformation of TNT including pH, redox
status, organic carbon levels, cation exchange capacity, and
presence of expandable clays and metallic reducing agents,
for example, Fe2+ and Mn2+ [37].

TNT transformations may include reduction of one, two,
or all three nitro groups to amines, and coupling of amino
transformation products to form dimers [217]. Formation
of the two monoamino products, 2-ADNT and 4-ADNT,
are energetically favored [220] and are typically observed in
TNT-contaminated soils and groundwater.

TNT reduction is significantly greater under anaerobic
compared with aerobic conditions [193, 219]. TNT dis-
appeared from the solution phase of slurry tests under
highly reduced conditions (Eh = −150 mV) following 1 d of
incubation [193]. At Eh values of +500 mV, TNT disappeared
after 4 d.
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TNT, RDX, and HMX reduction by Fe (magnetite,
ferrous iron, zero valent iron) has been reported
[181, 210, 214, 221, 222]. The resulting products (e.g.,
aromatic polyamines, hexahydro-1-nitroso-3,5-dinitro-
1,3,5-triazine (MNX), hexahydro-1,3-dinitroso-nitro-1,3,5-
triazine (DNX), and hexahydro-1,3,5-trinitroso-1,3,5-
triazine (TNX)) may be further metabolized via biotic
processes or may become adsorbed to soil colloids.

The rate of TNT transformation by Fe2+ in the presence
of montmorillonite or kaolinite increased as pH increased
[223]. Products were primarily mono amino and azoxy
compounds; however, mass balances using radiolabeled TNT
indicated the presence of unextractable products. Suppres-
sion of the abiotic Fe2+ pathway by addition of ethylenedi-
aminetetraacetic acid (EDTA) curbed TNT reduction [223].

Transformation of RDX via formation of mono-, di-,
and trinitroso products has been suggested [224, 225] and
observed in soil [226]. Reduction leads to destabilization,
ring cleavage, and mineralization of RDX under anaerobic
conditions [218, 227, 228]. Gregory et al. [214] observed
RDX transformation by Fe2+ in aqueous suspensions of mag-
netite. Sequential reduction resulted in the formation of the
nitroso intermediates MNX, DNX, and TNX, and NH4

+,
N2O, and formaldehyde end-products. Increased pH resulted
in greater Fe2+ adsorption which subsequently increased
RDX transformation rate [214]. The nitroso intermediates
of RDX have rarely been observed in field investigations [37].
MNX was detected in groundwater at MMR [18].

Several researchers have demonstrated the potential of
zero valent iron (ZVI) for reduction of TNT and RDX in soil
or aqueous systems [172, 200, 210, 214, 221, 222, 229, 230].
A soil slurry containing 6.4 g RDX/kg was reacted over
48 h with 10% ZVI to attain RDX levels within EPA
recommended limits [230]. The only product detected was
NH4

+. A study of RDX removal by ZVI in aqueous condi-
tions [172] indicated low levels of MNX, DNX, and TNX.
These intermediates disappeared after 96 h, and NH+

4 was
generated throughout the experiment [204].

Few studies regarding HMX reduction have been
reported. The rate of HMX transformation by ZVI is sig-
nificantly less than that of TNT and RDX; however, the
application of cationic surfactants, which increase HMX sol-
ubility, increases transformation rates [229]. Park et al. [229]
demonstrated that ZVI-mediated transformation of HMX
may be inhibited in the presence of RDX.

Like many nitrobenzenes [231], 2,4-DNT engages in
stepwise two-electron transfer reactions with the generation
of nitrosobenzene and n-hydroxylaniline intermediates [232]
to form aniline.

Although abiotic reduction of energetic compounds is
documented for soil and aquifer environments, Juhasz and
Naidu [36] state that it is practically impossible to distinguish
between biotic and abiotic transformation.

4.7. Biological Transformation. A variety of microorganisms
including bacteria and fungi have been demonstrated with
the capacity to degrade both explosive and propellant for-
mulations.

4.7.1. TNT. Several TNT biodegradation pathways have
been reviewed by Crawford [224], Kalderis et al. [33], and
Juhasz and Naidu [36] (Figure 4). The TNT molecule serves
as a carbon and/or nitrogen source [43]. TNT degradation
may also occur during cometabolism of alternative substrates
[33].

Under both aerobic and anaerobic conditions TNT is
transformed to the amino derivatives 2-ADNT, 4-ADNT,
2,4-DANT, and 2,6-DANT [43, 44]. Triaminotoluene (TAT)
may form under anaerobic conditions [33]. Anaerobic min-
eralization in the laboratory through TAT to trihydroxytol-
uenes, polyphenols, p-cresol, and acetate has been reported
[224, 225]. These compounds may be further transformed
via biotic or abiotic processes. Intermediate products may
bind to colloidal surfaces, thereby restricting availability for
further reaction [3].

Fungi mineralize TNT via the actions of nonspecific
extracellular enzyme systems (lignin peroxidase, manganese
peroxidase, laccase). A range of fungi acts upon TNT as
a function of species, culture conditions, and substrate
[33, 36]. Various basidiomycetes (e.g., Agaricus aestivalis,
Agrocybe praecox, Clitocybeodora) transform TNT, with
degree of mineralization ranging from 5 to 15%. Several
micromycetous fungi (e.g., Alternaria sp., Aspergillus terreus,
Fusarium sp., Mucor mucedo, Penicillum sp., Rhizoctoniai sp.)
are known to transform, but not mineralize, TNT [233].

Phanerochaete chrysosporium, the white rot fungus, is the
most widely studied TNT-degrading fungal species. Phan-
erochaete chrysosporium was shown to completely trans-
form TNT [233]; mineralization ranged from 10 to 40%.
The initial reaction involves reduction of nitro groups to
nitroso-DNT which may be further transformed to 2-
hydroxylamino-4,6-dinitrotoluene and 4-hydroxylamino-
2,6-dinitrotoluene (HADNT) and ADNT and DANT. Phane-
rochaete chrysosporium and other fungal species may subse-
quently transform ADNT and DANT to azo, azoxy, phenolic,
and acetylated by-products [33]. Pasti-Grigsby et al. [234]
and Spadaro et al. [235] proposed that the azo derivatives are
amenable for mineralization.

4.7.2. RDX. Limited aerobic biodegradation of RDX has
been observed in soils [236]; however, complete anaerobic
biodegradation has been observed under laboratory condi-
tions [157, 211, 237]. RDX is degraded more readily than
TNT, particularly under anaerobic conditions [37, 225, 238–
240]. RDX removal from culture was first observed in 1973
using purple photosynthetic bacteria [236]; anaerobic photo-
synthetic activity was suggested as being responsible for RDX
reduction. More recently, anaerobic RDX degradation was
observed using microbial populations from contaminated
soil and sewage sludge [225, 241–244] and also under nitrate-
reducing [245] and sulfate-reducing [246, 247] conditions.
Several cultures required between one week and two months
to degrade RDX concentrations ranging from 0.015 mM
to 0.17 mM. The most rapid degradation of RDX using
anaerobic sludge reported 90% removal of 0.27 mM RDX
within 2 d [248].
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Figure 4: Biological transformation pathway of TNT [217]. Reproduced with kind permission from The American Society for Microbiology.

Degradation under anaerobic conditions may occur via
reduction of nitro groups or direct ring cleavage. Sequential
reduction of the nitro groups results in the generation of
MNX, DNX, and TNX [33]. It is proposed that further trans-
formation results in the formation of hydroxylamine deriva-
tives; however, these products have not been isolated. Hawari
et al. [43] proposed that when the first bond in the molecule
is broken, the molecule is destabilized such that it undergoes
spontaneous decomposition. The N–N bond is described as
the most likely target for degradation. The products may
be further transformed, ultimately resulting in the produc-
tion of nitramine and formaldehyde. Nitramine may be
abiotically transformed to N2O. The actions of acetogenic
and methanogenic bacteria convert formaldehyde to CO2

[33].
Clostridium bifermentans was the first pure strain capable

of anaerobic degradation of RDX to be isolated [240]. It
was purified from an anaerobic consortium and removed
0.23 mM RDX to 25% of its original concentration within
24 h. Morganella morganii, which removed 0.33 mM RDX
under oxygen-depleted conditions within 27 d, was the most

efficient isolate from the family Enterobacteriaceae [249].
Several strains which could biotransform RDX anaerobically
were isolated from horse manure, the most effective being
Serratia marcescens which removed 0.23 mM RDX over 10
days [250].

In a study by Sheremata and Hawari [251], P. Chrysospo-
rium removed RDX (62 mg/L) from liquid medium con-
taining glycerol as the main carbon source. Approximately
53% of the molecule was mineralized, 11% of the C was
incorporated into fungal biomass, and 28% remained in the
aqueous phase as unidentified metabolites. The major by-
product (62%) of fungal degradation was N2O.

Bacterial mineralization occurs under aerobic conditions
where the RDX molecule serves as a nitrogen source
(Figure 5) [252, 253]. The first reported (1983) aerobic
degradation of RDX identified three pure strains of
Corynebacterium capable of growing on RDX as a sole
nitrogen source [254]. The most effective strain removed
0.18 mM RDX from culture over 32 h. A consortium of
bacteria from contaminated soil was later reported to
degrade 38% of 100 mM RDX over 5 d [255], and a pure
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aerobic bacterial strain, also isolated from contaminated soil,
removed 0.23 mM RDX from culture over 40 h [256].

4.7.3. HMX. HMX is rather recalcitrant to mineralization
[212, 239]. Bacterial degradation may occur via reduction
of the nitro groups to form nitroso intermediates (Figure 6)
which are subsequently transformed to N2O and formalde-
hyde, and eventually to CO2 [36].

Aerobic degradation of HMX by Methylobacterium sp.
strain BJ001 was reported by Van Aken et al. [257]. After 55
d incubation, 61% of HMX was mineralized to CO2. Axtell
et al. [258] reported removal of HMX from contaminated
soil after amending with nutrients and Pleurotus ostreatus.
During 62 d incubation HMX was reduced from 61 ±
20 mg/kg to 18 ± 7 mg/kg. Phanerochaete chrysosporium
mineralized HMX under nitrogen-limiting conditions [259].
After 25 d incubation, 97% of HMX was removed via reduc-
tion; 1-NO-HMX accumulated in the culture medium. The
concentration of 1-NO-HMX peaked after 12 d; a subsequent
decrease in concentration corresponded to release of 14CO2

and the accumulation of 4-nitro-2,4-diazabutanal.

HMX degradation in marine sediment from a military
UXO disposal site was enhanced in the presence of glucose

[260]. After 50 d the HMX concentration in the aqueous
phase (1.2 mg/L) was reduced by 50%. The disappearance
of HMX was accompanied by the formation of a monon-
itroso derivative. Boopathy [261] reported degradation to
methanol and chloroform under sulfate-reducing, nitrate-
reducing, fermenting, methanogenic, and mixed-electron
accepting conditions using an anaerobic digester sludge
enrichment culture. Rates varied from 22 mg/L on day 0 to
<0.05 mg/L on day 11.

4.7.4. Dinitrotoluenes. Extensive studies have been conduc-
ted regarding biodegradation of dinitrotoluenes [262, 263].
Under aerobic conditions both 2,6-DNT and 2,4-DNT
are susceptible to elimination of a nitro group ultima-
tely yielding NO2

− and catechols. In anaerobic condi-
tions cometabolic reduction of nitro groups to nitroso-,
aminonitro-, diamino-, and azoxy compounds has been
observed [218, 232, 264, 265]. In bioreactor systems degra-
dation rates of 86 mg 2,4-DNT/L/h have been determined
[264, 266].

4.7.5. NG, NQ, and Perchlorates. A review of degradation of
nitrate esters was provided by Williams and Bruce [267].
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Several NG-degrading microbial cultures have been iden-
tified [268–270]. Biodegradation of nitrate esters occurs
through successive denitrations, each nitro group reacting
more slowly than the previous one (Figure 7) [270–272].
Degradation of NG results in the production of glycerol in
some cases [269, 272], which is used as a carbon source
[2, 273]. Such activity has been observed under both aerobic
and anaerobic conditions, using mixed cultures or pure
strains including Pseudomonas sp., Agrobacterium radiobacter
and Bacillus sp. [269–272, 274, 275]. Enzymes catalyzing
this reaction have been isolated from nitrate ester-degrading
organisms; all have been reductases [273, 276, 277].

Both Pseudomonas putida and P. fluorescens, isolated
from NG-contaminated soils, sequentially degraded NG to
dinitroglycerin (DNG) (C3H6NO7) and glycerol mononi-
trate (GMN) (C3H7NO5) isomers [278]. Wendt et al. [270]
showed that without a carbon supplement the ability of
Pseudomonas to degrade NG is significantly reduced. A
wastewater disposal lagoon at a former NG production plant
contained Arthrobacter ureafaciens, Klebsiella oxytoca, and a
Rhodococcus [279]. These bacteria were capable of degrading

NG and producing GDN and GMN. Moreover, Rhodococcus
species removed the final nitro group from GMN thus
achieving complete NG biodegradation.

Penicillium corylophilum Dierckx, Bacillus thuringiensis,
and B. cereus were capable of denitrating NG to glycerol
[269, 279]. Phanerochaete chrysosporium denitrified NG in an
aerobic environment without added carbon. However, this
process was greatly enhanced when a carbon source was
added. Christodoulates et al. [272] showed that mixed
bacterial cultures in anaerobic microcosms mineralized NG
more rapidly in the presence of a carbon source. Nitroglyc-
erin mineralization was complete in 26 d with addition of
2000 mg/L glucose as compared with 114 days without a
carbon source [280].

In a study by Brannon et al. [188], concentrations of NQ
in solution phase did not change over time, which reflects
the lack of susceptibility of NQ to aerobic biodegradation in
activated sludge.

Degradation of perchlorate is carried out directly by
soil microorganisms and also by enzymes such as perchlo-
rate reductase and chlorite dismutase [281]. A number of
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perchlorate-reducing bacteria have been isolated; they are
all Gram-negative, facultative anaerobes [64]. Tipton et al.
[101], using surface and subsurface soils and dredge tail-
ings, demonstrated that perchlorate biodegradation requires
anaerobic conditions, an adequate carbon source, and an
active perchlorate-degrading microbial population. Brannon
et al. [188] observed a slight decrease in solution phase
perchlorate concentration in clay at −150 mV and pH 7.0.

Perchlorate degradation is generally accepted to proceed
via the pathway, ClO4

− → ClO3
− → ClO2

− → Cl− + O2

(Figure 8) [282]. A wide variety of organic compounds
including alcohols and carboxylic acids are used as growth
substrates by perchlorate-reducing bacteria although their
use is strain-dependent [64]. Acetate-oxidizing chlorate-
reducing bacteria represent a significant population from
varied sources, including noncontaminated soils, hydro-
carbon-contaminated soils, aquatic sediments, papermill
sludges, and livestock waste lagoons [283]. Acetate has been
most frequently used as a substrate for heterotrophic per-
chlorate reduction [284–288], although hydrogen or formate
is required as an electron donor in limited cases [285]. Per-
chlorate reduction by Citrobacter [289] was sustained on
acetate, but yeast extract improved growth.

5. Summary and Conclusions

Energetic materials have contaminated soils worldwide from
manufacturing operations, military conflict, and military
training activities. Explosives such as TNT, RDX, and HMX
and propellants such as NG and perchlorates present the
greatest concern to public health and the environment
because they are manufactured and used in the greatest
quantities. Types of residues, concentrations, and distribu-
tions differ depending on the type of range (e.g., bomb
drops versus demolition) and munition used. Distribution of
energetics in soil is highly variable—concentrations vary by

Acetate
Perchlorate
reductase

Acetate

Acetate

CO2 + H2OCl− + O2

CO2, H2O, biomass

CO2, H2O, biomass

ClO4
−

ClO3
−

ClO2
−

Figure 8: Biological transformation pathway for perchlorate
(Adapted from [64, 282]).

orders of magnitude across short distances on the surface,
and often with only slight depth. Both low-order detonations
and UXO comprise the highest concentrations of energetics
contamination.

Energetic compounds undergo varying degrees of chem-
ical and biochemical transformation, depending on the
compounds involved and environmental factors. Both RDX
and perchlorate appear to be common groundwater contam-
inants; however, several energetics, including some decom-
position products (e.g., DNTs, amino-DNTs), pose health
and environmental hazards.

In several countries assessment of soil contamination by
explosives residues and UXOs has been highly effective,
resulting in extensive cleanup; however, many nations con-
tinue to be plagued by massive dispersion of UXOs and
munitions, often from conflicts decades past. There is an
urgent need to identify, limit public access to, and remove
such hazards to ensure public safety, promote local economic
development, and protect local natural resources over the
long term.
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Vanadium (V) is a naturally occurring trace element, but total concentrations in soils and sediments are also dependent on the
parent material and might be influenced by anthropogenic activities (e.g., steel industry). Despite the fact that threshold values for
V in soils and/or sediments exist in various European countries, in Belgium, V is not taken into account when the environmental
quality of soils and sediments has to be evaluated, despite the existence of several (diffuse) sources for V. In the first part of the
study, the occurrence of V alluvial soils in Belgium was compared with V concentrations in alluvial soils (floodplain soils) across
Europe. By analysis of both the Belgian and European data, the relationship between physicochemical soil characteristics and total
V concentrations was quantified and some areas polluted with V were detected. A regression equation, in which V concentrations
in alluvial soils were expressed as a function of major element composition, was proposed for the Belgian and European data.
Additionally, single extractions with CaCl2 (0.01 mol L−1) and ammonium-EDTA (0.05 mol L−1) were used to estimate short- and
long-term mobility of V in the alluvial soils.

1. Introduction

1.1. Vanadium in Soils and Sediments. Vanadium (V) natu-
rally occurs as trace element in soils and sediments. The aver-
age concentration in soil is estimated to be around 150 μg g−1

[1] and 90 μg g−1 [2]. The concentration of V in soils and
sediments also depends on the parent material and the occur-
rence of V-containing ore minerals in the subsoil [3]. Vana-
dium concentrations in igneous rocks are higher than in
acidic and in siliceous rocks, whereas the V content of meta-
morphic and sedimentary rocks is intermediate between the
content of basic and acidic igneous rocks [3]. In soils, V is
mainly associated with Fe(hydr)oxides, clay minerals, and
organic matter and it can also occur as discrete mineral
phases such as carnotite (K2(UO2)2(VO4)2·3H2O) and vana-
dinite (Pb5(VO4)3Cl) [2, 4, 5]. As an element of group VB
and with atomic number 23 in the periodic table, it can
acquire several oxidation states (+III, +IV, +V) [2, 6].

Beside its natural occurrence in soils and sediments, sev-
eral anthropogenic sources can cause an enrichment or even
pollution of soils and sediments with V. The main anthro-
pogenic sources of V are (1) the use of V as a catalyst in

the metal-, cement-, electronics, and textile industry; (2) the
production of certain metals such as iron and uranium, with
V as a secondary product [2], vanadium concentrations up
to 738 mg/kg [7] and 3505 mg/kg [1] have been reported in
mining areas; (3) air emission of V from the combustion of
fossil fuels [8]. The majority of the emissions of V into the
air are taken up by the soil surface, especially when soils are
rich in organic matter [9]. In Flanders (Belgium), the petro-
chemical and chemical industry are the main anthropogenic
sources for V. Other minor contributors to V emissions are
the food industry and the non-ferro industry [10].

Most food crops and also other plants contain trace
amounts of V [6] because small concentrations of V stimu-
late plant growth and act as a catalyst for nitrogen fixation
[11]. When plants and crops are exposed to enhanced V
concentrations in soil, they are usually smaller than the same
plants grown on noncontaminated soils [1, 2, 12]. V concen-
trations in porewater above 3 mg L−1 result in important
toxic effects for plants [3]. Kasai et al. [13] found that 0.1 μM
vanadate had slight effects on seed germination, growth,
photosynthesis, respiration, and ATPase activity of wheat and
rye grass. The use of certain fertilizers ((NH4)2PO4, Na3PO4)



2 Applied and Environmental Soil Science

increases the solubility, mobility, and uptake of V by plants
[14]. The oxidation state of V is primarily controlled by the
Eh (redox potential) and pH of a system. Under oxidizing
and more alkaline conditions, vanadium is found in anionic
form, as vanadate (HVO2−

4 or H2VO−
4 , oxidation state +V),

whereas vanadyl (VO2+, oxidation state +IV) has cationic
properties and occurs under more acid conditions [3]. Com-
plexes with fluoride, sulfate, or oxalate can increase the solu-
bility of V under oxidizing conditions [15]. Acute poisoning
of cattle by uptake of V-containing soil particles sticking to
grass has been reported by McCrindle et al. [16].

Vanadium toxicity for human beings can vary widely, de-
pending on its oxidation state. Clinical picture of poisoning
(starting from 10 mg per day) shows different toxic effects of
vanadium on the respiratory, circulatory and central nervous
systems, the digestive organs, kidneys, and skin [17]. In the
past, V has also been used as a therapeutic for the treatment
of diabetes.

1.2. Alluvial Soils, Overbank Sediments, Floodplain Sediments.
Darnley et al. [18] made a distinction between alluvial soils
according to the catchment basin size: floodplain and over-
bank sediments are alluvial soils of large and small flood-
plains, respectively, but both consist of fine-grained (silty-
clay, clayey-silt) sediments. Floodplain and overbank sedi-
ments are deposited during flood events in low energy envi-
ronments [19]. Overbank sediments are considered a repre-
sentative sampling medium for geochemical mapping [19].
In areas of historical mining and pollution, only one over-
bank sediment sample is not always representative for the
geochemical characteristics of a large catchment basin [20].
De Vos et al. [4] evaluated the use of overbank sediments as
a medium for geochemical mapping in industrialized areas.
Samples of lower overbank sediment samples (i.e., samples
taken deeper in the overbank sediment profile) reflect the
natural, pristine situation, while upper overbank sediments
are influenced by anthropogenic chemical contamination.
From an environmental point of view, the use of overbank
sediments is interesting because background concentrations
are an essential reference point to evaluate the pollution
status of soils and sediments.

1.3. Legal Framework with regard to V Contamination. In the
environmental legislation of Flanders and Wallonia (which
are the two main regions in Belgium, each with an own envi-
ronmental legislation), threshold vanadium concentrations
are defined for emissions in air, surface water, and groundwa-
ter. Although background and intervention values are pro-
vided in the Flemish and Walloon Soil Decree for As, Cd,
Cr, Cu, Hg, Ni, Pb, Zn, and organic contaminants, no norm
values are provided for V. Nevertheless, several European
countries established norm values for V in soils (Table 1).

The norm values in Table 1 differ because of the use of
different models, software, and criteria with regard to human
toxicology and ecotoxicology [21]. Additionally, natural
(background) concentrations of trace elements in soils and
sediments are dependent on soil and sediment properties
(clay content, organic carbon content, etc.) and on the geo-

logical substratum, which makes it difficult to compare these
norm values [23]. Moreover, total concentrations of trace
elements do not give a good indication of the mobility and
toxicity of an element [2].

The aim of this study was (1) to evaluate the V-content
of alluvial soils (overbank sediments, floodplain sediments
and dredged sediment-derived soils) along some Belgian and
European rivers and to compare these values with norm
values established in other European countries, (2) to es-
tablish regression equations that allow to explain the V
content in alluvial soils based on major element composition
and/or physico-chemical soil properties such as clay- and or-
ganic matter content, (3) to assess the actual and potential
release (“mobile” and “mobilizable” fractions resp.) of V
from these soils by means of standardized European extrac-
tions and leaching tests (single extractions with CaCl2 and
ammonium-EDTA). It is not the purpose of this study to
propose norm values for V in (alluvial) soils, but the regres-
sion equations obtained in this study can be useful to
establish whether V concentrations that are measured in allu-
vial soils can be considered as “normal” or not.

2. Methodology

2.1. Sampling Locations and Sampling

2.1.1. Belgian Samples. Between November 2006 and Octo-
ber 2009, alluvial sediments, consisting of overbank sedi-
ment- or dredged sediment-derived soils, were sampled
along 3 different rivers in Belgium (Figure 1).

In northern Belgium, overbank sediment- and dredged
sediment-derived soils were sampled in the catchment of
the Scheldt river (catchment area in Belgium = 13336 km2),
which is divided in 11 subcatchments, including the Leie and
Demer catchments. The Leie river (north-western part of
Belgium) is an important tributary of the river Scheldt and its
total catchment area, consisting of Tertiary sands and clays, is
about 3675 km2 (in Belgium). The Leie river is characterized
by a regular flooding regime. In 1976, a part of the river was
straightened and dredged sediments were stored along the
river. Heavy metals in the dredged-sediment-derived soils
originate from industrial activities and agriculture. Most
of the dredged-sediment-derived soils are currently used as
meadows or forests. The Grote Beek (Demer catchment,
1272 km2) river (northern Belgium) is underlain by glau-
conite-rich medium-grained sands (Diestian Formation).
Organic- and iron-rich wetland soils have developed along
this stream. The river follows a very meandering path and as
a consequence several flooding zones occur along the river,
which are flooded a few times a year during periods of heavy
rainfall. The major source of pollution is a factory that is
producing phosphate fertilizers by the refinement of phos-
phate ores. The majority of the alluvial soils along the Grote
Beek consist of unused (i.e., not used for living, industry or
agriculture) land, situated in a natural reserve.

In eastern Belgium and in the southern part of The
Netherlands, overbank sediments were sampled along the
Geul river (Figure 1). The Geul river, a tributary of the
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Table 1: Norm values for vanadium (total concentration in mg kg−1) in soil in European countries [21, 22].

Country
Negligible Warning Unacceptable Unacceptable

risc risc risc (residential) risc (industrial)

The Netherlands 42 — 250 —

Czech Republic 180 340 450 —

Slovenia 120 200 500 —

Finland — 100 150 250

Sweden — 200 — —

Italy — — 90 250

Lithuania — — 150 —

Russia — — 150 —
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Figure 1: Overview of the Belgian sampling locations.

Meuse, flows in sandstones (Upper Devonian) and carbon-
ates and shales (Lower and Middle Carbonian) [24]. The
discharge of the Geul river depends largely on the amount of
rainfall and is characterized by a flashy regime with a se-
quence of small floods in autumn and winter and a few ma-
jor floods in summer [25]. From the Middle Ages until the
beginning of the 20th century, extensive Zn-Pb mining and
smelting was carried out in Plombières and La Calamine
(eastern Belgium). Besides the important amount of waste
that is stored in the large mine tailing piles, overbank sedi-
ments along the nearby Geul river are severely contaminated
with Zn, Pb, and Cd [24]. The Geul drains a predominantly
rural catchment with a relatively low population density.

At each location, vertical profiles were dug and samples
(1 kg of material per sample) were taken at depth every 5 to

20 cm, depending on visual differences in color, organic mat-
ter content and/or texture, yielding 3 to 5 samples per hori-
zon. In total, 206 samples were taken. Along the Leie river,
samples were taken in dredged sediment-derived soils. Along
the Geul, profiles were sampled within overbank sediment-
derived soils and along the Grote Beek both overbank
sediment- and dredged sediment-derived soils were sampled.

2.1.2. European Samples. “The FOREGS Geochemical Base-
line Mapping Programme’s main aim is to provide high-
quality, multipurpose environmental geochemical baseline
data for Europe. The need for this type of data was justified
by the first Working Group on Regional Geochemical
Mapping immediately after the Chernobyl accident in 1986,
when it was realized that a baseline for radioactive and other
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Table 2: Comparison between certified and measured (average of 3 replications) values for V in 3 certified reference materials.

Certified value (mg kg−1) Measured value (mg kg−1)

SRM2710 Montana soil 76.6 69.8 ± 4.7

GBW07311 Soil 47 ± 5 42.6 ± 3.3

GBW07411 Stream sediment 88.5 ± 6.9 84.1 ± 6.8

polluting elements could not be defined” [26–28]. After sev-
eral attempts to compile existing regional geochemical data-
bases in Europe, it was clear that the establishment of a
harmonized European wide geochemical database was essen-
tial. The Forum of European Geological Surveys’ Directors
(FOREGS) approved a Geochemical Baseline Mapping Pro-
gramme in 1996, and in 1997 an agreement on the prin-
ciples of field and analytical methodologies was obtained
and the field methodology was tested, finally resulting in the
“FOREGS Geochemical Field Manual,” that was published in
1998 [29]. In the present study, data from floodplain sedi-
ments samples in 26 countries that were involved in the
FOREGS Geochemical Baseline Mapping Programme are
used.

From each sampling site, 2 kg of top floodplain sediment
(sampling depth 0–25 cm) was collected. The sampling
procedure for floodplain soils is described in the field manual
[29].

2.2. Physicochemical Soil Characterization

2.2.1. Belgian Alluvial Soils

Physicochemical Characterization. All analyses were per-
formed on air-dried soil samples. For the determination of
element concentrations and organic carbon content, part
of the soil sample was disaggregated in a porcelain mortar
and sieved (<1 mm). pH(H2O) was measured in a soil/water
suspension (1/2.5). Organic carbon was determined accord-
ing to the Walkley and Black method [30]. Grain size was
determined by laser diffraction analyzis (Malvern Mastersizer
S long bed). Total element concentrations (Al, As, Ba, Cd,
Cu, Cr, Co, Ca, Fe, K, Mg, Mn, Ni, Pb, V, and Zn) were
determined in all the samples, but the discussion will mainly
focus on V. One gram of sample was dissolved in 4 mL
HClconc, 2 mL HNO3conc, and 2 mL HFconc in a Teflon beaker.
The mixture was gently heated on a hot plate until half
dry, subsequently reattacked with the same amount of the
three acids and heated until completely dry. The residue
was redissolved with 20 mL 2.5 mol L−1 HCl and filtered
(Whatman 45). Finally, the solution was diluted to 50 mL
with distilled water. This destruction method was chosen
because we have a lot of experience with this method in our
laboratory and it allows to compare the results with previous
studies performed in our laboratory. Concentrations of
major elements (Fe, Al, Ca, K, and Mg) were measured with
Flame atomic absorption spectrometry (FAAS, Varian AA6),
whereas an Induced coupled plasma mass spectrometry
(ICP-MS, HP 4500 Series) was used for As, Ba, Cd, Cu,
Cr, Co, Mn, Ni, Pb, Vm and Zn. Three certified reference
materials, namely, GBW07411 Soil, (a Chinese soil),

GBW07411 sediment (a Chinese stream sediment), and SRM
2710 Montana soil (a soil collected from the upper 10 cm of
pasture along a creek and contaminated by overbank dep-
osition of contaminated sediments) were analyzed for quality
control. Total certified V concentrations in these materials
are determined by XRF and/or neutron activation analysis,
whereas a dissolution with 3 strong acids (HCl, HNO3, and
HF) is used in the present study, followed by a measurement
with ICP-MS. Despite the use of hydrofluoric acid, a small
residue (usually less than 5% of the dry mass of the sample)
is not dissolved. A previous investigation in our laboratory
showed that this residue consists of quartz particles and
sometimes also phyllosilicates. This possibly explains why
measured V concentrations are slightly lower compared to
certified values (Table 2). Nevertheless, the use of a disso-
lution with strong acids and ICP-MS determination allows
a better comparison with data from the FOREGS project,
where V has been determined by ICP-MS after aqua regia
dissolution and by XRF. It is clear that the procedures for
the determination of total element concentrations in soils
and sediments should be well established, especially in large-
scale studies, since this is essential to compare results of
different studies and/or laboratories. Additionally, triplicate
analysis was performed for some samples. Relative standard
deviations on triplicate analysis (3 separate subsamples) were
below 5% for all elements, except Ca and Al (below 10%).

Single Extractions. Single extractions were performed on
65 samples of alluvial soils from the Leie and Grote Beek
rivers. For the CaCl2 and ammonium-EDTA extraction, the
protocol of the SMT (Standards Measurement and Testing)
program [31] was followed. 20 mL of a 0.01 mol L−1 CaCl2 or
20 mL of a 0.05 mol L−1 ammonium-EDTA solution, respec-
tively, was added to 2 g of air-dried sediment in a centrifuge
tube. The suspension was shaken for 3 h or 1 h, respectively,
in a reciprocal shaker, centrifuged (3500 rpm, 10 minutes),
decanted, and filtered (0.45 μm). After measurement of pH,
the CaCl2 extract was acidified with concentrated HNO3 to
bring the pH to <2. The ammonium-EDTA extracts were not
acidified prior to analysis to prevent precipitation of EDTA
salts at very low pH. A reference material (CRM 483) certified
for its ammonium-EDTA and CaCl2- extractable content of
Cd, Zn, Cu, and Pb was also included. No certified values
are provided for V, but the data obtained in this study are
presented in Table 3 in order to allow comparison with other
studies in the future. Standard deviation between triplicate
extractions was less than 5%. The data of the ammonium-
EDTA extracts are presented in mg/kg dry matter, since
EDTA-extractable element concentrations are often com-
pared to total element concentrations. The V concentrations
in the CaCl2 extracts are expressed in μg L−1, to facilitate the
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Table 3: Values for V measured in the CaCl2 (in μg L−1) and ammonium-EDTA (in mg kg−1) extracts performed on certified reference
material CRM 483 according to the BCR extraction protocol for single extractions with CaCl2 0.01 mol L−1 and ammonium-EDTA
0.05 mol L−1.

CaCl2 0.01 mol L−1 ammionum-EDTA 0.05 mol L−1 Total concentration

μg L−1 mg kg−1 mg kg−1

CRM483 5.7 ± 0.9 4.3 ± 0.1 64.5 ± 3.7

comparison with, for example, porewater concentrations of
V.

2.2.2. Alluvial Soils from the FOREGS Database. Details
about the analytical methods are provided in Sandström et
al. [32]: total concentrations of MgO, P2O5, K2O, CaO, TiO2,
V, Cr, MnO, Cs, Ba, La, and Ce were determined using energy
dispersive polarized X-ray fluorescence spectrometry. In the
floodplain soil samples, V was also determined by ICP-MS
after aqua regia destruction. Because the data in both datasets
are not always in the same order and data are sometimes
missing, a comparison between data obtained with both
methods was not performed. In the present study, mainly the
data from the XRF analysis will be used.

2.3. Statistical Analysis. Statistical analysis was performed
with the software package SPSS 16.0 for Windows.

Descriptive statistics (average, median, minimum, maxi-
mum, standard deviation, and variance) were calculated for
each variable. The 90th percentile of element concentrations
in the upper soil layer of noncontaminated soils is often
considered representative for the background value in soils
[22, 33]. Because our datasets contained both contaminated
and noncontaminated samples, no attempt was made to pro-
pose background values. By comparing average and median
values, soils with enrichment in V can be detected [33].

The normal distribution of the variables was checked by
means of the Kolmogorof-Smirnov (K-S) test and correla-
tions between variables were tested by calculating two-tailed
Pearson correlation coefficients for the log transformed val-
ues. Analysis of variance (ANOVA) was applied to compare
averages of the variables between river basins. Multiple linear
regression according to the stepwise method was performed
to deduce possible causal relationships between the variables.
Attention was mainly paid to the possibility of predicting
trace element concentrations in sediments based on major
element composition, pH, clay, and organic matter content.
Different assumptions of the linear regression (normality
of the de residues, autocorrelation, quasi-multicollinearity
(QMC), and heteroscedasticity) were tested.

For the statistical analysis, the recommendations of Web-
ster [34, 35] (reporting mean values with standard errors,
performing linear regressions, etc.) were taken into account.

3. Results and Discussion

3.1. Total Concentrations of V in Floodplain Soils. Average
total V concentration in the 3 Belgian catchments and in
the European FOREGS database were in the range 45–
87 mg kg−1. The high average V concentrations in the alluvial

soils of the Grote Beek catchment is mainly due to 7 outli-
ers with V concentrations between 189 and 301 mg kg−1.
Alluvial soils of the Geul river are characterized by significant
lower V concentrations compared to the Leie and Grote Beek
rivers. V concentrations in floodplain soils are rarely report-
ed in literature. Peh and Miko [36] measured average V
concentrations of 70 mg kg−1 in Croatia, which is in line with
the values reported here. Ivanov and Kashin [37] recorded
(AAS-measurement after aqua regia destruction) average V
concentrations of 110 mg kg−1 in alluvial deposits in Trans-
baikalia (Russia), and Wigginton and Price [38] found (ICP-
OES determination after aqua regia destruction) concentra-
tions between 8 and 17 mg kg−1 in floodplain soils of Bayou
Creek (UK). On the 4th October 2010, red mud suspension
were released from the Ajkai Timfoldgyar Zrt alumina plant.
Among other trace elements, mud samples at the source
contained important V concentrations (>1000 mg kg−1), and
floodplain sediments downstream were significantly affected
by the red mud [39].

Total V concentrations in floodplain soils from the
FOREGS database are represented on Figure 2. Since the data
presented on Figure 2 are characterized by a right kurtosis
and thus not normal distribution, concentrations represent-
ed on the map are strongly influenced by locally enhanced V
concentrations [40]. Data for the Belgian catchments are not
presented on a map, since the data originate from 3 distinct
locations, only covering a limited area in Belgium.

Data observations which lied more than 1.5 interquartile
range lower than the first quartile or 1.5 interquartile range
higher than the third quartile were considered as an outlier.
In the Belgian data for V, 7 outliers were observed, between
189–301 mg kg−1, all coming from samples from the alluvial
soil samples of the Grote Beek. De Grote Beek is also char-
acterized by the highest average V concentrations and an
important difference between average and median values for
V, which indicates an anthropogenic source for V [33]. In this
area, phosphate ores are processed by a plant that is emit-
ting its waste water directly into the river. V is known as
a secondary product of phosphate production [8]. In accor-
dance to this, the correlation coefficient between V and P in
alluvial soils is also very high in the samples from the Grote
Beek river.

When the V concentrations in these samples are com-
pared with the norm values in Table 1, 11 samples of the
Grote Beek alluvial plain exceed the value for “unacceptable
risk” in residential areas established in Finland, Lithuania,
and Russia (150 mg kg−1), whereas 3 samples exceed the
Dutch “negligible risk” value of 250 mg kg−1. The samples
from the catchment of the Leie river are contaminated with
heavy metals and often characterized by an elevated clay-
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Figure 2: Total V concentrations in alluvial soils samples in 26 European countries [27].
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Table 4: Summary statistics for total V concentrations (in mg kg−1), based on Belgian (this study) and European [28] data. Standard
deviation is reported within brackets. n: number of samples.

dataset area mean median min max n

Belgian samples

3 Belgian floodplains 69 (43) 53 18 301 206

floodplain of the Geul 45 (6) 46 30 57 75

floodplain of the Grote Beek 87 (55) 66 28 301 94

floodplain of the Leie 71 (28) 69 18 160 37

FOREGS
Europe (XRF) 59 (35) 56 1 266 749

Europe (aqua regia) 56 747

and organic matter content. Only one sample from alluvial
plain of the Leie river is characterized by a V content above
150 mg kg−1 (total V concentration is 161 mg kg−1).

The samples from the Geul-catchment, finally, are char-
acterized by relatively low total V concentrations (average
45 mg kg−1, Table 4). The average V concentration in the
alluvial soils of the Geul river is below the 90th percentile
of the European dataset, which could be considered as the
background value [33], as well as below the average V con-
centration in European alluvial soils. The maximal V concen-
trations is 57 mg kg−1 (Table 4) and thus below all threshold
values established in Table 1, except the value for “negligible
risk” from The Netherlands (42 mg kg−1). The average V
concentration in the soils along the Geul is very close to
the median concentration, which indicates that V is not of
anthropogenic origin [33]. The subsoil in the Geul catch-
ment consists of sand and shale and other studies also
showed that total V concentrations in soils developed on
shale are lower compared to more clay-rich substrates [41].

In the European FOREGS dataset, “the spatial distri-
bution of V is clearly related to the bedrock geology and
mineralization, especially mafic and ultramafic lithology,
and also clay-rich soil with high Al2O3 content” [15]. The
highest V concentration is found in the mineralized Oslo
rift (266 mg kg−1). In England and Germany, elevated V con-
centrations (224 mg kg−1) are respectively due to industrial
pollution and coal and oil combustion [15].

3.2. Relation of V with Other Elements

3.2.1. Correlations. Because the majority of the data (trace
element and major element concentrations) showed a right
kurtosis and were significant on the K-S test, the data were
log transformed. Concerning the FOREGS data, the corre-
lation coefficients in Table 5 were calculated with the data
from the XRF determination, since more elements that are
relevant for this paper were measured with this method com-
pared with the aqua regia method. Unfortunately, it was not
possible to merge the results of the aqua regia and XRF deter-
mination into one table, because the data were not in the
same order and there were several missing samples for each
of the methods. This inconvenience of the FOREGS data-
base has also been mentioned by [40].

In general, Mg, Cr, and Al showed the strongest cor-
relation with V (Table 5). Among the trace elements, Cr is
characterized by a strongly positive correlation with V in the
samples of the Grote Beek (R = 0.933). Other studies also

demonstrated a high correlation between Cr and V in soils
and sediments [23, 42]. Cr and V can substitute for each
other in the crystal structure of clay minerals and vanadate
and chromate show a similar behavior in soils.

In the catchment of the Grote Beek, elevated Fe concen-
trations were generally found, with a maximal concentration
of 7.66% Fe, which could be explained by the occurrence of
iron-bearing sands and sandstone as well as glauconite in the
subsoil [43].

Fe and Al also show a positive correlation, which is often
observed in soils and sediments (e.g., [15, 42, 44–46]).

Data for the clay and organic carbon content were only
available for the floodplain soils of the Leie. Vanadium shows
a significant positive correlation with the clay content
(0.713), which is in accordance with the positive correlation
with Al and other clay-associated elements and with the or-
ganic carbon content (0.657). Although the association of V
with organic material is also shown in other studies [2, 46],
some authors [42] report a significant negative correlation
between V and organic matter content. Połedniok and Buhl
[5] concluded that the amount of V bound to organic
material is lower in industrial areas compared to rural areas.

For the XRF-data from the FOREGS database, vanadium
in the European floodplain soil samples is strongly positively
correlated with Fe and Ti, and to a lesser extent with Al.

These positive correlations can be explained by the fact
that (hydr)oxides of Fe, Ti and Al are good adsorbers for V
ions [47, 48] and because of the occurrence of these elements
in clay minerals. Moreover, the atomic radius of the V ion is
similar to the radius of Fe and Al [2, 15].

3.2.2. Regression Equations to Predict V Concentrations in
Alluvial Soils. Multiple linear regressions were performed
with Fe, Mg, Ca, K, Al, P, and the clay (<2 μm fraction),
and organic matter content as independent variables. Clay
and organic matter were included because they are already
used in the standardization of background values for heavy
metals in soils and sediments [49]. Fe is a major component
of Fe(hydr)oxides, and is also a constituent of sheet silicates.
In soils and sediments, Ca and Mg are dominantly found
in sheet silicates when the parent material is Mg-rich (e.g.,
ultrabasic rocks) and in carbonate minerals (e.g., CaCO3) in
nonacidic soils.

Regression equations were constructed according to the
stepwise method [50]. In order to only include the most
significant independent variables. With exception of the soils
from the Grote Beek, all regression equations in Table 6 are
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Table 5: Two-tailed Pearson correlation coefficients of V with other elements measured in floodplain soils of Belgian and European rivers.

Belgian data Grote Beek Geul Leie FOREGS

Mg 0.793∗∗ 0.821∗∗ 0.391∗∗ 0.778∗∗ 0.570∗∗

Al 0.030 0.785∗∗ 0.686∗∗ 0.870∗ 0.680∗∗

P 0.626∗∗ 0.556∗∗ −0.028 0.280 0.374∗∗

K 0.681∗∗ 0.343∗∗ — 0.605∗∗ 0.433∗∗

Ca 0.481∗∗ 0.088 −0.100 0.170 0.064

Cr 0.729∗∗ 0.933∗∗ 0.177 0.631∗∗ 0.665∗∗

Mn −0.079 0.516∗∗ 0.211 0.397∗ 0.640∗∗

Fe 0.668∗∗ −0.118 0.461∗∗ 0.827∗∗ 0.896∗∗

Co 0.201∗∗ 0.825∗∗ 0.399∗∗ 0.672∗∗ 0.841∗∗

Ni 0.424∗∗ 0.551∗∗ 0.322∗∗ 0.717∗∗ 0.706∗∗

Cu 0.513∗∗ 0.651∗∗ 0.235∗ 0.484∗∗ 0.649∗∗

Zn 0.021 0.665∗∗ 0.152 0.382∗ 0.556∗∗

As 0.575∗∗ 0.411∗∗ 0.249∗ 0.594∗∗ —

Se 0.468∗∗ 0.365∗ 0.184 0.715∗∗ —

Sr 0.667∗∗ 0.548∗∗ 0.601∗∗ 0.375∗ —

Cd 0.428∗∗ 0.314∗∗ 0.121 0.365∗ —

Ba 0.439∗∗ 0.437∗∗ 0.561∗∗ 0.628∗∗ 0.463∗∗

Pb −0.128 0.615∗∗ 0.211 0.461∗∗ 0.347∗∗

Ti — — — — 0.869∗∗

OM — — — 0.657∗∗ —

Clay — — — 0.713∗∗ —

Loam — — — 0.054 —

Sand — — — −0.511∗∗ —

S — — — 0.463∗ —
∗

: significant at α = 0.05 (two-tailed).
∗∗: significant at α = 0.01 (two-tailed).

characterized by one or more outliers. Omission of the out-
liers from the dataset resulted in a better fit for the regression
equations (Table 6). Additionally, the QMC, homoscedas-
ticity, normality of the residues in independent residues
improved in most of the cases.

In general, total V concentrations could be predicted very
well by the independent variables Al, Fe, and Mg (Table 6).
An example of a good fit between measured and predicted
values is presented in Figure 3 for the alluvial soils of the Leie.

For the Belgian dataset, Al was an important explaining
variable, together with Fe, Mg, and/or P (Table 3). Partic-
ularly for the Grote Beek alluvial soils, P is an explaining
variable in the regression equation for V, which can be related
to the emissions from the phosphate ore processing plant.

Despite the fact that major elements such as Fe, and Mg
are also a component of sheet silicates, they are also major
components of resp. Fe-(hydr)oxides and carbonates. More-
over, the attribution of the term “clay fraction” to the <2 μm
fraction is sometimes misleading. Beside clay minerals, Fe-
rich minerals such as Fe-oxi/hydroxides and phyllosilicates
are often concentrated in the clay fraction (<2 μm) [51]. A
geochemical approach using the total concentrations of con-
servative elements may be used to overcome these difficulties
(e.g., [52]). Before processing the dataset, the potential
anthropogenic input of the element and diagenetic processes
that may alter its concentrations in sediments should be
checked [53]. For the European data, Fe, Al, and Mg were
the most significant explaining variables (Table 6).
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Figure 3: Predicted versus measured V concentrations in the
floodplain soils of the Leie river.

3.3. Single Extractions

3.3.1. Prediction of “Mobile” Metal Concentrations. The com-
position of soil porewater is important from an environ-
mental point of view because it gives an indication of the
“actual mobility” of heavy metals and because the uptake of
trace elements by plants occurs via the porewater. Moreover,
porewater is also the carrier for elements to the groundwater.
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Table 6: Regression equations for the different areas with V (logtransformed) as dependent variable.

Area Regression equation R2

3 Belgian
floodplains

alog V = −3.172 + 0.433 log Al + 0.367 log Mg + 0.399 log Fe + 0.058 log P∗∗ 0.831
blog V = −2.956 + 0.424 log Al + 0.341 log Mg + 0.312 log Fe + 0.068 log P∗∗ 0.920

floodplain of the
Geul

alog V = −1.424 + 0.507 log Al + 0.174 log Fe∗∗ 0.606
blog V = −1.342 + 0.503 log Al + 0.160 log Fe∗∗ 0.634

floodplain of the
Grote Beek

alog V = −2.820 + 0.761 log Al + 0.196 log Mg +0.207 log P ∗∗ 0.809

floodplain of the
Leie

alog V = −4.244 + 0.945 log Al + 0.368 log Mg + 0.315 log clay∗∗ 0.824
blog V = −3.870 + 0.775 log Al + 0.472 log Mg + 0.330 log clay∗∗ 0.900

Europe
alog V = 1.041 + 1.32 log Fe + 0.413 log Al + 0.102 log Mg∗∗ 0.836
blog V = 1.108 + 1.33 log Fe + 0.279 log Al + 0.086 log Mg∗∗ 0.880

a
In the first regression equation, outliers are included.b The second regression equation is without outliers. ∗∗Significant at 0.01 level.

The composition of the CaCl2 extract is often considered
representative for porewater composition. Contaminants in
the porewater can move to deeper soil layers or to the
groundwater by infiltrating water. In the present study, aver-
age CaCl2-extractable V concentrations were 2 μg L−1 for the
samples from the Leie and 4 μg L−1 for the samples from the
Grote Beek (Table 7), which is far below the value of
3 mg L−1, which is proposed by Edwards et al. [3] and would
cause significant toxic effects to plants.

Metal partitioning in soils can be quantified by models in
which metal concentrations in the porewater are described as
a function of the metal binding solid phases such as Fe- and
Al-(hydr)oxides, organic matter, and clay and as a function
of soil characteristics that influence heavy metal partitioning,
such as pH. The ratio between total metal content bound to
a soil relative to its concentration in the soil solution is
often represented by Kd coefficients. However, such a mod-
el assumes that the sorption capacity of a material is inde-
pendent of the soil properties (organic matter content, pH,
clay content, etc.) and therefore, single Kd values are not ap-
propriate to predict metal solubility in soil. Therefore, several
authors indicated that metal solubility could be predicted
from soil properties. For example, Houba et al. [54] observed
a significant relationship between the distribution coefficient
(Kd) of Cd in soils and the pH of the CaCl2 extract. According
to McBride et al. [55] most of the variability of metal solu-
bility in soil is explained by pH, organic matter content and
total metal concentrations.

A semimechanistic approach was developed by Sauvé
et al. [56] which is based on the assumption that exchange-
able metals and protons compete for adsorption on soil-ex-
change sites. In this model, pH, total metal concentrations,
and soil organic matter are used to predict dissolved metal
concentrations.

In the present study, a modified version of this competi-
tive adsorption model was applied, since ammonium-EDTA-
extractable metal concentrations were used instead of total
metal concentrations. EDTA extractions are often used to
estimate the potentially “available pool” of metals (i.e., the
pool that can deliver metals from the solid phase of the soil
to the soil solution in a relatively short time period). Stepwise

multiple linear regressions was performed with pH(CaCl2),
organic carbon content, clay content, CaCl2-extractable V in
P concentrations, dissolved organic carbon (DOC) content
in the CaCl2-extracts, and ammonium-EDTA-extractable V
in P concentrations. Phosphorus was included because phos-
phate can influence the release of V from soils [7, 13, 57].

The distribution of an element between the liquid and
solid phase depends strongly on the speciation of the selec-
ted element. Because vanadium is known to occur in mul-
tiple oxidation states, the actual distribution of the oxidation
states was first calculated using the speciation code Visual-
MinteQ. According to these calculations, the main vanadium
species encountered in the CaCl2 extracts is HVO2−

4 , which
means that V occurs as an anion that will have the tendency
to be desorbed when pH rises.

For the Grote Beek floodplain soils, only the pH of the
CaCl2 extract and ammonium-EDTA-extractable V concen-
trations were retained in the final regression model, as the
other variables did not contribute to an improvement of the
regression equation. For the Grote Beek river catchment,
“mobile” V concentrations in floodplain soils could be pre-
dicted using the following fitting equation:

log [V]s = 5.356− 1.041 pH + 1.338 log [V]a

R2 = 0.840
(1)

with [V]s = the V concentration in the CaCl2 extract
(mg L−1), [V]a = the “available pool” of V (mg kg−1).

For the floodplain soils along the Leie, the pH of the
CaCl2 extract, EDTA-extractable V-concentrations and or-
ganic carbon content were retained in the final regression
model, resulting in the following regression equation:

log [V]s = 1.313− 1.969 log clay + 0.378 log [P]a

+ 1.150 log OC

R2 = 0.590

(2)
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Table 7: Summary statistics for V concentrations in the CaCl2 (in μg L−1) and ammonium-EDTA (in mg kg−1) extracts. Standard deviation
is reported within brackets. n: number of samples.

mean median min max n

Leie river

CaCl2 (μg L−1) 2.0 (1.7) 1.8 <0.1 6.7 39

ammonium-EDTA (mg kg−1) 2.4 (2.2) 2.0 <0.1 9.8 39

Grote Beek river

CaCl2 (μg L−1) 4.4 (4.5) 2.0 <0.1 12.2 27

ammonium-EDTA (mg kg−1) 11.2 (12.1) 5.0 1.3 35.3 27

with [V]s = the V concentration in the CaCl2 extract
(mg L−1), [P]a = the “available pool” of P (mg kg−1), OC
= the organic carbon content (%), clay = the clay content
(in %).

3.3.2. “Potential Availability” of V. Ammonium-EDTA was
also used to estimate the “mobilizable” metal concentrations.
EDTA is a nonselective reagent that exhibits a strong capacity
to complex metals. EDTA was shown to dissolve carbonates,
thereby mobilizing occluded elements [58]. Borggaard [59]
showed that EDTA extracts amorphous Fe-oxides, but this
dissolution is very slow in the presence of other metal-
chelate complexes [60]. It is also able to form organometal
complexes, which compete with organic matter in soil. Addi-
tionally, complexes of EDTA with heavy metals such as Cd,
Cu, Pb, Ni, and Zn are more stable than complexes between
V and EDTA, which results in a lower ammonium-EDTA-
extractable fraction of V when the heavy metals mentioned
before are present in high concentrations [61]. The average
EDTA-extractable V concentration in the floodplain soils of
the Leie was 2.46 mg kg−1 (Table 7) which is comparable with
average EDTA-extractable V concentrations (3.40 mg kg−1)
reported by Gäbler et al. [61]. In the samples from the
Grote Beek river, the average ammonium-EDTA-extractable
V concentration was 11.2 mg/kg. Floodplain soil samples
along the Grote Beek are contaminated with V and display
elevated V concentrations, which can also explain for the
higher ‘potentially mobile V-content in these soils. In relative
concentrations, however, only 3.5% and 9.8% of the total V
content in the floodplain soil samples of, respectively, the
Leie and the Grote Beek were extracted with ammonium-
EDTA, pointing to the fact that the majority of the V in the
samples is characterized by a very low mobility. In the highly
contaminated samples of the Grote Beek, a more detailed
study of V mobility may nevertheless be useful to elucidate
the potential release of V under changing environmental
conditions (changes in pH, Eh, etc.).

4. Conclusion

Average V concentrations in Belgian alluvial soils
(69 mg kg−1) are in general comparable with the average V
content in European alluvial soils (56–59 mg kg−1). In one of
the river catchments analyzed in this study, a contamination
of alluvial soils, originating from a phosphate ore processing
plant, was detected. By analysis of both the Belgian and Euro-
pean data, the relationship between concentrations of major

elements and V was quantified. Fe, Al, and Mg were the most
significant variables that could predict the total V content in
the alluvial soils and the obtained regression equation could
be used to predict V concentrations in alluvial soils. For the
alluvial soils contaminated by the emissions from the phos-
phate ore treatment plant, P was also an explaining variable.
“Mobile” V concentrations, as estimated by the amount of V
released by a single extraction with CaCl2 0.01 mol L−1, were
low, even in the most contaminated soil samples. Despite the
low actual mobility of V, it might nevertheless be useful to
study the effect of changing environmental conditions such
as soil acidification and fluctuating redox conditions (e.g., by
inundation of the floodplain soils). This will be the subject
of a followup study, in order to obtain a better insight in the
geochemistry of V in soils and sediments.

Finally, it is clear that the procedures for the determina-
tion of total element concentrations in soils and sediments
should be well established, especially in large-scale studies,
since this is essential to compare results of different studies
and/or laboratories.
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