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With rapid economic growth, aggravated environmental
pollution has become a severe issue worldwide [1, 2].
Pollution control and nutrient recovery are imperative for
sustainable development and critical for ecosystem and
human health [3]. Excessive chemicals and energy have been
used to control pollutants, which causes neglected but severe
side effects [4].

The biological process is regarded as promising and
sustainable [5, 6], developing quickly with exciting break-
throughs in both theory improvement and technology inno-
vation [7]. The bioparts of pollutants are degraded through
microbial activities, where complex organic matters are
degraded, and nutrients such as nitrogen and phosphorus
are removed. Archaea and bacteria are essential in such pro-
cesses [8, 9]. For example, anaerobic ammonia-oxidizing
(anammox) bacteria are responsible for nitrogen removal
from both engineered and natural water systems [10, 11].

Aside from pollutant removal, biological processes are
integrated with energy production and resource recovery
[12]. Archaea and bacteria play essential roles in converting
carbon, nitrogen, phosphorus, and other pollutants into
energy and valuable chemicals [13, 14]. However, process
efficiency and stability issues remain unknown, such as
microbiome dynamics, metabolic mechanisms, and identifi-
cation of novel microorganisms. These investigations will
optimize current biological processes and innovate emerging
technologies.

Pollutant removal and nutrient recovery are two major
themes in this special issue. C. He et al. presented a compre-
hensive insight into the feasibility and robustness of anaero-
bic ceramic membrane bioreactors for treating high-strength
phenol wastewater [15]. D. Cui et al. investigated the adsorp-
tion capacity and mechanism of Pb2+, Cd2+, and Ni2+ by the
extracellular polymeric substance (EPS) from Agrobacterium
tumefaciens F2. EPS’s potential as a bioadsorbent sheds light
on the control of heavy metal pollution [16]. R. Yang et al.
studied the response and adaptation of microbial communi-
ties to a completely autotrophic nitrogen removal over nitrite
(CANON) system exposed to extreme alkaline shocks. This
study gave implications for recovering CANON reactors
after alkaline shock [17]. J. Xing et al. applied a microbial
flocculant extracted from Klebsiella pneumoniae J1 to remove
carbamazepine in wastewater and domestic sewage. This eco-
friendly and highly efficient microbial flocculant is expected
for practical applications in carbamazepine removal [18].
For nutrient recovery, X. Gu et al. applied anaerobic baffled
reactors for biohydrogen production out of molasses
wastewater and analyzed hydrogen-producing acetogen's
performance under increasing organic loads [19]. X. Li
et al. demonstrated the feasibility of cultivating marine
macroalgae (Chaetomorpha maxim) in a moving bed biore-
actor to remove nitrogen and phosphorus in aquaculture
wastewater and produce macroalgae biomass, supplying an
effective option to benefit aquaculture systems [20]. A. Sasi
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et al. developed a Bacillus licheniformis mutant strain that
could produce hyperchitinase, which has the excellent poten-
tial of recycling and processing chitin waste from crustaceans
and shrimp, adding value to the crustacean industry [21]. L.
Su et al. applied thermophilic solid-state anaerobic digestion
of agricultural wastes, i.e., corn straw, cattle manure, and veg-
etable waste, and investigated the effects of temperature, total
solid content, and C/N ratio [22].

The novel design of techniques is also addressed in the
special issue. Y. Liu et al. developed a highly sensitive and
rapid method for measuring BOD by establishing a correla-
tion between current and dissolved oxygen. Such a rapid
BOD current sensing biosensor method is expected to be
used for wastewater monitoring [23]. X. Cui et al. developed
a novel tubular photobioreactor with improved potential for
microalgal cultivation. The new design can provide a more
suitable microenvironment for microalgal cultivation and
increase microalgae yield [24].

Given all these advances in biological processes for pollu-
tion control and nutrient recovery, what does the future hold
for us? The application of biological tools in solving environ-
mental problems has a long history and is broad, covering
many underpinning and allied technological areas. We hope
that the ten articles that are included in this special issue
would supply inspiration to researchers who work in both
biological science and environmental engineering.
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The effect of the amount of hydrogen supplied for the in situ biological biogas upgrading was investigated by monitoring the process
and evolution of the microbial community. Two parallel reactors, operated at 37°C for 211 days, were continuously fed with sewage
sludge at a constant organic loading rate of 1.5 gCOD∙(L∙d)-1 and hydrogen (H2). The molar ratio of H2/CO2 was progressively
increased from 0.5 : 1 to 7 : 1 to convert carbon dioxide (CO2) into biomethane via hydrogenotrophic methanogenesis. Changes in
the biogas composition become statistically different above the stoichiometric H2/CO2 ratio (4 : 1). At a H2/CO2 ratio of 7 : 1, the
methane content in the biogas reached 90%, without adversely affecting degradation of the organic matter. The possibility of
selecting, adapting, and enriching the original biomass with target-oriented microorganisms able to biologically convert CO2 into
methane was verified: high throughput sequencing of 16S rRNA gene revealed that hydrogenotrophic methanogens, belonging to
Methanolinea and Methanobacterium genera, were dominant. Based on the outcomes of this study, further optimization and
engineering of this process is feasible and needed as a means to boost energy recovery from sludge treatment.

1. Introduction

Global warming has been proven as the consequence of
increased carbon concentration in the atmosphere resulting
from greenhouse-gas emissions mainly of carbon dioxide
(CO2) derived from human activities. According to the latest
available data [1], China is the greatest producer of CO2 with
10.9 billion tons of equivalent CO2 released every year,
followed by the USA (5.1Gt per year) and the European
Union (3.2Gt per year). Among European countries
(EU28), Italy is ranked 3rd (0.36 Gt) and 18th worldwide.
Accordingly, the imposition of increasingly restrictive limits
on municipal wastewater treatment plants (WWTPs), as well
as the need to reduce the use of fossil sources, requires plants
to become energy self-sufficient [2]. Energy is conventionally
regained through biogas production from anaerobic diges-
tion (AD). Biogas, mainly composed of 55-70% CH4, 30-

45% of CO2, and other trace gases (nitrogen, oxygen, water,
hydrocarbons, ammonia, and siloxanes) [3], can be utilized
in combined heat and power engines or, after removal of
CO2 (biogas upgrading) and other impurities, as biomethane.
In this last case, the market already offers various chemical/-
physical upgrading technologies. However, one main draw-
back lies in simply splitting CO2 from the biogas flux.
Nonetheless, given the considerable challenges in terms of
energy/chemical consumption, researchers are investigating
alternative solutions [4]. Among these, the biological CO2
conversion into methane (CH4) (Equation (1)) is attractive.

4H2 + CO2 ⟶ CH4 + 2H2OΔG0 = −135:6 kJ∙mol−1: ð1Þ

It allows the simultaneous reduction of CO2 and increase
of CH4 yields, towards a more sustainable biogas upgrading
technology which converts biogenic CO2 into an energy
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source, with a negative carbon emission footprint in terms of
fossil CO2 [5]. The high biological upgrading requirement of
exogenous H2 to allow CO2 conversion can be satisfied by
exploiting the excess off-peak energy of naturally fluctuating
renewables (wind, solar) to sustain the water electrolysis pro-
cess as power to gas (P2G) [6]. In addition, in a WWTP
equipped with sludge AD treatment, the biological biogas
upgrading introduces two additional advantages: (i) the O2
coproduced along with H2 by water electrolysis could be used
in the activated sludge treatment, which requires around 50%
of the total WWTP energy needs [2]; (ii) the effluent water
from a WWTP could be used as source water for electrolysis,
although pretreatment may be needed [7].

The biological CO2 methanization process is carried out
by archaea belonging to the orders of Methanobacteriales,
Methanomicrobiales, and Methanococcales, which are classi-
fied as hydrogenotrophic methanogens [8]. Hydrogeno-
trophic methanogens are commonly found in every
anaerobic digester playing a significant role in scavenging
H2 in order to maintain a low partial pressure (pH2 < 10 Pa).

So far, three main applications of this novel upgrading
technology were studied at the lab-scale: in situ, ex situ [9–
11], and hybrid [12]. In the in situ, H2 is fed into a biogas
reactor where it is used with the CO2 produced by organic
substrate degradation. The main drawbacks of the in situ sys-
tem are: (a) accumulation of intermediates due to the
increased H2 partial pressure (pH2) [13], (b) increase of pH
due to a progressive depletion of endogenous dissolved CO2
[9, 12, 14], and (c) low hydrogen solubility which can limit
a homogeneous and efficient distribution of the gas in the liq-
uid phase [13, 15–18].

Regarding the effect on the organic degradation chain,
Corbellini et al. [21] tested a novel approach, performed in
semibatch bioreactors, consisting in progressively increasing
H2 dosage in order to acclimate and develop a specialized
biomass. Few other studies can be found in the literature per-
taining in situ biogas upgrading treating sewage sludge and
specifically focused on the H2/CO2 ratio for process optimi-
zation [19, 20]. Indeed, it is crucial to obtain a deeper knowl-
edge of the effect of the H2/CO2 ratio in shaping a
consortium of bacteria and archaea able to steadily and
simultaneously maximize CO2 methanization and degrade
the organic substrates.

In this study, the biological in situ biogas upgrading was
operated in two lab-scale continuous stirred tank reactors
(CSTR) working in parallel in order to evaluate the repeat-
ability of the process and of the experimental outcomes: this
latter aspect is of importance as it is seldom addressed when
testing biological biogas upgrading, and the vast majority of
literature reports on single operating reactors. The experi-
mental plan was determined with two main purposes: to
investigate the effect of the H2/CO2 ratio on the efficiency
of biogas upgrading and on the stability of the process and
to study the evolution of the specific microbiome in connec-
tion with the development of the process at the macroscale.
Based on results of this investigation, further knowledge has
been gained pertaining to (1) the relationship between the
biogas rate produced and the main operational parameters;
(2) the H2/CO2 ratio up to which the system can be pushed

before encountering instability; (3) the effects of increased
H2/CO2 ratio on the microbial community, which was
analysed at different experimental stages; and (4) the repeat-
ability of the process.

2. Materials and Methods

2.1. Experimental Setup and Design. Two identical lab-scale
CSTRs (total volume, V tot = 16 L; working height, Hw =
31:3 cm; diameter, D = 30 cm; working volume, Vw = 11 L),
hereafter referred to as R1 and R2, were operated in parallel
and daily fed with 0.5 L of a primary and secondary sludge
mixture. The organic loading rate referred to the sludge
(OLRSL) was 1:5 ± 0:1 gCOD∙(L·d)-1 and the hydraulic reten-
tion time (HRT) 22 days. The two reactors (Umwelt GmbH)
were equipped with peristaltic pumps for sludge loading and
discharging and for controlling the pH at 7:4 ± 0:2 by adding
acid or basic solutions (0.5M HCl, 1M NaOH). H2 was
injected in each reactor with an additional peristaltic pump
(Velp Scientifica, Type SP-311/2, Italy) through an alumin-
ium tube (Ø = 6mm) sunk at 3/4 of the total sludge height.

Vigorous mixing at 120 rpm was assured by vertical shaft
stirrers. External heating jackets maintained the internal tem-
perature at 36:7 ± 1°C. The biogas flowwas quantified by a gas
meter (RITTER Apparatebau GmbH & Co. KG) and analysed
online with a gas analyser (AwiFLEX Cool+, Awite Bioenergie
GmbH) for CO2 (range 0-100%), CH4 (range 0-100%), and O2
content (range 0-25%) by pressure and infrared compensation
methods, while the H2S (up to 1500ppm) was measured by an
electrochemical sensor. Hydrogen was analysed, twice per
week, using gas chromatography (DANI Master GC) coupled
with a flame ionization detector (FID Nukol fused silica).
Reactors were operated for a total of 211 days, divided into
VIII Periods (Table 1). In Period I (start-up period), both reac-
tors were fed on the sewage sludge mixture only. Then, while
maintaining a constant OLRSL, H2 was progressively fed to
reactors at increasing H2/CO2 ratios: periods from II to VI
were dedicated to the enrichment (H2/CO2 from 0.5 up to
4); in Periods VII and VIII, H2/CO2 ratios above the stoichio-
metric value, and equal to 6 and 7, were adopted. Table 1
reports other relevant operating conditions for each period,
since the OLRtot is the sum of contributions given by the
sewage sludge mixture (OLRSL) and the H2, both computed
on COD basis (conversion factor 8 gCOD∙gH2

-1). The length
of periods up to the stoichiometric H2/CO2 ratio was assumed
as in Corbellini et al. [21], where such durations were defined
in order to simultaneously achieve a stable response to a
perturbation and shorten the start-up time required to adapt
the biomass to an increasing H2 supply.

The amount of H2 daily dosed in each reactor during
Period i (Dose(H2)period_i) was calculated based on the
H2/CO2 ratio and on the average rate of CO2 produced dur-
ing the (i-1)th Period, according to [21]. The daily H2 amount
was supplied by activating the H2 pump for 20 pulse/day and
adjusting the pump speed in order to reach the H2 amount
for each experimental period.

2.2. Inoculum and Feedstock Preparation and Characteristics.
Both the feeding sludge and the inoculum were taken from a
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full-scale municipal WWTP located in Bresso (Milan Area,
Italy). The feeding sludge (0.5 L∙d-1) is a mixture of primary
and waste activated sludge (WAS), directly taken from the
primary settling tank where WAS is recirculated. The inocu-
lum (10L) was collected from the mesophilic full-scale
digester. The sludge mixture was hashed and sieved (2mm)
to prevent clogging of the pump tubes; then, it was stored
at -20°C and used after thawing. The main characteristics of
the substrates are reported in Table 2. Two biochemical
methane potential tests (BMP) were performed on the sludge
mixture at the beginning and at the end of the experimenta-
tion, in this last case using the reactor effluent as inoculum.

2.3. Monitoring Strategy. Total and volatile solids and total
CODwere measured every 10 days on the feeding sludge. Total
and volatile solids, volatile fatty acids, soluble COD, and alka-
linity of the effluent digestate were determined twice a week.
Based on the results, two indexes were calculated for each
experimental period: (i) the amount of H2 consumed (H2, eff),
according to [21], and (ii) the percentage of volatile solids
removed in order to monitor the effect of H2 injection on the
organic substrate degradation, according to Equation (2).

VS %ð Þ = VSin −VSout
VSin

· 100, ð2Þ

where VSin and VSout (gVS∙L-1) are the volatile solid con-
centrations in the influent and effluent sludge.

2.4. Analytical Methods. Total and volatile solids (TS, VS) were
measured according to StandardMethods 2540 [22]. Alkalinity
was measured by titration with H2SO4 up to pH4.3, using an
automatic titrator (Hach Lange BIOGAS Titration Manager,
USA). Soluble COD (sCOD) was measured using spectropho-
tometric test kits (DR6000 UV-VIS with RFID byHach-Lange)
after filtration (0.45μm). Volatile fatty acid (VFA, acetic, pro-
pionic, isobutyric, butyric, isovaleric, and valeric) concentra-
tions were determined according to Standard Methods 5560
[22], using a gas chromatograph (DANI Master GC) coupled
with a flame ionization detector. Hereafter, the term TVFA
indicates the total concentrations of VFA expressed as equiva-

lent COD. Total COD was determined according to Standard
Methods 5220 [22]. Biogas composition (CO2, CH4, H2, O2,
and N2) was characterized twice a week using gas chromatog-
raphy (DANIMaster GCAnalyser equipped with two columns
HayeSep Q and Molesieve 5A). The Automatic Methane
Potential Test System II (AMPTS II, Bioprocess Control®)
was used for BMP determinations. Tests were performed in
duplicate, at mesophilic conditions (35 ± 0:5°C) and adopting
a substrate to inoculum (S/I) ratio of 0.5 on VS base according
to the Italian BMP standard method [23].

2.5. Statistical Analysis. Statistical analyses were carried out
using the SPSS v.25 software in order to assess: (i) the repeat-
ability in the operation of the two reactors, R1 and R2, and
(ii) the significance of the differences observed between the
eight experimental periods. Data distributions were firstly
verified, both graphically (results not shown) and numeri-
cally. The Kolmogorov-Smirnov and Shapiro-Wilk tests
(significance level = 0:05) were used to test variables against
normality. As normality conditions were not always satisfied,
the nonparametric Mann–Whitney U test and Kruskal-
Wallis test (significance level = 0:05) were used to compare
the selected dependent variables to the independent categor-
ical variables of interest (reactors or periods).

2.6. Sampling, Amplification of 16S rRNA Gene, Sequencing,
and Sequence Analyses.A total of 16 samples were taken from
R1 and R2 reactors for high throughput 16S rRNA gene
sequencing for microbial community analyses. Sampling
points were selected according to the following scheme: one
sample was collected at the end of Periods IV (R1-IV and
R2-IV) and V (R1-V and R2-V), two during Period VI (R1-
VI and R2-VI), one at the end of Period VII (R1-VII and
R2-VII), and three in the last Period VIII (R1-VIII_a; R1-
VIII _b; R1-VIII _c; R2-VIII _a; R2-VIII _b; R2-VIII _c), as
summarized in Figure 1.

Samples were centrifuged (7000 rpm, at 4°C for 10min)
to obtain around 2 g of cell pellet. The total microbial DNA
was extracted using FastDNA Spin for Soil kit (MP Biomed-
icals, Solon, USA) according to the manufacturer’s protocol.
The bacterial V5-V6 hypervariable regions of the 16S rRNA
gene were PCR-amplified using 783F and 1046R primers
[24, 25], while for the archaeal communities a fragment of
the 16S rRNA gene was PCR-amplified using the IA_349F-
IA_571R primers [26]. The multiplexed libraries were

Table 1: Operational parameters during experimental periods; in
brackets, next to the period number, the H2/CO2 ratio adopted.

Period–
H2/CO2

Duration
(d)

Progressive
days

(begin-end)

OLRSL
(g COD·L-

1·d-1)

OLRtot
(g COD·L-

1·d-1)
I 97(a) 0-20 1:3 ± 0:6 1:3 ± 0:6
II−0.5 20 21-41 1:5 ± 0:2 1:5 ± 0:1
III–1 7 42-49 1:5 ± 0:1 1:6 ± 0:3
IV–2 8 50-58 1:6 ± 0 1:6 ± 0:4
V–3 8 59-67 1:6 ± 0 1:7 ± 0:2
VI–4 26 68-94 1:4 ± 0:2 1:7 ± 0:3
VII–6 12 95-107 1:5 ± 0:8 1:8 ± 0:8
VIII–7 33 108-141 1:5 ± 0:4 1:9 ± 0:6
(a)In all figures, only the last 20 days of Period I are shown.

Table 2: Chemical characterization (mean ± standard deviation) of
inoculum and sludge mixture used.

Parameters Sludge mixture Inoculum

Total solids (TS) (gTS∙kgFM
-1)(a) 26 ± 6 20 ± 2

Volatile solids (VS) (gVS∙kgFM
-1) 18 ± 5 12 ± 3

VS/TS (%) 70 59 ± 1
CODtot (gCOD∙kgFM

-1) 12 5.5

TVFA (mgCOD∙L-1) 1254 ± 130 224

Alkalinity (mgCaCO3∙L
-1) 1629 ± 261 5666 ± 148

(a)FM: fresh matter.

3Archaea



prepared using a dual PCR amplification protocol. The bacte-
rial PCR was performed in 2 × 50 μL volume reactions with
GoTaq® GreenMaster Mix (Promega Corporation, Madison,
WI) and 1μM of each primer, and the cycling conditions
were initial denaturation at 98°C for 30 s; 20 cycles at 98°C
for 10 s, 47°C for 30 s, and 72°C for 5 s; and a final extension
at 72°C for 2min. The archaeal PCR was performed in 4 ×
25 μL volume reactions with Phusion high fidelity polymer-
ase (Thermo Scientific) and 2μM of each primer, and the
cycling conditions were initial denaturation at 96°C for
4min; 10 cycles at 96°C for 30 s, 68°C for 30 s, and 72°C for
25 s; then 30 cycles at 96°C for 30s, 58°C for 30 s, and 72°C
for 25 s; and a final extension at 72°C for 5min. Amplicons
were purified with the Wizard® SV Gel and PCR Clean-up
System (Promega Corporation, Madison, WI, USA) accord-
ing to the manufacturer’s instructions. After the purification,
DNA quality was evaluated spectrophotometrically, and
DNA was quantified using Qubit® (Life Technologies, Carls-
bad, CA). The Illumina Miseq sequencing was carried out at
Consorzio per il Centro di Biomedicina Molecolare (Trieste,
Italy). Reads from sequencing were de-multiplexed according
to the indexes and then quality filtered. Quality-filtered reads
were assembled into error-corrected amplicon sequence var-
iants (ASVs) using DADA2 v1.4.0 [27], which represent
unique bacterial/archaeal taxa. Assembled ASVs were
assigned taxonomy (phylum to species) using the Ribosomal
Database Project (RDP).

Rarefaction curves were performed using the PAST3 soft-
ware. Heat maps were produced with the STAMP software.
Nonmetric multidimensional scaling (NMDS) analyses
based on Bray-Curtis dissimilarity index were conducted
using the vegan packages of R (R version 3.6.0). The discus-
sion of the data is focused on the most abundant bacterial
and archaeal genera in the community with relative abun-
dance of at least 0.5% for archaea and >1% for bacteria.

3. Results and Discussion

3.1. Repeatability between Reactor Operation. The repeatabil-
ity between reactors was statistically tested to assess whether
it was reliable to group output data. For this purpose, 5 vari-
ables were used: three “gas phase” variables, biogas rate, and
its composition (CH4 and CO2) and two “liquid phase” vari-
ables, alkalinity, and TVFA. They were evaluated either pool-
ing all the data together, independently on the period (case
A) or separating testing variables period by period (case B).
As for case A, variability in data distributions was found
between R1 and R2 if considering biogas rate (U = 15’727;
asymptotic significance, ASig < 0:001; mean ranks, MRk: R
1 = 103; R2 = 182). Results turned out opposite when testing
CH4 (U = 1’009, ASig: = 0:097, MRk: R1 = 55:3; R2 = 45:7)
and CO2 contents (U = 1’416, ASig: = 0:252, MRk: R1 =
47:2; R2 = 53:8) as well as alkalinity (U = 1’148, ASig: =
0:054, MRk: R1 = 38:3; R2 = 48:7) and TVFA (U = 387,
ASig: = 0:352, MRk: R1 = 32:6; R2 = 28:4). Although the
conditions inside R1 and R2 were found statistically similar,
different distributions of data were observed in the biogas
rate but displaying statistically comparable gas compositions.
This is probably to be ascribed not only to the different micro-
bial communities that developed between the two reactors (see
par. 3.5) but also to specific local environmental conditions.
After a certain period of H2 dosing, bioreactors might have
improved or conversely limited particular degrading pathways
or secretion of specific enzymes. This aspect needs to be fur-
ther investigated, by adopting a target-oriented experimental
plan focused on this purpose. The period by period compari-
son (case B) between reactors provided more accurate results
(see Table S1 in the Supplementary Material): different
biogas rate distributions between reactors were observed for
all eight periods with significance values well below the 0.05.
Conversely, CO2 and CH4 content distributions were the
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same for R1 and R2 during all periods, except Periods I (exact
significance, Sig: = 0:021) and VI (Sig: = 0:008). Results on
alkalinity and TVFA confirm what observed testing the
entire set of data, from Period I to Period VIII: the chemical
conditions inside R1 and R2 were always statistically
comparable, except for Periods VI (Sig: = 0:004) and VIII
(Sig: = 0:004). It should be noted that Period VI corresponds
to the stoichiometric dosage of H2: starting from this period,
significant variability is expected. Based on this statistical
analysis, all results obtained are presented and discussed
separately for the two reactors, especially with reference to
the biogas rate.

3.2. Statistical Significance of Biogas Upgrading. The three
“gas phase” variables were statistically tested using the non-
parametric, Kruskal-Wallis test to verify the significance of
the observed differences between the eight periods (see
Table S2 in the Supplementary Material). Significance
values were found below 0.001 for all the three variables,
then providing strong evidence of a difference between the
mean ranks of at least one pair of periods. Following the
rejection of Kruskal-Wallis tests, post hoc procedure for
pairwise multiple comparisons was performed to identify
which pairs were different. Dunn’s pairwise tests were
carried out using the Bonferroni correction to adjust the
rejection level on the total number of tests (results are
summarized in Table S3, Supplementary Materials). This
test revealed that, for both reactors, the biogas rate produced
during Period I becomes statistically different starting from
Period V when approaching the stoichiometric dosage of H2;
then, a different behaviour between R1 and R2 was observed:
as for R1, the biogas rate produced during Periods VII
(Sig: = 0:109) and VIII (Sig: = 0:878) returned being
statistically the same as what was produced during Period I.
Conversely, the biogas rates produced during Periods from
V to VIII in R2 present strong evidence (Sig:<0:026) of
being statistically different from those produced in both
Periods I and II. Similar results were observed for CO2 and
CH4 content, instead: changes in biogas composition become
statistically different from Period II, starting from Period VI
(Sig:<0:043); increasing the H2/CO2 ratio above the
stoichiometric, however, did not change significantly, from a
statistical point of view, the biogas composition.

3.3. Reactor’s Performance

3.3.1. Period I: Pre-H2 Phase. As shown in Figure S1 in
Supplementary Materials, during Period I, initial variability
of methane yields was observed in both reactors. However,
after 97 days, corresponding to three HRTs, the steady-state
was reached in both reactors, and methane yields of 0.26
and 0.28 NLCH4∙gVS

-1 for R1 and R2, respectively, resulted
being comparable to the BMP values (0:229 ± 0:001 and
0:210 ± 0:002 NLCH4∙gVS

-1) measured at the beginning
and at the end of the experiment. Table 3 reports the
average gaseous flows of methane, carbon dioxide, and
hydrogen throughout the periods of the experiment for the
two parallel reactors. Since the beginning, higher CO2 and
CH4 production rates are observed in reactor R2, compared

to R1, although similar biogas composition is detected. Such
deviation in the biogas rate between R1 and R2 increases
during the experiment, despite the same feeding being
maintained during all periods: this is probably due to small
unintentional changes in the environmental conditions of
the two reactors which could have led to different speciation
in the microbial community (i.e., alkalinity, nutrients, and
VFA, which could, for example, determine the secretion of
different specific enzymes). Under normal conditions, such
variations result in negligible effects, such as the slightly
higher concentrations of unconverted VFA found in R1 up
to phase IV. Thereafter, starting to stress the system with
H2 dosing, it is possible that the process turned out to be
more sensitive even to small variations, then resulting in
more pronounced differences between reactors (see
alkalinity and VFA concentrations starting from phase V,
when approaching the stoichiometric H2/CO2 ratio), which
led to the diverse rates of biogas produced reported in
Table 3.

Figure 2 shows, for both reactors, mean values of param-
eters monitored for each period.

Reactors behaved similarly during Period I, with high
methane (76.2%) and low CO2 (23.8%) contents in the biogas
(Figure 2(b)) and comparable alkalinity (Figure 2(c)) and
TVFA concentrations (Figure 2(d)), with the acetic acid
prevailing.

3.3.2. Periods II-VI: Enrichment of the Hydrogenotrophic
Methanogens. During Periods II to VI (days 21-94), H2 was
injected by progressively incrementing the dosage. Since very
low concentrations were detected in the output gas, it can be
concluded that H2 was completely consumed by the process,
while observing a slight increase in the produced methane
rate as shown in Figure 2(b). This confirmed that hydrogeno-
trophic methanogens usually work below their H2 rate con-
sumption capacity [28], then being able to consume more
hydrogen available as soon as they come into contact with
it. Furthermore, the anaerobic degradation of the substrate
was not affected, and VFAs were easily consumed during
the process as no accumulation was observed: biogas produc-
tion was stable as well as volatile solids degradation, as
reported in Table 4. However, as shown in Figure 2(c),

Table 3: Summary of reactors’ gas mass flow (CO2, CH4, and H2)
during the experimental periods.

Period–H2/CO2

CO2
(NmL∙d-1)

CH4
(NmL∙d-1)

H2
(NmL∙d-1)

R1 R2 R1 R2 R1 R2

I 788 894 2597 2772 0 0

II-0.5 955 1054 2813 3137 27 33

III–1 962 1034 2985 3319 42 28

IV–2 953 1094 3161 3612 43 38

V–3 1004 1307 3628 4404 54 65

VI–4 605 1147 3454 4542 203 349

VII–6 575 864 3597 4329 134 229

VIII–7 297 440 3353 4970 235 348
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ethanol peaks of 3.2 and 1.4 gCOD∙L-1 in reactors R1 and
R2 were reported during Phase II, immediately in response
to H2 injection. To the best of the authors’ knowledge, in
the recent literature on in situ biogas upgrading, ethanol
accumulation has not yet been reported. It can probably
be ascribed to the regulatory role of H2 in the normal
operation of anaerobic digesters. Ethanol is formed from
sugars during the acidogenesis step [29], and it is generally
oxidized by syntrophic bacteria and methanogens [30, 31].
Low H2 concentrations allow thermodynamic degradation

of alcohols and fatty acids by H2-producing syntrophic bacte-
ria [30]; thus, the amount of extra H2 provided to a biomass
which is not yet properly acclimatized influenced alcohol oxi-
dation, possibly leading to the ethanol accumulation. Never-
theless, although the H2 supply was not interrupted, ethanol
decreased to 0.2 gCOD∙L-1 in both reactors during Period III
(H2/CO2 1 : 1) and was almost completely depleted in Period
IV. This is probably due to an increased activity of H2-scav-
enging microorganisms, which have promptly reduced the
exogenous H2, then allowing for alcohol degradation.

Furthermore, it is generally reported that around 40% of
the total H2 provided is utilized via homoacetogenesis plus
acetoclastic methanogenesis pathways [32]. Despite this, in
this study, the acetate concentrations registered were stable
in both reactors (0.6 gCOD∙L-1 in R1 and 0.4 gCOD∙L-1 in
R2), which appears to be in contrast with this significant H2
consumption route.

When reaching the stoichiometric H2/CO2 (4 : 1) value in
Period VI, high variability in the biogas yield was observed in
R1, with a methane production rate varying from 1.5 up to 4
NLCH4∙d

-1 (Figure 2(a)). Regardless of the unstable biogas
rate, CO2 content decreased to 14% while CH4 rose to 81%.
R2 behaved differently, having restrained variations of biogas
and methane rates (3 up to 4.46 NLCH4∙d

-1) but with a lower
reduction of CO2 content (from 23 to 19%) and CH4 increase
(75%) (Figure 2(b)). The authors believe that the lower pro-
duction of biogas in R1 led to a higher amount of H2 available
for a lower quantity of CO2 produced, thus allowing for
higher CO2 conversion.

3.3.3. Periods VI-VIII: Overstoichiometric Assessment. In
Periods VII and VIII, both reactors were operated at
H2/CO2 ratio of 6 : 1 and 7 : 1. In the first overstoichiometric
period, CO2 was further converted in order to achieve a CH4
content of 84% and 80% in R1 and R2, respectively. VFAs
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Figure 2: Mean values of parameters measured during each of the eight experimental periods (in brackets the H2/CO2 ratio): (a) box plots of
methane rate (circles indicate outliers); (b) biogas composition; (c) TVFA composition and alcohols; (d) box plots of alkalinity concentrations
(circles indicate outliers).

Table 4: Summary of reactor alkalinity and VS removal during the
experimental periods.

Period Reactor Alkalinity (gCaCO3∙L
-1) VS removal (%)

I
R1 4.36 39%

R2 4.33 37%

II
R1 4.04 44%

R2 4.07 42%

III
R1 4.04 39%

R2 4.01 40%

IV
R1 3.96 45%

R2 4.02 47%

V
R1 3.99 41%

R2 4.37 42%

VI
R1 3.36 35%

R2 4.06 32%

VII
R1 3.48 39%

R2 3.92 34%

VIII
R1 2.16 37%

R2 3.63 32%
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were very low, indicating a stable process. When the H2/CO2
ratio was further increased to 7 : 1, both R1 and R2 showed a
maximum methane production rate of 4 and 4.5 NLCH4∙d

-1,
even though R1 displayed high variability. Furthermore,
VFAs and ethanol were almost constant. In this final period,
R1 reached the lowest CO2 content of 4.5% and the max-
imum CH4 content of 90.3% (Figure 2(b)). The organic
substrate degradation was not negatively affected by exog-
enous H2 injections. Indeed, a BMP test on the sludge mix-
ture was carried out (day 137), using as inoculum a mixture
of digestates taken from the two reactors. This resulted in
210 ± 1:5 NmLCH4∙gVS

-1, a value comparable to 229 ± 1
NmLCH4∙gVS

-1 obtained at the beginning of the test using
the digestate from the WWTP Bresso as inoculum.

3.3.4. Comparison with Literature. Table 5 summarizes sev-
eral studies on the in situ biogas upgrading by H2 injection
at different operational conditions. It can be seen that few
studies pertaining to the in situ biogas upgrading process per-
formed at mesophilic conditions with sewage sludge allow a
direct comparison with the present work. Wang et al. [33]
utilized Synthetic Coke Oven Gas (SCOG 92% H2 and 8%
CO), as hydrogen source injected, with a hollow fibre
membrane (HFM) module, into a CSTR applying the stoi-
chiometric biomethanation ratio (H2/CO2 = 4 : 1). Biogas
was completely upgraded (98-99 CH4%) only when pH value
was fixed at 8. Agneessens et al. [19] tested pulse H2 injec-
tions in batch mode with a H2/CO2 ratio varied from 2 : 1
to 10 : 1. The ratio 8 : 1 turned out to be the best choice with
a final CO2 content of 11.8%. Later on, in a study performed
by Corbellini et al. [21], the H2/CO2 ratio was increased from
1 : 1 to a maximum of 4 : 1 in a semicontinuous mode, but the
CH4 fraction reached in the biogas was a maximum 80%. The
present study investigated the process with higher volumes
(16 L) than all previous studies where the volume adopted
was always lower than 3.5 L [49]. The H2 injection was tested
with in a wider range of H2/CO2 ratios and in CSTR bioreac-
tors. Moreover, the repeatability of the process was evaluated
with two parallel operating reactors, a topic that has never
been addressed previously. The effects of the aforementioned

aspects on biological H2 and CO2 methanization behaviour
are of great importance for practical application with a view
towards larger-scale studies.

3.4. Alkalinity Trends over CO2%. Mean values of alkalinity
concentrations in both reactors are reported in Figure 2(d).
From Period II, alkalinity was consumed in both reactors
along with the progressive increase of the H2/CO2 ratio. This
evidence is directly related to CO2 consumption in the liquid
phase, in accordance with a previous study [33]. The overall
CO2 reduction, at the end of the experiment, was signifi-
cantly higher in R1 (-40%) than in R2 (-14%) (Table 4), also
confirmed by the lower CO2 content registered in the output
biogas. The buffer capacity of anaerobic digesters is crucial to
maintain neutral and stable pH values. For this reason, full-
scale applications of the in situ upgrading process are limited
if the influent organic substrate is not sufficient to restore
alkalinity.

3.5. High Throughput 16S rRNA Gene Amplicon Analysis. As
shown in Table S4 in Supplementary Materials, a total of
514,295 (bacteria) and 495,983 (archaea) reads were
obtained from the 16 samples. All of them, except the
archaeal R1-VIII_b and R2-VIII_b, reached a plateau,
indicating that the number of ASVs covered the sample
richness (Figure S2 in Supplementary Materials). Given not
satisfactory archaea sequencing results of R1_VIII_b and
R2-VIII_b (only around 200 reads and 5 ASV), these
samples were not included for the further analyses. The
evolution of the microbial communities over time and with
respect to the digesters was performed by NMDS analysis
(Figure 3).

For bacteria, distinct clusters could not be observed,
while samples collected from the two reactors during the
same period are closed to each other suggesting an evolution
of the community due to the different operational parameters
applied in the different experimental periods. On the con-
trary, for archaea, two clusters, which contain most of the
samples of R1 and R2, could be identified. A neat shift of
the community occurred at the end of the operational time
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Figure 3: Nonmetric multidimensional scaling plots based on Bray–Curtis distances of the bacterial (a) and archaeal (b) communities at ASV
level in R1 (light grey) and in R2 (dark grey).
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because R1_VIIIc and R2_VIIIc are completely separated
from the rest of the samples.

3.5.1. Bacterial Community Composition. The bacterial com-
munity consisted of Firmicutes (17%-50%), Proteobacteria
(12%-26%), Actinobacteria (9%-25%), and Bacteroidetes
(4%-22%), while other phyla, such as Unclassified_bacteria
(8%-15%), Cloacimonetes (1% -11%), and Synergistetes
(1%-2%), were less abundant (Figure 4(a)). Relative abun-

dances of the bacteria at the genus level are shown in
Figure S3 of the Supplementary Materials. As in previous
studies, the dominance of Firmicutes and Bacteroidetes in
digesters is frequently observed [34], as they are hydrolytic
bacteria [33, 35, 36] responsible for the breakdown of
polymeric substrates, such as proteins, lipids, and
polysaccharides. Proteobacteria, known as acidogenic
bacteria, was one of the dominant phyla in this study, in
line with previous studies in AD [36, 37]. It can be seen
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Figure 4: (a) Relative abundance of the bacterial phyla of two parallel reactors at several sampling points. (b) Heat maps of relative abundance
(>1%) of the most abundant bacterial ASVs of R1 and R2. The scale limit starts from 0 (abundance equal to 1% because of the selection) to 8%.
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that the bacteria related to hydrolysis and acidogenesis
processes constitute a large proportion, over 60%, of total
bacteria [38]. Their proportion rose with the increase in the
H2/CO2 ratio suggesting that increasing H2 dosage promoted
the development of a microbial consortia enriched with
hydrolytic and acidogenic bacteria, which enhanced the
methane yield and purity. All further discussions on microbial
analysis results were focused only on the most abundant

ASVs with a relative abundance > 1%. 38 ASVs represent the
most abundant members in all the samples. The evolution of
the most abundant genera detected in the two reactors is
represented as heat map at a genus level in Figure 4(b).

Unclassified_Bacteroidetes Romboutsia, Unclassified_
Candidatus_Cloacamonas, Hyphomicrobium, and Mycobac-
terium were found to be the predominant genera in both
reactors. Unclassified_Bacteroidetes, known to be involved
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Figure 5: (a) Relative abundance of the archaeal community structure on the family level. R1_III b and R2_III b labelled with “X” are without
consideration due to unideal archaea sequencing results. (b) Heat maps of relative abundance (>0.5%) of the most abundant archaeal ASVs of
R1 and R2.
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in the polysaccharide and protein hydrolysis step during the
AD process [39], were constantly present with an average of
7% in both reactors during all experimental periods. Rom-
boutsia, known as homoacetogens [40], increased its relative
abundance constantly from 5% to 9% during the experiment.
However, the recorded increases of Romboutsia do not seem
to be confirmed by the low levels of acetate found during the
experimental trial. This is probably due to the faster acetate
consumption dynamics of acetoclasts in forming methane,
compared to the acetate sampling and measurement inter-
vals. Another most abundant bacterial genus was Hyphomi-
crobium, which increased in both reactors from 3.9% to
7.1% in R1 and 2.1% to 6.4% in R2. Bacteria belonging to this
genus are known to cooperate with methanogens (i.e.,
Methanosarcina) in simultaneous denitrification and metha-
nogenesis [41] and the aforementioned Romboutsia (from
5.8% up to 8.7% relative abundance) indicating a constant
H2 consumption also by homoacetogenesis. Also, members
belonging to Gordonia increased in both reactors (from 3%
up to 9% in R1and 3% to 8% in R2). These bacteria are
known to be able to degrade environmental pollutants such
as polycyclic aromatic hydrocarbons [42] that are normally
present in wastewater activated sludge [43].

3.5.2. Archaeal Community Composition. In the archaeal
community patterns, two phyla, Euryarchaeota (98%) and
Woesearchaeota (1.5%), and 8 families were identified. In
Figure 5(a), the most abundant families in all samples
are Methanobacteriaceae (16%-75%), Methanoregulaceae
(2%-74%), and Methanospirillaceae (3%-76%). According to
the heat map at the general level (Figure 5(b)), five genera,
i.e., Methanolinea (3%-74%), Methanobacterium (8%-73%),
Methanobrevibacter (0-15%), Methanospirillum (0-21%), and
Methanothrix (0-15%), can be considered as the core commu-
nity displaying more than 90% abundance of each sample and
confirming their key role in digesters (relative abundances
of the archaea at the genus level are shown in Figure S4
of the Supplementary Materials). It is well known that
Methanolinea, Methanobacterium, Methanobrevibacter, and
Methanospirillum are the most common hydrogenotrophic
methanogens [38, 44], for their ability to scavenge H2 by
maintaining a low pH.

Among the archaeal community, Methanothrix (also
calledMethanosaeta) with a 100% similarity toMethanothrix
soehngenii [45, 46] was the only acetoclastic methanogen
detected (5.5% in R1 and 4.5% in R2 till VIII_a). Overall,
these findings strongly confirmed the dominance of hydroge-
notrophic methanogens among the archaeal community in
both systems, indicating that the increasing H2 dosage is an
effective way to promote the growth of hydrogenotrophic
rather than acetoclastic methanogens.

Something worthy of note was that the hydrogenotrophic
methanogens differed during the H2 dosage periods. More
specifically, the most abundant genus Methanolinea was
present in most samples except R1_VIII_c and R2_VIII_c.
The NDMS results showed that most samples clustered
together except these two samples. The second most abun-
dant genus was Methanobacterium, Methanobacterium
palustre which is known to utilize H2/CO2, for its growth

and/or methane production [47]. Its abundance gradually
increased with the increase of the H2/CO2 ratio demonstrat-
ing its role in the biogas upgrading.

4. Conclusions

The following conclusions can be drawn from the experi-
mentation performed: (i) as already found with other studies
[19], the stoichiometric H2/CO2 ratio (4 : 1) is not sufficient
to complete the CO2 conversion to CH4 and achieve interest-
ing low percentages of carbon dioxide in the biogas; this is
also very likely affected by the H2 injection mode which
determine the diffusion of the gas in the liquid phase. Further
research is needed in order to optimize the hydrogen gas
transfer process; (ii) by increasing the H2/CO2 ratio to 7 : 1,
it was possible to efficiently maximize the CO2 conversion
for the production of a biogas mainly composed of methane
(max 90.3%); (iii) the sewage sludge degradation was not
negatively affected by the incremental supplying of H2, while
a significant alkalinity consumption was observed. In order
not to impair the process, it is crucial to ensure that the
organic influent is capable of reintegrating the alkalinity con-
sumed; (iv) the efficiency of the process was ensured by the
development of a specialized community, composed mainly
of Methanobacterium, Methanobrevibacter, Methanospiril-
lum (hydrogenotrophic methanogens), homoacetogens,
hydrolytic, and acidogenic bacteria, thanks to the enrichment
strategy; (v) during H2 periods, the two parallel reactors pro-
duced different methane rates but displayed similar trends.
The results of this experiment are quite robust and repeat-
able, but further studies focused on this topic are needed in
order to assess how the performance of the process, while
introducing high concentrations of hydrogen, is susceptible
to common small differences normally establishing in anaer-
obic digesters.
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The microbial flocculant (MFX) extracted from Klebsiella pneumoniae J1 was used to remove carbamazepine in prepared
wastewater and domestic sewage. The influence factors and flocculation mechanism were studied. The optimal carbamazepine
removal conditions for MFX were pH of 7-8, 7mL of flocculant, 0.1mL of coagulant, and 35°C, and the removal rate reached
81.75%. MFX was efficient in the removal of carbamazepine in both domestic sewage (75.03%) and secondary sedimentation
tank effluent (69.76%). The pseudo-first-order kinetic equation fitted the adsorption process better than the pseudo-second-
order kinetic equation, which suggested that the adsorption was not pure chemical adsorption. The analysis of floc size
suggested that the repulsive force between carbamazepine and MFX was weakened under alkalescent conditions, which can help
the growth and coherence of flocs and increase the carbamazepine removal efficiency. Enough dosage of MFX can generate
larger flocs, but excessive dosage of MFX will decrease the carbamazepine removal rate because of increase in electrostatic
repulsion. The analysis of 3D-EEM and FTIR suggested that hydroxyl, amino, and carboxyl in MFX played an important role in
the removal of carbamazepine. As an eco-friendly and highly efficient microbial flocculant, MFX has potential for practical
applications in carbamazepine removal.

1. Introduction

Carbamazepine (CBZ), a typical pharmaceutical and per-
sonal care product (PPCP) [1–3], is a medicine for the treat-
ment of epilepsy, depression, glossopharyngeal neuralgia,
trigeminal neuralgia, and central partial diabetes insipidus
[4]. Toxicological experiments show that the LD50 of carba-
mazepine is 4205mg/kg (for rats). Carbamazepine has been
detected in sewage treatment stations since 1998, and it has
been found that the concentration of carbamazepine in water
is higher than that of other PPCPs in recent years [5]. Carba-
mazepine widely exists in the effluent of urban sewage plants,
surface water, and soil. Carbamazepine may eventually enter
drinking water and groundwater through environmental
migration and transformation [3, 6].

It can be seen from the pollution status of carbamazepine
in the environment that carbamazepine widely exists in var-
ious environmental media after migration and transforma-
tion, and it has good stability and durability, allowing it to
exist in the environment for a long time [7, 8]. Therefore, it
is urgent to improve the removal efficiency of carbamazepine
in the research of PPCP pollutants.

Microbial flocculants (MFX), extracted from microorgan-
isms, widely exist and are nontoxic and eco-friendly [9–11].
There are numerous chemical groups (e.g. hydroxyl, carboxyl,
and amino) in MFX, which allow MFX to have good combin-
ing capacity with pollutants and have good flocculation effi-
ciency [12–15]. In addition to the removal of turbidity of
wastewater, it has been proved that MFX can treat wastewaters
that contain heavy metals [16–18] and antibiotics [19–21].
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Because there is no secondary pollution of MFX, it is one of
the most promising materials to treat wastewater [22].

Until now, most studies on MFX used prepared solution
to study the removal efficiency of MFX. Actually, the constit-
uents in actual wastewater are much more complex than
those in a prepared solution [23]. There are many other con-
taminants in actual wastewater, and these contaminants
could compete against carbamazepine, which will decrease
the carbamazepine removal efficiency by MFX. Therefore,
besides prepared solutions, it is also important to conduct
experiments on carbamazepine removal in actual wastewater.

In this study, MFX was used to remove carbamazepine
from wastewater. The carbamazepine removal efficiency
was tested under different conditions (pH, dosage of MFX,
dosage of coagulant, and temperature). Considering the
practical application of MFX, the carbamazepine removal
efficiency by MFX was also studied in domestic sewage and
in secondary sedimentation tank effluent. The adsorption
kinetics and the mechanism of carbamazepine flocculation
were studied.

2. Materials and Methods

2.1. Materials and Reagents. The extraction of MFX from
Klebsiella pneumoniae J1 (CGMCC No. 6243) was described
in our previous work [19]. Briefly, J1 was inoculated and fer-
mented to produce MFX. MFX was extracted by alcohol
extraction and was purified by dialysis in ultrapure water.
Dried MFX powder was obtained by vacuum freeze drying
and stored at 4°C.

Carbamazepine, CaCl2, and the reagents used to prepare
MFX were purchased from Bailingwei Technology Co., Ltd.
Ultrapure water (18MΩ/cm, Milli-Q), and analytical-grade
reagents were used in this work.

2.2. Batch Adsorption Experiments. The stock carbamazepine
solution (5mg/L) was prepared by dissolving carbamazepine
in ultrapure water and stored at 4°C for later use. The stock
carbamazepine solutions were diluted appropriately to
obtain the experimental solutions. MFX (1 g/L) and coagu-
lant aid (CaCl2, 10%) were added to the initial carbamazepine
solution (1mg/L, 1 L). After flocculating and stirring for a
period of time, the samples were allowed to stand for
20min. After adsorption, MFX was separated by 0.45μm fil-
ter membrane and the concentration of carbamazepine was
determined by high-performance liquid chromatography
(HPLC, Shimadzu, LC-10A (SPD/RID/RFD), Japan). All
experimental data were the average of triplicate measure-
ments. The adsorption capacity (qe, mg/g) of carbamazepine
by MFX was calculated as follows:

qe = C0 – Ceð Þ V
M

, ð1Þ

where C0 and Ce are the initial and equilibrium carbamaze-
pine concentrations (mg/L), respectively, V is the volume of
the carbamazepine operating solution (L), and M is the dose
of MFX (g).

MFX was also used to adsorb carbamazepine in domestic
sewage and sewage from the secondary settling tank from the
Harbin Taiping Sewage Treatment Plant. The adsorption
process was similar to that of carbamazepine solution. The
difference was that the concentration of carbamazepine in
the domestic sewage and the sewage from the secondary set-
tling tank was much lower than the prepared carbamazepine
solution; therefore, the samples were pretreated via ethyl ace-
tate liquid-liquid extraction. To be specific, the same volume
of ethyl acetate was added to the filtered supernatant, the
sample was shaken for 10min, and then, it was allowed to
stand for layering. The supernatant liquid was extracted,
shaken for 5min, and then allowed to stand for layering.
The supernatant liquid was extracted. After rotary evapora-
tion and nitrogen blowing of the collected upper liquid, it
was redissolved with chromatographic grade methanol. The
concentration of carbamazepine was measured by high-
performance liquid chromatography (HPLC, Waters, USA).
Three parallel samples were prepared for each sample.
Carbamazepine (20μg/L) was used as a standard sample to
measure the recovery rate of the spiked standard.

2.3. Adsorption Kinetics. The adsorption kinetics of MFX for
carbamazepine were discussed using the pseudo-first-order
and pseudo-second-order kinetic models. The initial concen-
tration of carbamazepine was at a pH of 7, with CaCl2
(0.1mL, 10%) as a coagulant aid. The adsorption times were
5, 10, 15, 20, 30, 40, 50, and 60min, respectively. The pseudo-
first-order and pseudo-second-order kinetic models are
displayed in

log qe − qtð Þ = log qeð Þ − k1
2:303 t,

t
qt

= 1
k2qe

2 + t
qe
,

ð2Þ

where qe and qt are the equilibrium adsorption capacity and
adsorption capacity at a certain moment, respectively (mg/g),
t is the adsorption time (min), and k1 and k2 are the rate con-
stants of pseudo-first-order and pseudo-second-order kinetic
models, respectively.

2.4. Analysis of Mechanisms of Carbamazepine Adsorption on
MFX. A granulometer (Malvern MS2000, UK) was used to
monitor the growth of different microbial flocculants and to
calculate the growth rate of the flocs in the adsorption pro-
cess. The functional groups were determined by Fourier
transform infrared spectroscopy (FTIR, Perkin-Elmer spec-
trum 100). Three-dimensional fluorescence spectrophotom-
etry (3D-EEM, FP6500, JASCO, Japan) was used to obtain
EEM spectra, and the fluorescence response was obtained
by scanning the emission spectra from 220 to 650nm and
by varying the excitation wavelength from 220 to 500 nm.
Fluorescence quenching, completed by adding carbamaze-
pine into the MFX solution, was used to assess the adsorption
characteristics.

2 Archaea



3. Results and Discussion

3.1. Factors That Influence the Removal Efficiency of
Carbamazepine via MFX. Generally, to evaluate the adsorp-
tion capacity of MFX, the removal efficiency of a pollutant
needs to be tested under different conditions. In this study,
the adsorption performance of carbamazepine by MFX was
studied under different conditions by changing the pH,
dosage of MFX, dosage of coagulant aid, and temperature,
respectively.

3.1.1. pH. The pH value is an important parameter in the
adsorption process. The pH not only affects the functional
groups of MFX but also affects the surface charge of carba-
mazepine [24, 25]. The removal rate of carbamazepine by
MFX was tested at pH = 5–10, and the results are shown in
Figure 1(a). It was obvious that the removal rate of carbamaz-
epine by MFX increased from pH = 5 to pH = 7 and
decreased from pH = 7 to pH = 10. MFX showed a poor car-
bamazepine removal effect under acidic conditions. At pH
= 5, the removal rate was only 5.14%. However, the carba-
mazepine removal rate became better under nonacidic condi-
tions. At pH = 7, MFX had the best carbamazepine removal
rate (65.26%), and the removal rate decreased apparently at
pH = 9–10. This suggests that both acidic and overly alkaline
conditions are not suitable for the removal of carbamazepine
by MFX. This was because the change of pH conditions
changed the quantity and properties of surface charges of
both MFX and carbamazepine, and overly acidic and overly
alkaline conditions can weaken the neutralization effect and
hinder the aggregation reaction between MFX and carba-
mazepine [20]. Therefore, the optimal pH range for the
removal of carbamazepine by MFX is 7–8.

3.1.2. Dosage of MFX. The dosage of MFX is another impor-
tant factor that can affect the removal rate of carbamazepine
[26]. The removal rate of carbamazepine by MFX was tested
after adding a different dosage of MFX, and the results are
shown in Figure 1(b). The carbamazepine removal rate
increased when the dosage increased from 1mL to 7mL but
then decreased with the increase of dosage of MFX.MFX per-
formed the best when its dosage was 7mL and the maximum
removal rate was 73.06%. When 9mL dosage of MFX was
added to carbamazepine, the removal rate showed a down-
ward trend. This was because when the dosage of MFX was
low, the quantity of MFX was not enough to remove carba-
mazepine even if MFX reached adsorption saturation. How-
ever, when the dosage was too high, the excessive MFX could
influence the charge property of the entire system and
destroy the balance of charge, which subsequently decreased
the carbamazepine removal rate. This result was similar to
those in other studies [27].

3.1.3. Dosage of Coagulant Aid. Coagulant aids can improve
the flocculation conditions by adjusting the charge property
of the system [21]. In this study, CaCl2 was added as a coag-
ulant aid, and the carbamazepine removal rate of MFX with
different dosage of coagulant aid is shown in Figure 1(c).
The CaCl2 dosages of samples 1 to 6 were 0mL, 0.1mL,
0.3mL, 0.5mL, 1mL, and 1.5mL, respectively. It can be seen

that the carbamazepine removal rate by MFX was 54.73%
when no coagulant was added, which proves that MFX can
remove carbamazepine alone. When the dosage was 0.1mL,
the carbamazepine removal rate increased and reached the
maximum removal rate of 77.17%. However, with the
increase of CaCl2 dosage, the carbamazepine removal rate
decreased gradually. This was because carbamazepine was
removed byMFX through adsorption bridging between mac-
romolecules, and the coagulant aid can strengthen the
adsorption bridging by adjusting the charge property of the
system. However, excessive dosage of the coagulant aid will
introduce excessive positive charges, which bind to the
negatively charged adsorption sites in MFX, hindering the
connection of carbamazepine and MFX. Therefore, the
optimal dosage of coagulant aid needs to be determined by
adsorption experiments. In this study, the optimal dosage
was 0.1mL.

3.1.4. Temperature. Temperature is another important factor
that can affect the carbamazepine removal efficiency by MFX
[26]. Figure 1(d) shows the carbamazepine removal rate by
MFX at 15°C, 20°C, 25°C, 30°C, and 35°C, respectively. It
can be seen that the removal rate increased as the tempera-
ture increased. The removal rate was only 22.06% at 15°C,
but increased to 81.75% at 35°C. Generally, an appropriate
temperature increase can accelerate the random movement
between molecules, which then increase the collision proba-
bility among molecules and increase the carbamazepine
removal rate by MFX. However, too high of a temperature
will lead to the inactivation of MFX, which will decrease the
carbamazepine removal rate [28]. In this study, MFX
performed the best at 35°C, suggesting MFX was effective
even at 35°C.

In summary, the optimal carbamazepine removal condi-
tions for MFX were pH7-8, 7mL of flocculant, 0.1mL of
coagulant, and 35°C. The removal rate reached 81.75%.

3.2. Carbamazepine Removal from Domestic Sewage. The
above experiments prove that MFX has a good carbamaze-
pine removal efficiency for a prepared carbamazepine solu-
tion (1mg/L). However, the carbamazepine concentration
in domestic sewage is usually tens to hundreds of μg/L.
Moreover, the constituents in domestic sewage are much
more complex than a prepared carbamazepine solution
[23]. Although domestic sewage contains a large number of
suspended solid colloidal particles that are conducive to the
formation of flocs, the competition for the adsorption sites
on MFX between carbamazepine and other constituents can
lead to the decrease of carbamazepine removal rate.
Figures 2(a) and 2(b) show the removal rate in domestic sew-
age and in secondary sedimentation tank effluent. It can be
seen that MFX was efficient in the removal of carbamazepine
both in domestic sewage (75.03%) and in secondary
sedimentation tank effluent (69.76%), which suggested that
MFX had a good removal effect on carbamazepine.

3.3. Adsorption Kinetics. Adsorption kinetics is important
when studying adsorption mechanism. The kinetics analyzes
the effects of adsorption time on the adsorption of pollutants
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by describing the adsorption rate and then explores the
adsorption mechanism. Usually, the first-order, second-
order, pseudo-first-order, and pseudo-second-order kinetic
equations are used to analyze the adsorption kinetics. In this
study, MFX and carbamazepine were reactants in the adsorp-
tion process. Based on the characteristics of MFX and the
applicable scope of each kinetic equation, the pseudo-first-
order and pseudo-second-order kinetic equations were
selected to fit the experimental data in this study.

In the first-order kinetics, the reaction rate is only pro-
portional to the concentration of one reactant, while in the
pseudo-first-order kinetics, the reaction rate is related to
the concentration of the adsorbent and the adsorbate. When
the concentration of one substance is much more than the

other, it shows the characteristics of a first-order kinetic
reaction [29, 30].

Figures 3(a) and 3(b) show the fitting results of the
pseudo-first-order and pseudo-second-order kinetic equa-
tions. Table 1 shows the parameters of these kinetic equa-
tions. In Figure 3(a), the adsorption reaction reached
adsorption equilibrium in 20min, and the maximum adsorp-
tion capacity was 62.32mg of carbamazepine per gram of
MFX. In the actual experiment, the maximum adsorption
capacity was 62.99mg/g and the adsorption time was
30min, which were consistent with the values predicted by
the pseudo-first-order kinetic equation. In Figure 3(b), the
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Figure 1: Removal efficiency of carbamazepine on MFX at different conditions: (a) pH, (b) dosage of MFX, (c) dosage of coagulant aid, and
(d) temperature.
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predicted adsorption did not reach adsorption equilibrium in
60min, and the predicted maximum adsorption capacity
(66.89mg/g, 60min) was more than the actual value. More-
over, the R2 of the pseudo-first-order kinetic equation is
0.976, which is much higher than the R2 of the pseudo-
second-order kinetic equation. These results suggested that
the adsorption of carbamazepine by MFX was more in line
with the pseudo-first-order kinetic equation.

According to other studies, the adsorption process
described by the first-order kinetic is controlled by sub-
stance transport. The pseudo-second-order kinetic simu-
lates the second-order kinetic, which describes a chemical
reaction, accompanied by electron sharing or transfer.
The adsorption of carbamazepine by the MFX-fitted
pseudo-first-order kinetic better than the pseudo-second-
order kinetic, which suggested that the adsorption was
not pure chemical adsorption [17].

3.4. Mechanisms of Carbamazepine Adsorption on MFX. The
preliminary experimental results showed that the pH, dosage
of MFX, dosage of coagulant, and temperature can affect the
carbamazepine removal rate by MFX. The dosage of MFX
and pH were the main factors; therefore, the flocculation
morphology was used to further investigate the carbamaze-
pine removal mechanism by MFX. The changes of floc size
under different pH values/dosages of MFX at different times
are shown in Figure 4. The flocs under different pH condi-
tions showed a similar changing trend in the whole coagula-
tion processes. The floc formation process was slow under
acidic condition, and the particle size was relatively small in
the stable stage. Moreover, there was no obvious sedimenta-
tion at pH = 4:5. The floc formation process was the fastest at

pH = 7:5. When the pH was larger than 7.5, the growth of the
flocs was significantly accelerated, the settling velocity of the
flocs was fast, and the changes were not obvious as the pH
became larger. This was because the surface charge density
of MFX and carbamazepine was low under an alkalescent
condition, which can weaken the repulsive force between
carbamazepine and MFX and can help the growth and
coherence of flocs [31].

In Figure 4(b), the maximum floc size was the smallest
when the dosage of MFX was 2mL (1064μm), and the floc
size became larger with the increase of MFX dosage. How-
ever, when the dosage was 10mL (1235μm), the floc size
became smaller than that under a dosage of 7mL
(1288μm). Moreover, the growth of the floc was slower at a
low dosage of MFX, and the maintenance time of the stable
period was shorter, which was not conductive to the removal
of carbamazepine. This was because too low of a dosage of
MFX cannot provide sufficient adsorption sites for carba-
mazepine, and the collision probability between MFX and
carbamazepine was low. Therefore, enough dosage of MFX
can generate larger flocs. However, the dynamic equilibrium
period was short with too high dosage of a MFX, because
there was a large amount of the same charge with excess
MFX, which increased electrostatic repulsion. Similar phe-
nomena have been found in the study of the coagulation of
microbial flocculant and kaolin, and this was caused by the
adsorption bridging effect.

To investigate whether there was chemical reaction
between carbamazepine and MFX, 3D-EEM and FTIR were
used to analyze the samples before and after adsorption.
Figures 5(a)–5(c) show the EEM of carbamazepine aqueous
solution, precipitation after adsorption of carbamazepine by

Table 1: The parameters of the pseudo-first-order and pseudo-second-order kinetics.

Equation Experimental qe (mg/g) Predicted qe (mg/g) k1 R2

Pseudo-first-order kinetic 62.99 62.32 -0.22 0.98

Pseudo-second-order kinetic 62.99 66.89 0.0062 0.91
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Figure 4: The effect of factors on floc formation: (a) pH and (b) dosage of MFX.
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MFX, and liquid supernatant after adsorption, respectively.
In Figure 5(a), it can be seen that the carbamazepine aqueous
solution only had an absorption peak at λex/λem = ð310‐
320Þ nm/ð395‐405Þ nm. This peak belongs to Class I (humic
acid-like area), which was caused by typical exogenous
organics. In this study, this peak was caused by carbamaze-
pine [32]. In Figure 5(b), the precipitate after adsorption
shows two high concentration absorption peaks at λex/λem
= ð270‐280Þ nm/ð325‐335Þ nm and λex/λem = ð225‐235Þ
nm/ð325‐335Þ nm, which are the characteristic peaks of pro-
teins that are the main active components of MFX [20]. No
characteristic peak of carbamazepine was found in this spec-
trum, because carbamazepine has been adsorbed on MFX
through intermolecular forces and it was not a free molecule
that can be detected. In Figure 5(c), three obvious absorption
peaks can be seen in the spectrum of the supernatant after
adsorption. The peak at λex/λem = ð310‐320Þ nm/ð395‐405
Þ nm is the characteristic peak of carbamazepine. The peak
at λex/λem = ð225‐235Þ nm/ð325‐335Þ nm belongs to the
tyrosine and benzene ring structure protein related to biolog-
ical sources, which represent a small amount of the active
ingredients of MFX or its derivatives. The peak related to
tryptophan at λex/λem = ð250‐280Þ nm/ð325‐335Þ nm dis-
appeared, and a new peak resembling fulvic acid at λex/λ
em = ð250‐270Þ nm/ð410 − 420Þ nm appeared. This peak
was a new peak after MFX adsorbed carbamazepine, which
suggested that chemical reactions occurred between carba-
mazepine and the tryptophan-like component on MFX.

To further prove that chemical reactions occurred between
carbamazepine and MFX, FTIR was used to analyze MFX
before and after adsorption of carbamazepine (Figure 5(d)).

Compared to the FTIR spectrum of MFX before adsorption,
there was a new peak in the FTIR spectrum of MFX after
adsorption, accompanied by multipeak displacement. The
new peak appeared at 3590.22 cm-1, which was the character-
istic peak corresponding to hydroxyl. The absorption peak
caused by the stretching vibration of associative hydroxyl at
3309.94 cm-1 exhibited a redshift to 3291.88 cm-1, and the peak
shape became wider. This proved that the hydroxyl played a
role in the adsorption of carbamazepine by MFX, and this
was achieved by hydrogen bonding. The absorption peak
caused by the vibration of amino at 2435.06 cm-1 exhibited a
redshift to 2321.08 cm-1, and the intensity was significantly
weakened. The long and narrow absorption peak at
1654.45 cm-1 was a characteristic peak of carboxyl, and this
peak exhibited a blueshift to 1669.71 cm-1. The peak at
1549.75 cm-1 caused by the bending vibration of amide exhib-
ited a redshift to 1546.45 cm-1, which proved that the active
amino in the proteins of MFX participated in the adsorption
reaction. The long and narrow absorption peak at
1080.57 cm-1 as a typical absorption peak of sugar derivatives
included the stretching and vibration of C-O and C-O-C.
The peak exhibited a redshift to 1047.34 cm-1 after adsorption
of carbamazepine. These results proved that the hydroxyl,
amino, and carboxyl groups were all involved in the adsorp-
tion reaction and played a role together in the removal of
carbamazepine by MFX [17].

4. Conclusion

MFX was used to remove carbamazepine. MFX was efficient
in the removal of carbamazepine in both domestic sewage
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Figure 5: EEM of component of MFX adsorbing carbamazepine: (a) carbamazepine aqueous solution, (b) precipitation after adsorption, (c)
liquid supernatant after adsorption, and (d) FTIR of MFX before and after carbamazepine.
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and secondary sedimentation tank effluent. The pseudo-first-
order kinetic equation can describe the adsorption process.
The adsorption was a compound process that involved phys-
ical and chemical adsorption. MFX performed the best under
alkalescent conditions, because the repulsive force between
carbamazepine and MFX was weakened, which can help
the growth and coherence of flocs. Enough dosage of MFX
can generate larger flocs, but excessive dosage of MFX will
decrease the carbamazepine removal efficiency due to the
increase of electrostatic repulsion. The hydroxyl, amino,
and carboxyl groups in MFX played an important role in
the removal of carbamazepine. As a widely existing, non-
toxic, and eco-friendly microbial flocculant, MFX has the
potential for practical applications in carbamazepine removal
from domestic sewage, carbamazepine wastewater, and
natural water bodies.
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Thermophilic solid-state anaerobic digestion (SS-AD) of agricultural wastes, i.e., corn straw, cattle manure, and vegetable waste,
was carried out in this study. The effects of temperature (40-60°C), initial solid content (ISC, 17.5-32.5%), and C/N ratio (15-
32 : 1) on biogas production were evaluated using a Box-Behnken experimental design (BBD) combined with response surface
methodology (RSM). The results showed that optimization of process parameters is important to promote the SS-AD
performance. All the factors, including interactive terms (except the ISC), were significant in the quadratic model for biogas
production with SS-AD. Among the three operation parameters, the C/N ratio had the largest effect on biogas production,
followed by temperature, and a maximum biogas yield of 241.4mL gVS-1 could be achieved at 47.3°C, ISC = 24:81%, and C/N =
22:35. After 20 d of SS-AD, the microbial community structure under different conditions was characterized by high-
throughput sequencing, showing that Firmicutes, Bacteroidetes, Chloroflexi, Synergistetes, and Proteobacteria dominated the
bacterial community, and that Firmicutes had a competitive advantage over Bacteroidetes at elevated temperatures. The biogas
production values and relative abundance of OPB54 and Bacteroidia after 20 d of SS-AD can be fitted well using a quadratic
model, implying that OPB54 and Bacteroidia play important roles in the methanogenic metabolism for agricultural waste
thermophilic SS-AD.

1. Introduction

China is facing tremendous challenges in managing its mas-
sive amount of agricultural waste in rural areas. In 2016,
China produced 897 Mt of crop residues, and almost one-
quarter of these crop residues were burned in the field after
harvest, aggravating the air pollution [1, 2]. With the con-
stant growth of livestock husbandry, the amount of livestock
excrement in China increased by 12.8% from 367 to 414 Mt
(dry) in 2007-2015, causing grave concerns about the water
pollution [3].

Anaerobic digestion is a multistage biological process
that, in addition to the treatment and stabilization of

waste, allows the production of biogas as a versatile,
renewable energy source and the recovery of residual solid
(or liquid) as green fertilizers [4, 5]. Unlike other biomass
resources, agricultural wastes are preferred for biogas pro-
duction due to their large-scale availability and low cost,
and they do not directly compete with food or feed
production [6]. When compared to those of other treat-
ments, these advantages, together with environmental
impacts, make the synergistic utilization of the agricultural
organic waste by anaerobic codigestion a promising tech-
nology [4].

Compared to liquid anaerobic digestion (L-AD), solid-
state anaerobic digestion (SS-AD) operated at a total solid
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(TS) content above 15% has much higher volumetric meth-
ane productivity, requires less energy for heating and stirring,
and generates less wastewater [7, 8]. The resulting residue
(called digestate) of SS-AD with a lower moisture content
would be favourable for transportation and can be valorized
as a fertilizer for land applications [9]. Although there are
many obstacles, such as difficulties in feeding and dischar-
ging, uneven mass transfer, and acid inhibition [10, 11], SS-
AD has still been adopted for lignocellulosic biomass, espe-
cially in rural areas of China. In China, L-AD is facing a
severe problem in treating anaerobic digester effluent, which
has a high concentration of nutrients and low oxygen avail-
ability. Direct discharge of effluent to natural waters will
deteriorate the water quality, affect aquatic organisms, and
lead to biodiversity degradation [12]. The application of
effluent to land is difficult due to insufficient storage and
transportation facilities and limited land carrying capacity
[13]. Further treatment to meet the threshold set by the Chi-
nese standard for irrigation water quality (GB5084-2005)
[14], such as COD ≤ 200mgL-1, would be economically
unfeasible.

SS-AD digesters are usually operated based on empirical
knowledge rather than performance optimization [8]. The
key parameters (such as moisture content, C/N ratio, and
temperature) can be further optimized to achieve a better
SS-AD performance. Le Hyaric et al. [15] reported that the
initial substrate concentration (ISC) affects all steps of anaer-
obic digestion. Abbassi-Guendouz et al. [16] showed that an
elevated ISC leads to lower methane production and sub-
strate conversion. Fernandez et al. [17] observed that meth-
ane production decreased by 17% when the ISC increased
from 20% to 30% in a dry mesophilic digester. Improper
C/N ratios can result in high total ammonia nitrogen
(TAN) release in the digester [18]. Temperature is also an
extremely important factor for SS-AD; changes in tempera-
ture can alter the activity of enzymes in the microbiome
and affect substrate degradation and methanogenesis [11].
It has been reported that for lignocellulosic biomass, thermo-
philic SS-AD led to a greater reduction in the amount of cel-
lulose and hemicelluloses than mesophilic SS-AD [19].
However, instability is a crucial concern for applying SS-
AD under thermophilic conditions [20]. Accumulation of
VFAs and decreasing pH values during the start-up phase
of thermophilic SS-AD digester failure have been also
observed [7, 21].

To the best of our knowledge, the effects of the tempera-
ture, total solid content, and C/N ratio involved in the meso-
philic SS-AD process of agricultural waste materials have
been reported, but the effects of these factors on thermophilic
SS-AD are poorly understood. In this study, SS-AD of corn
straw, cattle manure, and vegetable waste was investigated
under thermophilic conditions (40-60°C). The biogas yield,
pH, and TAN concentration were characterized after 20 d
of SS-AD. The effects of the temperature, ISC, and C/N ratio
on biogas production were evaluated using the Box-Behnken
experimental design (BBD) combined with response surface
methodology (RSM). Microbial community structures were
further characterized after 20 d of SS-AD using high-
throughput sequencing.

2. Materials and Methods

2.1. Substrates and Inoculum. Before use, corn straw was
chopped into small pieces (~1-2 cm) using a shredding
machine. The cellulose, hemicellulose, and lignin contents
of corn straw were 45.79%, 21.90%, and 8.01%, respectively.
Cattle manure with a moisture content of 16.72% and a
C/N ratio of 14.67 was obtained from a dairy farm near the
city of Nanjing (Jiangsu Province, China). Vegetable waste,
mainly Chinese cabbage (Brassica rapa L. ssp. pekinensis),
was obtained from a local vegetable market in Nanjing. Inoc-
ulated sludge with a total solid (TS) content of 8.31% and VS
content of 82.53% was collected from amethanogenic reactor
that treats starch wastewater from a wastewater treatment
plant (WWTP) in Shanghai, China. To reduce the endoge-
nous gas production, the inoculated sludge was preincubated
anaerobically for 7 days. Sixteen bacterial phyla were repre-
sented for inoculated sludge, with Chloroflexi, Bacteroidetes,
Proteobacteria, and Firmicutes being the most abundant
phyla, accounting for 33.2%, 14.7%, 11.6%, and 12.1% of
the total bacterial sequences, respectively. The fundamental
characteristics of corn straw, cattle manure, and vegetable
waste are shown in Table 1.

2.2. Experimental Procedure. A three-level-three-factor Box-
Behnken design (BBD) was chosen to evaluate the effects
and interactive effects of the three independent variables,
i.e., temperature (40°C, 50°C, and 60°C), ISC (17.5%, 25.0%,
and 32.5%), and C/N ratio (15 : 1, 23.5 : 1 and 32 : 1), as χ1,
χ2, and χ3, respectively, on the response variable biogas pro-
duction (mL gVS-1) during SS-AD. The experiments were
designed by Design Expert (Version 8.0.6, Statease, Minne-
apolis, USA), and the real values of the operating variables
are summarized in Table 2. For SS-AD, corn straw, cattle
manure, and vegetable waste were rigorously mixed in a mass
ratio of 40 : 10 : 0.5 (dry wt.) in the laboratory. A 100 g mixed
sample with a moisture content of 67.5% (adjusted by dis-
tilled water) was used as a mixed substrate. Different doses
of distilled water and urea were further added to the mixed
substrate to adjust the ISC and C/N ratio. Activated sludge
was introduced as inoculum, with a feedstock-to-inoculum
ratio (F/I, based on VS) of 3. SS-AD was carried out in
500mL borosilicate bottles (Wente Experimental Ware,
China) with a stainless steel vent pipe (Figure S1) and
lasted for 20 d. Bottles were flushed with high-purity N2 to
exclude oxygen and were sealed with a silicone gasket and
stopper. The temperature during SS-AD was maintained by
a thermostatic water bath (DK-98, Taisite Instrument Co.

Table 1: Fundamental characteristics of corn straw, cattle manure,
and vegetable waste.

Type C (%)∗ N (%)∗ C/N TS (%) VS (%) pH

Corn straw 43.36 1.26 34.49 88.16 87.31 6.69

Cattle manure 37.34 2.55 14.67 83.28 78.83 8.56

Vegetable waste 34.37 4.68 7.34 3.42 89.14 7.46
∗Total carbon and nitrogen (dry basis) were determined by an elemental
CHN analyser (Euro EA3000, Euro Vector, Italy).
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Ltd., China). An aluminium foil bag (E-switch, Shenyuan
Scientific Equipment Co., China) was connected to the gas
outlet by a three-way valve (Discofix, B. Braun, Germany)
to collect biogas from each bottle. Different parameters,
such as pH, TAN, and microbial community, were analyzed

after 20 d of SS-AD. One-way ANOVA was employed to
study the primary effects and interactions on biogas
production between the parameters selected.

2.3. Analytical Methods. The pH of the digestate was mea-
sured by a digital pH meter (Sartorius, Model PB-10, Ger-
many) after shaking for 20min at 25°C with a liquid-solid
ratio of 10 : 1. The TAN concentration of digestate extracted
by ultrapure water was determined by a continuous flow ana-
lyser (Skalar San++, Netherlands). To analyze the structure
of the microbial communities after 20 d of SS-AD under dif-
ferent operating conditions, 0.5 g of the sample was used for
DNA extraction. Total DNA was extracted by a Fast DNA
SPIN Kit (BIO 101, Carlsbad, CA, USA) according to the
manufacturer’s protocol. The V3-V4 region of the 16S rRNA
gene was amplified using universal primers 338F (5′-ACT
CCT ACG GGA GGC AGC AG-3′) and 806R (5′-GGAC
TA CHVGGG TWT CTA AT-3′). The amplicons from each
sample were sequenced with the Illumina MiSeq platform
(Illumina Company, San Diego, CA, USA). Diversity statis-
tics and operational taxonomic unit (OTU) estimators were
calculated using mothur software [22]. The coverage of the
clone library was calculated based on the formula C = ½1 – ð
n1/NÞ� × 100, where n1 is the number of unique OTUs, and
N is the total number of clones in a library.

3. Results and Discussion

3.1. SS-AD Performance. The cumulative biogas volumes
with different parameters (ISC, T, and C/N ratio) after 20 d
of SS-AD are shown in Table 3. The maximum biogas pro-
duction of 236mL gVS-1 was obtained at 50°C, ISC = 25%,

Table 2: Three-level-three-factor Box–Behnken design for SS-AD of corn straw, cattle manure, and vegetable waste.

Run
χ1 χ2 χ3 Mixed substrate∗ Inoculum# Distilled water Urea
A : T B : ISC C : C/N (g) (g) (mL) (g)

1 40 17.5 23.5 100 137.02 86 0.345

2 60 17.5 23.5 100 137.02 86 0.345

3 40 32.5 23.5 100 137.02 0 0.345

4 60 32.5 23.5 100 137.02 0 0.345

5 40 25 15 100 137.02 30 1.091

6 60 25 15 100 137.02 30 1.091

7 40 25 32 100 137.02 30 0.000

8 60 25 32 100 137.02 30 0.000

9 50 17.5 15 100 137.02 86 1.091

10 50 32.5 15 100 137.02 0 1.091

11 50 17.5 32 100 137.02 86 0

12 50 32.5 32 100 137.02 0 0

13 50 25 23.5 100 137.02 30 0.345

14 50 25 23.5 100 137.02 30 0.345

15 50 25 23.5 100 137.02 30 0.345

16 50 25 23.5 100 137.02 30 0.345

17 50 25 23.5 100 137.02 30 0.345
∗With a moisture content of 67.5%, the mass ratio of corn straw/cattlemanure/vegetable waste = 40 : 10 : 0:5 (dry wt.). #The feedstock-to-inoculum ratio (F/I,
based on VS) was 3.

Table 3: Effect of T, ISC, and C/N ratio on the biogas yield, pH, and
TAN concentration after 20 d of SS-AD.

Run
χ1 χ2 χ3 Biogas yield

(mL gVS-1)
pH

TAN
concentration
(mg kg-1)A : T B : ISC C : C/N

1 40 17.5 23.5 71.12 8.46 1640.7

2 60 17.5 23.5 147.2 8.67 1807.1

3 40 32.5 23.5 32.60 8.02 2437.1

4 60 32.5 23.5 40.12 8.16 3281.9

5 40 25 15 212.9 8.89 1889.6

6 60 25 15 47.42 8.41 3613.4

7 40 25 32 2.80 7.49 1925.9

8 60 25 32 51.31 8.13 2066.2

9 50 17.5 15 198.1 8.69 2275.4

10 50 32.5 15 130.7 8.85 3367.3

11 50 17.5 32 26.89 6.06 1836.3

12 50 32.5 32 136.5 8.78 2343.7

13 50 25 23.5 261.8 8.67

1888.4

14 50 25 23.5 247.1 8.70

15 50 25 23.5 225.5 8.64

16 50 25 23.5 217.9 8.61

17 50 25 23.5 227.2 8.57
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and C/N = 23:5. It is noted that the operating parameters at
40°C, ISC = 25%, and C/N = 32 cause digester failure, gener-
ating little biogas (2.80mL gVS-1) during the entire digestion
process. According to the three-level-three-factor BBD, the
average biogas volume yield was 110.9mL gVS-1 with 12 dif-
ferent operating parameter settings (excluding failed
digester). The results showed that optimizing the process
parameters is important to promote the SS-AD performance.

3.2. pH and TAN Concentrations. After 20 d of anaerobic
digestion, the NH4

+-N concentration of each run was deter-
mined. In this study, NH4

+-N was derived from cattle
manure (N-rich substrates), degradation of nitrogenous
organic matter (e.g., proteins and amino acids), and/or con-
version of urea by deamination. TAN is a key macronutrient
for microbial growth and a buffer to stabilize the pH, while
high concentrations of TAN would decrease the methanogen
activity and cause anaerobic digestion failure due to ammo-
nia inhibition [23]. Production of excessive ammonia nitro-
gen is more likely to happen in SS-AD than L-AD due to
the higher organic loading and lower water content of the
former [24]. As shown in Table 3, the concentration of
TAN ranged from 1641-3613mgkg-1 for all samples after
20 d of anaerobic digestion. It can also be seen that a high
TAN concentration was caused by a combination of elevated
temperature, high ISC, and low C/N ratio. It is reported that
in the L-AD system, the TAN concentration should not reach
the range of 1500-3000mgL-1 to avoid the toxicity of ammo-
nia [25]. Wang et al. [24] showed that a TAN level of 4.3 g kg-
1 caused a reduction in the reaction rates and microbial activ-
ities for hydrolysis of cellulose and methanogenesis from ace-

tate, and a TAN level of 2.5 g kg-1 decreased the methane
yield during SS-AD of corn stover. Therefore, it is believed
that the biogas yield from runs 4, 6, and 10 was inhibited
due to the excessive TAN levels (greater than 3.0 g kg-1). It
seems that the SS-AD failure of run 7 was not caused by
the accumulation of VFA (decreasing pH value) or excessive
TAN level. The cause for the SS-AD failure of run7 is still
unclear. TAN includes both NH4

+ and free ammonia
(FAN, NH3). FAN is the main cause of ammonia inhibition
because it is membrane permeable [26, 27]. So far, a FAN cal-
culation method has rarely been applied in SS-AD, the diges-
tate of which generally has a higher ionic strength than that
in L-AD [23]. FAN inhibition is related to the characteristics
of the substrate, pH, process temperature, concentrations of
ammonium and ammonia, etc. [28]. Capson-Tojo et al. [4]
demonstrated that pH and temperature, rather than the
TAN content itself, are the main factors affecting FAN inhi-
bition. Among the high-TAN samples, the biogas yield of
run 10, with a higher pH value, was much greater than that
of run 4 and run 6. This phenomenon might be related to
the higher FAN concentrations at increasing temperatures
[23].

3.3. Modeling of SS-AD for Biogas Production. The results in
Table 3 were used for multiple regression analysis using the
polynomial model equation. This approach enabled the pre-
diction of the optimum degree of biogas production and its
corresponding optimum variables. One-way analysis of vari-
ance (ANOVA) was employed to test and analyze different
models. In this study, the best-fit model found for the biogas
production was a quadratic model. The F value of the model
was 8.45, with a low p value of 0.0051. However, the F value
(0.95) and p value (0.0256) of the lack of fit implied that the
prediction for the fit of the model was not good. Further, stu-
dentized residual analysis showed that run 2 was an outlier
due to its externally studentized residuals being larger than
5. Therefore, the data of run 2 were not included in the fol-
lowing modeling analysis.

The following polynomial quadratic model for biogas
production was then adjusted to a better prediction by apply-
ing response surface regression (RSREG), as shown in Eq.
(1), where χ1 is the temperature, χ2 is the ISC, and χ3 is the
C/N ratio.

Biogas yield mL gVS−1
� �

= −2215 + 99:96χ1 + 38:59χ2 − 35:27χ3

+ 0:4188χ1χ2 + 0:6294χ1χ3
+ 0:6942χ2χ3 − 1:281χ1

2

− 1:487χ2
2 − 0:4046χ3

2:

ð1Þ

ANOVA was conducted for the response variable, as pre-
sented in Table 4. The model F value of 56.10 indicated that
the quadratic model was statistically significant for biogas
production. The high R2 coefficient of 0.9883 ensured a satis-
factory adjustment of the quadratic model to the experimen-
tal data, implying that only 1.17% of biogas production
variability could not be explained by the proposed model.
The adjusted R-square (Radj

2 = 0:9706) and Adeq-Precision

Table 4: ANOVA for the quadratic model of SS-AD biogas
production.

Source
Sum of
squares

df
Mean
square

F
value

p value

Model 128108 9 14234 56.10 <0.0001 Significant

χ1-T 4315 1 4315 17.01 0.0062

χ2-ISC 687 1 687 2.71 0.1510

χ3-C/N 17263 1 17263 68.04 0.0002

χ1 ,χ2 1973 1 1973 7.78 0.0316

χ1 ,χ3 11448 1 11448 45.12 0.0005

χ2 ,χ3 7833 1 7833 30.87 0.0014

χ1
2 54668 1 54668 215.46 <0.0001

χ2
2 23310 1 23310 91.87 <0.0001

χ3
2 2848 1 2848 11.22 0.0154

Residual 1522 6 254

Lack of
fit

218 2 109 0.33 0.7338
Not

significant

Pure
error

1304 4 326

Cor
total

129630 15

R2 = 0:9883; Adj R2 = 0:9706; Adeq precision = 18:17
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of 18.17 were also high, supporting the high significance of
the model. The lack-of-fit F value of 0.33 revealed that the
lack of fit was insignificant. Therefore, it is reasonable to
believe that the proposed model is reliable for predicting
the biogas production of SS-AD.

The significance test for the regression coefficients deter-
mined by p values was carried out. The larger the F value of
the regression parameter was, the smaller the p values were,
indicating that this parameter has a greater impact on biogas
production. The corresponding p values showed that all the
factors, including interactive terms, were significant model
terms, except the ISC (F value = 2:71, p value = 0:1510).
Among the three operating parameters, the C/N ratio
(F value = 68:04, p value = 0:002) had the largest effect on
biogas production, followed by temperature
(F value = 17:01, p value = 0:0062).

It is important to check the model adequacy of biogas
production for response surface optimization, as the model
would give poor or misleading results if not well fit. The nor-
mal probability plot indicates whether the residuals follow a
normal distribution, in which case the points will follow a
straight line [29]. The normality assumption was examined
by constructing a plot of standardized residuals vs. the nor-
mal % probability. As shown in Figure 1(a), the normal prob-
ability plot was approximated well by a straight line,
indicating that the response variables did not require trans-
formation, and that there were no apparent abnormality
issues [29]. Figure 1(b) shows that the predicted values of
the responses from the biogas production model accorded
well with the actual values. The distribution of data plots is
relatively close to a straight line, indicating reasonably ade-
quate agreement between the actual and predicted values
and confirming that the model could be further used to nav-
igate the space defined by BBD.

3.4. Optimization of Biogas Production Operating
Parameters. The experimental results were visualized in
three-dimensional response surface plots and the corre-
sponding contour plot, which show the simultaneous effect
of two independent factors on biogas production, with one
variable maintained at its central level. Figure 2(a) illustrates
the effects of ISC and T on biogas production at a C/N ratio
of 23.5. Noticeable changes in the biogas production by
changing each parameter were recorded, and the results
showed that both parameters and their interaction are effec-
tive [8]. According to Figure 2(a), biogas production showed
a significant increasing trend as the ISC increased from 17.5
to 25% and temperature increased from 40 to 50°C; the bio-
gas production then decreased when the ISC and tempera-
ture increased beyond those values.

The TS content is responsible for the mass transfer in SS-
AD [30]. It is believed that a decreasing TS content might
facilitate substrate conversion in SS-AD because metabolism
by microorganisms (including hydrolytic bacteria, acido-
genic bacteria, acetogenic bacteria, and methanogenic
archaea) occurs in the water-soluble phase [31–33]. How-
ever, the maximum value of biogas production was not
achieved at the lowest ISC (17.5%) in this study. It appears
that in this study, the increase in the feed TS content up to
25% has a positive effect on biogas production. Yi et al. [34]
showed that biogas production increased as the TS content
increased from 5%-20%, and Paritosh et al. [35] reported that
increasing the TS content beyond 25% did not result in a sig-
nificant increase in the methane yield, consistent with our
results. Yan et al. [8] reported that biogas production
decreased drastically when increasing the ISC from 20 to
35%. This phenomenon suggested that the effect of the TS
content on biogas production is related to the specific charac-
teristics of the substrates, the type of inoculum, and the
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interaction of other operating parameters (such as process
temperature) [30]. The operating temperature determines
the fate of the microbes, which may disturb the overall reac-
tion process. In this study, further increasing the temperature
above 50°C exhibited a negative effect on biogas production.
It has been reported that thermophilic conditions in SS-AD
enhance the hydrolysis of the substrate by stimulating hydro-
lytic microorganisms, and an excessive process temperature
may hamper or inhibit the methanogenesis process due to
VFA accumulation [30, 36]. The results from previous stud-
ies were consistent with our results.

Figures 2(b) and 2(c) illustrate the effects of the ISC and
C/N ratio on biogas production at 50°C and the effects of
the T and C/N ratio on biogas production at an ISC of
25%, respectively. It is found that the enhancement of biogas
production can be achieved when the ISC increased from

17.5 to 25% at the temperature of 50°C and then decreased
gradually after that (Figure 2(b)), showing no difference from
the results shown in Figure 2(a). It is also observed that the
biogas production decreased when the C/N ratio increased
from 15 to 32 at the temperature of 50°C, confirming that a
high C/N ratio results in the rapid consumption of nitrogen
by methanogens and further results in a lower biogas yield
[37]. These results also suggested that the microbial activities
for hydrolysis and methanogenesis at 50°C could withstand
the inhibition caused by excessive free ammonia production.

3.5. Optimization of SS-AD. The SS-AD parameters were
optimized based on the quadratic model using the optimiza-
tion module of the Design Expert software. The results
showed that a maximum biogas production capacity of
265mL gVS-1 would be achieved with an ISC of 23.4%, T of
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Figure 2: Effects of the ISC, T, and C/N ratio on biogas production. (a) Interactive effect of the ISC and T at a C/N ratio of 23.5. (b) Interactive
effect of the ISC and C/N ratio at 50°C. (c) Interactive effect of the T and C/N ratio at an ISC of 25%.
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47.7°C, and C/N ratio of 17.2, without considering other fac-
tors. It is noteworthy that the optimized C/N ratio is rela-
tively low, indicating that considerable extra urea or other
nitrogen sources should be added during the SS-AD process,
which would increase the operating cost. Moreover, a low
C/N ratio might hinder the composting of the digestate of
SS-AD [38]. Torres-Climent et al. reported that a C/N ratio
of 28-31 showed the most rapid temperature increase during
composting of the solid phase of digestate [39]. Additionally,
a relatively lower temperature would be desired for SS-AD
because of the stability and lower heating energy costs.
Therefore, a goal was set to maximize biogas production
and the C/N ratio while minimizing the process temperature.
Concretely, for optimization, the importance of temperature

and the C/N ratio were considered important (+), and biogas
production was considered the most important (+++++). The
results indicated that a biogas productivity of 241.4mLgVS-1

would be achieved at 47.3°C, ISC = 24:81%, and C/N = 22:35.
As the optimized parameters, i.e., ISC, C/N ratio, and T, are
close to the parameters designed in this study, a verification
experiment of SS-AD was not further carried out.

3.6. Comparison of the Community Diversity of Bacteria.
After 20 d, the bacterial communities in SS-AD samples from
run 1 to run 14 were further characterized by amplicon
sequencing of 16S rRNA genes. As shown in Table 5, different
high-quality sequences ranging from 16,877 to 33,006 per sam-
ple were obtained. All of the sequences were aligned and clus-
tered to calculate the operational taxonomic units (OTUs)
based on 97% sequence identity, resulting in 1105 OTUs at a
sequencing depth of 16000 reads per sample and coverage of
99.0-99.4%. These results showed that the Chao 1 estimator of
richness and Shannon diversity index of the microbial commu-
nity at 60°C (except S6) were lower than those at 50°C, indicat-
ing that themicrobial communities at 50°Cwere generally more
complex than those at 60°C. The differences in microbial com-
munities among SS-AD samples were also described by princi-
pal coordinate analysis (PCoA), as shown in Figure 3. The first
two axes of the PCoA explained 42.19% and 22.09% of the var-
iance, respectively, or collectively 64.28% of the variance. This
analysis also showed a distinct community structure among
SS-AD samples that can be separated into three groups based
on incubation temperatures (i.e., 40, 50, and 60°C), except
S11, which had excessive acidification (Figure 4).

Ten major phyla, represented by more than 1% of the
total bacterial sequence of each phylum, were found for the
SS-AD samples. This result is not surprising because distinct
differences in the relative abundance of these phyla were
observed with various operating parameters. Firmicutes and
Bacteroidetes have been repeatedly reported as the main
phyla in different anaerobic digesters [40]. In this study, Fir-
micutes sequences indicated that it was the most predomi-
nant phylum at temperatures of 50°C and 60°C, accounting
for 65-90% of the total bacterial sequences; the percentages
of Firmicutes sequences in the SS-AD samples were 37.5-
60% at 40°C, except for S7 (27%). Bacteroidetes was the sec-
ond most prevalent phylum at 40°C (18.62-28.37%, except
for S7), but it only represented 0.76-12.21% of the total bac-
terial sequences at 50 and 60°C. These observations of a
higher abundance of Firmicutes and a lower abundance of
Bacteroidetes at the process temperatures of 50-60°C com-
pared with 40°C are consistent with the results from previous
studies [41, 42], indicating a competitive advantage of Firmi-
cutes over Bacteroidetes at elevated temperatures [40]. For the
phylum Thermotogae, the percentage of sequences at 60°C
(2.07-5.45%) is much higher than that at other temperatures
(0.15-1.29%), except for S12 (2.85%). Due to the SS-AD fail-
ure, the major bacterial phyla of S7 were dramatically differ-
ent from those of other samples at 40°C (Figure 4(a)),
containing a lower percentage of Firmicutes sequences and
Bacteroidetes sequences and a much higher percentage of
Proteobacteria sequences. It also noted that S11, with exces-
sive acidification, contained a higher percentage of

Table 5: Microbial diversity indices based on 97% identity of 16S
rRNA gene sequences.

Sample Sequences
Observed
species

Chao
1

Shannon
index

Coverage

S1 27252 777.8 773.74 4.84 99.10%

S2 26466 607.56 641.6 3.8 99.10%

S3 31804 731.53 739.76 4.67 99.10%

S4 16963 636.68 660.15 4.14 99.10%

S5 16877 627.73 609.84 4.31 99.20%

S6 33006 812.68 805.12 4.73 99.00%

S7 20373 615.82 608.88 4.52 99.40%

S8 27445 784.3 671.71 3.87 99.00%

S9 25602 767.25 763.11 4.77 99.10%

S10 24824 709.31 705.33 4.32 99.00%

S11 27304 699.89 712.33 4.75 99.20%

S12 17586 704.69 720.62 4.42 99.10%

S13 24440 680.86 720.56 4.19 99.10%

S14 25193 621.92 623.55 4.17 99.20%
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Figure 3: PCoA plot comparing bacterial communities from
different 20 d SS-AD samples.
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Proteobacteria, Aminicenantes, Actinobacteria, and Nitros-
pirae sequences and a lower percentage of Firmicutes
sequences than the other samples at 50°C.

A total of 18 classes were identified for SS-AD samples
that harboured ≥1% of the reads in one or more of the
sequences, while Clostridia, Bacteroidia, Anaerolineae, and
OPB54 were the primary communities (Figure 4(b)). Among
them, the class Clostridia has been associated with hydrolysis,
acidogenesis, and acetogenesis steps [40]. OPB54 was previ-
ously identified in an enrichment culture of lignocellulosic
biomass and was the most abundant anaerobic syntrophic
acetate-oxidizing genus in biogas digesters fed with high
levels of acetate [43, 44]. The difference between the S13
and S14 samples, which have identical operating parameters,

was quite small at the class level, where OPB54_norank in the
phylum Firmicutes was the most dominant genus
(Figure S2). It is worth noting that the biogas production
values and relative abundances of OPB54 and Bacteroidia
after 20 d of SS-AD can be fitted well using a quadratic
model (Figure 4(c)), with AdjR2 = 0:8807, implying that
OPB54 and Bacteroidia play important roles in the
methanogenic metabolism for agriculture waste
thermophilic SS-AD.

4. Conclusion

Optimizing the process parameters, i.e., temperature (40-
60°C), initial solid content (17.5-32.5%), and C/N ratio (15-
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32 : 1), is important to promote the thermophilic SS-AD per-
formance of the agriculture waste. All the factors, including
interactive terms (except the ISC), were significant in the
quadratic model for biogas production. Among the three
operating parameters, the C/N ratio had the largest effect
on biogas production, followed by temperature, and the max-
imum biogas yield of 241.4mL gVS-1 could be achieved at
47.3°C, ISC = 24:81%, and C/N = 22:35. After 20 d of SS-
AD, PCoA showed a distinct community structure that could
be separated into three groups based on incubation tempera-
tures, except for the SS-AD sample with excessive acidifica-
tion. The biogas production values and relative abundance
of OPB54 and Bacteroidia after 20 d of SS-AD can be fitted
well using a quadratic model, implying that OPB54 and Bac-
teroidia play important roles in the methanogenic
metabolism.
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Chitinases or chitinolytic enzymes have different applications in the field of medicine, agriculture, and industry. The present study
is aimed at developing an effective hyperchitinase-producing mutant strain of novel Bacillus licheniformis. A simple and rapid
methodology was used for screening potential chitinolytic microbiota by chemical mutagenesis with ethylmethane sulfonate and
irradiation with UV. There were 16 mutant strains exhibiting chitinase activity. Out of the chitinase-producing strains, the
strain with maximum chitinase activity was selected, the protein was partially purified by SDS-PAGE, and the strain was
identified as Bacillus licheniformis (SSCL-10) with the highest specific activity of 3.4U/mL. The induced mutation model has
been successfully implemented in the mutant EMS-13 (20.2U/mL) that produces 5-6-fold higher yield of chitinase, whereas the
mutant UV-11 (13.3U/mL) has 3-4-fold greater chitinase activity compared to the wild strain. The partially purified chitinase
has a molecular weight of 66 kDa. The wild strain (SSCL-10) was identified as Bacillus licheniformis using 16S rRNA sequence
analysis. This study explores the potential applications of hyperchitinase-producing bacteria in recycling and processing chitin
wastes from crustaceans and shrimp, thereby adding value to the crustacean industry.

1. Introduction

Shrimp production in India was estimated to be 700,000 tons
in 2019, with the state of Tamil Nadu being one of the main
producers. The seafood industry makes a significant contri-
bution to the global food supply providing an essential source
of protein. The commercialization of this aquaculture has
generated economic profits while the wastes produced by
these industries have had an adverse effect on the ecosystem
[1, 2]. The global fish production is estimated to rise from
154 million tons in 2011 to 186 million tons in 2030 [3].

Approximately 5% of shrimp wastes are processed into flours
and extracts which form a base for animal feed [4]. Shrimp
wastes consist of 40% chitin, a polysaccharide made up of
N-acetylglucosamine units [5] and a significant primary
resource for the source of bioactive molecules [6].

Chitin is degraded most frequently by the chemical path-
way to generate oligosaccharides. However, this involves
adverse consequences such as processing costs and harmful
effects on the ecosystem with the use of highly corrosive
chemical reagents [7, 8]. On the other hand, the biotechno-
logical pathway is an ecofriendly approach [9] where
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chitinases (glycosyl-hydrolase proteins) play an important
role in cleaving the β-1,4 bonds of the N-acetylglucosamine
units resulting in chitin degradation [10].

Most of the common bacteria and fungi microbiota syn-
thesize chitinolytic enzymes, and some unknown species
effectively decompose this chitin polymer. Researchers have
reported that marine environments are the principal source
of chitinase-synthesizing microorganisms, mostly bacterial
species [11] out of which only 4% of the strains are classified
[12]. Among the genera that are identified as chitinase pro-
ducers from the marine ecosystem include Bacillus, Aeromo-
nas, Serratia, Enterobacter, Erwinia, Chromobacterium,
Flavobacterium, Arthrobacter, and Vibrio [13]. Several other
bacterial species that have been investigated for the produc-
tion of chitinolytic enzymes are Streptococcus, Clostridium,
and Eubacterium genera that were isolated from whale wastes
[14]; Bacillus licheniformis from the liquid waste of the food
industry [15]; Streptomyces and Serratia from the residues
of crustaceans [16]; and Bacillus amyloliquefaciens and Aci-
netobacter johnsonii from shrimp residues [17]. Chitinase
producers are rarely isolated from aquatic ecosystems as
compared to terrestrial environments, as they are aerobic
[12]. Screening for chitinase producers has become an
important area for many researchers to help pave the way
for degradation of shrimp residues in an economically feasi-
ble and ecofriendly manner. Therefore, the present investiga-
tion focused to isolate a chitinase-producing strain and to
identify it using 16S rRNA sequencing. A mutant strain pro-
ducing hyperchitinase was developed.

2. Materials and Methods

2.1. Organism, Media, and Culture Conditions. The strain
Bacillus licheniformis (SSCL-10) that had been isolated from
seafood industrial waste (shrimp shell dumping area) of
Thoothukudi, India, and identified at the microbiology labo-
ratory, V.H.N.S.N (autonomous), Virudhunagar, TN, India,
has been used in this study. The culture conditions, optimal
temperature, pH, and colloidal chitin concentration were
followed according to an earlier report by Abirami et al. [7].
Chitin decomposing and antifungal properties have been
identified and published [7, 18].

2.1.1. Preparation of Colloidal Chitin and Colloidal Chitin
Agar (CCA) Plates. Colloidal chitin was prepared according
to [19]. Briefly, 5 g chitin powder (GRM1356-100G Hi-
media, India) was added slowly to 60 L of (10NHCl) concen-
trated HCl with continuous stirring at 4°C overnight. This
mixture was added to 50% of 500mL ice-cold ethanol at
25°C with continuous and vigorous stirring at 200 rpm over-
night in the rotary shaker. After centrifugation at 10,000 rpm
for 20 minutes, the precipitate was collected and washed with
sterile distilled water until became neutral (pH7.0). Collected
colloidal chitin was freeze dried and stored at 4°C until use.
The colloidal chitin agar plates were prepared according to
our earlier report [7] by mixing 5 g of colloidal chitin with
mineral salts (KH2PO4 0.7 g, K2HPO4 0.3 g, MgSO4·5H2O
0.5 g, FeSO4·7H2O 0.001 g, ZnSO4 0.001 g, MnCl2 0.001 g,
and agar 20 g for 1 L with pH8).

2.1.2. Primary Screening of Chitin-Degrading Bacteria. Pri-
mary screening was performed by spot inoculating all the
chitin-degrading bacterial isolates on CCA using toothpick
heads of 2mm diameter and incubated at room temperature.
The zone of clearance due to chitin hydrolysis was recorded
up to 5 days. The bacterial isolates producing clear zone over
5mm alone were selected and subjected to secondary
screening.

2.2. Determination of Specific Chitinolytic Activity. Chitinase
activity was measured according to the method of Vyas and
Deshpande [20]. Briefly, colloidal chitin was used as the sub-
strate to measure chitinase activity. Enzyme solution
(0.5mL) was added to 1.0mL of substrate solution (0.5% sus-
pension of the colloidal chitin in a phosphate buffer (50mM,
pH7.0)) incubated at 37°C for 15 minutes. After centrifuga-
tion, the supernatant was measured for reducing sugars by
the dinitrosalicylic acid method and N-acetyl glucosamine
was used as a standard [21]. One unit of chitinase activity
was defined as the amount of enzyme required to liberate
1μmol of N-acetyl- D-glucosamine equivalent at 50°Ch-1.

2.3. Determination of Shrimp Shell Degradation Using
Chitinolytic Microorganisms. The biodegradation potential
of Bacillus licheniformis (SSCL-10) was determined on
shrimp shells. Briefly, the selected Bacillus licheniformis
(SSCL-10) were grown in 0.5% colloidal chitin containing
nutrient broth as inoculum. Fifty microliter of bacterial inoc-
ulum (0.5 OD) was inoculated to 1 g of shrimp shells in 5mL
minimal medium (pH7) at 40°C in 100 rpm rotary shaker for
6 and 12 days. After incubation, based on the shrimp shell-
degrading efficacy, the Bacillus licheniformis (SSCL-10) was
selected for mutagenesis and maintained on nutrient agar
slants for further studies.

2.4. Molecular Identification and Phylogenetic
Tree Construction

2.4.1. PCR Amplification. Molecular identification was done
by 16S rRNA analysis. Briefly, high yield of chitinase pro-
ducer Bacillus licheniformis (SSCL-10) reported in our earlier
studies [7] was selected for the study. Bacterial genomic DNA
of Bacillus licheniformis (SSCL-10) was extracted using the
Insta Gene TMMatrix (Bio-Rad, cat-no. 7326030), according
to the manufacturers’ instruction. Then, a 16S rRNA subunit
gene fragment was amplified by using 16S rRNA universal
primers 27F (5′-AGAGTTTGATCMTGG CTCAG-3′) and
the reverse primer 1492R (5′-TACGGYTACCTTGTTAC
GACTT-3′) [22] using MJ Research Peltier Thermal Cycler
(Marshall Scientific, USA). PCR was performed in a 30μL
reaction mixture (20 ng genomic DNA) under the following
cycling conditions: 95°C for 2min, followed by 35 cycles of
95°C for 1min, 55°C for 1min, and 72°C for 1min, with a
final incubation at 72°C for 10min.

2.4.2. 16S rRNA Gene Sequencing. The PCR product was
detected using agarose gel electrophoresis and extracted
using the Genei® Gel Extraction Kit (Bangalore Genei,
India). Cycle sequencing was performed with the help of
ABI3730xl DNA Analyzer with a BigDye Terminator Cycle
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Sequencing Kit v.3.1 (Applied Biosystems, Carlsbad, CA,
USA). The primers 518F (5′-CCAGCAGCCGCGGTAA
TACG-3′) and 800R (5′-TACCAGGGTATCTAATCC-3′)
were used for the sequencing reactions. The short sequence
of the 16S rRNA gene was compiled using SeqMan (DNAS-
TAR Inc.). The newly generated sequences were deposited
in GenBank.

2.4.3. Phylogenetic Analysis. To analyse the closest phyloge-
netic classification for the chitinase producer, the sequenced
16S rRNA genes were compared with BLAST (https://blast
.ncbi.nlm.nih.gov/Blast.cgi) using the NCBI blast similarity
search tool. The phylogenetic analysis of our sequence with
the closely related sequence from the blast results was per-
formed followed by multiple sequence alignment. The pro-
gram MUSCLE 3.7 was used for multiple alignments of
sequences [23]. The aligned sequences were cured using
Gblocks 0.91b to eliminate poorly aligned positions and
divergent regions (removes alignment noise) [24]. Finally,
Phyml 3.0 aLRT program was used for phylogenetic analysis
and HKY85 as the substitution model which is shown to be at
least as accurate as other existing phylogeny programs using
simulated data and the order of magnitude being faster. Tree
Dyn 198.3 program was used for tree rendering [25].

2.5. UV Mutagenesis of Bacillus licheniformis. UV mutagene-
sis protocol was followed according to Vaidya et al. [26] with
modifications. The wild-type Bacillus licheniformis (SSCL-
10) was inoculated in nutrient broth and incubated at 37°C
for 24 hours. One microlitre culture was exposed to short
UV light wavelength (280 nm) from a distance of 60 cm (Phi-
lips TUV 30W, G3018, Holland) with different time intervals
(0, 2, 4, 6, 8, and 10 minutes) in an open glass petridish under
dark conditions to protect from photoreactivation. Then, the
culture was serially diluted on CCA plates and mutant strains
were isolated from a low ratio of UV survivors. Mutants were
screened and selected by observing higher zone of clearance
(CZ) to colony size (CS) ratio and chitinase activity.

2.6. Chemical Mutagenesis of Bacillus licheniformis. Muta-
tions were induced chemically by ethylmethane sulphonate
(EMS) according to the method of Vaidya et al. [26] with
modifications. The UV mutant strain was further mutated
chemically by EMS to observe the effect on hyperchitinase
production. The Bacillus licheniformis (SSCL-10) (UV-11)
was inoculated in nutrient broth and incubated at 37°C for
24 hours. After incubation, the pellet was collected from
1mL of culture medium and washed twice with sterile
0.1M Tris-HCl buffer (pH7.5) and suspended in equal vol-
ume of 0.1M Tris-HCl buffer (pH7.5). The pellet was col-
lected and resuspended in half the volume of 0.1M Tris-
HCl buffer (pH7.5). Cells were collected in 0.1mL aliquots
and kept on ice. A total of 50μg/mL of EMS was added to
each tube and placed in a shaker water bath at 37°C for 30
minutes. The cells were washed and suspended in 1mL with
0.1M Tris-HCl buffer (pH7.5), and the mutated sample was
grown for 24h. The induced mutants were serially diluted
and plated on CCA plates. Mutants were screened and

selected by observing for higher zone of clearance (CZ) to
colony size (CS) ratio and chitinase activity.

2.7. Screening and Isolation of Hyperchitinase-Producing
Mutant. After the mutagenesis process, the CCA plates were
incubated at room temperature and examined up to 5 days
for the zone of clearance (chitin hydrolysis). The colony size
(CS) as well as the zone of clearance (CZ) was measured, and
the CZ/CS ratios were measured and compared with the wild
type. Higher CZ/CS colonies were subcultured on chitin agar
slants and simultaneously inoculated into 100mL nutrient
broth containing 1% colloidal chitin and incubated at 30°C
on a rotary shaker at 100 rpm for 48h. The culture filtrate
was collected and measured for chitinase activity.

2.8. Partial Purification of Chitinase. The crude enzyme was
partially purified from the culture supernatant (wild, UV
mutant, and EMS mutant strains) using 65% saturated
ammonium sulfate (SAS) precipitation at 4°C in stirring
according to the method of Akeed et al. [27]. Precipitation
was done by centrifuging at 11,500 x g for 10min at 4°C.
The precipitate was resuspended in equal volume of
sodium-acetate buffer (pH6), and the protein concentration
was estimated [28]. The isolate with the highest chitinase
activity was purified on 12% polyacrylamide gel electropho-
resis and stained using 0.5% Coomassie Brilliant Blue R250
(Sigma). A protein marker was also electrophoresed for size
determination.

2.9. Statistical Analysis. Analysis of variance (ANOVA) was
performed and the means were compared using Tukey tests
(p < 0:05) on the specific chitinolytic activity using the SPSS
18.0 statistical software.

3. Results

3.1. Screening of the Wild-Type Strain. Our earlier study
reported that the 16 bacterial strains isolated from shrimp
residues expressed different hydrolysis halo sizes (zone of
clearance over 5mm in colloidal chitin agar medium) [8].
From these isolates, Bacillus licheniformis (SSCL-10) pro-
duced the highest chitinase activity that was used as the wild
type (KCCD 201018) and compared with the mutant pro-
ducers (Fig. S2). The SSCL-10 was catalogued in the institu-
tion collection of Kamaraj College Culture Depositary
(KCCD 201018). Similarly, the mutant strains, UV-11 and
EMS-13 were catalogued with the numbers KCCD 201807
and KCCD 201812, respectively.

The colony morphology of strain Bacillus licheniformis
(SSCL-10) shows white, circular and convex shape with full
borders and smooth texture. Microscopic examination
showed rod-shaped, motile vegetative cells and endospore
forming that was confirmed to belong to the Bacillus group
(Fig. S3). The Bacillus licheniformis (SSCL-10) showed
enzyme activity of 3.4U/mL on the 4th day of incubation
(Figure 1). Based on our previous study [8], the optimum
concentration of colloidal chitin (1%), temperature 40°C,
and pH 7 were used in this study for growth of both wild
and mutant strains for the chitinase production.
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Figure 2 revealed the biodegradation of shrimp shells
after 6 and 12 days in a time-dependent manner observed
visually. Twelve days effectively degrades the exoskeleton of
shrimp shell compared to 6 days.

3.2. UV Mutagenesis. Bacillus licheniformis (SSCL-10) was
mutated by UV and the survivors were plated on CCA plates
to measure zone of clearance (CZ) to colony size (CS).
Mutant hyperchitinase-producing strains were identified
and isolated at different time intervals. The percentage survi-
vors decreased in a dose-dependent manner at various time
intervals (0, 2, 4, 6, 8, and 10 minutes) (Figure 3(a)). Thirteen
mutants, which showed a high CZ/CS ratio, were examined
for the production of chitinase with zones of clearance rang-
ing from 15 to 19mm in colloidal chitin agar medium.
Mutant UV-11 was found to produce 13.3U/mL (Table 1)
of chitinase that was significantly higher (p < 0:05) than the
wild type (3.4U/mL) (Figure 1).

3.3. EMS Mutagenesis. Bacillus licheniformis (SSCL-10)
mutant UV-11 was further mutated with EMS and the

decrease in survivors was dose dependent (0-7μg) measured
spectrophotometrically (Figure 3(b)). Sixteen mutants
showing higher CZ/CS ratio were examined for the pro-
duction of chitinase that gave zones of clearance ranging
from 19 to 27mm in a colloidal chitin agar medium.
Mutant EMS 13 was found to produce the highest amount
of chitinase of 20.2U/mL (Table 1) that was significantly
higher (p < 0:05) than the wild type (3.4U/mL) and
mutant UV-11 (13.3U/mL) (Figure 1). The hyperchitinase
yield of the mutant EMS-13 was measured and found to
be stable by subculturing consecutively on CCA slants
for over 6 months.

3.4. Specific Chitinolytic Activity. Figure 1 shows the analysis
of chitinolytic activity among three significant mutant chiti-
nase producers (p < 0:05) that have different chitinolytic
capacities as compared to the wild strain. In the increasing
order of specific activity, the wild Bacillus licheniformis
(SSCL-10) produced the lowest followed by the mutant
UV-11 and the highest was produced by the mutant EMS
13. The results of specific chitinase activity with the selected
strains ranged from 3.4U/mL to 20.4U/mL of protein
(Table 1) (Fig. S4). In addition, a strong association was
found between the observed chitinase activity and the hydro-
lytic zone formation observed in each strain.

3.5. Phylogenetic Analysis. Compared with the database
sequences, the 16S rRNA from the SSCL-10 isolate showed
97% similarity with Bacillus licheniformis that was recorded
in the NCBI database (Bank ID SUB2051105; Gene Bank
Accession No. KY063593; identified organism Bacillus liche-
niformis) (Table S1-S2). The program Tree Dyn 198.3 was
used for phylogenetic tree rendering (Table S3). Figure 4
shows tree rendering results of Bacillus licheniformis (SSCL-
10). The alignment and phylogenetic analysis of 16S rRNA
sequences of different Bacillus species strongly suggested
species status of the bacterial strain (SSCL-10) (Fig. S7) and
confirmed the classification and identification of the
isolated bacterial strains as Bacillus licheniformis.
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Ch
iti

na
se

 ac
tiv

ity
 (U

/m
L)

0

5

10

15

20

25

a⁎ a⁎
a⁎

a⁎b⁎ a⁎b⁎
a⁎b⁎

Wild
type

UV-4 UV-7 UV-11 EMS-6 EMS-9 EMS-13

Figure 1: Specific chitinolytic activity of Bacillus licheniformis SSCL-10 wild type along with maximum chitinolytic activity of three mutants
of UV and EMS strains. Values with a∗b∗ are significantly (p < 0:05) higher activity. a∗: wild type compared with UV and EMSmutant. b6: UV
compared with EMS mutant.

Figure 2: Shrimp shell degradation effects by partial purified
chitinase enzyme produced by wild strains of B. licheniformis
(SSCL-10). (1) Shrimp shells alone without Bacillus licheniformis
SSCL10. (2) Shrimp shells with Bacillus licheniformis SSCL10 for 6
days. (3) Shrimp shells with Bacillus licheniformis SSCL10 for 12
days.

4 Archaea



3.6. Chitinase Purification. The chitinase (Chi-66) was par-
tially purified by 65% saturated ammonium sulfate (SAS)
precipitation at 4°C. SDS-PAGE of the denatured partially
purified chitinase identified the molecular weight near
66 kDa (Figure 5). Based on the equivalent amount of total
protein loaded for all the strains, the precipitate of the wild
type showed a thin, small band; the UV mutant strain
revealed a medium size band; and the EMS mutant strain
showed a thick band indicating the increasing degree of yield
of chitinase (Fig. S5-S6). The EMS mutant chitinase-

producing strain effectively produces the highest level of chit-
inase compared to UV mutant and wild type.

4. Discussion

Chitinase has recently been successfully isolated and charac-
terized from Bacillus species [29–31]. However, it is neces-
sary to produce high yield of chitinases to fulfill the
essential needs for the sustenance of the ecosystem. The pres-
ent research reports the isolation, molecular identification,
and induced mutagenesis of high yielding wild strain of
Bacillus licheniformis with chitinolytic activity from shrimp
wastes. Our previous study reported chitinase-producing iso-
lates, its characterization, and optimal growth factors such as
temperature, pH, nutrient composition of the culture
medium with colloidal chitin concentration, chitinase pro-
duction, and its activity from different marine sources [7].
The chitinolytic activity was indicated by the presence of a
zone of clearance given by the isolates. Earlier studies
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Figure 3: Survival curve of mutagenesis. (a) UV survival curve of Bacillus licheniformis SSCL-10. (b) EMS survival curve of Bacillus
licheniformis SSCL-10 UV-11.

Table 1: Ratio of zone of clearance (CZ)/size of colony (CS) and
chitinase activity of Bacillus licheniformis SSCL-10 wild type,
maximum CZ/CS of three mutants of UV and EMS strains were
selected for chitinase production.

S. no. Bacterial isolate
CZ/CS

(after 48 h)
Chitinase activity
(units/mL-1)

1 Wild-type strain 13-14 3:40 ± 0:31
2 UV mutant 4 16-17 10:8 ± 0:98
3 UV mutant 7 16-17 11:2 ± 1:14
4 UV mutant 11 18-19 13:3 ± 1:21
5 EMS mutant 6 22-23 18:7 ± 1:42
6 EMS mutant 9 22-23 18:1 ± 1:30
7 EMS mutant 13 24-25 20:2 ± 1:72

Microbacterium barkeri(KY595454.1)

Bacillus paralicheniformis(CP033198.1)

Bacillus licheniformis(MK937815.1)

Bacillus licheniformis(AF372616.1)

Bacillus licheniformis(MK583945.1)
Bacillus licheniformis(KY063593.1)
Bacillus sonorensis(KX641746.1)

Bacillus aerius(MF470190.1)

0.0008

Bacillus sonorensis(KF879294.1)

Bacillus aerius(KC469617.1)

Figure 4: Phylogenetic tree of the selected strain Bacillus
licheniformis SSCL-10 from other bacterial taxa.

M 1 2 3 M kDa

116.0

66.2

45.0

35.0

25.0

18.4

14.4

Figure 5: SDS-PAGE analysis for partial purification of chitinase
from Bacillus licheniformis (SSCL-10). M: Marker, 1: cell extract
fraction of wild-type strain, 2: cell extract fraction of UV mutant
11, 3: cell extract fraction of EMS-13.
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demonstrated that the presence of halo (zone of clearance)
requires a long incubation period of 5 to 6 days [32]. Presence
of Gram-negative isolates is common in the marine environ-
ment, especially in crustaceans and shrimp wastes that can
cause diseases in marine organisms. Our earlier studies
observed that chitinase produced by Bacillus licheniformis
(SSCL-10) degrades exoskeleton of cockroach effectively
[7]. Similarly, a present study also proved that the enzyme
produced by Bacillus licheniformis (SSCL-10) effectively
degrades shrimp shell wastes. Our results revealed that
Bacillus licheniformis (SSCL-10) is a potential organism
to be used as a biocontrol agent and improve ecofriendly
environment.

Compared to Gram-positive bacteria, 90% of the diver-
sity of Gram-negative bacteria in marine ecosystems has
traits that enhance survival of these organisms in extreme
temperature, tolerance and rapid adaptation to nutrient defi-
ciencies, and high salt concentration [33, 34]. The chitinase
activity of the mutated strains of UV-11 and EMS-13 showed
values greater than earlier reports [27] with a maximum spe-
cific enzymatic activity of 14.2U/mL in a strain of Bacillus
licheniformis B307. On the other hand, our wild strain of
Bacillus licheniformis SSCL-10 showed chitinolytic activity
values of 3.4U/mL, which is lower than the mutant values
compared in this study and reported in our earlier studies
[7]. Dai et al. [35] reported that Bacillus spp. Hu1 showed
chitinase activity of 11.1U/mg of protein in crude extract,
whereas B. licheniformis LHH100 showed chitinase activity
of 494.5U/mg of protein reported by Laribi-Habchi et al. [15].

In addition to normal production of chitinase, we
designed mutant strains for increased chitinase activity by
inducing UV and EMS mutation. This method was applied
in an earlier study with Alcaligenes xylosoxydans, which
enhances the chitinase production 2-3-fold higher [26]. Our
study is the first report of hyperchitinase activity in Bacillus
licheniformis induced chemically (EMS) and by UV radia-
tion. Furthermore, the UV mutant Bacillus licheniformis
SSCL-10 UV-11 enhanced chitinase production 3-4-fold
higher than the wild type. Further, chitinase production
was enhanced by mutagenizing the UVmutant (UV-11) with
EMS (EMS-13) with a specific activity of 20.4U/mL. Thus,
UV and chemical mutation induced higher yield of chitinase
from the wild-type Bacillus licheniformis SSCL-10 by 5-6-
fold. Others have reported twofold enhanced chitinase
production in Serratia marcescens QMB 1466 [36] and in
Pseudomonas stutzeri YPL-M26 with N-methyl-N′-nitro-
N-nitrosoguanidine (NTG) mutagenesis [37]. The partially
purified chitinase was identified as a 66 kDa (Figure 5)
molecular weight protein by SDS-PAGE. Researchers have
isolated and purified chitinase produced by Bacillus spp. with
a range of 36, 42, 53, 59, 62, 66, 72, 76, and 89 kDa [38–40].
Chitinases have been isolated from other microorganisms
with molecular weights falling in the same range. An endo-
chitinase of 66 kDa was isolated and cloned from Serratia
proteamaculans [41]. Another study found that four chiti-
nases with molecular weights of 92, 82, 70, and 55 kDa
secreted by Aeromonas caviae CB101 were encoded by a sin-
gle gene chi1 [42]. The proteins were different truncations of

the same Chi1 protein possibly due to posttranslation proteo-
lytic cleavage that forms the chitinase processing. However,
the role of such processing is uncertain. Most of the chitino-
lytic bacteria studied have multiple chitinases that function
synergistically for chitin degradation. Further elucidation of
the chitinase structure from our study will highlight the sim-
ilarities and differences with other chitinases and indicate
possibly the presence of multiple truncations of the same
protein. Our previous study reported that the isolated chiti-
nase enzyme tested as important biocontrol agents against
selected phytofungal pathogens viz. Fusarium solani, Rhizco-
nia solani, Fusarium oxysporum, and Aspergillus spp. [18].

Bacillus licheniformis, a part of the subtilis group, is com-
monly found in soil and bird feathers. In birds, it is involved
in feather degradability and impacts molting and color pat-
terns. In humans, these commonly cause food poisoning
and are a contaminant of dairy products, raw milk, vegeta-
bles, cooked meats, and processed baby foods. Since this bac-
terium produces and secretes hydrolytic enzymes, it has the
ability to degrade many substrates. This degradability feature
has captured the interest for potential applications in bio-
technology [18, 43]. The fermented bird feathers are turned
into nutritious livestock feed. It also produces an alkaline
protease, which is in turn used in laundry detergent as it
can remove proteinaceous dirt from clothes at lower temper-
atures. It is used as a biopesticide as it possesses antifungal
activity [17, 44]. This has probiotic potential when used
along with B. subtilis that promotes better immune function.
B. licheniformis has a significant role to play in the bioconver-
sion of chitin, one of the major wastes of the crustacean
industry. Chitin is difficult to biodegrade that poses an envi-
ronmental problem which can be alleviated by chitinases.
Chitinases is responsible for the bioconversion of chitin to
pharmacologically active products such as N-acetyl glucos-
amine and chito-oligosaccharides. These derivatives can
eventually contribute to a sustainable environment and fur-
ther downstream applications. The characterization and
sequencing of Bacillus licheniformis could represent a bio-
technological alternative to manipulate nonpathogenic
microorganisms capable of decomposing chitin in marine
ecosystem and for feasible industrial applications.

5. Conclusions

Chitinolytic potential was identified and isolated in Bacillus
licheniformis (SSCL-10) from shrimp wastes. Our result
revealed that Bacillus licheniformis (SSCL-10) was a potential
organism to be used as a biocontrol agent and improve the
ecofriendly environment. Mutagenesis was induced in the
isolated wild strain to enhance the production of chitinase.
Extracellular chitinase was partially purified, and the size of
the purified enzyme was around 66 kDa. The chitinase yield
was enhanced 6-7-fold in the mutant strains as compared
to the wild strain. Sequencing of 16S rRNA of the isolated
wild chitinase producer determined that it belongs to the spe-
cies Bacillus licheniformis, and the sequence was recorded in
the NCBI database (Bank ID SUB2051105; Gene Bank
Accession No. KY063593; identified organism Bacillus
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licheniformis). The strain with the hyperchitinolytic capacity
was mutant EMS-13, with a specific activity of 20.4U/mL.
The EMS-induced mutant strain from Bacillus licheniformis
SSCL-10, EMS-13, was identified as a highest yielding chiti-
nase producer that can find potential applications in biocon-
trol, pharmaceuticals, and biotechnological sectors (Fig. S1).
Furthermore, future studies that include molecular analysis
of the chitinase structure can help in drawing comparisons
with other characterized chitinases. This will also help in
studying further the possibility of a chitin-degradation sys-
tem available in Bacillus and the presence of multiple chiti-
nases or truncated forms of the same protein. Due to its
high degradability feature, industrial applications for using
this enzyme can be explored. Hyperchitinase mutants can
be investigated for bioconversion of chitinous wastes at com-
mercial level. Further, its biocontrol on pathogenic fungi can
be employed for disease control among commercially impor-
tant crops thereby minimizing the use of pesticides and its
negative effects on crops and human health.

Data Availability

All data used in this study available as Supplementary
Material for this article can be found online.

Additional Points

Highlights. (1) A chitinase producer was isolated and identi-
fied by 16S rRNA gene sequencing as B. licheniformis. (2)
Mutagenesis by EMS and UV induced increased hyperchiti-
nase production as compared to the wild chitinase produc-
tion. (3) Chitinase was partially purified and determined as
a 66 kDa protein. (4) This study offers an effective
industrial-grade strategy for hyperchitinase production that
can bioprocess nondegradable chitin wastes from environ-
mental crustaceans and shrimp residues.
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In order to improve the practicality of the rapid biochemical oxygen demand (BOD) method, a highly sensitive rapid detection
method for BOD that is based on establishing the correlation between current and dissolved oxygen (DO) was developed. In
this experiment, Bacillus subtilis was used as the test microorganism, and the embedding method was used to achieve
quantitative fixation of microorganisms, which could increase the content of microorganisms and prolong the service life of the
biological element. The conductivity (COND) probe is used as a sensing element, so that the testing value can be read every
second. In the program, the moving average method is used to process the collected data so that the value can be read every
minute. National standard samples were detected to test the accuracy and stability of the method. The results showed that
relative error and analytical standard deviations were less than 5%. Different polluted water was tested to evaluate its application
range. The results showed that relative error was less than 5%. The results of the method are consistent with the results of the
wastewater sample obtained by the BOD5 standard method. The proposed rapid BOD current sensing biosensor method should
be promising in practical application of wastewater monitoring.

1. Introduction

Biochemical oxygen demand (BOD) is a widely used index
for estimating the level of water pollution by organic com-
pounds [1]. BOD can provide useful information for biolog-
ical and environmental impact assessment and has been the
most preferred method for environmental applications [2–
5]. The standard BOD5 method described by APHA (1998)
is the most widely used method for measuring biodegradable
organic levels in waters and wastewaters [6, 7]. However, the
classical BOD5 method is unsuitable for rapid detection and
online applications [4, 8].

In order to get the BOD values within minutes, the devel-
opment of a new detection method has become a very attrac-
tive option. To date, tremendous efforts have been devoted to
developing new BOD detection methods to reduce assay time
and simplify procedures to meet the requirements of end
users [4, 7, 9–26], such as (i) biosensors based on biolumines-

cent bacteria, (ii) biosensors with redox mediators, (iii)
microbial fuel cell (MFC) biosensor, (iv) biosensors with
entrapped microorganisms, and (v) biosensors based on the
bioreactor/chemist at technology [2, 5]. Among them,
because of the complexity and low precision of the biolumi-
nescence reaction, the two former technologies show the least
potential in practical applications [5, 20, 22, 23, 27, 28]. Cur-
rently, the most widely adopted approach is the type of bio-
sensor method based on the respiration rate [5, 26]. In
addition, MCF has become the mostly studied method. The
main issues in the development of new detection methods
involve time-consuming preparation procedures [4, 12, 26],
longer incubation or activation or measurement times [4,
12, 26, 29, 30], rigorous maintenance [26, 31], online applica-
tions [26, 32], and complex analysis systems [26, 33].
Although MFCs can generate stable current under constant
condition, the pollution of toxic substances in MFCs usually
reduces the current by affecting microorganisms [34, 35].
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Membrane-type BOD sensors also have other problems, such
as membrane fouling, nonportability, and insufficient online
design [23, 36, 37]. Because the traditional BOD rapid mon-
itor has a complicated pipeline system, it is difficult to clean.
Residual biofilms inevitably exist in the pipeline, which will
eventually affect the test results. Besides, the analytical per-
formance of many existing rapid BOD methods is usually
severely affected by the sample matrix. The measured analy-
sis signal is highly dependent on the sample matrix, showing
the inherent limitations of a narrow range of application, as
well as defects in the repeatability and reliability of real sam-
ple analysis [4, 9, 12, 26, 38]. In addition, the traditional
microbial immobilization technology used in rapid detection
is difficult to quantify the immobilization of microbial cells.
In the actual detection, the change in the number of microor-
ganisms affects the detection results. In fact, the rapid BOD
sensor achieved rapid monitoring at the expense of sacrific-
ing unique advantages of the BOD5 method [4, 12, 26].
China advocates defining standard water quality less than
10mgL-1 BOD. In order to assess such a low BOD value,
building an accurate BOD monitoring system has become
an important factor for monitoring the water quality [39].
The development of a new BOD method that can achieve
rapidity (the inherent advantage of fast BOD sensors), solve
the shortcomings of the traditional biofilm method, and
maintain the widespread application of the BOD5 method
is of an important practical issue and scientifically
challenging.

In this study, we aimed to develop a simple and accurate
BOD monitoring method, which can be used for real-time
detection and online monitoring. According to the tradi-
tional fast monitoring method, BOD can be calculated from
the reduction of DO based on the output signal of the DO
sensor and the correlation between the concentration of the
target substrate and BOD [40, 41]. Based on this principle,
we have studied the monitoring objects and determined the
method of evaluating BOD by detecting changes in electrical
signals. With this detection method, the complex piping sys-
tem in the instrument can be removed, the complicated
cleaning work can be reduced, and the instrument volume
can be greatly reduced. This method can improve the sensi-
tivity and stability of monitoring to a certain extent and can
reduce the influence caused by the unstable substrate matrix
and monitoring signal. In addition, in this method, an
embedding technique is used to quantify and immobilize
microorganisms. The polymer matrix used to fix microbial
cells makes microbial spherical particles an identification ele-
ment for biodegradable organic matter, which can reduce the
impact of problems such as biofilm clogging on monitoring.

2. Experimental

2.1. Method. Based on the principle of the standard detection
method, the detection time is greatly shortened and the oper-
ation process is simplified. Immobilized microbial cell parti-
cles are used as reaction elements, which can realize the full
mixing and reaction of microbes and water samples. In the
closed reaction vessel, microorganisms decompose organic
matter and consume oxygen, which results in a decrease in

the concentration of DO in the water; at the same time, the
value of COND will change. This study explored the reaction
relationship between COND and DO, and multiple relation-
ship curves were established. In the actual detection process,
BOD can be accurately detected by detecting the change of
COND in the sample and performing relevant calculations.
In addition, in order to adapt to different testing require-
ments, this study determined a variety of testing modes.

Because the COND value can be detected every second,
in principle, this method can detect the BOD value once
per second. In order to ensure the accuracy and stability of
the detection, the moving average calculation method is exe-
cuted during the calculation process, so the BOD value can be
obtained every minute.

2.2. Control System. First, the conductivity signal is collected
by the COND probe (COND value can be detected every sec-
ond). After that, the signal is collected to the transmitter
through the MODBUS protocol, and the transmitter trans-
mits the signal to the controller by the 4-20mA signal. The
controller performs moving average processing on the con-
ductivity signal, and the data is displayed once every minute
after the moving average processing. After reaching the spec-
ified running time (manual setting), the test results and reac-
tion time will be output for the data processing and
comparison.

2.3. Materials and Tools. PVA (polyvinyl alcohol), sodium
alginate, xanthan gum, NaCl, glucose, and glutamic acid were
purchased from Beijing Chemical Reagents Company.
Unless otherwise indicated, all reagents used in this study
were laboratory-grade materials, and all solutions were pre-
pared with high-purity deionized (Milli-Q) water.

The BOD standard solution (136.4mg glucose and
136.4mg glutamic acid are dried at 103°C for 2 hours, dis-
solved, and diluted to 100mL, GGA) was prepared according
to the standard method. This solution in this study has a
known BOD value of 2000 ± 160mgL-1. And lower concen-
tration BOD solution was prepared by appropriate dilution
with deionized water.

Phosphate buffer solution (PBS, 5mM, pH 7.0) was pre-
pared in accordance with standard methods using diluting
samples and activating and washing microbial spherical
particles.

Based on theoretical principles, an experimental R&D
platform and a simple prototype have been produced. The
R&D platform is used for curve research and correction.

The prototype is used for water sample monitoring. The
structure diagram of the prototype is shown in Figure 1,
and the appearance of the prototype is shown in Figure 2.

2.4. Immobilized Microbial Cell Particles. Bacillus subtilis
used in the experiment was isolated from the water sample
of the aeration basin of the Shandong Taian Wastewater
Treatment Plant and stored at 4°C. Physiological saline solu-
tion with a mass and volume fraction of 0.8% was prepared
and transferred to an Erlenmeyer flask for sterilization.

The microbial consortium was harvested and washed
twice with physiological saline solution by centrifugation
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(6000 rpm for 10min) at room temperature. The supernatant
liquid was then discarded, and the remaining sediment was
quantified by weight for construction of microbial spherical
particles. Polyvinyl alcohol, sodium alginate, and xanthan
gum in a mass ratio of 1 : 1 : 2 (PVA mass is 2 g) were dis-
solved in 30mL of deionized water and then cooled to
40°C, then mixed thoroughly with 1 gram microbial consor-
tium (the concentration of cell is about 3:0 × 109 cells g-1).

The resulting mixture was placed in a sterilization mold
and cooled to form spherical beads. The pellets were washed
with physiological saline, then dried at 4°C for 24 hours, and
stored at 4°C before use.

2.5. Determination of the Relationship Curve. The BOD stan-
dard solution as the experimental object was prepared
according to the standard method. The BOD standard solu-

tion with a certain concentration, KCl electrolyte solution,
and microorganism-embedded particles were added to the
closed reaction container for full reaction. The temperature
and stirring frequency remain unchanged during the reac-
tion. During the process, the COND and DO values in the
solution were detected and recorded. There are three concen-
tration ranges of high (800+mgL-1), medium (400-800mgL-
1), and low (400-mgL-1), and each concentration range is
divided into different concentration gradients to conduct
exploration experiments, and each group of experiments
carries out multiple sets of repeated experiments. High-
fitting curves were selected for the verification test.

The concentration gradient was subdivided within the
detection range of each curve. The corresponding concentra-
tion standard sample is detected, and the test is repeated mul-
tiple times. Then, the deviation degree of each relationship
curve is detected, and the curve coefficient is calibrated.

2.6. Measurement Procedures. A COND probe (DJS-1D,
Shanghai, China) purchased from Shanghai Yidian Scientific
Instrument Co., Ltd. was used as the transducer, which was
plugged in the center of the reactor. The microbial spherical
particles are placed in the reactor, and electromagnetic stir-
ring is used to ensure that they fully react with the water sam-
ple. A temperature control system was placed at the bottom
of the reactor which was used to control the reaction temper-
ature to 25°C.

Before measurement, about 500mL of 0.005mol L-1 PBS
was poured into the activation box. Then, about 2 g glucose
and 0.5 g glutamic acid were added to the PBS solution which
was used to provide nutrients to the microorganisms in the
microbial spherical particles. The amount of microbial spher-
ical particles used in one test is about 5 g. Then, the activation
box needed to be covered, and the temperature of the

Computer
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control
panel

Power
source

Touch
screen

Printer

Temperature control device

COND probe

Sealed container

Immobilized microbial
cell particlesStirrer

Stirring equipment

Figure 1: Schematic diagram of the current sensing biosensor for BOD.

Figure 2: The appearance of the prototype.
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activation box needed to be controlled at about 35°C (suitable
for microbial growth) for 48 hours.

BOD standard solution was used to regulate the BOD
sensor. The probe needs to be washed with deionized water
before each monitoring. The measurement of the conven-
tional BOD5 value was carried out by the standard method
[6, 7]. In order to analyze the accuracy and stability of this
monitoring method, the monitoring results obtained by this
monitoring method need to be compared with the results
obtained by the BOD5 method.

3. Results and Discussion

3.1. GGA Standard Solution. In order to carry out prelimi-
nary tests on the stability and accuracy of the method,

continuous tests were conducted on the different concen-
trations of GGA standard solution in the laboratory. This
experiment was conducted on the original R&D platform.
This experiment sets the concentration gradient to 200.
A total of four samples with different concentrations were
selected for testing. Six consecutive experiments were con-
ducted on samples with concentrations of 200mgL-1 and
400mgL-1, respectively. Three consecutive experiments
were carried out on samples with concentrations of
600mgL-1 and 800mgL-1. Due to the unstable initial reac-
tion, the experimental data discarded the continuous data
for the first 5 minutes and recorded the continuous mon-
itoring data for 6-16 minutes. The average value of 6 sets
(or 3 sets) of data corresponding to each minute is
obtained. The results are shown in Figure 3. The average
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Figure 3: Testing results of glucose-glutonic acid solution: (a) 200mg L-1; (b) 400mg L-1; (c) 600mg L-1; (d) 800mg L-1.
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BOD values, deviation, and error values are shown in
Table 1.

Due to some accidental errors in solution preparation
and dilution, the relative deviation of different batches of
experiments will be different, and the single data deviation
phenomenon that occurs accidentally in multiple sets of
experiments cannot be excluded. The experimental data is

evenly distributed, and the data fit is high, indicating that
the detection method has good stability.

The error of the test result of the sample with a concen-
tration of 200mgL-1 is relatively large. The error value of
the test results of other concentration samples is within the
allowable range (relative error ≤ 8%). The average deviation
value also indicates that the test has better stability. In the
subsequent prototype production, the curve correction work
was carried out, basically solving the problem of large error in
the detection results of the low concentration in this part.

3.2. Repeatability and Deviation. The repeatability is an
important parameter that can be used to indicate the preci-
sion of the prototype. The same sample is tested under the
same conditions, and the error is performed to analyze the
precision of the prototype. In this experiment, five standard
samples with different mass concentrations were selected
for detection in each applicable range, and each concentra-
tion sample was subjected to 6 repeated tests. The average
values are shown in Table 2.

The analysis of the experimental data and the significance
test show that the measured value of the prototype is not sig-
nificantly different from the guaranteed value of the standard
sample (p < 0:105), and the relative error is less than 5%,
indicating that the detection method has high test accuracy.

3.3. Stability. The stability indicates the stability of the proto-
type which is used to detect water samples continuously. In
this test, the influent and effluent water samples of a sewage
treatment plant were detected 6 times within 2 days. The pro-
totype was set to standby except working time. The results
are shown in Table 3.

The measurement results show that the average deviation
of the prototype is 4.7% for the inlet water sample and 5.7%
for the effluent water. The results suggest that the prototype
was stable during the practical application.

3.4. Actual Detection. The ultimate purpose of testing various
performances of the prototype is to explore the feasibility of
the prototype for the detection of actual wastewater samples.
In this experiment, in order to verify the feasibility of this
method for testing actual water samples, Bacillus subtilis
was used to make microbial particles to test several typical
actual water samples. Each water sample was tested three
times, and the average value was taken. At the same time,
the BOD5 standard method was used to detect each water
sample, and the test results were compared with the proto-
type test results.

The significance test indicated that the BOD mass con-
centration value measured by the prototype was not signifi-
cantly different from the BOD5 standard method (p < 0:105
). Taking the test results of the BOD5 standard method as
the standard, the deviations of the test values of the prototype
are all less than 5%. It is proved that this method and the
BOD5 standard method have a good correlation with the test
values of actual water samples. It shows that the prototype
has accurate detection results for a variety of wastewater
and meets the standard requirements. It can be concluded
from Table 4 that the BOD values of the prototype are lower

Table 1: The results of GGA standard solution.

Standard
sample
guaranteed
value

Average
BOD

(mg L-1)

Relative
mean

deviation
(%)

Maximum
relative

deviation (%)

Error
(%)

200 ± 16 223.0 3.0 6.2 11.5

400 ± 32 369.4 1.0 3.3 -7.6

600 ± 48 603.4 1.3 2.8 0.6

800 ± 64 778.0 3.8 7.1 -2.5

Table 2: The results of standard sample BOD mass concentration.

Sample
no.

Average BOD (mg L-1)
Error
(%)

Prototype
measured value

Standard sample
guaranteed value

1 169.5 170.0 -0.3

2 106.8 107 ± 9 -0.8

3 10.2 10:5 ± 2:4 -2.5

4 598.3 600 ± 49:7 -0.3

5 997.8 1050 ± 87 -0.2

Table 3: The results of continuous monitoring.

Experiment no.
BOD (mg L-1)

Influent Effluent

1 1140.2 130.1

2 1089.5 141.1

3 1020.4 125.8

4 1001.9 119.6

5 1067.5 120.1

6 1123.2 128.1

Average 1073.8 127.5

Table 4: The results of typical samples.

Sample
Average BOD

(mg L-1) Error (%)
Prototype BOD5

Domestic sewage 98.3 101.3 -3.0

Printing and dyeing wastewater 99.1 109.7 9.7

Gray water 73.9 75.1 -1.5

Industrial wastewater 248.3 261.4 -5.0
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than the BOD values of the BOD5 standard method. Because
the BOD5 standard method has a long reaction time, the
microorganism can degrade most of the biodegradable
organic compounds in the water sample, while the microor-
ganism in the current sensing biosensor method can only
quickly degrade some organics that are easily degraded in
the water sample. Therefore, the test results of the same water
sample by the current sensing BOD5 standard method are
not exactly the same. Table 4 indicates that there is a large
error between the test results of the BOD5 standard method
and the current sensing biosensor method of the printing
and dyeing wastewater. The reason for the result may be that
the printing and dyeing wastewater contains more heavy
metal ions and has a certain toxic effect on the immobilized
microbial cell particles.

4. Conclusion

This method improves the traditional rapid monitoring
instruments, reduces the complicated piping system, and
optimizes the immobilization method of microorganisms.
This method does not require elution. Compared with the
traditional biofilmmethod, it can achieve quantitative immo-
bilization of microorganisms, which can increase the number
of fixed microorganisms by several orders of magnitude and
control the number of the microbial cell particles used in the
detection. Therefore, this method was more accurate and
effective for BOD measurement which can greatly shorten
the reaction time and simplify the operation steps. The test
results of actual water samples show that BOD values of this
method are consistent with the BOD values of the BOD5
standard method (error < 5%). The results of this study indi-
cated that this method can meet the requirement of BOD
rapid measurement. Toxicants such as heavy metal ions
and organic toxicants have toxic effects on Bacillus subtilis;
therefore, antitoxic strains need to be selected for detecting
specific wastewater. It provides a general direction for the
follow-up of this research, that is, the use of mixed strains,
and precise control of the proportion of various strains, to
expand the detection range and improve the stability of the
detection.
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Anaerobic ceramic membrane bioreactor (AnCMBR) is an attractive alternative for the treatment of high-strength phenol
wastewater, but the effects of sludge retention time (SRT) on the performance and membrane fouling are still unclear. The
results indicated that the AnCMBR was successfully employed to treat high-strength wastewater containing 5 g phenol L-1. The
removal efficiencies of phenol and chemical oxygen demand (COD) reached over 99.5% and 99%, respectively, with long SRT
and short SRT. SRT had no obvious effect on the performance of the AnCMBR treating high-strength phenol wastewater with
long time operation. The strong performance robustness of AnCMBR benefited from the enrichment of hydrogenotrophic
methanogens and syntrophic phenol-degrading bacteria. However, the decline of SRT led to a more severe membrane fouling in
the AnCMBR, which was caused by the small size of sludge flocs and high concentration of protein in the biopolymers.
Therefore, this work presented a comprehensive insight to the feasibility and robustness of the AnCMBR for treating high-
strength phenol wastewater.

1. Introduction

Many coal industrial liquid effluents, such as coking and coal
gasification, contain a very high concentration of phenolic
compounds [1, 2]. For example, the concentration of pheno-
lic compounds in coal gasification wastewater varies from 4.5
to 7.5 g L-1 [3]. Although both the anaerobic and aerobic pro-
cesses were used to treat the phenolic wastewater, the anaer-
obic process was a more attractive alternative because of its
advantages of low operation cost and energy resource recov-
ery [4, 5]. It is a challenge for anaerobic process to treat high-
strength phenol wastewater, since the anaerobic sludge is
difficult to be granulated and easy to escape from the bioreac-
tor under strong toxicity condition [6].

Anaerobic membrane bioreactor (AnMBR) is a promis-
ing alternative for the treatment of industrial wastewaters.
AnMBR with combination of anaerobic digestion and mem-
brane separation endows some advantages, such as high

sludge concentration, low sludge yield, and excellent removal
capacity [7, 8]. Therefore, the AnMBR can be used to treat
the high-strength phenol wastewater, because sufficient
amount of biomass remained in the reactor which could
overcome the slow hydrolysis rate of phenol [9]. However,
membrane fouling is one of the biggest obstacles which
limited the application of AnMBR in wastewater treatment
[10, 11]. A feasible alternative to alleviate membrane foul-
ing was to use the ceramic membranes as a replacement of
polymeric membranes due to their higher membrane
hydrophilicity [12, 13]. Ceramic membrane filtration oper-
ated better than polymeric membrane in terms of lower
fouling rate, stronger performance robustness against
chemical exposure, and higher mechanical strength [14].
It provided a possibility for the treatment of high-
strength phenol wastewater using ceramic membranes in
the anaerobic reactor. However, the corresponding opera-
tional parameter and its effects on the anaerobic ceramic
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membrane bioreactor (AnCMBR) treating high-strength
phenol wastewater are still unclear.

As known, the sludge retention time (SRT) is a feasible
operational parameter of bioreactor which directly affects
treatment performance and membrane fouling [15]. Never-
theless, the views of previous studies on the SRT effect on
the treatment performance and the membrane fouling were
contradictory. It was widely considered that better digestion
efficiency and effluent quality and higher methane yield
could be achieved at the longer SRT [16]. However, the
effects of SRT on the membrane fouling of the AnMBR treat-
ing different wastewater were different. Han et al. found that
the longer SRT resulted in more serious membrane fouling
because the sludge particles were more severely deposited
on the membrane surface and extracellular polymeric sub-
stances (EPS) of sludge would be increased at longer SRT
[17]. But, Estrada-Arriaga and Mijaylova found that a lower
SRT and hydraulic retention time (HRT) caused more seri-
ous membrane fouling when the MBR was operated with
treating estrogen-containing wastewater [18]. Therefore, the
effect of SRT on the robustness performance of AnCMBR
should be explored which was practically significant for the
treatment of high-strength phenol wastewater.

The objectives of this study were to examine the influence
of SRTs on the performance robustness of AnCMBR treating
high-strength phenol wastewater. The effect of SRTs on the
transmembrane pressure (TMP) of AnCMBR was presented.
Moreover, the soluble microbial products (SMP), EPS, the
particle size distribution (PSD), and microbial community
structure of sludge at different SRTs were investigated.

2. Materials and Methods

2.1. Experimental Setup and Synthetic Wastewater. The sche-
matic diagram of the AnCMBR is shown in Figure 1 and the
details were described in a previous study [19]. The volume
of the reactor was 6.2 L with a hydraulic retention time of 2
days. The whole experiment could be divided into two phases
(phase I and II), and the longer SRT was controlled at 233
days at phase I and the shorter SRT was controlled at 61 days

at phase II. Before this study, the inoculation sludge was
acclimated to phenolic wastewater (5000mg phenol L-1) for
about one month. The mixed liquor suspended solids
(MLSS) and mixed liquor volatile suspended solids (MLVSS)
concentrations of the inoculumwas 18.53 gL-1 and 12.90 gL-1,
respectively. The wastewater consisted of phenol (5000mgL-1)
and sodium acetate (2770mgL-1), which contributed to the
total COD concentration of around 14000mgL-1. Addition-
ally, the macronutrients, micronutrients, yeast extract, and a
phosphate buffer solution were also added, and their con-
centration and composition were referred to a previous
study [19].

2.2. Effects of SRTs on the Transmembrane Pressure (TMP) of
AnCMBR. The transmembrane pressure (TMP) was detected
in real time by the pressure sensors, and the LabVIEW soft-
ware was used for recording the data. The fouled membrane
in the AnCMBR was physically and chemically cleaned at the
end of phases I and II. The physical cleaning was applied by
scrubbing cake layer from the membrane surface using tap
water. After that, the chemical cleaning was conducted to
remove irreversible fouling by soaking the membrane in
NaClO solution (0.5%) for 4 hours and followed by flushing
with tap water [20].

2.3. Effects of SRTs on SMP and EPS of Sludge. At the end of
every phase, the sludge samples were collected for the analy-
ses of SMP and EPS. The sample supernatant was used to
analyze the concentration of SMP, which was obtained after
centrifugation with 9000 rmin-1for 15min and filtration with
0.45μm filter. The cation exchange resin (CER) technique
was adopted to extract EPS [21]. The concentrations of car-
bohydrates and protein were measured by phenol-sulphuric
acid method [22] and a modified version of the Lowry
method [23], respectively. The concentrations of carbohy-
drates and protein were detected by a spectrophotometer at
absorbance of OD490 nm and OD750 nm.

2.4. Effects of SRTs onMicrobial Community Structure. At the
end of every phase, the sludge samples were collected for the

Gas meterPC

pH Temp

Pump

Influent

G P

P

P Pressure meter

Effluent

Bubbles
breaker

Level
control

Figure 1: The schematic diagram of the AnCMBR.
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analysis of microbial community structure. A bacterial geno-
mic extraction kit (E.Z.N.A. Mag-Bind Soil DNA Kit,
OMEGA)was employed to extractDNA from the sludge sam-
ples, and the agarose gel electrophoresis was used to check the
integrity of DNA. The primers of 341F (5′-CCTACGGG
NGGCWGCAG-3′)/805R (5′-GACTACHVGGGTATCTA
ATCC-3′) were selected for amplifying of bacterial popula-
tions, and the primers of 340F (5′-CCCTAYGGGGYG-
CASCAG-3′)/1000R (5′-GGCCATGCACYWCYTCTC-3′)
were employed for amplifying of archaea populations.
After PCR reaction, DNA purification, and quantification,
the sludge samples were sequenced by Illumina MiSeq
platform (Illumina, Inc., San Diego, CA, USA). The above
analytical procedures were conducted by Shanghai Sangon
Biological Engineering Technology and Services Co., Ltd.
The analysis of sequence data was operated as the previous
literature [24].

2.5. Other Analytical Methods. The concentration of phenol
was determined by high-performance liquid chromatogra-
phy (1260 Infinity, Agilent, USA) with a mobile phase of
50% acetonitrile. A laser granularity distribution analyzer
(Malvern Instruments, MS-2000) was used to analyze the
particle size distribution (PSD) of sludge samples. The con-
centrations of COD, MLSS, and MLVSS were measured
according to the standard methods [25].

3. Results and Discussion

3.1. Effects of SRTs on the Treatment Performance of
AnCMBR Treating High-Strength Phenol Wastewater.
Figure 2 shows the treatment performance of AnCMBR
treating high-strength phenol wastewater at two different
SRTs. According to Figure 2(a), when the SRT was 233 days
in phase I, the phenol concentration was not detected in the
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Figure 2: Treatment performance of AnCMBR treating high-strength phenol-containing wastewater with different SRTs (phase I: SRT, 233
days; phase II: SRT, 61 days).
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effluent. Subsequently, the SRT was decreased to 61 days
in phase II, and the effluent became worse in the first
five days in which the phenol concentration was about
85.3-138.7mgL-1. The treatment performance gradually
normalized, and the removal efficiency of phenol was about
99.8%. As shown in Figure 2(b), the removal efficiency of
COD remained around 99.8% and 99.4% with longer SRT
and shorter SRT, respectively. An obvious fluctuation of
effluent was also observed when SRT was decreased at the
early stage of phase II (shorter SRT) in which the COD con-
centration in the effluent was higher to 285.33mgL-1.
Accompanied with the running, the effluent COD concentra-
tion declined to lower than 100mgL-1. The results suggested
that the AnCMBR had strong performance robustness for
treating high-strength phenol wastewater. Due to the shock
loading of high-strength phenol, the UASB reactor was very
difficult to acquire a strong performance robustness [26].
Previous literature demonstrated that 2000mgL-1 of phenol
caused a remarkable inhibitory effect on the phenol
degraders and methanogens in the saline UASB reactor
[24]. When anaerobic bacteria were exposed to high concen-
tration of phenol precipitately, the conversion of phenol to
methane was blocked, resulting in the accumulation of phe-
nol in the effluent [24]. The AnMBR was particularly suitable
for high-strength wastewater due to its long SRT and suffi-
cient amount of biomass, thus facilitating higher organic
loading and performance stability [27, 28]. For the high-
strength phenol wastewater, the slow-growing phenol
degraders and methanogens could be enriched in the
AnCMBR. The well-cultivated phenol degraders and metha-
nogens in the AnCMBR should play a key role to remain high
metabolic activity under extremely high concentration of
phenol. Therefore, the specialized anaerobic microorganisms
might be strengthened in the AnCMBR under the extremely
high concentration of phenol. As calculated, phenol loading
rate of sludge was correspondingly enhanced from 0.2
(longer SRT) to 0.275 (shorter SRT) g phenol g-1 MLVSS d-1,
and it was much higher than the reported values [24, 29].
The strong performance robustness of AnCMBR treating
high-strength phenol wastewater was mainly attributed to
the efficient microbial community [30, 31]. As shown in
Figure 2, it was also presented that the worse treatment per-
formance and the obvious fluctuation of effluent were
observed at the early stage of SRT decreasing. The worse per-
formance with shorter SRT might contribute to the decrease
of sludge concentration and the shift of microbial commu-
nity structure in the AnMBR [30]. The bacteria and archaea
communities gradually adapted the high-strength phenol
condition and then the treatment performance was recovered
[31]. Therefore, the AnCMBR was a promising alternative to
treat high-strength phenol wastewater.

3.2. Effects of SRTs on the Transmembrane Pressure (TMP) of
AnCMBR. Figure 3 shows the TMP variation of AnCMBR at
the two different SRTs. It could be found that the TMP values
of shorter SRT increased faster than that of longer SRT.
Despite the initial TMPs were 28.40 and 28.05 kPa with two
different SRTs, but it took 28 and 16 days to reach a
TMP of 45 kPa with longer SRT (phase I) and shorter SRT

(phase II), respectively. The TMP profiles were composed
of two phases: horizontal and exponential increase [12, 32].
At the horizontal increase phase, the ascending rate was
0.069 kPa d-1 with the duration of 12 days at phase I (longer
SRT), while the increasing rate was up to 0.455 kPa d-1 with
the duration of only 4 days at phase II (shorter SRT). The
horizontal increase of TMP might result from the gradually
accumulated organic macromolecules, microorganisms, and
soluble compounds on the membrane surface, which did
not significantly reduce the membrane flux [33]. At the expo-
nential increase phase, the slopes of TMP profiles were 0.665
and 1.315 kPa d-1 at phases I and II, respectively. The expo-
nential increase of TMP chiefly ascribed to the plugged mem-
brane pores by the microbial products and thick cake layer on
the membrane surface, which aggrandized the fouled mem-
brane areas so that the membrane flux rose sharply [34]. It
indicated that both the horizontal and exponential increase
rates of TMP with shorter SRT were higher than that of lon-
ger SRT and the results were different from the previous
study. Jeison and van Lier found that membrane fouling
was accelerated by the high sludge concentration in the
AnMBR with long SRT [35]. Huang et al. explored the role
of SRTs on the performance of submerged AnMBR for
domestic wastewater treatment and observed that smaller
particle size and less particle flocculation which resulted from
lower concentrations of protein and carbohydrate in EPS
accelerated the fouling development at longer SRT [33].
However, Huang et al. reported that the higher concentration
of SMP at a shorter SRT also significantly affected membrane
fouling [36]. In this study, the shorter SRT caused the more
severe membrane fouling in AnCMBR with treating high-
strength phenol wastewater. The reason might be related to
the change of microbial products (e.g., EPS and SMP) and
the particle size of sludge under the extreme high-strength
phenol condition.

3.3. Effects of SRTs on the Soluble Microbial Products (SMP)
and the Extracellular Polymeric Substances (EPS) of Sludge.
Figure 4 shows the SMP and EPS composition at the two
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different SRTs. SMP and EPS which mainly contain proteins
and carbohydrates were reported to play important roles in
the membrane fouling [33]. As shown in Figure 4(a), the pro-
teins of SMP declined from 42:3 ± 4:1 to 40:0 ± 4:9mgL-1

with SRT shortening, and the carbohydrates of SMP also
declined from 47:3 ± 3:4 to 35:7 ± 1:2mgL-1. The result indi-
cated that SMP which included proteins and carbohydrates
decreased with shorter SRT. Furthermore, the ratio of carbo-
hydrates to protein (C/P) of SMP significantly decreased with
a shorter SRT, which attributed to the remarkable decline of
carbohydrate concentration and the little deccrease of pro-
tein concentration in the SMP. This result was consistent
with the previous study which reported that the microorgan-
isms metabolized more actively and resulted in more
organic compounds degraded and less SMP remained with
a shorter SRT [33]. Our findings indicated that the severe
membrane fouling with the shorter SRT was not caused by
the SMP variation.

Figure 4(b) shows the variation of EPS concentration at
the two different SRTs. Similar to the SMP, a significant
decline of carbohydrates and C/P ratios were found in EPS
with the decrease of SRT. However, the concentration of pro-
tein in EPS increased from 26:3 ± 0:4 to 34:4 ± 1:0mgg-1

VSS-1 with the enhancement of phenol loading. The results
indicated that the increase of phenol loading facilitated the
production of protein in EPS. It was known that EPS which
was generated by bacterium and enveloped the cells against
the stress conditions [37]. As the phenol loading increased
with shorter SRT, the microbial communities faced more
toxic condition; hence, the protein of EPS increased greatly.
The result was consistent with the previous study in which
the protein concentration of EPS raised with the increase of
phenol concentration in the anaerobic reactor [38]. EPS
played an important role in the degradation of phenol, which
was absorbed firstly and further be degraded by the relevant
enzymes in EPS [39]. Therefore, the increase of protein con-
centration in EPS was closely related to the treatment perfor-
mance of the AnCMBR.

In addition, the protein and carbohydrates were the main
components of SMP and EPS, but the carbohydrates could be
considered hydrophilic, while many proteins had hydropho-
bic properties [40]. The decrease of C/P ratio resulted in a
decrease in the negative charge of the sludge surface, thereby
increasing the surface hydrophobicity. Lee et al. reported that
hydrophobicity of sludge was connected with adhesion forces
[41]. Furthermore, the hydrophobic foulants could cause
greater adhesion to hydrophobic membranes [42]. Hence,
the increase of protein concentration in EPS might be
responsible for the increasing adhesion forces and exponen-
tial increase in membrane fouling at the shorter SRT.

3.4. Effects of SRTs on the Particle Size Distribution (PSD) of
Sludge. The PSD of sludge in the AnCMBR at the two differ-
ent SRTs is shown in Figure 5. The results suggested that the
shorter SRT caused a descending trend of floc size. The curve
of PSD exhibited two independent peaks with longer SRTs.
The average particle size of larger sludge flocs was 1300μm
with longer SRT, but it was almost not observed with shorter
SRT. Furthermore, the particle size of small sludge flocs
decreased from 12.0 to 8.6μmwith SRT of 61 days. The large
size sludge flocs were disintegrated, which was caused by the
increase of phenol loading with shorter SRT. Han et al.
reported that the microenvironmental characteristics in dif-
ferent sizes of flocs influenced the bacterial diversity and dis-
tribution of functional microbes, thereby the size distribution
of sludge flocs played an important role in the removal of
pollutants [43]. The decrease of floc size suggested that the
microbial community structure might shift to the one with
higher mass transfer efficiency and stronger tolerance to the
environment. Similarly, the proportion of small size anaero-
bic granular sludge increased by the increase of phenol load-
ing, corresponding with the shifts in the dominant microbial
community [38]. Therefore, the decrease of floc size might be
a favorable feedback responding to the shift of community
structure and the enrichment of phenol degraders under
extremely high-strength phenol wastewater.
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As discussed in the previous section, the increase of phe-
nol loading would lead to the decrease of carbohydrate con-
centration in EPS which was responsible for both adhesion
and cohesion interactions between sludge cells [44]. In order
to adapt to the change of environment, the sludge flocs
trended to be smaller to enhancing mass transfer, enabling
the system to adapt the change of OLR and achieving a
higher organic removal rate [45]. In addition, the shear stress
induced by biogas sparging in the reactor also brought about
the decrease of particle size [19]. However, the small sludge
flocs would induce denser biocake in the membrane surface.
Although ceramic membranes had lower fouling propensity
than polymeric membranes due to the weaker bonding
between the foulants and membranes [46, 47], the small
sludge flocs could plug the membrane pores easily, thereby
sharply reducing the duration of horizontal increase of
TMP with a shorter SRT. Therefore, higher concentration
of protein in EPS and smaller particle size which were caused
by a shorter SRT were the two main factors for more severe
membrane fouling.

3.5. Effects of SRTs on the Change of Microbial Community
Structure. Figure 6(a) shows the relative abundances of the
major bacteria at genus level with the two different SRTs.
With a longer SRT, the dominant bacterial genera were
Levilinea (30.257%), Syntrophorhabdus (20.23%), Mesotoga
(7.95%), Ornatilinea (5.22%), Leptolinea (3.59%), Longilinea
(3.05%), Thermovirga (2.34%), Syntrophus (2.21%), and Clos-
tridium III (1.30%), adding up to approximately 76.15% of
relative abundances of all classified sequences. After switching
to a shorter SRT, the dominant bacterial generawere Levilinea
(11.13%), Syntrophorhabdus (21.53%), Mesotoga (10.56%),
Ornatilinea (2.56%), Leptolinea (3.10%), Longilinea (1.49%),
Thermovirga (4.90%), Syntrophus (5.64%), and Clostridium
III (3.01%). The highest abundance of Levilinea significantly
declined as the SRT decreased, which might resulted from
the increase of phenol loading with a shorter SRT. In line with

the previous study, the relative abundance of Levilinea wit-
nessed a dropwith the increase of phenol loading in theUASB
reactor. Levilineawas anaerobic bacteria, which could convert
amino acids and sugars into hydrogen and acetic and lactic
acids [48]. Meanwhile, the relative abundances of other gen-
era such as Ornatilinea, Leptolinea, and Longilinea decreased
with shorter SRT. Contrary, the increase of Thermovirga and
Mesotoga presented stronger tolerance to the increase of phe-
nol loading. The former was able to ferment proteinous sub-
strates, some single amino acids and organic acids and could
be enriched with the enhancement of phenol loading [49].
The latter, which belonged to phylum Thermotogae and pre-
ferred to dwelling in the high salt and mesophilic conditions,
could degrade fatty acids and play an essential ecological
role in the ecosystems contaminated by aromatic compounds
[50, 51]. Genus Syntrophorhabdus, which belonged to the
class Deltaproteobacteria, was the subdominant group of
phase I [52]. The role of Syntrophorhabdus was identified to
convert phenol to benzoate and further to H2 and acetate in
the syntrophic consortium with a hydrogenotrophic metha-
nogen [53]. It indicated that Syntrophorhabdus had a stron-
ger endurance toward the increase of phenol loading than
genus Levilinea at an extremely high concentration of phe-
nol. Syntrophus was one of the faster growing strain, which
was reported to have a relatively high abundance in anaero-
bic treatment of phenolic wastewater [54] and could trans-
form benzoate into acetate and H2/CO2 [55]. Previous
study reported that syntrophic bacteria such as Syntrophus
and Syntrophorhabdus could work solely to convert phenol
to acetate [56]. Hence, the two syntrophic bacteria were
the dominant phenol degraders for successfully treating
extremely high-strength phenol wastewater. Although the
removal of phenol was not affected by the decreased SRT,
the community structure of phenol degraders was changed,
corresponding with Syntrophorhabdus and Syntrophus exhi-
biting a strong robustness. However, these slow-growing
syntrophic bacteria, which played an important role in
degrading phenol under the extremely high concentration
of phenol, were easily washed out in the conventional anaer-
obic reactors. But the increase of Syntrophorhabdus and
Syntrophus with shorter SRT presented an advantage of
AnCMBR holding a sufficient amount of biomass in the reac-
tor [39]. Therefore, it indicated that the enrichment of syn-
trophic phenol-degrading bacteria in the AnCMBR ensured
efficient phenol removal and strong performance robustness
at an extremely high concentration of phenol.

Figure 6(b) shows the effect of SRT on the relative abun-
dances of archaea at genus level. The results indicated that
the change of SRT had no obvious effect on archaea. The
dominant populations were Methanothrix, Methanosphaer-
ula, and Methanolinea, and the relative abundances of
archaea with two different SRTs were similar. As known,
Methanothrix was affiliated to acetoclastic methanogens
[57] and its relative abundances slightly increased from
78.55% to 79.81% when SRT declined from 233 days to 61
days. A previous study presented that Methanothrix was the
dominant archaea on the surface of granules for treating
complex phenolic wastewater in UASB reactors [58]. The
findings indicated that acetoclastic methanogenesis was the
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main methane production way. Despite the increase of
phenol loading rate, the relative abundances of Methano-
sphaerula and Methanolinea which all belonged to hydro-
genotrophic methanogen were not dramatically changed
with shorter SRTs [59]. The result indicated that the
hydrogenotrophic methanogens were stable in AnCMBR,
in spite of high-strength phenol condition. The hydroge-
notrophic methanogens played an important role in the
conversion of phenol to methane, which could make the
benzoate degradation reaction thermodynamically favor-
able [54]. Due to the enhancement of phenol loading with
shorter SRT, the phenol degraders would shift to syn-
trophic phenol-degrading bacteria with stronger endurance
to high-strength phenol condition, but this shift required the
assistance from hydrogenotrophic methanogens. Poirier
et al. found that the ratio of methane production via the
hydrogenotrophic pathway was gradually increased along
with the increase of phenol stress, which indicated that
hydrogenotrophic methanogen also held strong endurance
to extremely high concentration of phenol [31]. Therefore,
the hydrogenotrophic methanogens and syntrophic phenol-
degrading bacteria should play an important role in the deg-
radation of high-strength of phenol. Although the phenol
loading rate increased with a shorter SRT, the syntrophic
bacteria such as Syntrophus and Syntrophorhabdus were
enriched and hydrogenotrophic methanogens were kept
stable in the AnCMBR. The AnCMBR provided a strong
robustness pathway for anaerobic treatment of high-
strength phenol wastewater.

4. Conclusion

Based on the experimental results, the main conclusions were
drawn as follows:

(1) The AnCMBR achieved satisfactory treatment per-
formance with phenol concentration of 5 g L-1

although phenol loading rate of sludge was increased
from 0.2 to 0.275 g phenol g-1 MLVSS d-1

(2) Severe membrane fouling emerged in the AnCMBR
at a shorter SRT, resulting from the increase of pro-
tein concentration in EPS and the decline of floc size

(3) With the increase of phenol loading at a shorter SRT,
the enrichment of syntrophic phenol-degrading
bacteria and the stability of hydrogenotrophic metha-
nogens might be the main reason of the strong
performance robustness of AnCMBR treating high-
strength phenol wastewater
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Figure 6: The relative abundance of bacteria and archaea at genus level with different SRTs (a) bacteria, (b) archaea. “Other” represents all
classified taxa that were <1% in all samples.
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At present, large-scale and high-efficiency microalgal cultivation is the key to realizing the technology for carbon capture and
storage (CCS) and bioresource recovery. Meanwhile, tubular photobioreactors (PBRs) have great potential for microalgal
cultivation due to their high productivity. To improve the mixing performance and flashing-light effect, a novel tube PBR with
the inner tube tangential to the outer tube was developed, whose radial aeration pores are situated along the length of the inner
tube. The direction of aeration, aeration rate, light/dark cycle period (L/D), light-time ratio, average turbulent kinetic energy
(TKE), and degree of synergy between the velocity and direction of the light field in the PBR were optimized by a computational
fluid dynamics (CFD) simulation and field synergy theory. The results show that a downwards aeration direction of 30° and an
aeration rate of 0.7 vvm are the most conducive to reducing the dead zone and improving the light/dark cycle frequency.
Compared to the concentric double-tube PBR, the light/dark cycle frequency and light time of the tangent double-tube PBR
increased by 78.2% and 36.2% to 1.8Hz and 47.8%, respectively, and the TKE was enhanced by 48.1% from 54 to 80 cm2·s−2.
Meanwhile, field synergy theory can be extended and applied to the design of tubular microalgae PBRs, and the average synergy
of the light and velocity gradients across the cross-section increased by 38% to 0.69. The tangential inner tube aeration structure
generated symmetrical vertical vortices between the light and dark areas in the PBR, which significantly improved the mixing
performance and flashing-light effect. This novel design can provide a more suitable microenvironment for microalgal
cultivation and is promising for bioresource recovery applications and improving the yield of microalgae.

1. Introduction

Microalgae are considered to be one of the most promising
technologies for carbon capture and storage (CCS) and have
been identified as a superior feedstock for biodiesel produc-
tion [1, 2]. Microalgae are also important biological resources
for recycling. However, the low biomass productivity of
microalgal cultivation systems is a bottleneck in commercial
production, which leads to the high cost of microalgae bio-
fuels [3]. Before this situation can be reversed, a significant
improvement in volumetric productivity is required [4]. This
goal will require improved microalgae genetic engineering
and microalgae process engineering [5]. However, compared
to other engineering processes, it is difficult to achieve break-

throughs in genetic engineering. Therefore, it is very impor-
tant to improve the cultivation system related to mass and
radiation energy transfer, nutrient absorption, and growth
rate [6]. Focusing on high efficiency and large-scale microal-
gal cultivation, tubular photobioreactors (PBRs) are consid-
ered one of the most suitable culture systems. However,
their weak mass transfer, wall growth, photoinhibition, and
photolimitations have limited their development [7]. Several
tube-based photobioreactors (PBRs) have been designed for
microalgal cultivation, but the experimental characterization
of the flow field in PBR is difficult and costly [8]. The devel-
opment of computational fluid dynamics (CFD) has facili-
tated the study of hydrodynamic performance and the
structural design of tubular PBRs [1].
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Tubular PBRs have great potential for microalgal cultiva-
tion due to their high productivity compared with open
ponds [9]. CFD has been widely used in flow field simula-
tions of tubular PBR to optimize the mixing of the culture
medium. Azizi et al. [10] studied a new type of tubular PBR
with an embedded static mixer via CFD simulation and
showed that the mixing conditions and fluid dynamics in
the proposed PBR were better than those in the traditional
PBR. Later, Qin and Wu [11] studied tubular PBR with a 4-
unit Kenics mixer and a 1-unit Kenics mixer using CFD,
thereby confirming two methods for increasing the efficiency
of the light/dark cycle frequency. Gómez-Pérez et al. [12]
studied the effect of wall turbulence promoters (that is, the
profile of the inner tube PBR wall) and found that the wall
turbulence promoters offer better mixing behavior than stan-
dard PBRs at flow velocities of 0.2–0.25m/s, although the
energy uptake is 60–80% lower. Based on this study, Lei
et al. [13] developed a new type of tubular PBR with spiral
ribs, which has good mixing performance and flashing-light
effects. In addition, Wu et al. [14] studied the flow dynamics
of a spiral tube by CFD and showed stable Dean vortex
motion along the axial coordinates, although there was no
vortex in the tubular section. The mixing performance of a
spiral tube PBR is much better than that of a tubular PBR.
Perner-Nochta and Posten [15] subsequently focused on a
tubular PBR using a static mixer for spiral tube PBRs, apply-
ing CFD and trajectory analysis to examine the scale-down/-
scale-up effects. Gómez-Pérez et al. [16] discussed four types
of twisted tubular PBRs by CFD simulation and provided an
important contribution towards constructing an efficient
tubular PBR. Meanwhile, Ye et al. [8] simulated a novel type
of continuous lantern-shaped PBR (LDT) that can generate a
vortex flow field and enhance the mass transfer in a microal-
gae solution, similar to the effect of twisting a tubular PBR.

In addition, Su et al. [17] studied PBRs; they designed a
destabilized mixing bar using CFD, and the results show that
the vertical speed along the light path caused by the mixing
bar helped achieve homogenous mixing of the culture
medium, thereby improving the photosynthetic efficiency of
the algal cells. Pruvost et al. [18] designed a ring-shaped
PBR that can accurately control the light and provide very
effective mixing, especially along the light gradient of the cul-
ture. Pruvost et al. [19] proposed an attenuated ring-shaped
vortex flow caused by the tangential inlet, which increased
the displacement of the microalgae along the light gradient.
Similarly, Sato et al. [20] invented three novel closed PBRs
that used aeration to mix, including a parabola, a pipe, and
a diamond. The simulation results show that the parabola
has advantages in mass transfer and that the pipe is the best
performer for Chaetoceros calcitrans cultivation (1.8 times
higher performance than that of the control dome). There-
fore, mixing along the light gradient can improve the effi-
ciency of photosynthesis, which is the main principle of
new PBR designs. Moreover, Cheng et al. [1] proposed using
a tangential jet that generates a large clockwise vertical vortex
and several secondary vortices in a novel jet-charged tangen-
tial swirl plate PBR (JTSP); this method can significantly
reduce the dead zone and increase the light/dark circle fre-
quency. According to a report by Guo et al. [21], in 1998,

the field synergy principle was proposed to improve the con-
vective heat transfer rate by analyzing the boundary layer
heat transfer mechanism. The effects depended on the syn-
ergy level of the velocity and the thermal flow field, as well
as the synergy angle between the velocity and the thermal
gradient [22]. Under the same speed and temperature
boundary conditions, the higher the level of synergy is, the
higher the heat transfer intensity [23]. Based on the similar-
ities between heat and mass transfer, Chen et al. [24] derived
mathematical synergy equations for mass transfer and used
them to optimize the mass transfer of a photocatalytic oxida-
tion reactor. In general, light and mixing are very important
for microalgal cultivation. Mixing along the direction of light
is conducive to the transmission of light but also to the mix-
ing of the gas phase (CO2), liquid phase (culture medium),
and solid phase (microalgae cells), thereby producing a suit-
able flow environment and flashing-light effect, which are
beneficial to microalgal cultivation [1]. However, few works
have reported the synergy between the light field and flow
field of the tubular PBR used for microalgal cultivation.

In this work, we propose a novel tangent double tube
with radial aeration pores along the length of the inner tube,
in which the inner tube is tangential to the outer tube in order
to strengthen the synergy between the light and velocity gra-
dients. The direction of aeration, the aeration rate, the light/-
dark cycle period (L/D), the light-time ratio, the average
turbulent kinetic energy (TKE), and the degree of synergy
between the velocity and the direction of the light field in
the PBR were analyzed by computational fluid dynamics
(CFD) and the field synergy principle.

2. Design and Numerical Models of a Novel PBR

2.1. Development of a Novel PBR. In our previous study [25],
we illustrated the initial concept of a novel double-tube PBR
(see Figure 1(a)), which included a concentric double tube
with aeration pores along the tube length. Previous research
results indicate that the concentric double-tube PBR pro-
posed in this previous work can help facilitate efficient micro-
algal cultivation. As shown in Figure 1(a), microalgae are
cultivated in the annular space between the outer tube and
the inner tube and are aerated through a series of radial pores
installed along the length of the inner tube, which can pro-
vide air and mix the cultures.

As shown in Figures 1(b) and 1(c), the new tangent
double-tube PBR in this work can reduce the volume of the
dark areas, thereby increasing the proportion of the light
and dark areas. Fernández et al. [26] discussed the light dis-
tribution of the tube and found that under normal outdoor
conditions, the tube had almost no dark areas and a diameter
of 0.06m. Provided the zone that has a light path less than
60mm is a light zone, the light/dark ratio for the tangent with
an outer tube of 200mm diameter and an inner tube of
80mm diameter is 0.648 and increases by 31.4% compared
to 0.493 for a tube of the same size. To some extent, increas-
ing the proportion of light and dark areas is beneficial for
microalgal cultivation. Barbosa et al. [27] studied the effects
of cycle time (10–100 s) and light fraction (0.1–1) on the
growth rate and biomass yield of Dunaliella tertiolecta in
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airlift reactors, and the results show that an increase in the
light fraction, for a constant medium cycle time, led to an
increase in the biomass yield and growth rate. In addition,
compared with the vortex attenuation flow caused by coaxial
inlets [28], this new aeration method is expected to reduce
the attenuation of the vortex flow along the length of the
tube, thereby obtaining better performance.

As shown in Figure 1(b), a 60° arc was removed at the
bottom of the inner tube, and the inner and outer tubes were
connected by a glass panel to alleviate algae stuck to the wall
near the corner. As shown in Figure 1, the origin is located at
the axis of the outer tube, the x-axis direction extends from
the origin to the top of the outer tube (illuminated area),
and the y-axis direction extends from the origin to the right

side of the outer tube. As presented by Sato et al. [20], the
parabola reactor (modified from a conventional panel by
removing the corners) had an acute angle to alleviate the
algae stuck to the wall near the corner. Aeration resulted in
the two symmetric rows of pores located on the inner tube
producing a parabolic flow, which resulted in high mixing
efficiency of the algae, nutrients, and dissolved gas. Similarly,
the simulation results of Sato et al. [20] showed that algae,
nutrients, and dissolved gases mix best in a parabola. Nota-
bly, the parabola proposed by Sato et al. is different from
the structure shown in Figure 1(a), and it is not an annular
volume. In addition, the cultivation effect of microalgae in
the annular space ventilated by the outer circular tube is the
best [29], likely because of the annular space of the circular
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Figure 1: Conceptual structures for a novel double-tube photobioreactor (PBR). (a) The concentric double-tube PBR in our previous work;
(b, c) the novel tangent double-tube PBR in this work.
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tube and the radial aeration caused by a series of pores.
Therefore, these tangential double tubes seem to be better
in microalgal cultivation.

2.2. Theoretical Model and CFD Simulation

2.2.1. The Synergy Principle for Microalgal Cultivation. The
synergy between the velocity of the fluid particles in the lam-
inar flow field and the temperature gradient can be calculated
using Equation (1). If the direction of the fluid velocity is
closer to the direction of the heat flow, the effect of convective
heat transfer in the laminar flow will be better [24, 30]:

α = arccos
U
!
∙∇T

� �
U
!��� ���∙ ∇Tj j

� �
2
64

3
75: ð1Þ

Considering that the heat flux in the PBR is almost con-
stant, and the direction of the light under the artificial light
source is also constant, the synergy between the light field
and the flow field can be calculated as Equation (2), where I

is the illumination intensity and U
!

is the flow velocity. The
angle between the velocity field and the light direction indi-
cates the degree of synergy. When the angle α is 90°, the
degree of coordination is the worst. When α is 180° or 0°,
the degree of synergy is optimal. Here, the absolute value of
∣cos α ∣ is used to analyze the synergy. The ∣cos α ∣ value is
1, so the degree of synergy is the best.

cos αj j =
gard
��!

I ∙U�!� �
U
!��� ���∙ gard��!

I
��� ���� �

�������
�������: ð2Þ

2.2.2. Numerical Mathematics Models. The Eulerian–Euler-
ian two-flow model and the standard k‐ε turbulence model
were used to simulate the hydrodynamic characteristics of
the flow in the novel PBRs. The slurry of the freshwater green
algae C. vulgaris displayed Newtonian behavior for biomass
concentrations from 0.5 to 60 kg·m-3, with an increase in vis-
cosity from 1 to 1.6m·s-1. The slurry of Nannochloris sp. and
Phaeodactylum tricornutum gave similar results, which are
also similar to the physical properties of water. Thus, a two-
phase flow of air-water was adopted during the simulation
[31]. Moreover, the UDF was used to analyze the ∣cos α ∣
curve.

(1) Euler–Euler Two-Phase Model. The continuity equation
was calculated as

∂
∂t

rqρq
� �

+∇ rqρq Uq

*� �
= 0  q = 1, gð Þ, ð3Þ

where t, rq, ρq, and Uq
�!

are the time, volume fraction, density,
and velocity vector of phase q, respectively.

The momentum equation is provided in

∂
∂t

rqρq Uq

*� �
+ ∇ rq ρq Uq

*
Uq

*� �h i
= −rq∇pq + rqρq Fq

*
+ Flift,q

*� �
+∇ rqμq ∇ Uq

*
+ ∇ Uq

*� �T� �� 	
  q = 1, gð Þ,

ð4Þ

where pq, Fq

*
, Flift,q

*
, and μq are the partial pressure, body

force, lift force, and dynamic coefficient of the viscosity of
phase q, respectively. The superscript T indicates the turbu-
lent term [32]. Microalgae growth needs constant tempera-
ture, so this project could be simplified to the mass transfer
of a two-phase flow without heat transfer.

(2) Turbulence Model. The turbulence in the continuous
phase (nutrient) is captured using the standard k‐ε model.
The standard k‐ε equation was summarized from the exper-
imental phenomena based on the semiempirical transport
equation of the turbulence energy (k) and turbulent dissipa-
tion rate (ε) [31].

The transport equation of the turbulence energy was cal-
culated using

∂
∂t

rqρqkq
� �

+∇ rqρqkqUq

*h i
= ∇

rqμq,t
σk

· ∇kq
� �

+ rqGk,q

+
Y
k,g

rqρq − rqρqεq:
ð5Þ

Next, the transport equation of the turbulent dissipation
rate was calculated via

∂
∂t

rqρqεq
� �

+∇ rqρqεqUq

*h i
= ∇

rqμq,t
σε

· ∇εq
� �

+
rqεq
kq

C1εGk,q

 �

−
C2εrqρqε

2
q

kq
+
Y
ε,g

rqρq:

ð6Þ

The turbulence kinetic energy, Gk,q, results from the aver-
age velocity gradient. Пk,q and Пε,q describe the impact of the
dispersed phase on the continuous phase. μq,t is the turbu-
lence viscosity coefficient, and μq,t was calculated using

μq,t =
Cμρqk

2
q

εq
, ð7Þ

where C1ε, C2ε, and Cμ are the model constants fixed at 1.44,
1.92, and 0.09, respectively, and the turbulent Prandtl num-
bers σk and σε were set as 1.0 and 1.3, respectively.

2.2.3. Initial Boundary Conditions of Simulation. The inlet
conditions were set based on the gas-liquid two-phase veloc-
ity inlet. The aeration pores in the tangent structure were
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located on the two sides, while the pores in the concentric
structure were placed on only one side and canted down-
wards by 45° (x < 0). The aeration rates were set to 0.3, 0.7,
and 1 vvm, and these PBRs were initially filled with water.
The outlet conditions were set based on the pressure-outlet
boundary, and the walls were all set without slip boundary
conditions. Meanwhile, the angle of light incidence was sim-
plified as 90°.

The calculation step length was 0.1 s to conduct unsteady
calculations, and the convergence residual was 10-4. The
three-dimensional meshes of the novel PBRs were designed
with the ANSYS ICEM CFD 12.1 software (64 bits). Due to
the cylinder structures in the tangent double tube, the com-
putational domain was dispersed through the unstructured
grid. The grids of the tangent double tube were 340 thousand,
while the grids of the concentric double tube were 870 thou-
sand. The grid independence experiment showed that when
the grid number was greater than the previous grid number,
the difference in the calculation results was not obvious. Four
positions of x = ±40mm and x = ±85mm were chosen to
monitor and analyze the data. The data of ∣cos α ∣ were cal-
culated via UDF (User-Defined Function) to assess the extent
of the synergy between the light direction and the velocity
vector.

2.2.4. Calculation of the Light/Dark Cycle Period. During this
simulation, spherical particles are used to represent the algal
cells with a number (n) of 20, a diameter (d) of 10μm, and a
density (ρ) of 1000 kg·m-3, and their positions are recorded
every 0.1 s. The maximum particle tracking time is set to
60 s. The discrete random walk model is used to simulate
the motion of the particles in the PBRs [8]. The particles
are affected by the drag force (FD) and pressure gradient
force (FP), which are shown in [33]

FD =
1
8
πρdd

2CD v!f − v!d

��� ��� v!f − v!d

� �
, ð8Þ

FP =
πd3ρd f

6
d v!f

dt
, ð9Þ

where v!f is the velocity vector and v!d is the particle velocity
vector. Subscripts p and f denoted the particle and the fluid,
respectively. The value of CD is 0.44, which is the drag coeffi-
cient required to compute the drag force.

According to the previous experimental work [25], the
light zone of the double-tube PBR is 0:04 < y < 50mm, and
the dark zone is −50mm < y < 0:04mm. Thus, the bound-
aries of the light zones and the dark zone were set as lines,
where y = 0mm. According to Yang et al. [34] and Ye et al.
[8], the time during which the algal cells pass through the
light/dark interface twice can be defined as a light/dark cycle
period (T) consisting of light time (tl) and dark time (td), and
the average light/dark cycle period of the whole population
can be calculated via

T = lim
n→∞

1
n
· 〠

n

i=1
tl + tdð Þ

 !
: ð10Þ

The light/dark cycle frequency (f ) and the light-time
ratio (φ) were calculated using

f =
1
T
, ð11Þ

φ = lim
n→∞

1
n
· 〠

n

i=1

tl
tl + td

� � !
: ð12Þ

3. Results and Discussion

3.1. Effect of the Aeration Direction on the Performance of the
Novel PBRs. In order to optimize the aeration direction, the
flow field of the tangent double-tube PBR was simulated,
and the values of the radial velocity (Vr) and ∣cos α ∣ were
calculated. Based on an aeration rate of 0.3 vvm, the cross-
sectional flow field characteristics at five different aeration
directions (z = 500mm) were analyzed. The path lines of dif-
ferent aeration directions in the cross-section of z = 500mm
are shown in Figures 2(a)–2(e), and the longitudinal vortices
were generated. Compared to the five parts in Figures 2(a)–
2(e), for the structure with upwards and horizontal aeration
directions, the flow in the dark area is sparse and disordered,
resulting in a poor mixing effect in the dark area. The poor
mixing effect in the dark area not only hinders the complete
dissolution and mixing of carbon dioxide and nutrients but
also causes cell sedimentation [1].

However, in the downwards direction, the flow lines in
the dark area are inerratic. Wu et al. [14] proposed using spi-
ral tube PBRs, which can produce strong swirling motions
near the wall; ultimately, no vortices were formed in the mid-
dle sections of these spiral tube PBRs. Compared to the spiral
tube PBRs, the longitudinal vortices produced by the tangent
double tube were clearer, especially for the downwards aera-
tions. This phenomenon possible occurs because the main
stream flows in the axial direction, and the spiral structure
has little effect on the radial disturbance.

Upwards 60° Upwards 30°

Downwards 20°Horizontal

Downwards 30°
(e)

(d)(c)

(a) (b)

Longitudinal vortex

Liquid flow direction

�e position of
aeration pores

Figure 2: Flow fields of the novel tangent double-tube under
different aeration directions at z = 500mm.
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In addition, the vortices with greater energy and velocity
drive the microalgae to shuttle continuously between the
light and dark zones, which is beneficial for the photosynthe-
sis of microalgae [1]. The analysis of photocatalytic oxidation
reactors in the plate type showed that the generation of mul-
tiple longitudinal vortex flows effectively enhanced the mass
transfer [24]. Thus, downwards aeration offers more oppor-
tunities for microalgae to obtain sufficient mixing in the dark
area and was conducive to improving the mass transfer per-
formance and flashing-light effect of the PBRs, thereby creat-
ing favorable conditions for the growth of microalgae.

The microalgal growth rate was directly related to the
velocity in the PBRs, which determined the mixing perfor-
mance of the PBRs [35]. Figures 3(a)–3(d) show the relation-
ship between Vr and ∣ cos α∣ at x = 40mm (around the
aeration pores)/85mm (around the wall) under different aer-

ation directions. In Figure 3(a), for the upwards and horizon-
tal aerations, the Vr value of the area below the tangent point
of the double tube at the x = 40mm line is close to 0m/s,
which indicates that the microalgae cells are likely to experi-
ence cell sedimentation here. Creswell note that when the
velocity is around 0m/s, microalgae will experience sedimen-
tation, so the dead zone should be avoided as much as possi-
ble (Vr = 0m/s) [6]. At the same time, for the new PBRs with
downwards aeration, the velocity gradient distribution was
large, and two peaks appeared in the dark area. This phenom-
enon indicates that downwards aeration can significantly
improve the mixing effect. Wang et al. [32] found that the
presence of a velocity gradient between the dark and light
areas could allow algal cells to more effectively swim between
the dark and light areas. For the novel PBRs proposed in this
study, the streamline curves of all aeration directions in the
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Figure 3: The Vr and ∣cos α ∣ curves of the line x = 40mm (a, c) and 85mm (b, d) at aeration flow rates of 0.3 vvm under different aeration
directions: upwards 60°, upwards 30°, horizontal, downwards 20°, and downwards 30°.
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light area are similar and have small values. Further, as can be
seen in Figure 2, the flow area in the light area may be larger
than that in the dark area. As shown in Figure 3(b), the value
of Vr at the line of x = 85mm is one order of magnitude
smaller than the value of Vr at the line of x = 40mm. This
phenomenon may be due to anchorage dependence, similar
to that reported by Haut et al. [36]. For all aeration direc-
tions, the enhancement of mass transfer near the wall of the
PBRs was very weak, so attention should be paid to the
periphery of the wall. In the area of y < 0:01m, the Vr value
of the PBR with downwards aeration of 30° was greater than
that of the other PBRs. That is to say, aeration oriented 30°

downwards achieved flow disturbance in the dark area,
thereby reducing the mass boundary layer. In the area of y
> 0:01m, the PBR with aeration 60° upwards had the largest
Vr value, making it the most suitable for mixing in the light
area. However, in the dark area with aeration oriented
upwards at 60°, the Vr value was lower. In addition, Gris
et al. [37] showed that mixing along the light direction can
improve light reception and mass transfer and produce a
flashing-light effect, which may be beneficial for microalgal
cultivation.

According to Equations (1) and (2), the angle between
the velocity field and the light direction represents the degree
of coordination. As shown in Figure 3(c), in the area below
y = 0m, the ∣cos α ∣ value of the upwardly aerated PBRs is
similar. However, for the ∣cos α ∣ at y = 0m, the PBR with
60° upwards aeration has a higher ∣cos α ∣ value than the
PBR with 30° upwards aeration. Under horizontal and down-
wards aeration conditions, the peak of ∣cos α ∣ is close to 1 in
the dark area, which is greater than the peak value under
upwards aeration conditions. However, in the light zone,
the value of the ∣cos α ∣ of the PBR with 60° upwards aeration
is the largest. By comparing the average ∣cos α ∣ values in the
PBRs of all aeration directions, the following relationship is

obtained: jcos αjupwards 30° < jcos αjupwards 60° < jcos αjhorizontal
< jcos αjdownwards 20° < jcos αjdownwards 30° . Therefore, the aver-
age ∣cos α ∣ value of 0.521 was the largest under 30° down-
wards aeration. In Figure 3(d), at x = 85mm, the ∣cos α ∣
values of the PBRs with aeration structures of 20° and 30°

downwards are greater than the ∣cos α ∣ values of the other
PBRs. At the same time, as shown in Figure 4, under 30°

downwards aeration, the average value of ∣cos α ∣ at x = 85
mm is the largest and reached 0.711. The maximum value
is reached when the structure is aerated 30° downwards
(0.616).

The TKE value reflects the mixing performance of a PBR.
Many studies have shown that the higher the TKE is, the bet-
ter the mixing performance of the PBR [10, 38, 39]. Figure 4
shows a relationship curve of the averaged turbulent kinetic
energy (TKE) in different aeration directions. In Figure 4,
the TKE of 30° downwards aeration is the greatest, increasing
by approximately 35% to 50 cm2·s−2 compared to the TKE of
60° upwards aeration [10]. A higher TKE value indicates
more effective mixing of the mass, which is associated with
a more suitable environmental for microalgal growth [35].
In Figure 2, it can be seen that the inner tube with aeration
can form multiple longitudinal vortices in the PBRs. The
30° downwards aeration structure can achieve a notably bet-
ter mixing process, thereby greatly increasing the radial
velocity of the microalgal solution and the TKE value.

In addition, as shown in Figure 4, when the aeration rate
is 0.3 vvm, the light/dark cycle frequency and light-time ratio
increase as the aeration direction rotates clockwise from top
to bottom. The maximum light/dark cycle frequency and
time ratios are achieved at 1.6Hz and 46%, respectively,
under the structure with 30° downwards aeration. The mini-
mum light/dark cycle frequency and light-time ratio are
achieved at 1.45Hz and 44%, respectively, under the struc-
ture with 60° upwards aeration. In Figure 2, the structure
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with 60° upwards aeration provides less disturbance to the
radial flow of microalgae solution than the structure with
30° downwards aeration. The structure with upwards aera-
tion produces cell sedimentation in the lower dead zone,
which results in disordered flow in the dark zone and insuf-
ficient radial velocity to push the microalgae cells back to
the light zone. Meanwhile, the structure with upwards aera-
tion produces a current in the longitudinal vortices of the
light area. Although this phenomenon can increase the time
the algal cells stay in the light area, it does not improve the
flashing-light effect. According to previous research [8],
increasing the flashing-light effect can effectively increase
the photosynthesis of the algal cells. The structure with 30°

downwards aeration enabled the longitudinal vortices to be
located at the boundary between the light and dark zones,
thus providing sufficient kinetic energy for the algal cells to
swim between the light and dark zones. These phenomena
provide a reasonable explanation for the optimal light/dark
cycle frequency and the optimal light-time ratio between
the light and dark areas caused by the 30° downwards aera-
tion structure shown in Figure 4. In other words, adjusting
the direction of the inner tube aeration can enhance the
flashing-light effect of microalgae cells and can enhance the
dissolution and diffusion of CO2 and improve the mixing of
the nutrients. According to the above comparisons, the per-
formance of the PBR can be comprehensively evaluated
based on the average ∣cos α ∣ , the average turbulent kinetic
energy (TKE), the light/dark cycle frequency (f ), and the
light-time ratio (φ). The 30° downwards aeration structure
optimized the synergy and achieved the greatest mixing

along the light direction, thereby improving the flashing-
light effect and mass transfer and helping create the best
microenvironment for algal cells.

Figure 5 presents the flow characteristics of each section
in the axial direction of the novel PBR based on CFD. When
the downwards aeration direction is 30°, longitudinal vortices
are generated in each section of the PBR, and small vortices
are present in the light zone. The main longitudinal vortices,
with high energy and velocity, not only prevent the microal-
gae from sinking but also push the microalgae cells between
the light and dark areas. In addition, small vortices in the
light region at the top of the PBR facilitate full dissolution
and gas- (CO2-) liquid (nutrient) mixing. Compared with
the work of Cheng et al. [1] on plate PBRs, the main vortices
generated here by the jet flow in the plate PBRs are beneficial
to gas-liquid mixing, while the secondary vortices push the
microalgae between the light and dark regions. However,
these vortices have similar functions that improve mass
transfer performance and the flashing-light effect of the
PBR and promote the growth of microalgae. Taking the
cross-section of z = 250mm as an example, the vortex struc-
ture is symmetrically distributed on the left and right sides,
and the streamline distribution in the dark zone shows that
the gas-liquid two-phase flow significantly improved the
mixing degree of the dark zone and was conducive to the
swimming of algal cells toward the light zone. With constant
CO2 gas in the outer tube, the energy of the main vortex is
constantly replenished to maintain and reciprocate the vor-
tex motion. Although some sections at 125mm, 375mm,
625mm, and 875mm do not have aeration pores,

z = 125 mm z = 250 mm z = 375 mm z = 500 mm

x = 85 mm

875 mm750 mm
625 mm

500 mm
375 mm

250 mm
125 mm

x = 40 mm
x = 0 mm

z = 625 mm z = 750 mm z = 875 mm

Dark zone

Light zone

Dark zone

Light zone

Figure 5: The flow characteristics of each section in the axial direction of the novel PBR under 30° downwards aeration.
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longitudinal vortices are still formed due to the flow around
the surrounding aeration.

3.2. Effect of Aeration Rates on the Performance of the Novel
PBRs. According to the above results, 30° downwards aera-
tion was most beneficial to optimize the ∣cos α ∣ and achieve
higher mixing in the dark zones. Next, based on 30° down-
wards aeration, three aeration rates of 0.3 vvm, 0.7 vvm, and
1 vvm were compared to obtain the optimal aeration rate.
Figure 6 shows the curves of Vr and ∣cos α ∣ for x = 40mm
and x = 85mm under different aeration rates.

In Figure 6(a), the Vr at x = 40mm slightly increases as
the aeration rate increases. The peaks of Vr for 0.3 vvm,
0.7 vvm, and 1 vvm are 0.0393m/s, 0.045m/s, and
0.049m/s, respectively. As shown in Figure 6(b), the Vr at x
= 85mm under the three aeration rates is one order smaller
than that at x = 40mm. Meanwhile, the Vr increases as the
aeration rate increases at y < −0:01m, while in other areas,
the Vr value remains almost the same. As shown in

Figure 6(c), at x = 40mm, the three curves of ∣cos α ∣ almost
coincide, and the peak value is able to reach 0.996 at the bot-
tom of the PBR. At the top of the dark area (0 < y < 0:04m),
under an aeration rate of 0.7 vvm, the synergistic effect is
higher than that under other aeration rates and reaches a
peak of 0.646. In the light zones, the ∣cos α ∣ values are low.
The value of ∣cos α ∣ under 0.3 vvm is the largest, while the
value of ∣cos α ∣ under 1 vvm is the smallest. Meanwhile,
the average ∣cos α ∣ value is the largest (0.603) at 0.7 vvm.
In Figure 6(d), in the dark zones at y < 0:03m, all the values
of ∣cos α ∣ are close to 1. This gives the following relation:
jcos αj0:3 < jcos αj1:0 ≈ jcos αj0:7.

In Figure 6, the maximum value of the cross-sectional
average ∣cos α ∣ is the largest under 0.7 vvm. Finally, as
shown in Figure 7, an aeration rate of 0.7 vvm is more condu-
cive to synergy between the velocity field and the direction of
light. The radial velocities at different aeration rates are not
significantly different. The average ∣cos α ∣ value for
0.7 vvm (jcos αj0:7) is 0.69, which means that an aeration rate
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Figure 6: The Vr and ∣cos α ∣ curves of the lines x = 40mm (a, c) and 85mm (b, d) at aeration flow rates of 0.3, 0.7, and 1.0 vvm based on 30°

downwards aeration.
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of 0.7 vvm is more conducive to synergy, as well as most con-
ducive to mass transfer and light reception.

Figure 7 shows the effect of different aeration rates on the
light/dark cycle frequency and light-time ratio of microalgae
cells under the structure with downwards aeration of 30°. In
algal cultivation, the flashing-light effect reflects the periodic
exposure of algae to light and dark areas or rapid movement
between light and dark areas. At an aeration rate of 0.3 vvm,
the minimum light/dark cycle frequency and light-time rate
were obtained as 1.65Hz and 47.1%, respectively. When the
aeration rate was 1.0 vvm, the maximum light/dark cycle fre-
quency and light-time rate were 2.1Hz and 49.1%, respec-
tively. The structure with 30° downwards aeration enables
the longitudinal vortices to be located at the boundary
between the light and dark zones, thereby providing suffi-
cient kinetic energy for algal cells to swim between the light
and dark zones. When the aeration rate increased from 0.3
to 1.0 vvm, sufficient kinetic energy was given to the fluid;
moreover, the presence of vortices and the enhancement of
radial flow improved the mixing of the cell between the light
and dark zones, thereby shortening the L/D cycle of microal-
gae cells. In addition, as shown in Figure 7, as the aeration
volume increases, the TKE of the tangential PBR achieves
its maximum value. When the aeration rate increases from
0.7 to 1.0 vvm, the value of TKE increases from 51 to
80 cm2·s−2. The vortex was ultimately the main disturbing
force in the PBR. With an increase in the aeration rate, more
kinetic energy was injected into the culture solution, which
promoted the formation of a vortex [35, 39]. However, when
the aeration rate was too high, the existence of a large number
of bubbles prevented mixing of the gas-liquid phase to some
extent. This phenomenon is similar to the study of jet aerated
PBR by Cheng et al. [1]. Thus, combined with the degree of
synergy, excessive gas content in the medium is not always

conducive to the mixing of the solution along the light direc-
tion [8]. Therefore, when the aeration rate increased from 0.7
to 1.0 vvm, the values of TKE and ∣cos α ∣ decreased by 4%
and 6%, respectively. That is, when the aeration rate was
0.7 vvm, the TKE value was higher, and the mixing perfor-
mance of the PBR was better. In short, although the light/-
dark cycle frequency (f ) and the light-time ratio (φ) were
best when the aeration rate was 1 vvm, the mixing perfor-
mance was inferior to that at 0.7 vvm. Moreover, when the
aeration rate was 0.7 vvm, the flashing-light effect was already
satisfactory. Therefore, an aeration rate of 0.7 vvm is an effec-
tive choice for this novel PBR.

According to the above comparisons, the performance of
the PBR can be comprehensively evaluated based on the
average ∣cos α ∣ , average turbulent kinetic energy (TKE),
light/dark cycle frequency (f ), and light-time ratio (φ). A
downwards aeration direction of 30° and an aeration rate of
0.7 vvm were the most conducive to reducing the dead zone
and improving the light/dark cycle frequency, which
improved the flashing-light effect and mass transfer and
helped create a more suitable microenvironment for algal
cells.

3.3. Performance Comparison of Tangent Double-Tube PBRs
with Concentric Double-Tube PBRs. To better understand
the advantages of tangent double-tube PBRs in this work,
These PBRs were compared with the simulation result of
the concentric double-tube PBR presented in Figure 1(a).
For the concentric double-tube PBRs, the inner and outer
tubes are coaxial, and aeration is accomplished via one row
of pores located on the inner-tube [25]. The flow in the tan-
gent double-tube PBR is symmetrical. However, the flow field
is distributed differently on both sides of the concentric PBR
because the aeration is located on only one side (x < 0).
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Therefore, during the analysis, four lines of x = ±40mm and
x = ±85mm from the concentric PBR were selected. The
curves of Vr and ∣cos α ∣ in the two PBRs are presented in
Figures 8(a)–8(d).

As shown in Figure 8(a), in the dark area, the Vr value of
the tangent double-tube PBR is higher with two peak veloci-
ties, while at x = 40mm, the Vr value of the concentric
double-tube PBR is very low. However, in the light zones of
x = −40mm, a peak appeared in the Vr of the concentric

double-tube PBR, reaching its maximum (0.047m·s-1). These
data demonstrate that the comprehensive mixing effect was
better in the tangent double-tube PBR. As shown in
Figure 8(b), the Vr for the line at x = 85mm in the two PBRs
was one order lower than that for the line at x = 40mm.
However, the Vr of the concentric structure was larger near
the wall, which indicates that enhancing the flow disturbance
near the wall is an important consideration for improving the
tangent double-tube PBR. This phenomenon seems to be due
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Figure 8: The Vr and ∣cos α ∣ curves of the lines x = ±40mm and x = ±85mm in the tangent and concentric double-tube PBRs.
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to the dispersion of power caused by the aeration on both
sides. A comparison of the radial velocity showed that the
tangent double-tube PBR offers better mixing performance,
but the tangent double-tube PBR provides weaker interfer-
ence on the boundary layer than the concentric double-tube
PBR.

As shown in Figure 8(c), in the dark zones of x = ±40mm
, the ∣cos α ∣ value of the tangent double-tube PBR is larger
than that of the concentric double-tube PBR, which shows
that the synergy of the tangent double-tube PBR was better
in the dark zones. However, in the light zones of 0:04m < y
< 0:06m, the ∣cos α ∣ value of the concentric double-tube
PBR is higher, while in the light zones of y > 0:06m, the ∣
cos α ∣ of the concentric double-tube PBR is lower. This phe-
nomenon might be due to wall interference from the inner
tube. In the light zones of 0:04m < y < 0:06m, the flow field
of the concentric double-tube PBR was disturbed by the inner
tube wall surface, and the fluid velocity near the boundary
layer was reduced to make it suitable for the growth of micro-
algae. Compared to the tangent double-tube PBR at the same
position, the flow velocity of the tangent double-tube PBR at
0:04m < y < 0:06m is higher than that of the concentric PBR
due to the lack of inner wall interference. Therefore, the ∣
cos α ∣ value of the concentric double-tube PBR was tempo-
rarily higher than the ∣cos α ∣ value of the tangent double-
tube PBR. When the fluid in the concentric PBR was far away
from the surface of the inner tube wall, the boundary layer
effect disappeared, as the excessive fluid velocity was no lon-
ger a component suitable for the environment. Moreover, the
∣cos α ∣ value of the concentric double-tube PBR decreased.

As shown in Figure 8(d), on the line at x = ±85mm, in
most areas, the ∣cos α ∣ value of the tangent double-tube
PBR is greater than the ∣cos α ∣ value of the concentric
double-tube PBR. For the range of 0:005m < y < 0:028m
on the line at x = −85mm, the ∣cos α ∣ value of the concentric
double-tube PBR was slightly larger. In Table 1, the average
∣cos α ∣ value of the tangent double-tube PBR is 0.649, which
is greater than the average ∣cos α ∣ value (0.508) of the con-
centric double-tube PBR at 0.3 vvm. Therefore, the synergy
extent of the tangent double-tube PBR was better and more
beneficial to mass transfer. Through the comparisons of Vr
and ∣cos α ∣ above, the flow disturbance of the dark zones
in the tangent double-tube PBR and the synergy between
the light direction and velocity field were both shown to be

better, but the flow disturbance near the wall is the key posi-
tion for optimizing the tangential double-tube PBR structure.

In this work, concentric double-tube PBRs and tangent
double-tube PBRs were used as the simulation objects, and
the flow characteristics and flashing-light effect of the tangent
double-tube PBRs and the concentric double-tube PBRs were
investigated using the hydrodynamics method. It is well
known that a variety of tube PBRs have been designed for
microalgae cultures [1] and that experimental characteriza-
tion of the flow field in a PBR is difficult and expensive [8].
Therefore, computational fluid dynamics (CFD) is a signifi-
cant, popular, and reliable method for measuring the internal
performance of a tube PBR [16].

In our previous work [25], a concentric double-tube
structure was manufactured and studied experimentally
in the laboratory. The potential of use of a concentric
double-tube PBR for microalgae cultures was verified
through microalgae culture experiments. In particular, the
concentric double-tube PBR was more amenable to the
growth of microalgae. The experimental data showed that
the biomass yield of the concentric double-tube PBR
increased by at least 43.6% to 107.4% compared to the
common tubular PBR. At the same time, field synergy the-
ory combined with the concentric double-tube PBR simu-
lation mode was applied to the design of tubular
microalgae PBRs. The light and velocity gradients for the
cross-section of the synergy degree were higher on average
(∣cos α ∣ = 0:5) for the concentric double-tube PBR experi-
mental results (which provides a theoretical explanation),
and the simulation results show that, for PBRs, a TKE
value up to 54 cm2·s-2 is superior to other values. During
the 15-day culture process, the pH value of the concentric
double-tube PBR changed from 7.5 to 9.0, while that of
the common PBR changed from 7.5 to 8.8. The dissolved
oxygen concentration of the PBR fluctuated between 6.0
and 7.0mg·L−1, while that of the common PBR fluctuated
between 6.6 and 10.2mg·L−1. These experimental and sim-
ulated data show that the mixing performance of the con-
centric double-tube PBR was obviously better than that of
the common PBR. In other words, the experimental results
verify the reliability of the two-tube model. In this paper,
the simulated models of the tangent double-tube PBR were
developed based on a concentric double-tube PBR model
and a physical model with high similarity. The simulation

Table 1: Comparison of performance of the different tubular photobioreactors (PBRs).

PBR characteristics ∣cos α ∣ TKE (cm2·s−2) f (Hz) φ (%) Reference

Tangent double-tube PBRs 0.69 80 1.8 47. 8 This work

Concentric double-tube PBRs 0.5 54 1.01 35.1 This work

Serial lantern-shaped draft tube PBRs — 26.6 0.476 32.9 [8]

Novel static mixers inside the tubular PBR — 23 — — [10]

Successive and independent arrangement of Kenics mixer units in tubular PBRs — — 0.59-0.64 — [11]

Tubular PBRs with spiral ribs — — 1.0-1.4Hz — [13]

Twisted tubular photobioreactor — — 0.9-4.0 — [16]

A draft-tube airlift PBR for Botryococcus braunii — 32-74 0.7± 0.02 — [38]

“—” means “not calculated in the literature”.

12 Archaea



results show that, compared to the concentric double-tube
PBR, the light/dark cycle frequency and light time of the
tangent double-tube PBR increased by 78.2% and 36.2%
to 1.8Hz and 47.8%, respectively, and the TKE was
enhanced by 48.1%, from 54 to 80 cm2·s−2. The average
synergy of the light and velocity gradients on the cross-
section increased by 38% to 0.69. In general, the models
of the tangent double-tube PBR and the concentric
double-tube PBR established in this work are reliable,
and the tangent double-tube PBR has greater potential
than the concentric double-tube PBR. In other words,
the tangent double-tube PBR is a more attractive and
functional choice for microalgae cultures.

3.4. Performance Comparison with Other Tubular PBRs. As
shown in Table 1, we compared the PBR proposed in this
paper to other novel tubular PBRs proposed in recent
studies. The TKE value is a key parameter for the mixing
performance of a PBR. Compared to the concentric
double-tube PBR, the TKE value of the tangent double-
tube PBR increased by nearly 48.1%. Xu et al. [38] pro-
posed a draft-tube airlift PBR for Botryococcus braunii,
whose TKE value increased from 32 to 74 cm2·s−2 by opti-
mizing its internal structure. Azizi et al. [10] also found
that after a static mixer was embedded in the tubular
PBR, the mixing conditions and hydrodynamic perfor-
mance in the PBR were better than those of a traditional
PBR, and the TKE value was able to reach 23 cm2·s−2,
which is basically consistent with the tubular PBR research
results of Ye et al. [8] using a four-cell Kenics mixer and a
one-cell Kenics mixer (TKE = 26:6 cm2·s−2). Moreover,
these studies were mainly designed to adjust the physical
locations to improve the mixing performance of a culture
solution. The novel PBRs proposed in this work adopted
a tangential inner tube aeration structure, which generated
symmetrical vertical vortices between the light and dark
zones of the PBR. These novel structures promoted the
mixing performance of the solution and significantly
increased the TKE value (up to 80 cm2·s−2). The research
focus of this study was similar to that of Cheng et al.
[1], who improved mixing performance by using jet flow
in a plate PBR, increasing the TKE by about 35.5%. In this
work, compared to adding a static mixer or a draft tube,
using an adjustable aeration method more effectively
improved the mixing performance (or TKE value) of the
culture medium. In other words, the tangent double-tube
PBR offered better mixing performance and was more
suitable for microalgae growth.

As shown in Table 1, the performance of the tangent
double-tube PBR is superior to that of the concentric
double-tube PBR in terms of its light/dark cycle frequency
and light-time rate. In particular, the f of the tangent tube
PBR is 1.8 times higher than that of the concentric
double-tube PBR. This is mainly because the tangent
double-tube PBR generated vortices between the light zone
and the dark zone, which reduced the dead zone of the
PBR and allowed the microalgae cells to effectively swim
between the light zone and the dark zone. According to
previous studies, the light/dark cycle frequency and light-

time rate of tubular PBR have been widely explored [8,
13, 16]. Ye et al. [8] proposed a serial lantern-shaped draft
tube PBR that could effectively improve the flashing-light
effect of PBRs. Similar to the study by Azizi et al. [10],
adding static mixers, such as Kenics mixer units, can also
improve the mixing performance of a PBR. However,
these methods did not generate obvious vortices in the
culture medium, and improvement of the light/dark cycle
frequency and light-time rate was limited. Gómez-Pérez
et al. [16] developed a spiral PBR that could generate an
obvious eddy current in the culture solution, which signif-
icantly improved the light/dark cycle frequency of the
PBR, reaching as high as 0.9Hz, similar to the concentric
double-tube PBR. Next, Lei et al. [13] designed a novel
tubular PBR with spiral ribs with a maximum light-dark
cycle of 1.4Hz, which is higher than that proposed by
Gómez-Pérez et al. [16] and the concentric double-tube
PBR but lower than the tangent double-tube PBR
(1.8Hz). According to Cheng et al. [1, 8], a suitable veloc-
ity flow field and mixing ability can provide an appropri-
ate growth microenvironment for microalgae. Uniform
velocity distribution can facilitate the uniform distribution
of microalgae in the PBR, thereby minimizing aggregation
or precipitation and promoting the penetration and uni-
form distribution of light, which will promote the growth
of microalgae. At the same time, the complex vortex flow
field in the tangential double-tube PBR, especially the
velocity component along the light penetration direction,
caused the microalgae to move back and forth between
the light and dark zone solutions, an activity more condu-
cive to photosynthesis (see Figure 2).

According to our previous studies [25], the concentric
double-tube PBR formed large dead zones in the dark
zone, causing the microalgae cells to remain in the dark
zone for a long period of time. Therefore, in a concentric
double-tube PBR, it is difficult for these microalgae cells to
swim upwards to obtain light. Consequently, the light/dark
cycle frequency and light-time ratio of the tangent double-
tube PBR were much higher than those of the concentric
double-tube PBR. The existing experiments showed that
under some cultivation conditions, the volume production
rate of Chlorella vulgaris in the concentric double tube
increased by 137.50% compared to that in the tubular
PBR [25]. When the aeration direction was located 30°

downwards and the aeration rate was 0.7 vvm, compared
to the concentric double-tube PBR, the tangent double-
tube PBR of the light/dark cycle frequency and light-time
ratio increased by 78.2% and 36.2% to 1.8Hz and 47.8%,
respectively. The cross-section of the synergy with the
mean light and the velocity gradient increased by 38% to
0.69. In general, the tangent double-tube PBR was more
beneficial to enhancing the mass transfer and improving
the photosynthetic efficiency of algal cells; it will thus have
greater potential for large-scale cultivation in a culture
experiment. In our follow-up research, we will build an
experimental model of a tangential double-tube PBR at
laboratory scale and further discuss its performance. The
simulation work in this paper provides theoretical justifi-
cation for future experiments.
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4. Conclusions

In this study, a novel tangent double-tube PBR with radial
aeration pores along the tube length was proposed based on
field synergy theory and simulated using CFD simulation
technology. The simulation results are as follows:

The tangential inner tube aeration structure generated
symmetrical vertical vortices between the light and dark areas
in the PBR, and the novel PBR significantly enhanced the
mass transfer, strengthened the flashing-light effect, and
reduced the dead zone. Compared to the concentric
double-tube PBR, the light/dark cycle frequency and light-
time ratio of the tangent double-tube PBR increased by
78.2% and 36.2% to 1.8Hz and 47.8%, respectively

A downwards aeration direction of 30° and an aeration
rate of 0.7 vvm were the most conducive to enhancing the
mixing performance of the novel PBR, and the average tur-
bulent kinetic energy (TKE) was enhanced by 48.1%, from
54 to 80 cm2·s−2

Field synergy theory can be applied to the design of tubu-
lar microalgae PBRs. Compared to the concentric double-
tube PBR, the average synergy of the light and velocity gradi-
ents across the cross-section increased by 38% to 0.69 in the
tangent double-tube PBR. This novel design can provide a
more suitable microenvironment for microalgal cultivation
and holds promise for bioresource recovery and improving
the yield of microalgae

Nomenclature

Abbreviations

L/D: Light and dark cycle period
TKE: Turbulent kinetic energy (cm2·s−2)
PBR: Photobioreactor.

Subscripts

k: The turbulence energy item
q: The q phase
T : The turbulent term
ε: Turbulent dissipation item.

Symbols

C: Model constants
d: The diameter of solid particle (μm)

F
*
: The body force (kg·m−2·s−2)

FP: Pressure gradient force (kg·m−2·s−2)
G: The turbulence energy resulted from the average

velocity gradient (cm2·s−2)
p: Partial pressure (Pa)
t: Time (s)
T : Light/dark cycle time (s)

U
!
: The flow velocity vector (m·s−1)

v!d : The particle velocity vector (m·s−1)
ρq: The density of liquid (kg·m−3)
r: Volume fraction
μt : The turbulence viscosity coefficient (kg·m−2·s−2)

σ: The turbulent Prandtl numbers
ρd : The density of solid particle (kg·m−3)
Vr : the radial velocity of fluid (m·s−1)
CD: A drag coefficient required to compute the drag force
f : The light/dark cycle frequency (Hz)

Flift
*

: The lift force (kg·m−2·s−2)
FD: Drag force (kg·m−2·s−2)
n: Algal cells with a number
tl: Light time (s)
td : Dark time (s)
∇T: Temperature gradient (K)
v!f : The velocity vector (m·s−1)
|cosα|: Synergy extent
φ: The light-time ratio
ρ: Density (kg·m−3)
П: The impact of dispersed phase on the continuous

phase
α: The angle between the direction of flow velocity and

the direction of heat flux.
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Responses of a microbial community in the completely autotrophic nitrogen removal over nitrite (CANON) process, which was
shocked by a pH of 11.0 for 12 h, were investigated. During the recovery phase, the performance, anaerobic ammonia oxidation
(anammox) activity, microbial community, and correlation of bacteria as well as the influencing factors were evaluated
synchronously. The performance of the CANON process deteriorated rapidly with a nitrogen removal rate (NRR) of 0.13 kg·m-3·d-1,
and Firmicutes, spore-forming bacteria, were the dominant phyla after alkaline shock. However, it could self-restore within 107
days after undergoing four stages, at which Planctomycetes became dominant with a relative abundance of 64.62%. Network
analysis showed that anammox bacteria (Candidatus Jettenia, Kuenenia, and Brocadia) were positively related to some
functional bacteria such as Nitrosomonas, SM1A02, and Calorithrix. Canonical correspondence analysis presented a strong
correlation between the microbial community and influencing factors during the recovery phase. With the increase of nitrogen
loading rate, the decrease of free nitrous acid and the synergistic effects, heme c content, specific anammox activity (SAA), NRR,
and the abundance of dominant genus increased correspondingly. The increase of heme c content regulates the quorum sensing
system, promotes the secretion of extracellular polymeric substances, and further improves SAA, NRR, and the relative
abundance of the dominant genus. This study highlights some implications for the recovery of the CANON reactor after being
exposed to an alkaline shock.

1. Introduction

A completely autotrophic nitrogen removal over nitrite
(CANON) process, a combination of partial nitritation and
anaerobic ammonia oxidation (anammox), is highly sensitive
to key environmental parameters, such as nitrite (NO2

--N),
dissolved oxygen (DO), and pH [1–3]. Although these
parameters are always automatically controlled in engineer-
ing applications [4], a fortuitous occurrence of the CANON
process can happen accidentally when the automatic control
fails. In particular, pH as a crucial parameter can adversely
affect the performance of the CANON process if it is not well
controlled. In addition, substrate inhibition, which refers to
the toxicity of free ammonia (FA) and free nitrous acid

(FNA) in the CANON process, is pH-dependent [5]. There-
fore, pH can have a strong effect on the CANON process [6].
Research on the effect of alkaline shock on the CANON pro-
cess often uses pH < 10:0 [7–9]. Fux et al. [10] pointed out
that specific anammox activity (SAA) of anammox was
completely inhibited by pH9.3. Li et al. [11] observed the
disintegration of anammox granule at pH9.0. When the
concentration of FA reaches approximately 32.5mg·L-1 at
pH8.5, anammox bacteria and ammonia oxidising bacteria
(AOB) activities are severely inhibited, and the performance
of the CANON system deteriorates quickly [9]. Apart from
pH influence, the microbial community is known as an
essential factor affecting the efficiency of the CANON pro-
cess, and the structure of microbial communities is very
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sensitive to an alkaline situation [12]. In spite of this, studies
about the CANON system are mainly focused on the nitro-
gen removal performance and abundances of anammox bac-
teria, AOB, and nitrite oxidising bacteria (NOB) [13, 14].
Limited studies have considered the interaction of anammox
bacteria, AOB, NOB, and denitrifying bacteria (DNB) [15].
Wu et al. [15] observed that the abundance of Sphingobac-
teria, which is closely related to aerobic denitrifying bacteria,
in the CANON system was much higher than that in the ana-
mmox system when incubated with anaerobic sludge. More-
over, correlation among the microbial communities in the
CANON system in response to alkaline shock remains to
be studied in depth. In addition, pH is found to inhibit
microbial communities in two ways: (1) pH inhibits the
microbial activity by changing the characteristics of micro-
bial habitats [16], and (2) pH inhibits microorganisms
directly or via changing the concentrations of FA, FNA,
and organics to inactivate irreversible enzymes, obstruct met-
abolic function, and reduce transcriptional activity [12].
Although the mechanisms of pH effects on the microbial
community have been well studied, a few studies have
focused on the response of microbial communities during
the recovery phase in the CANON process when exposed
to alkaline shock.

In this study, we hypothesised that synergy effects among
the bacteria associated with the nitrogen cycle would
improve the performance of the CANON process after
applying transient alkaline pH shock. To test this hypothesis,
the CANON process was exposed to an alkaline shock of
pH11.0 for 12 h. The nitrogen removal performance, activity
indicators (SAA, heme c, extracellular polymeric substances
(EPS), and signalling molecule), variation of the microbial
community structure, correlation among the microorgan-
isms, and the correlation between the microbial community
and the influencing factors in the CANON reactor were
investigated during the whole recovery process. This study
is aimed at broadening our current knowledge of the under-
lying mechanisms of the microbial community in response to
an alkaline shock and encouraging technical regulations opti-
mising the CANON process for a maximal efficiency during
the recovery process.

2. Materials and Methods

2.1. Experimental Setup and Reactor Operation. A pilot-scale
upflow anaerobic filter (UAF) reactor (Figure 1) was used in
this study. It had a working volume of 100 L and an internal
diameter of 30 cm and was filled with polypropylene pall
rings as biological carriers. A flexible electrical heating belt
was adopted to maintain the temperature at 35 ± 1°C and
protect anammox bacteria against the competition of photo-
synthetic microorganisms. The hydraulic retention time
(HRT) of the UAF reactor was set at 1 day. The pH and
DO were controlled by an online controller and maintained
at 7.4–7.8 and 0.02–0.8mg·L-1, respectively [7]. The inocula-
tion sludge was taken from an anammox reactor, and its con-
centrations of mixed liquor suspended solid (MLSS) and
mixed liquor volatile suspended solid (MLVSS) were approx-
imately 22.87 and 12.49 g·L-1, respectively.

The CANON process was cultivated using synthetic
wastewater, and the mineral medium was supplied according
to our previous study [17]. After stable operation for 1.5 y,
the CANON process showed a good performance with
ammonium removal efficiency and nitrogen removal rate
(NRR) of 93.74% and 0.80 kg·m-3·d-1, respectively. Then, it
was exposed to a transient alkaline shock of pH11.0 for
12 h. The recovery phase mainly consisted of four stages:
accommodation stage (days 1–37), anammox recovery stage
(days 38–68), CANON recovery stage (days 69–100), and
steady stage (days 101–107), according to the nitrogen
removal performance of the CANON reactor and a previ-
ously reported method by Zhang et al. [18]. The operating
conditions of the CANON process during the recovery phase
are summarised in Table 1. To ensure the recovery of ana-
mmox bacteria activity, first, we inhibited aeration and
adjusted the pH to 7.8 by washing bioreactor with the syn-
thetic wastewater without NH4

+-N and NO2
--N for approxi-

mately 1 h at a flow rate of 1600mL·min-1. The influent
concentrations of NH4

+-N and NO2
--N were decreased to

250mg·L-1 to avoid the substrate inhibition [19]. Next, the
operating conditions (Table 1) were implemented according
to the performance of the CANON reactor.

2.2. Sample Collection and Analysis. SAA, an important
parameter to evaluate the performance of the anammox
pathway [8], and heme c, an indispensable part of the key
enzymes [20] directly associated with the substance and
energy metabolism of anammox bacteria [21, 22], were used
to codetermine the activity of anammox bacteria [23]. EPS, as
the stress resister and indicator of the stability and settling
property of anammox sludge, coupled with the signalling
molecule, are secreted as the metabolites of microorganisms
and are beneficial for the formation of biofilm [24, 25]. In this
study, EPS was beneficial for initiating the CANON system
[26]. The settleability and strength of granule sludge or bio-
film are usually evaluated by the ratio of protein (PN) to
polysaccharides (PS) [27]. All these factors were used to eval-
uate the recovery of the CANON process.

Sludge and water samples were withdrawn from the
CANON process on days 1, 37, 53, 63, 75, 85, and 107, in
order to investigate the EPS concentration, SAA, heme c con-
tent, and signalling molecule. Sample collection was con-
ducted in triplicate. Concentrations of EPS and heme c
were determined based on the previous reports by Ma et al.
[28] and Berry and Trumpower [29], respectively. The semi-
quantitative estimation of signalling molecule was deter-
mined according to the method proposed by Yeon et al.
[30]. SAA was conducted according to our previous investi-
gation [31]. Simultaneously, the concentrations of MLSS,
MLVSS, ammonia (NH4

+-N), nitrite (NO2
--N), nitrate

(NO3
--N), and total nitrogen (TN) were analysed based on

standard methods [32].

2.3. DNA Extraction and Amplicon Sequencing. To investi-
gate responses of microbial communities in the CANON
process to the exposure of an alkaline shock, sludge samples
collected from the reactor on days 1, 37, 63, and 107 were
subjected to DNA extraction, and quality control was also
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performed according to our previous study [17]. Next, the
V3-V4 hypervariable region of 16S rDNA gene of the quali-
fied DNA samples was selected for polymerase chain reaction
(PCR) amplification using the universal primer sets: 341F (5′
-CCT ACG GGN GGC WGC AG-3′) and 806R (5′-GGA
CTA CHV GGG TAT CTA AT-3′) [17]. PCR amplifications
were conducted in triplicate, and the products were quanti-
fied using a Qubit 2.0 fluorometer (Promega Co., Madison,
USA). The purified amplicons were pooled together in an
equal amount. Then, the sequencing library was constructed
and sent for paired end sequencing on a Hiseq2500 PE250
platform (Gene Denovo Biotechnology Co., Ltd., Guang-
zhou, China). The sequence data were processed using the
Quantitative Insights into Microbial Ecology software [33],

and results were assigned to operational taxonomic units
(OTUs) with >97% similarity.

2.4. Statistical and Network Analyses. Canonical correspon-
dence analysis (CCA) was conducted to further explore the
relationship between microbial communities and influencing
factors using the “vegan” package in RStudio environment
(https://www.rstudio.com/). Pairwise Spearman’s correlation
coefficients among 12 genera, which have an average abun-
dance higher than 1%, were calculated by SPSS Statistics 22
(IBM, USA) (http://www.ibm.com/analytics/us/en/technology/
spss/). Furthermore, network analysis based on Spearman’s
correlation coefficient ðrÞ > 0:6 or <-0.6, and the corre-
sponding p value < 0.05 between two genera was performed

Sedimentation tank

Effluent
recirculation

Air pump

pH pump

Influent pump

Substrate tank

Alkali-base buffer solution

Aeration Biological carrier

Effluent
Sludge
recirculation

pHDO

Temperature
Controllers

Electrical
heating beltDO pH

Figure 1: Schematic of the experimental device.

Table 1: Operational conditions of the CANON process after the alkaline shock.

Stage Time (d) NH4
+-N (mg·L-1) NO2

--N (mg·L-1) NLR (kg·m-3·d-1) DO (mg·L-1)

Accommodation stage
1-3 250 250 0.5

<0.05
4-37 100 100 0.2

Anammox recovery stage

38-61 100 100 0.2

62-64 150 150 0.3

65-68 250 250 0.5

CANON recovery stage

69-76 450 150 0.6

0.2-0.8

77-81 600 0 0.6

82-86 800 0 0.8

87-100 1000 0 1

Steady stage 101-107 1000 0 1
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and visualised by Gephi software (version 0.9.2, https://gephi
.org/) [34].

3. Results and Discussion

3.1. Performance of the CANON Process during the Recovery
Phase after Alkaline Shock. Figure 2 shows the nitrogen
removal performance of the CANON reactor during the
experiment. As depicted by Figure 2, the FA concentration
of the CANON reactor sharply increased from 3.81mg·L-1
to 367.08mg·L-1, which was much higher than inhibition
thresholds of AOB and anammox bacteria after being
exposed to alkaline shock of pH11.0 for 12h [1, 9]. Thus,
the CANON process was severely inhibited by the alkaline
shock. As Li et al. [11] reported, the effect of an alkaline pH
(9.0) shock on the performance of anammox granular sludge

was much more severe than that of an acidic pH (6.5) shock,
and the alkaline condition disintegrated anammox granules.
Based on the impact of influent pH of 4 and 10 for 12h, Yu
and Jin [35] also found a loss of anammox performance only
in alkaline condition. In addition to the increase of FA,
researchers suggested that activity loss could be related on
the unavailability of trace elements as caused by extreme
alkaline condition [35, 36]. Subsequently, aeration, pH, and
influent concentrations of NH4

+-N and NO2
--N were

adjusted according to Table 1. Despite this, a progressive
deterioration of the nitrogen removal performance was still
observed, and the concentration of effluent TN was 41.21%
higher than that of influent at the early accommodation stage
(days 1–14). However, in the late accommodation stage (days
15–37), the CANON system gradually adapted to the chan-
ged environment.
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On days 38–52, the nitrogen removal performance of the
anammox process recovered slowly with an increase of nitro-
gen removal efficiency (NRE) from 32% to 49.67%. After-
wards, the NRE and NRR increased rapidly to 86.44% and
0.18 kg·m-3·d-1, respectively, within 9 days. This phenome-
non was similar to the lag stage in the start-up of the ana-
mmox process [37]. On days 62–68, the anammox process
was enhanced rapidly with NRR increasing from 0.18 to
0.45 kg·m-3·d-1. To improve the nitrogen removal perfor-
mance of the CANON system during the recovery stage (days
69–100), DO was maintained at 0.2–0.8mg·L-1. As expected,
the NRR increased to 0.82 kg·m-3·d-1 and NRE was at around
72%. Simultaneously, the stoichiometric ratios of ΔTN/
ΔNH4

+-N, ΔNO3
--N/ΔNH4

+-N, and ΔNO3
--N/ΔTN gradu-

ally increased from 1.29, 0.10, and 0.10, respectively, on day
1, to their theoretical value (0.86, 0.11, and 0.127, respec-
tively), as described in the relevant studies [8, 38]. This meant
there was significant synergy between AOB and anammox
bacteria and there was no excess proliferation of NOB in
the CANON reactor. In addition, the effect of the FNA fluc-
tuation (>15μg·L-1) on nitrogen removal performance was
more significant (p < 0:05) than that of the FA fluctuation
on days 62–68. Previous studies report the FNA inhibition
of AOB activity to be 100μg·L-1 [9], whereas the inhibition
on anammox bacteria activity is approximately 15μg·L-1
[1]. Deterioration of the CANON performance, which was
affected by FNA fluctuation, could be explained by this rea-
son during the recovery phrase of the CANON system. He
et al. [1] also pointed out that the anammox pathway, after
being exposed to transient pH (9.0) shock, could be recov-

ered rapidly by simultaneously increasing nitrogen loading
rate (NLR) and decreasing FNA (<15μg·L-1).

At the steady stage (days 101–107), the water quality of
effluent and stoichiometric ratios became stable, and the
nitrogen removal performance was even better than the ini-
tial level where the averages of NRE and NRR increased to
83.28% and 0.80 kg·m-3·d-1, respectively. The sensibility, low
biomass yield, and slow growth rate of anammox bacteria
were the main challenges for the application of the CANON
process [8], though autotrophic bacteria of AOB and ana-
mmox bacteria were simultaneously grown in a single reactor
[39]. Recovery of anammox bacteria should be focused on
after the CANON reactor is exposed to an alkaline shock.

3.2. Changes of SAA, Heme c, EPS, and Signalling Molecule
during the Recovery of the CANON Process after Alkaline
Shock. Shifts in SAA, heme c, EPS, and signalling molecule
content of the CANON process are shown in Figure 3. The
SAA and heme c were maintained at low levels of
2.75mgN·g-1 VSS·d-1 and 0.50μmol·g-1 VSS, respectively,
on day 1. It was clear that approximately 98% of anammox
activity was lost compared to the activity in the initial phase.
In the meantime, signalling molecule content was nearly
zero, which was the quickest response to the transient alka-
line shock. The signalling molecule was easily affected by
the pH and quickly degraded under alkaline conditions
[40]. It implied that AOB and anammox bacteria were inac-
tivated, which was also supported by the performance of low
NRE and NRR on day 1 in the CANON reactor. However,
there was a delayed change in EPS, with a high concentration
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of 128.76mg·g-1 VSS on day 1. This was likely because some
microbial members excreted excessive EPS. Subsequently,
the signalling molecule-based quorum sensing (QS) system
could not regulate EPS production normally after being
adversely influenced by the extreme alkaline shock [11, 40].
Previous studies [41, 42] have reported that the signalling
molecule-based QS system could regulate EPS secretion
under normal conditions. Subsequently, these parameters
were gradually recovered during the recovery phase.

Significant increases of SAA, heme c, and the signalling
molecule were observed on days 53–63, 37–53, and 53–63,
respectively, during which the corresponding NRE were
being recovered from 53% to 85%. This meant the anammox
bacteria and AOB activities were recovered gradually. More-
over, the recovery time of heme c was shorter than that of the
other parameters. Heme c is an important component of
hydrazine synthesis, hydroxylamine oxidoreductase, and
hydrazine oxidase in purified anammox cells [21]. It is
directly associated with the metabolism of substances and
energy in anammox bacteria [21, 22], and it also determines
the activity of anammox biomass [23]. Chen et al. [43] found
a similar result in an anammox-EGSB recovery system which
experienced a longer-term starvation. Badalamenti et al. [44]
reviewed one of 38 putative multiheme c-type cytochromes
containing 69 heme-binding motifs and concluded that a
LuxI/LuxR QS cassette can produce an unidentified signal-
ling molecule. A signalling molecule-based QS system could
regulate EPS secretion [41, 42]. Zhang et al. [45] confirmed
that C8-HSL and C6-HSL, the examples of signalling
molecules, favour EPS production and improve the activity
of anammox bacteria, AOB, and others. Therefore, the
enhancement of heme c was found to accelerate the secretion
of a signalling molecule and promote the microbial activity
[21, 44]. As a result, an increase in EPS content was found
following the changing pattern of the signalling molecule.
On day 107, the concentrations of SAA, heme c, and EPS
were increased to 132.86mgN·g-1 VSS·d-1, 3.03μmol·g-1
VSS, and 143.65mg·g-1 VSS, respectively. Although these
values were similar to the findings in previous studies
[45, 46], they were much higher than the values at the ini-
tial levels (p < 0:01) after the alkaline shock in this study.
The NLR, NRR, and NRE reached the maximum values,
and the CANON system remained stable.

3.3. Microbial Community Shift in the CANON Process after
Alkaline Shock. A shift in the microbial community structure
of the CANON process after alkaline shock was investigated
by amplicon sequencing. The OTU number and diversity
index increased gradually as the CANON process resumed
(Table 2). Figure 4(a) shows the bacterial community compo-
sition in the CANON process at the phylum level. As shown
in Figure 4(a), Firmicutes was the dominant bacterial taxum
with a relative abundance of 73.93% after the alkaline shock.
A similar phenomenon was also observed by Callejas et al.
[47] after a transient pH increase. Wang and Gu [48]
reported that the effect of alkaline condition (9.0) on the
microbial community structure of the anammox process
was stronger than that of acid condition (5.0). Firmicutes
are spore-forming bacteria and related to complex organic

matter degradation, which could explain the resistance to cell
lysis in an alkaline environment [47]. The recovery of the
CANON process also experienced four stages according to
the variations in the microbial community at the phylum’s
level. Proteobacteria and Bacteroidetes, which are involved
in nitrogen removal and organic acid degradation [49],
became the two dominant phyla with their relative abun-
dances increasing from 4.33% to 71.63% and from 1.32% to
14.29%, respectively, at the accommodation stage. Proteo-
bacteria, Planctomycetes, and Bacteroidetes were the three
dominant phyla at the growth stage, and the relative abun-
dance of Planctomycetes increased from 2.28% to 16.87%.
On day 107, Planctomycetes became the dominant phyla
with a relative abundance of 64.62%, indicating that the
CANON process had recovered to a certain degree. Wang
et al. [50] also observed this phenomenon during the recov-
ery of the CANON process when stressed by salt.

At the genus level (Figure 4(b)), Bacillus, belonging to
Firmicutes, was the dominant genus with a relative abun-
dance of 67.98% after the alkaline shock. Bacillus is a robust
model organism for biofilm formation [51]. Bacillus can not
only contribute to O2 removal [52], nitrate reduction [53],
and organic matter degradation [54] but can also secrete
EPS, especially EPS-PN, for increasing resistances to adverse
environmental stresses [55]. All these factors may explain
why the Bacillus survived after alkaline shock. The accom-
modation stage (days 1–37) in this study was analogous to
the cell lysis stage in the start-up of the anammox process
[56]. Thermomonaswas capable of utilising the organic prod-
ucts from cell lysis [57]; therefore, it became the dominant
genus at the accommodation stage. At the growth stage (days
38–61), the microbial diversity of the CANON process was
consistently increasing. The relative abundances of ana-
mmox bacteria (Candidatus Jettenia, Kuenenia, and Broca-
dia) gradually increased from 0.13% to 7.52%. After that,
AOB (Nitrosomonas) together with anammox bacteria
(Candidatus Jettenia, Kuenenia and Brocadia) became the
dominant genera as aeration began. The relative abun-
dances of AOB and anammox bacteria (Candidatus Jettenia
+Kuenenia+Brocadia) at the enhancement stage increased
quickly from 2.57% and 7.52% to 3.05% and 53.30%,
respectively. Excess proliferation of NOB was not detected
throughout the experiment. The good performance of the
CANON process could be explained through microbiologi-
cal perspectives.

3.4. Correlations of Microbial Communities and the
Influencing Factors in the CANON Process after Alkaline
Shock. Network analysis is an effective analytical approach

Table 2: Characteristics of amplicon libraries.

Group OTUs Shannon Simpson Chao Ace Coverage

P1d 758 5.04 0.912 812.0 854.41 0.998

P37d 780 4.81 0.829 842.4 884.32 0.998

P63d 1058 6.90 0.973 1096.8 1149.77 0.997

P107d 1063 5.15 0.843 1099.1 1152.35 0.998
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for further exploring the correlation among the dominant
microbial taxa (Figure 5(a)) in the CANON process
exposed to alkaline shock. As shown in Figure 5(a), the
dominant flora was divided into three modules based on
the Fruchterman-Reingold algorithm. Members in module
A, which accounted for 50% of the network, were Candi-
datus Jettenia, Candidatus Kuenenia, Candidatus Brocadia,
Nitrosomonas, SM1A02, and Calorithrix. They were posi-
tively related to each other (p < 0:05). Limnobacter, one
genus of module B, showed a significant negative correla-
tion with Candidatus Jettenia, Candidatus Brocadia, Nitro-
somonas, and Calorithrix (p < 0:05). Additionally, Bacillus
was negatively correlated with all members in module
A. CCA was further applied to determine the correlation
of microbial communities and the influencing factors
(Figure 5(b)) during the recovery phase. As is presented
in Figure 5(b), the dominant genera of Candidatus jettenia,
Candidatus Kuenenia, Candidatus Brocadia, SM1A02, and
Calorithrix, had a significantly positive correlation (p < 0:05)
with the influencing factors of SAA, NLR, NRR, heme c,
EPS-PS, and FNA. Nitrosomonas was positively correlated
with EPS, EPS-PN, SAA, NLR, NRR, heme c, EPS-PS, and
FNA. However, Bacillus was only positively correlated with
EPS-PN.

The abovementioned results can be explained by (1) the
impact of NLR-led influencing factors, (2) synergistic effects
of the dominant genus in the network module A, and (3)
antagonistic effect of Limnobacter, Bacillus, and the domi-
nant genus in network module A. As shown in Figure 5(c),
anammox bacteria (Candidatus Jettenia, Brocadia, and Kue-
nenia) oxidised NH4

+-N to N2 with NO2
--N and CO2, which

were produced by AOB (Nitrosomonas) and DNB (Calori-
thrix), respectively. These served as the electron acceptors
and inorganic carbon sources under anaerobic conditions
[49, 58]. As reported in previous studies, SM1A02 has the
anammox ability and might be a novel anammox strain;
therefore, it has the same synergistic effects with Nitrosomo-
nas and Calorithrix [59–61]. In addition, Nitrosomonas can
utilise NH4

+-N and DO and create anaerobic conditions for
anammox bacteria such as SM1A02 and Calorithrix [49,
60]. Calorithrix provides a substrate of NH4

+-N to anammox
bacteria, SM1A02, and Nitrosomonas by dissimilatory NO3

--
N reduction to NH4

+-N [58]. All members in module A
could secrete EPS to protect the members from adverse envi-
ronmental stresses [58–60]. With the increase of NLR,
decrease of FNA, and enhancement of synergistic effects of
the dominant genus on network module A, it was observed
that heme c content, SAA, NRR, and the relative abundance
of dominant genus increased correspondingly [1, 21, 44,
45]. He et al. [1] reported that the anammox reactor recov-
ered rapidly by simultaneously increasing NLR and decreas-
ing FNA after experiencing a transient pH shock. However,
Limnobacter competed with other functional bacteria for
acetate, O2, and NO3

--N [62] and consumed the EPS-PN
produced by the members in module A. This explains why
Limnobacter deteriorated the resistance of the microbial
community to adverse influences [62, 63] and was assigned
to module B. In addition, Bacillus was eliminated in long-
term anaerobic conditions with the increase of NLR and
therefore was negatively correlated with module A [64].
The synergistic and antagonistic effects of these functional
bacteria, coupled with the control of NLR, FA, and FNA,
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Figure 4: Bacterial community composition at the phylum (a) and genus (b) levels in the CANON process after alkaline shock.
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codetermined the performance of the CANON process. All
these supplied the underlying mechanisms of the microbial
community in response to the alkaline shock. Meanwhile,

these could also inform technical regulations optimising the
CANON process for maximal efficiency during the recovery
process.
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4. Conclusions

The CANON process was found to rapidly deteriorate after
an alkaline shock of pH11. However, it could be self-
restored with the final NRR of 0.80 kg·m-3·d-1 after the system
underwent four stages (accommodation, anammox recovery,
CANON recovery, and steady stages). During the entire
recovery process, heme c content responded the fastest to
the transient alkaline shock among all tested parameters
and increased gradually, followed by the signalling molecule.
Both parameters improved the AOB and anammox activity
and regulated the EPS secretion. Firmicutes, a type of
spore-forming bacterium, was dominant at the initial stage,
and subsequently at the later period, Planctomycetes became
the dominant phylum with a relative abundance of 64.62%.
Network analysis clearly revealed positive relationships
among anammox bacteria (Candidatus Jettenia, Kuenenia,
and Brocadia), AOB (Nitrosomonas), SM1A02, and DNB
(Calorithrix). Additionally, there was a strong correlation
between microbial communities and the influencing factors
during the recovery phase. With the increase of NLR,
decrease of FNA, and synergistic effects of dominant micro-
bial members, heme c content, SAA, NRR, and the relative
abundance of the dominant genus increased correspond-
ingly. The increase of heme c content regulates the quorum
sensing system, promotes the secretion of EPS, and further
improves SAA, NRR, and the relative abundance of the
dominant genus. The response of the microbial community
to environmental change gives an insight into the recovery
of the CANON process after being exposed to an alkaline
shock and provides technical regulations for its engineering
application.
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Heavy metal pollution has been a focus with increasing attention, especially Pb2+, Cd2+, and Ni2+ in an aqueous environment. The
adsorption capacity and mechanism of extracellular polymeric substances (EPS) from Agrobacterium tumefaciens F2 for three
heavy metals were investigated in this study. The adsorption efficiency of 94.67%, 94.41%, and 77.95% were achieved for Pb2+,
Cd2+, and Ni2+ adsorption on EPS, respectively. The experimental data of adsorption could be well fitted by Langmuir,
Freundlich, Dubinin–Radushkevich isotherm models, and pseudo-second-order kinetic model. Model parameters analysis
demonstrated the great adsorption efficiency of EPS, especially for Pb2+, and chemisorption was the rate-limiting step during the
adsorption process. The functional groups of C=O of carboxyl and C-O-C from sugar derivatives in EPS played the major role
in the adsorption process judged by FTIR. In addition, 3D-EEM spectra indicated that tyrosine also assisted EPS adsorption for
three heavy metals. But EPS from strain F2 used the almost identical adsorption mechanism for three kinds of divalent ions of
heavy metals, so the adsorption efficiency difference of Pb2+, Cd2+, and Ni2+ on EPS could be correlated to the inherent
characteristics of each heavy metal. This study gave the evidence that EPS has a great application potential as a bioadsorbent in
the treatment of heavy metals pollution.

1. Introduction

Heavy metal pollution mainly comes from papermaking,
smelting, electroplating, and other industrial wastewater
and the overuse of pesticide and fertilizer [1]. Heavy metal
pollutants are potentially harmful to the environment and
human health, and they are not easily degraded by microor-
ganisms in water. People intake heavy metal-contaminated
water or food over an extended period, then they will suffer
from various diseases or even cancer, such as anemia, bone
pain, and chronic respiratory diseases for a long-term expo-
sure to lead, cadmium, and nickel. In general, contaminated
water often contains more than one heavy metal, such as
industrial effluents, municipal wastewater, and industrial
wastewater [2–4]. Therefore, exploring effective methods
for controlling heavy metal pollution and improving the

water environment, especially for lead, cadmium, and nickel,
are necessary.

At present, the most commonly used treatment tech-
niques for heavy metal pollution include chemical precipi-
tation, ion exchange, adsorption, membrane separation,
oxidation reduction, and electrochemical [5–22]. Among
these methods, adsorption is preferred for its simplicity,
efficiency, flexibility in design, low waste production, and
environmental-friendly characteristics for certain biosor-
bents [23]. Recently, microbial extracellular polymeric sub-
stances (EPS) have become a popular research topic in the
effective treatment of heavy metal pollution due to its
safety, efficiency, low energy consumption, and simple
operation [24–30].

EPS produced by Agrobacterium tumefaciens F2 is a
complex compound with high molecular weight and used
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to adsorb Pb2+, Cd2+, and Ni2+ pollutants in this study. Our
previous researches focused on heavy metals or antibiotics
adsorbed by bioflocculant MFX, which is one kind of EPS
extracted from Klebsiella sp. J1 [31–38]. The results showed
the great potential of EPS as water treatment materials and
guided our subsequent studies. However, the main compo-
nents of EPS produced by strain F2 are polysaccharide, which
is different from the protein as the main component in bio-
flocculant MFX produced by strain J1. It was still unknown
for the application potential of EPS produced by strain F2.
Thus, it was used to adsorb heavy metal contaminants, and
the adsorption mechanisms were systematically investigated
via qualitative and quantitative analyses, thereby providing
a new available bioadsorbent in water treatment.

2. Experimental Section

2.1. Strains and Reagents. Agrobacterium tumefaciens F2 is
isolated by our group and now deposited in the China Com-
mon Microbial Culture Collection (CGMCC No. 10131).
Lead nitrate, cadmium chloride, and nickel nitrate were pur-
chased from Sigma-Aldrich, St Louis, MO, USA. Medium
components were purchased from the Sinopharm Chemical
Reagent Co., Ltd., Shanghai, China. Ultrapure water for all
experiments was prepared with the Milli-Q system. All
chemicals were analytical grade.

2.2. EPS Preparation. Strain F2 was applied to prepare EPS by
the fermentation culture. The fermentation medium was
composed of the following ingredients (g/L): glucose10,
K2HPO4 5, KH2PO4 2, NaCl 0.1, MgSO4•7H2O 0.2, yeast
extract 0.5, and urea 0.5 adjusted at pH7.2-7.5. Strain F2

was precultured in the fermentation medium to obtain the
seed liquid, which was then inoculated into the fermentation
medium with 5% carried by a sterilized fermentor. The rele-
vant culture parameters were set at 30°C, 150 rpm for 24h
with 2.5 Lmin-1. Then, the final fermentation liquid was cen-
trifuged to eliminate the bacteria, and the precooling ethanol
was added into the residual supernatant to collect white flocs
and then dialyzed for 24 h. The flocs were freeze-dried by
vacuum to obtain the dry powder of EPS and dissolved into
ultrapure water before use.

2.3. Batch Adsorption Experiments. The stock solutions
(100mgL-1) of Pb2+, Cd2+, and Ni2+ were prepared by dis-
solving lead nitrate, cadmium chloride, and nickel nitrate in
ultrapure water. Working solutions were obtained by appro-
priate dilution of the stock solutions with ultrapure water and
pH adjustment using 1mol L-1 HNO3 or NaOH. In each
batch adsorption experiment, 0.2, 0.7, and 0.8 g L-1 adsor-
bents were added into 20mL of Pb2+, Cd2+, and Ni2+ aqueous
solution (20mgL-1, pH6.0) and stirred for 0–70min at 30°C.
After adsorption, the concentrations of initial and residual
ions in the aqueous solution were then measured by induc-
tively coupled plasma optical emission spectrometry (ICP-
OES; Optima 5300 DV, PE, USA) with the detection limit
of 10μg L-1. All samples were filtered by 0.45μm cellulose
acetate fiber before measurement. The adsorption efficiency
(η) and the adsorption capacity (qe) of Pb

2+, Cd2+, and Ni2+

on EPS were calculated as follows:

qe = C0 − Ceð ÞV
M

, ð1Þ

Table 1: Thermodynamic and kinetics models of heavy metals adsorption on EPS.

Models Formula Model parameters

Langmuir adsorption isothermal model qe = qmbCe/1 + bCe

Ce——the initial concentration of heavy metals (mg L-1)
qe——the unit adsorption capacity when the initial

concentration is Ce (mg g-1)
qm——maximum unit adsorption capacity (mg g-1)

b——Langmuir adsorption equilibrium constant (Lmg-1)

Freundlich adsorption isothermal model qe = KFC
1/n
e

KF——adsorption capacity (mg g-1)
1/n——Freundlich adsorption capacity

Dubinin–Radushkevich adsorption
isothermal model

qe = qm exp −kε2
� � qe——equilibrium adsorption capacity (mg g-1)

qm——maximum unit adsorption capacity (mg g-1)
k——constant related to adsorption capacity (mol2/kJ2)

ε = RT ln 1 + 1/Ceð Þð Þ
R——ideal gas constant (8:314 Jmol−1 K−1)

T——thermodynamic temperature
Ce——initial concentration of contaminants (mg L-1)

Average adsorption energy E = 2 kð Þ−0:5

Pseudo-first order kinetics model log qt − qeð Þ = log qe − k1/2:303ð Þt
t——adsorption time (min);

qt——unit adsorption capacity after t min (mg g-1);
qe——the maximum unit adsorption capacity (mg g-1);

k1——pseudo-first-order reaction rate constant

Pseudo-second order kinetics model t/qt = 1/k2q2e
� �

+ 1/qeð Þt k2——pseudo-second-order reaction rate constant
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η = C0 − Ceð Þ
C0 × 100%, ð2Þ

where C0 and Ce are the initial and equilibrium concentra-
tions of heavy metal ion, respectively (mgL-1), V is the solu-
tion volume (L), and M is the used amount of EPS (g). The
average values were recorded with standard deviations within
±1.3%, and some error bars are not shown due to the magni-
tude being smaller than that of the symbols used to plot the
graphs.

2.4. Adsorption Isotherms and Kinetics. Langmuir, Freun-
dlich, and Dubinin–Radushkevich isotherm models were
used to determine the sorption equilibrium at 20°C, 30°C,
and 40°C, respectively. To investigate the adsorption iso-
therm, the initial concentration of heavy metal ions was
ranged at 5–50mgL-1, and other conditions were consistent
with the abovementioned batch adsorption experiments.
For sorption kinetic experiment of heavy metal ions on
EPS, the experimental data were analyzed using pseudo-
first-order and pseudo-second-order kinetic models. The
sorption time was during 2.5–70min, and other parameters
were the same with the abovementioned batch adsorption

experiments. All models and key parameters are shown in
Table 1.

2.5. Characterization of Adsorption Mechanism. The adsorp-
tion mechanism of heavy metal ions on EPS and characteris-
tics before and after adsorption was analyzed using Fourier-
transform infrared spectroscopy (FTIR), Zeta potential anal-
ysis, and three-dimensional fluorescence spectrophotometry
(3D-EEM) to examine the interactions between EPS and
Pb2+, Cd2+, and Ni2+, respectively. EPS loading Pb2+, Cd2+,
and Ni2+ samples under the optimal experimental conditions
were collected and then rinsed to remove free heavy metal
ions using ultrapure water. EPS (before and after Pb2+,
Cd2+, and Ni2+ loading) were processed by vacuum freeze-
drying. The spectra in the range of 400–4000 cm-1 were
recorded via an FTIR spectrometer using the KBr disc tech-
nique. The Zeta potential of the system in the entire process
was measured with zeta meter equipment. 3D-EEM was
applied to study the variation of active ingredients before
and after adsorption via a three-dimensional fluorescence
spectrometer (FP6500, JASCO, Japan). Scanning parameters
were set as the emission spectra of 220–450nm at 1 nm incre-
ment by varying the excitation wavelength of 220–650 nm at
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Figure 1: Adsorption efficiency and Zeta potential of Pb2+ (a), Cd2+ (b), and Ni2+ (c) adsorption on EPS.
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Figure 2: Continued.
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5nm increment. A blank solution (Milli-Q water) was sub-
tracted from the sample.

3. Results and Discussion

3.1. Adsorption Efficiency of Heavy Metals on EPS. Figure 1
shows the adsorption efficiency and Zeta potential of metal
ions on EPS at different adsorption time. The adsorption effi-
ciency increased rapidly in the initial 5min and increased
gradually until adsorption saturation at almost 20min with
the highest adsorption efficiency of 94.67%, 94.41%, and
77.95% for Pb2+, Cd2+, and Ni2+ on EPS. Thus, EPS exhibited
superior adsorption efficiency for target pollutants, especially
Pb2+ and Cd2+. However, the adsorption efficiency for Ni2+

on EPS is clearly not as ideal as Pb2+ and Cd2+, so the further
adsorption mechanism is still needed to explain the adsorp-
tion difference. Zeta potential analysis was used to analyze
the stability of adsorption reaction along with different time
before and after Pb2+, Cd2+, and Ni2+ adsorption on EPS.
As seen in Figure 1(b), the Zeta potentials of reaction system
rapidly decreased after adding EPS into Pb2+, Cd2+, and Ni2+

and reached stable at -37.90, -34.9, and -31.2mV, respec-
tively. Subsequently, the Zeta potential remained stable along
with the increased adsorption efficiency, thus indicating that
the whole adsorption reaction process is stable. Negatively
charged EPS was favorable for its adsorption for positively
charged heavy metals, so it exhibited the superior adsorption
efficiency for Pb2+, Cd2+, and Ni2+.

3.2. Isotherm Models

3.2.1. Langmuir Adsorption Isotherm Model. The fitting
results of the Langmuir adsorption isotherms of Pb2+, Cd2+,
and Ni2+ on EPS at 20°C, 30°C, and 40°C are shown in
Figures 2(a)–2(c). The results showed that the R2 are all
greater than 0.90, indicating that Pb2+, Cd2+, and Ni2+

adsorption on EPS could be fitted well by Langmuir adsorp-
tion isotherm models. The data for the adsorption process of
Pb2+, Cd2+, and Ni2+ on EPS satisfactorily fitted to the Lang-
muir model in an aquatic system with R2 > 0:90, indicating

that monolayer adsorption could exist [31]. The model
parameters are shown in Table 2, in which qm gradually
decreases and b increases with the increased temperature,
indicating the exothermic nature of the adsorption process.

3.2.2. Freundlich Adsorption Isotherm Model. The fitting
results of the Freundlich isotherm model are shown in
Figures 2(d)–2(f), and the model parameters are presented
in Table 3. The results suggested that adsorption of Pb2+,
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Figure 2: Langmuir (a–c), Freundlich (d–f), Dubinin–Radushkevich (g–i) isotherms, and pseudo-second-order kinetics (j–l) model of Pb2+,
Cd2+, and Ni2+adsorption on EPS.

Table 2: Parameters of Langmuir adsorption isotherms.

Heavy
metals

Temperature
(°C)

qm
(mg g-1)

b Lmg−1
� �

× 10−3 R2

Pb2+
20 714.29 8.71 0.97

30 666.67 9.01 0.97

40 625.00 9.07 0.98

Cd2+
20 104.17 20.16 0.96

30 97.09 21.03 0.96

40 92.59 21.80 0.96

Ni2+
20 51.28 34.20 0.96

30 48.08 35.48 0.94

40 45.05 36.53 0.97

Table 3: Parameters of Freundlich adsorption isotherms.

Heavy metals Temperature (°C) KF (mg g-1) n R2

Pb2+
20 11.63 1.3484 0.95

30 11.22 1.3452 0.94

40 10.18 1.3259 0.97

Cd2+
20 5.05 1.6739 0.93

30 4.68 1.6464 0.94

40 4.57 1.6447 0.95

Ni2+
20 4.69 2.0080 0.94

30 4.47 2.0076 0.93

40 4.25 2.0072 0.97
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Cd2+, and Ni2+ on EPS is also consistent with the Freundlich
isotherm model with R2 > 0:90. With the gradual increase of
temperature, the gradually decreased KF of Pb

2+, Cd2+, and
Ni2+ adsorption on EPS indicated that the adsorption reac-
tion is exothermic [39]. n > 1 indicated the good adsorption
capacity of Pb2+, Cd2+, and Ni2+ on EPS [31, 37].

3.2.3. Dubinin–Radushkevich Adsorption Isotherm Model.
The model is used to judge whether the adsorption process
is completed by a physical or chemical reaction [40]. The
model parameters of Dubinin–Radushkevich can be used to
explain the adsorption process with R2 > 0:90. The fitting
results of Dubinin–Radushkevich models and parameters at
20°C, 30°C, and 40°C are presented in Figures 2(g)–2(i) and
Table 4, respectively. Based on the Dubinin–Radushkevich
model, the physical adsorption is resulted from Van der
Waals forces judged by that E value was lower than
8 kJmol-1, whereas the chemical adsorption usually involves
ion exchange judged by that the E value was 8–16 kJmol-1

[41]. E values of Pb2+, Cd2+, and Ni2+ adsorption on EPS
are between 8 kJmol-1 and 16 kJmol-1, respectively, indicat-
ing that the adsorption process is mainly completed by the
chemical adsorption. The above analysis showed that the
adsorption process of Pb2+, Cd2+, and Ni2+ on EPS could be
well fitted by the Langmuir, Freundlich, and Dubinin–
Radushkevich isotherm models (R2 > 0:90), indicating the
complex adsorption process involved in multiple adsorption
mechanism, especially chemical adsorption related to ion
exchange.

3.3. Kinetic Models. The pseudo-first- and second-order
kinetic models were applied to fit the data for adsorption
behavior. However, the pseudo-first-order dynamic model
could not effectively fit the adsorption process with R2 <
0:80 (data not shown). The pseudo-second-order kinetic
model is usually used to clarify the limiting step during the
adsorption process. The model was used to analyze the
adsorption process and mechanism via quantitative
approaches in this study. The fitting results of the pseudo-
second-order kinetics model are shown in Figures 2(j)–2(l),
and the model parameters are presented in Table 5. R2 >
0:90 indicated that the adsorption process can be better fitted
by the pseudo-second-order kinetic model. The results

showed that the chemical adsorption was the rate-limiting
step during the adsorption process [24].

The apparent activation energy (Ea) is calculated from
the reaction rate k based on the Arrhenius formula in the
pseudo-second-order kinetics. The adsorption process is
physical adsorption when the Ea is 5–40 kJmol-1 and
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Figure 3: Functional group analysis of EPS before and after Pb2+,
Cd2+, and Ni2+ adsorption.

Table 5: Parameters of pseudo-second-order kinetics model.

Heavy
metals

Temperature
(°C)

qm
(mg g-1)

k2 min−1
� �

× 10−2 R2

Pb2+
20 105.26 1.04 0.99

30 103.09 1.57 0.99

40 101.01 3.77 0.99

Cd2+
20 31.55 1.33 0.99

30 30.86 2.09 0.99

40 29.85 4.40 0.99

Ni2+
20 23.42 2.74 0.99

30 22.42 4.00 0.99

40 21.65 6.45 0.99

Table 4: Parameters of Dubinin–Radushkevich model.

Heavy metals Temperature (°C) E (kJmol-1) R2

Pb2+
20 8.45 0.96

30 8.70 0.95

40 8.91 0.97

Cd2+
20 9.05 0.93

30 9.28 0.95

40 9.62 0.95

Ni2+
20 9.53 0.95

30 9.90 0.93

40 10.21 0.97
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chemical adsorption when the Ea is 40–800 kJmol-1 [32, 42].
The Ea values of Pb2+, Cd2+, and Ni2+ adsorption on EPS
were 709.27, 660.44, and 472.23 kJmol-1, respectively, indi-
cating a chemical adsorption process.

3.4. Adsorption Mechanism. Several studies have shown that
the functional group is a key factor for contaminant adsorp-
tion on the EPS. The infrared spectra of EPS before and after
adsorption of Pb2+, Cd2+, and Ni2+ are shown in Figure 3,
and several peaks are observed, including O-H, C=O, N-H,
C-N, C-O-C, and C-O in EPS [32, 33]. As shown in
Figure 3, obvious changes of the peak intensity in C=O of
carboxyl and C-O-C bands from sugar derivatives were
observed after heavy metal adsorption. This finding might
be explained by the polysaccharides as the main constituent
in EPS played the key role during the adsorption process.

3D-EEM spectrum exhibited that λex/λem = ð270 – 280
Þ nm/ð325 – 335Þ nm and λex/λem = ð225 – 235Þ nm/ð325 –
335Þ nm could represent aromatic amino acid tryptophan
and tyrosine of protein-like substances [43]. Figure 4 showed
that their fluorescence intensity weakened after EPS absorb-
ing Pb2+, Cd2+, and Ni2+, displaying different levels of
quenching. The fluorescence intensity of tyrosine proteins
in EPS showed relatively more obvious quenching after
absorbing Pb2+, Cd2+, and Ni2+. Results showed the tyrosine
of protein-like substances in EPS also played a somewhat role
in the adsorption for heavy metals. A possible explanation
was that polysaccharide is the main component in EPS pro-
duced by strain F2 [44], while the low protein content in

EPS resulted in the minor change during the adsorption of
heavy metals.

In summary, EPS from strain F2 used the almost identical
adsorption mechanism for three kinds of divalent ions of
heavy metals. The adsorption efficiency difference of Pb2+,
Cd2+, and Ni2+ on EPS could be correlated to the inherent
characteristics of each heavy metals, which deserve an in-
depth investigation via a quantitative structure–activity rela-
tionship (QSAR). The obvious changes in C=O of carboxyl
and C-O-C bands from sugar derivatives via FTIR could sup-
port the viewpoint of that the polysaccharides as the main
constituent in EPS played the key role during the adsorption
process of Pb2+, Cd2+, and Ni2+ ions. In addition, the weak
quenching changes in tyrosine of protein-like substances in
EPS via 3D-EEM was also observed after absorbing heavy
metals, which could indicate protein-like substances in EPS
also assisted in heavy metals adsorption. At present, EPS
has been reported to be used in the Sb(V) reduction and
adsorption, which was enhanced through nZVI coating
[45]. Therefore, we would consider applying EPS from strain
F2 into the redox-adsorption of other substances, such as
perchlorate and vanadate [46, 47], in the future work.

4. Conclusion

EPS from Agrobacterium tumefaciens F2 exhibited effective
adsorption efficiency for Pb2+, Cd2+, and Ni2+, especially for
Pb2+. But EPS from strain F2 used the almost identical
adsorption mechanism for three kinds of divalent ions of
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Figure 4: 3D-EEM spectrum of EPS (a) before adsorption, and after adsorption of (b) Pb2+, (c) Cd2+, (d) Ni2+.
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heavy metals, so the adsorption efficiency difference of Pb2+,
Cd2+, and Ni2+ on EPS could be correlated to the inherent
characteristics of each heavy metals. Thermodynamics and
kinetics analysis displayed the exothermic nature of the
adsorption process, the good adsorption capacity of adsor-
bents, and the key role of chemical adsorption. The adsorp-
tion mechanism demonstrated Pb2+, Cd2+, and Ni2+

adsorption on EPS was mainly attributed to the functional
groups of the C=O of carboxyl and C-O-C from sugar deriv-
atives. To some extent, amino acid protein-like substances in
EPS also assisted in heavy metals adsorption. EPS from strain
F2 as a bioadsorbent has great application potential in the
treatment of heavy metal ions from contaminated aquatic
systems.
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Rather than direct nutrient removal from wastewaters, an alternative approach aimed at nutrient recovery from aquacultural
wastewaters could enable sustainable management for aquaculture production. This study demonstrated the feasibility of
cultivating marine macroalgae (Chaetomorpha maxima) with a moving bed bioreactor (MBBR-MA), to remove nitrogen and
phosphorus in aquaculture wastewater as well as to produce macroalgae biomass. MBBR-MA significantly increased the
simultaneous removal of nitrate and phosphate in comparison with only MBBR, resulting in an average total nitrogen (TN) and
total phosphorus (TP) removal efficiency of 42:8 ± 5:5% and 83:7 ± 7:7%, respectively, in MBBR-MA while MBBR had no
capacity for TN and TP removal. No chemical oxygen demand (COD) removal was detected in both reactors. Phosphorus could
be a limiting factor for nitrogen uptake when N : P ratio increased. The recovered nitrogen and phosphorus resulted in a specific
growth rate of 3.86%–10.35%/day for C. maxima with an uptake N : P ratio of 6. The presence of macroalgae changed the
microbial community in both the biofilter and water by decreasing the relative abundance of Proteobacteria and Nitrospirae and
increasing the abundance of Bacteroidetes. These findings indicate that the integration of the macroalgae C. maxima with
MBBR could represent an effective wastewater treatment option, especially for marine recirculating aquaculture systems.

1. Introduction

Nitrogen and phosphorus removal from wastewater in aqua-
culture production systems is crucial to reduce the eutrophi-
cation of receiving water and to ensure the sustainable
development of the industry. The limited availability of land
and water resources is restricting the further expansion of
aquaculture. There has been growing interest in the develop-
ment of intensive land-based marine aquaculture, especially
recirculating aquaculture systems (RASs), in which water
can be reused after a series of treatment processes [1]. A bio-
filter is the core water treatment unit in an RAS, in which

ammonia, as the most toxic form of nitrogen, is converted
to nitrite by ammonia-oxidizing bacteria (AOB) and then
further converted by nitrite-oxidizing bacteria (NOB) to
nitrate [2]. A moving bed biological filter (MBBR) is widely
used in RASs due to its advantageous properties, including
sufficient mixing, effective mass transfer, high removal rate
of pollutants, and relatively small spatial requirements [3].
However, the nitrate and phosphorus concentration tends
to accumulate to a high value in anMBBR system, and nitrate
even could reach hundreds of mg/L [4–6]. It has been shown
that high nitrate concentrations can also pose a potential

Hindawi
Archaea
Volume 2020, Article ID 8848120, 13 pages
https://doi.org/10.1155/2020/8848120

https://orcid.org/0000-0003-3201-5680
https://orcid.org/0000-0002-7194-9550
https://orcid.org/0000-0002-8257-8935
https://creativecommons.org/licenses/by/4.0/
https://creativecommons.org/licenses/by/4.0/
https://doi.org/10.1155/2020/8848120


hazard to the cultured species [7–9]. Without proper treat-
ment, the nitrate and phosphorus discharged in the saline
wastewater can lead to eutrophication of the adjacent ecosys-
tems [10].

Biological denitrification that converts nitrate and nitrite
to nitrogen gas has been applied in RASs [11]; however, this
process faces operational challenges, such as the requirement
for a large carbon input, technical management, and nitrous
oxide emissions [12, 13]. Moreover, eliminating nitrate from
the system through nitrogen gas reduces the nutrient recov-
ery efficiency from wastewater. Phosphorus is considered a
growth-limiting nutrient in many water systems, which
could be removed by plants, microorganism, and chemicals,
while no effective approaches have been developed in RAS
for phosphorus, especially dissolved phosphorus elimination.
Yogev et al. [14] combined denitrification with anaerobic
digestion to recover phosphorus by its sustainable reuse as
a fertilizer for plants in fresh RAS. Macroalgae have been
used for water purification due to their high nitrogen and
phosphate removal efficiencies, which make them suitable
for biomass production and as a resource for biofuel feed-
stocks [15, 16]. The use of macroalgae could significantly
reduce the harvesting and dewatering costs compared with
microalgae due to their larger size and tendency to grow as
dense floating mats or substrate-attached turfs [17]. Macroal-
gae are usually used in integrated multitrophic aquaculture
(IMTA) systems to maintain water quality and to serve as
food for cultured species [18]. Bambaranda et al. [19] tried
to use Caulerpa lentillifera as a bioremediatory species
instead of MBBR for nutrient removal in a RAS where a huge
volume of macroalgae was needed to achieve the required
high efficacy. However, no studies have investigated the fea-
sibility of incorporating macroalgae with an MBBR within
marine wastewater treatment.

Nambiar and Bokil [20] proposed the concept of a
microalgae-bacteria consortia to study the uptake of nitro-
gen, and several researches were carried to study the interac-
tions of microalgae and bacteria [21]. Both macroalgae and
microalgae have numerous effects on microbial community
structure and aquatic organisms by directly altering water
nutrients, moderating hydrological conductivity, transport-
ing oxygen through their bodies, and secreting chemicals as
catalysts [22, 23]. Some bacteria and algae in the system have
a mutually beneficial relationship, through which bacteria
can convert ammonia into nitrite or nitrate, which can be uti-
lized by algae, while the algae produce oxygen and organic
matter for the growth of bacteria. Compared with the tradi-
tional single-step treatment, the nitrogen removal efficiency
in aquaculture water can be improved by exploiting the syn-
ergistic effect that occurs among multiple species [24].

Chaetomorpha maxima, which is known for its blooming
nature as well as its tolerance to fluctuating aquarium con-
ditions, is a suitable marine macroalgae (MA) species for
aquaculture wastewater nutrient recovery and biomass
production [25]. And in our preliminary study, Chaetomor-
pha maxima is a good feed candidate for sea cucumber. In
this study, integrated MBBR-MA (Chaetomorpha maxima)
circulating systems were built to evaluate the nitrogen and
phosphorus removal performance as well as macroalgae bio-

mass production by comparing them with MBBRs with no
macroalgae culture. How the inclusion of macroalgae influ-
enced the microbial community composition in both water
bodies and the packed biofilters was also analyzed. This study
provides the basis for the application of the MBBR-MA
system, which could reduce nutrient accumulations in
aquaculture wastewater and improve the sustainability of
aquaculture production system.

2. Materials and Methods

2.1. Experimental Setup and Operational Procedure. A sche-
matic of the integrated recirculating MBBR-MA system is
shown in Figure 1. The MBBR-MA system included a 20L
water storage tank, two 3.5 L MBBRs, and a 150L upflow
algae reactor. The laboratory-scale MBBR was packed with
ring plastic suspension filler (64 holes) to a filling rate of
30%. The MBBR was covered by the blackout cloth to avoid
light. The water in the storage tank was lifted by a submerged
pump to the MBBR and then to the algae reactor and finally
flowed back to the storage tank. An underwater light at
15000 lx light intensity was set in the algae reactor, and the
ratio of red to white light was 1 : 3.

Three replicates of two treatments, MBBR-MA and
MBBR, were used to test the nutrient removal performance.
At the start of the experiment, 50 g of MA (Chaetomorpha
maxima) was stocked in each of the three algal reactors in
the MBBR-MA treatment, while no MA was stocked in the
MBBR treatment. The systems were fed with simulated mar-
icultural wastewater prepared using fermented Atlantic
salmon residual excrement [26]. The residual excrement
was dried at 105°C for 48 h and then broken into a powder
and mixed with seawater. A solution of the mixture was
anaerobically fermented in a sealed container for 5 d before
use. The influent wastewater quality was adjusted as follows:
NH4

+-N, 2:0 ± 0:5mg/L; NO2
--N, 0:1 ± 0:05mg/L; NO3

--N,
2:0 ± 0:5mg/L; PO4

3--P, 0:2 ± 0:5mg/L; total P, 0:3 ±
0:05mg/L; chemical oxygen demand (COD), 3:00 ± 0:5
mg/L, and Salinity, 31‰. Both systems were operated in recir-
culating mode at a rate of 7.5mL/min to achieve a hydraulic
retention time (HRT) of 24h. The experiment lasted for
75 d, consisting of 15 cycles, with each cycle operating for
4 d, with an interval of 1 d to change the wastewater. The
whole experimental period was divided into two stages, with
stage I lasting for 10 cycles and stage II lasting for 5 cycles.
Stage I was designed to evaluate nutrient removal efficiencies
between MBBR-MA and MBBR. The fresh algae in the
MBBR-MA systems were weighed after each cycle. Stage II
was designed to verify whether the MBBR could recover after
the removal of the algae reactor. After stage I, the algae in the
MBBR-MA systems were removed. All the algae bioreactors
were cleaned, and all the underwater lights were removed.

2.2. Water and Biofilm Collection. Water samples (250mL)
were taken from the water sample tape from the outlet of
the algae bioreactor of all the six systems every 12 h for the
analysis of total ammonia nitrogen (TAN), nitrite nitrogen
(NO2

--N), nitrate nitrogen (NO3
--N), total nitrogen (TN),

total phosphorus (TP), and chemical oxygen demand
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(COD) according to standard methods [27]. All the water
samples were stored at 4°C immediately after the collection
and were analyzed for 12 hours. Microbial samples in both
the biofilter and water were taken at the end of stage I (10
cycles) from the six systems. In detail, 15 plastic suspension
fillers were randomly selected from each MBBR system.
The biofilms attached to the fillers were collected by shaking
in 30mL of sterile seawater with 100μL of stabilizer (Tween
80 detergent solution) using a vortex mixer for 10min. Then,
the solution was filtered through a 0.22μm polycarbonate
filter (Millipore, Burlington, MA, USA) to collect the micro-
organisms. Similarly, 500mL of water sampled from each
system was filtered through a 0.22μm polycarbonate filter
(Millipore, MA, USA) to collect the microorganisms in the
water. All the processed samples were stored at −80°C prior
to DNA extraction.

2.3. DNA Extraction and High-Throughput Sequencing. The
total DNA on the filter was extracted with an E.Z.N.A.®
Water DNA Kit (Omega Bio-Tek, Norcross, GA, USA)
according to the manufacturer’s protocol. The DNA from
the 12 microbial samples (six biofilm microbial samples and
six water microbial samples) were profiled by polymerase
chain reaction (PCR) amplification using 515F and 806R
primers. The PCR products were separated by electrophoresis
on 2% agarose gel, purified using a SanPrep DNA Gel Extrac-
tion Kit, and then quantified with NanoDrop. The purified
mixtures were finally deep sequenced on the HiSeq2500
sequencing platform (Illumina, San Diego, CA, USA).

2.4. Processing of Sequencing Data. Raw data from the
HiSeq2500 sequencing platform was processed with Cuta-
dapt and the UCHIME algorithm to obtain clean reads [28,
29]. The clean reads without chimeras were clustered into
operational taxonomic units (OTUs) at 97% similarity with
UPARSE [30]. Representative sequences processed with
QIIME 1.9.1 were used for taxonomic assignments based
on the SILVA [31] and SSUrRNA databases [32]. Alpha
diversity index values (Chao1 richness estimator, Shannon
index, and Simpson index) were obtained using the QIIME

1.9.1 package. A hierarchical cluster heat map was generated,
and a principal coordinate analysis (PCoA) was performed
based on weighted UniFrac distances of the detected OTUs,
with the R package vegan.

2.5. Statistical Analyses. The specific growth rates (SGR, %/d)
of macroalgae were determined using the following formula:

SGR = Wt

W0

� �1/t
− 1

" #
× 100%, ð1Þ

where W0 (g) is the initial fresh weight, Wt (g) is the fresh
weight at time t, and t (d) is the time interval.

The nitrogen, phosphorus, and COD removal efficiency
(RE) was calculated using the following equation:

RE = C0 − Ct

C0
× 100%, ð2Þ

where C0 (mg/L) and Ct (mg/L) are the nitrogen, phospho-
rus, or COD concentrations in the water at the start and after
that each cycle, respectively.

Statistical analyses were performed using SPSS 20.0
software and included a Student t-test and one-way analysis
of variance (ANOVA). Data was reported as the mean ±
standard deviation (SD). The data were subjected to a Stu-
dent t-test. A p value of <0.05 was considered statistically
significant.

3. Results and Discussion

3.1. Long-Term Nitrogen and Phosphorus Removal
Performance. The variation in the TAN, NO2

--N, NO3
--

N, and TP dynamics in both the MBBR-MA and MBBR
systems is shown in Figure 2. The TAN concentrations
at the start of each cycle were 2:02 ± 0:10mg/L and were
reduced to 0:23 ± 0:07 (MBBR-MA) and 0:24 ± 0:08
(MBBR) mg/L at the end of each cycle (Figure 2(a)). In stage
I, TAN removal followed zero-order elimination kinetics in
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Figure 1: Schematic of the recirculating marine macroalgae with a moving bed bioreactor (MBBR-MA) system. 1, submerged pump; 2, baffle
plate; 3, overflow pipe; 4, water storage tank; 5, flowmeter; 6, air stone; 7, biofilm carrier; 8, water sample tap; 9, aeration pump; 10, moving bed
biofilm reactor; 11, algae bioreactor; 12, underwater light; 13, sieve.
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the MBBR system during the first four days of a cycle, while
the MBBR-MA system had a higher TAN removal rate, indi-
cating that MA contributed to TAN absorption, with the
microorganisms in the MBBR playing the main role in
TAN transformation. This result was in line with that of stage
II, when MA was removed from the algae reactor in the
MBBR-MA system, with no difference detected in TAN
elimination in both systems.

Nitrite, as an intermediate product of nitrification,
accumulated to a peak of 0:22 ± 0:06mg/L during the first
two days and was further oxidized to nitrate in the MBBR
system (Figure 2(b)). During stage I, the nitrite accumula-
tion in the MBBR system was significantly (p < 0:05)
higher than that in the MBBR-MA system, which could
be attributed to the nitrite and ammonia assimilation by
MA and relatively lower ammonia concentration utilized
by bacteria in the MBBR-MA system. Therefore, when
the algae were removed from the MBBR-MA in stage II,
the sudden increase in the TAN loading caused a slightly
higher nitrite accumulation in the MBBR-MA than in
the MBBR. The nitrification process resulted in a constant
nitrate accumulation of an average of 3:25 ± 0:37mg/L in

the MBBR (Figure 2(c)). On the other hand, the nitrate
concentration decreased to 1:00 ± 0:10mg/L at the end of
stage I in the MBBR-MA system (Figure 2(c)), which
could be explained by the absorption of MA. Direct nitrate
adsorption by MA played a significant role in the nitrate
reduction, which was confirmed by Ge and Champagne
[17]. When MA was removed from the algae reactor in
the MBBR-MA system at stage II, nitrate accumulation
reoccurred.

As expected, MBBR had no contribution to phosphorus
removal (Figure 2(d)). The biological removal of phosphorus
is based on the phosphate-accumulating organisms (PAOs)
under anaerobic and aerobic or anoxic conditions through
sludge recycling [33]. The aerobic process of MBBR cannot
enrich PAOs in the biofilm, which causes phosphorus accu-
mulation in the system. On the hand, TP was eliminated
from 0.35mg/L in the influent to 0.06mg/L in effluent of
the MBBR-MA system after the acclimation of marine
macroalgae for three cycles. The high capacity of TP removal
in MBBR-MA was attributed to the uptake of phosphorus
compounds for photosynthesis of marine macroalgae [34].
In our study, the average initial influent N : P ratio in
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Figure 2: The concentrations of TAN (a), NO2-N (b), NO3
--N (c), and TP (d) dynamics in both MBBA and MBBA-MA.
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MBBR-MA was 12.4 while the average uptake N : P ratio of
MA was 6.0 at day 4 during cycle 4 to cycle 10 in stage I. A
previous study showed that N : P ratios greater than 15 in a
temperate region indicated phosphate limitation for several
species of MA [35]. The higher N : P ratio in wastewater
influent than that in macroalgae uptake implied that
phosphorus availability was a limiting factor for C. maxima
growth, inhibiting the further uptake of nitrogen from aqua-
culture wastewater.

3.2. Nutrient Removal Efficiency within a Cycle. The nutrient
removal efficiency over the four days within a cycle is shown
in Figure 3. The TAN removal efficiency increased gradually
from day one to day four in each cycle (Figure 3(a)). In stage
I, the average accumulating TAN removal efficiency was
54.9% (MBBR-MA) and 33.2% (MBBR) on the first day,
70.8% (MBBR-MA) and 53.8% (MBBR) on the second day,
84.1% (MBBR-MA) and 77.4% (MBBR) on the third day,
and 86.9% (MBBR-MA) and 86.0% (MBBR) on the fourth
day. It was reported by the fact that C. maxima prefers to
absorb ammonia as nitrogen source than nitrate when
ammonia concentration is higher than 1.5mg/L and prefers
to absorb nitrite and nitrate when ammonia dropped below
1.5mg/L [25]. Those results indicated that MA only contrib-
uted to TAN removal in MBBR-MA mainly on the first day
when the TAN concentration was higher than 1.0mg/L
(Figure 2(a)). However, the difference between the two
groups became insignificant on d4, indicating that microor-
ganisms attached to MBBR played a significant role in TAN
transformation. This assumption can be verified in stage II
that there was no significant (p < 0:05) difference between
the two treatments in TAN removal efficiency when macro-
algae was removed.

In an MBBR, nitrification is a major ammonia transfor-
mation process, by which ammonia is oxidized to nitrite
and further oxidized to nitrate. In stage I, the accumulation
of NO3

−-N was consistent with the degradation of TAN
caused by the nitrification process in the MBBR which
explained the zero removal of TN in MBBR (Figure 3(b)).
The decrease of nitrate mainly started from d2 in MBBR-
MA (Figure 2(c)), implying that C. maxima first utilize
ammonia as nitrogen source then switched to nitrate when
ammonia was lower than approximate 1.0mg/L. Overall,
the direct absorption of nitrogen by C. maxima contributed
to the TN removal in the MBBR-MA, with an average
removal efficiency of 42.8% for TN, ranging from 34.4% to
54.3% at day 4 (Figure 3(b)). C. maxima exhibited higher
removal efficiency in TP removal (average, 80.0%) when
compared with TN removal (Figure 3(c)). This indicated that
the relatively low phosphorus availability in aquaculture
wastewater limited the nitrogen uptake by MA. Nevertheless,
since autotrophic macroalgae uptake no carbon from the
wastewater (Figure 3(d)), the lower nitrate level in the
MBBR-MA system may elevate the C :N ratio that could
facilitate the denitrification process, which could benefit the
zero-exchange operation of RAS.

3.3. Characteristics of MA Growth. The algal growth was
described as the weight gain and SGR of MA on a fresh

weight basis (Table 1). The fresh weight increased and the
rate of growth gradually accelerated over the course of the
study. At the end of the tenth period, the fresh weight of
MA was 564.03 g, i.e., 11 times the original algae weight.
These results confirmed that MA can use inorganic nitrogen
for their growth, contributing to aquaculture water purifica-
tion [36–38]. However, the growth performance of the
macroalgae varied according to the species used for cultiva-
tion. For example, Ulva lactuca grown in a mixture of seawa-
ter and sewage effluent (40%:60%) had an SGR of 0.5%/day
[37]. In Brazil, a study of the growth and biofiltration capac-
ity of the macroalgae Gracilaria birdiae in tank cultivation
had an SGR of 3.6%/day [38]. Our study revealed a signifi-
cant growth performance, with the SGR varying from 3.86
to 10.35%/day, indicating that the application of C. maxima
could be an optimal algae alternative when treating maricul-
tural wastewater.

3.4. Characteristics of Microbial Diversity in Water
and Biofilter

3.4.1. Alpha-Diversity Analysis. A total of 855,846 high-
quality 16S rRNA gene sequence reads were obtained from
the 12 biofilter and water samples. Each library contained
56,298–87,910 reads that were normalized to 56,298 reads
for the comparison of microbial community diversity
between the MBBR-MA andMBBR systems (Table 2). Water
samples had a significantly (p < 0:05) higher microbial rich-
ness than biofilter samples according to the OTU number
and Chao1 index values, while the addition of macroalgae
did not significantly (p < 0:05) change the microbial richness
in biofilters. Moreover, the Shannon and Simpson indices
indicated that MA did not significantly change the evenness
of the microbial community in biofilter samples. The Simp-
son index was significantly higher in the water samples with
algae than in those without algae. The results of the alpha
diversity analysis showed that the microbial community
richness and diversity were lower in the biofilm than in
the water samples, particularly for the Shannon and Simp-
son index results (p < 0 05), which was in line with previous
studies [39, 40].

3.4.2. Beta Diversity Analysis. The difference in microbial
composition between systems was analyzed by the weighted
UniFrac distance and presented as a PCoA plot (Figure 4).
A clear separation between the biofilter and water samples
was observed along PC1 axes, which accounted for 75.97%
of the total changes in the bacterial community composition.
Many aquatic microorganisms are capable of colonizing sur-
faces, leading to the formation of biofilms with specialized
properties [39, 40]. Thus, in terms of diversity (Table 2)
and composition, the bacterial community in the water and
biofilters was clearly different, which reflected the different
microbiota compositions attached to RAS biofilters com-
pared to the free-living community in the water phase of
aquaculture systems [41].

The samples could be separated between MBBR-MA and
MBBR along PC2, which explained 14.81% of the total vari-
ation in the bacterial community composition. This result
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demonstrated that the microbial communities in both the
biofilm and water samples were influenced by the presence
of macroalgae. The MA induced a bigger shift in the micro-
bial community in the water than in the biofilters. One rea-
son for this was that the utilization of CO2 and release of
oxygen during photosynthesis might change the pH in the
water and further influence the microbial community com-
position [42, 43]. Another possible reason could be that that
the reduction in the nitrogen concentration by algae could
also affect the microbial communities in MBBR, as suggested
by previous studies [7, 44].

3.5. Microbial Community Composition. The microbial
community composition of the biofilm and water samples
was analyzed at phylum, class, and genus taxon levels
(Figure 5). At the phylum level, the top 10 phyla were
selected, and the remaining phyla were assigned to a cluster
named “the others” (Figure 5(a)). The results showed that
Proteobacteria (average relative abundance (RA), 63.4%)
was the most abundant phylum across all the samples,
followed by Bacteroidetes (average RA, 22.4%), which was
also found with a high abundance in other marine MBBRs
[45–47]. The integration of MA with MBBR significantly
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Figure 3: The TAN (a), TN (b), TP (c), and COD (d) removal efficiency over the four days in stage I and stage II of both MBBR and
MBBR-MA.
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decreased the RA of Proteobacteria and Nitrospirae and sig-
nificantly increased the RA of Bacteroidetes in both biofilter
and water samples. Nitrospirae is the dominant NOB in
wastewater treatment systems [48], and many Bacteroidetes
species have been reported to have the capacity for organic
carbon degradation [49]. The relatively lower abundance of
Nitrospirae in MBBR-MA biofilter samples could be
explained by the relatively lower nitrite concentration
detected in the MBBR-MA system (Figure 2(b)), because
macroalgae also contribute to ammonia and nitrite removal.
On the other hand, macroalgae may also enhance the growth
of heterotrophic bacteria by producing organic compounds.

A heat map of the 35 most abundant genus-level taxa is
shown in Figure 5(b). A clear separation between biofilter
and water samples was observed. In the biofilter samples,
Halomonas, Leisingera, Pseudoalteromonas, unidentified_
Gracilibacteria, Alteromonas, Vibrio, and Kordia were the
most abundant genera in both treatments. Among them,
macroalgae significantly (p < 0:05) increased the RA of
unidentified Gracilibacteria and Kordia in the MBBR-MA
compared with the MBBR. According to Chen et al. [50],
genera belonging to Gracilibacteria can participate in the
denitrification process and have nitrate removal abilities.
According to Paul and Pohnert [51], Kordia, as algicidal

Table 2: Alpha-diversity indices of the biofilter and water samples from both MBBR and MBBR-MA.

Sample name n = 3ð Þ ACE Chao1 Shannon Simpson PD whole tree

Biofilter
MBBR-MA 900a 901a 6.10a 0.96a 76.73a

MBBR 844a 840a 6.25a 0.97a 77.63a

Water
MBBR-MA 1094b 1096b 6.67b 0.96a 101.84b

MBBR 1194b 1183b 6.70b 0.94b 112.17b

0.2

0.1

−0.1

−0.2

−0.2 0.20.0 0.4
PC1 (75.97%)

PCoA -PC1 vs PC2

Biofilter samples Water samples

PC
2 

(1
4.

81
%

)

0.0

MBBR-MA
MBBR

MBBR-MA
MBBR

Figure 4: The microbial community distribution in both biofilter and water samples according to a principal coordinate analysis (PCoA) plot
of MBBR and MBBR-MA.
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bacterium, can release protease as an algicidal protein when
they receive signals from algae indicating cellular senescence.
On the other hand, macroalgae significantly reduced the RA
of Pseudoalteromonas and Alteromonas in the MBBR-MA
system compared to the MBBR system. It has been docu-
mented that members of the genus Pseudoalteromonas are
involved in the formation of biofilms [52]. Bacteria belonging
to the genera Pseudoalteromonas and Alteromonas produce
depolymerizing enzymes and are associated with macroalgal
degradation processes or algicidal activities [53, 54]. The
lower abundance of those genera may be beneficial for the
growth of macroalgae. Moreover, macroalgae reduced the
RA of nitrifying bacteria, including Nitrosomonas (0.49%
for MBBR-MA, 0.80% for MBBR) and Nitrospiraceae
(1.22% for MBBR-MA, 1.76% for MBBR), in biofilters. The
numerical dominance of NOB (i.e., Nitrospiraceae) over
AOB (i.e., Nitrosomonas) might be a general characteristic
of ammonium limited systems [55], which was in agreement
with other studies in which the ammonia concentration was
relatively low (around 2mg/L). Most of the dominant micro-
organisms in the biofilm were present at very low levels in the
water samples, which reinforced the above findings of differ-
ences in microbiota between water and biofilms.

Intensive interactions were identified between bacteria
and macroalgae, including stimulatory and inhibitory
effects on each other by modifying the chemical microenvi-
ronment of the other group through metabolic activities
[55, 56]. Our study revealed that an MA culture integrated
with an MBBR changed the microbial community in biofil-
ters, decreasing the abundance of nitrifying bacteria and
increasing the abundance of heterotrophic bacteria through
the absorption of inorganic nitrogen and release of organic
matter. Further research is required to determine how the
integration of macroalgae influences the microbial func-
tionality and nitrogen removal efficiency of an MBBR bio-
filter and to investigate the potential interactions between
macroalgae and bacteria.

4. Summary and Conclusions

An integrated MBBR-MA circulating system was performed
for both nutrient removal and macroalgae biomass produc-
tion. The MA improved the TN removal efficiency of MBBR
from 3.9% to 42.8%, mainly by nitrate absorption, and con-
tributed to 66.8% TP removal which enabled the sustainable
operation of a marine RAS. Chaetomorpha maxima achieved
a specific growth rate of 3.86–10.35%/day through nutrient
recovery, and the uptake N : P ratio by MA was 6. Phospho-
rus could be a limiting factor for Chaetomorpha maxima to
uptake nitrogen when the influent N : P ratio increased. The
high-throughput sequencing results revealed a shift in the
microbial composition of both water and biofilter samples
in the systems with and without macroalgae.
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The biohydrogen production efficiency and performance of hydrogen-producing acetogen in a four-compartment anaerobic
baffled reactor (ABR) were studied by gradually increasing the influent normal molasses wastewater (NMWW) proportion.
When the influent NMWW proportion increased to 55%, ABR could develop microbial community with methanogenic
function in 63 days and reach a stable operation. When the influent NMWW proportion increased to 80% and reached a stable
state, ethanol fermentation was established from butyric acid fermentation in the first three compartments, whereas butyric acid
fermentation in the fourth compartment was strengthened. The average biohydrogen production yield and biohydrogen
production capacity by COD removal increased to as high as 12.85 L/day and 360.22 L/kg COD when the influent NMWW
proportion increased from 55% to 80%, respectively. Although the biogas yield and the specific biogas production rate reached
61.54 L/day and 232 L/kg MLVSS·day, the biohydrogen production yield and specific biohydrogen production rate were only
12.85 L/day and 48 L/kg MLVSS·day, which results in hydrogen consumption by homoacetogenesis and methanogenesis.

1. Introduction

A considerable amount of high-strength organic wastewater
has been discharged into aquatic systems with poor treat-
ment performance, which causes serious water pollution
and destroys the ecological environment and poses a threat
to the environment and human health [1]. Given the increas-
ing demand for eliminating organic wastewater pollution, the
ultimate goal is to achieve waste minimization and clean
manufacturing [2]. Biohydrogen production by fermentation
can utilize hydrogen-producing microorganisms to metabo-
lize organic matters to produce hydrogen in anaerobic condi-
tions and acidic circumstance [3]. At present, the basic
principle of biohydrogen production is mainly based on the
acidogenic fermentation of hydrogen-producing bacteria

[4]. The terminal liquid products of fermentation are eth-
anol, acetic acid, propionic acid, and butyric acid [5].
Given the limited degradation of soluble products, most
hydrogen is not released in the form of H2, which consid-
erably limits the hydrogen conversion rate and becomes a
technical bottleneck restricting the development and appli-
cation of the biological hydrogen production technology
through fermentation [6–8].

Normal molasses wastewater (NMWW) is an impor-
tant byproduct in beet sugar and sugar cane factories [9],
in which a large amount of molasses wastewater contain-
ing high-strength chemical oxygen demand (COD) in the
range of 80000–130000mg/L is produced and gradually
becomes one of the most polluted wastewater in the food
industry. However, NMWW is an excellent substrate for
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fermentative biohydrogen production because it contains a
considerable amount of sucrose, glucose, fructose, nitro-
gen, and vitamins [10]. Upflow anaerobic sludge blanket
reactor [11], which can recover energy in the form of
methane through the NMWW treatment process, has been
utilized for NMWW treatment. Nevertheless, with high
organic-loading wastewater, high biogas flux often leads
to biomass loss [12].

The principle of anaerobic baffled reactor (ABR) is to set
up a series of vertical baffles in the reactor; thus, the wastewa-
ter can be introduced up and down along the baffle in ABR
and then pass through the sludge bed of each compartment
[13]. The operation flow path of ABR is similar to the plug
flow process, which presents the provision of upper and lower
baffles to form a compartment [14]. Such process can connect
and effectively separate microorganisms from methanogenic
and acidogenic phases [15]; therefore, two-phase fermenta-
tion can be established in a single reactor. Suaisom et al.
[16] found that the increase in organic-loading rate elimi-
nates methanogens and subsequently decreases methane pro-
duction. Nachaiyasit and Stuckey [17] studied the effect of
low temperature on the performance of ABR and discovered
that the temperature had no significant effect on COD
removal under medium organic-loading conditions. How-
ever, when the temperature was further reduced to 15°C,
the performance of ABR decreased significantly; the possible
reason could be due to the inhibition of bioactivity and the
remarkable increase of half saturation degradation constant
of volatile fatty acids (VFAs).

The present study aims at enhancing the treatment
efficiency of NMWW from a macroscopic perspective by uti-
lizing the characteristics of biological phase separation in
enhancing the microbial activity of hydrogen-producing
acetogen. Based on the good separation of the microbial
community in ABR, this study intends to explore the combi-
nation of the fermentation bacteria and hydrogen-producing
acetogen through the start-up of ABR. The biohydrogen pro-
duction method on the basis of increasing the NMWW pro-
portion (increasing COD) was performed to provide
substantial biohydrogen production from NMWW.

2. Materials and Methods

2.1. NMWW and Inoculation Sludge. The NMWW, with an
initial pH ranging from 5.3 to 5.8, was obtained from a sugar
beet factory, and small amounts of urea and K2HPO4 were
added to regulate the COD/N/P ratio to 200–500 : 5 : 1. The
inoculated aerobic activated sludge was obtained from the
local Wastewater Treatment Plant (Harbin, China), and
anaerobic activated sludge (AnAS) was collected in a beer
brewhouse. The AnAS was initially filtered and washed to
remove inorganic particles. The first and fourth compart-
ments were inoculated with aerobic and anaerobic sludge,
respectively. Compartments 2 and 3 were inoculated with
mixed aerobic activated sludge and AnAS in the proportions
of 2.5 : 1 and 1 : 2.5 (v/v), respectively, and the initial mixed
liquor volatile suspended solids (MLVSS) in each compart-
ment were 6.9, 14.8, 23.1, and 22.7 g/L.

2.2. ABR Set-Up. A four-compartment ABR with a total vol-
ume of 28.75 L was adopted in the experiment (Figure 1).
Each compartment had equal size, with downflow and
upflow chambers of 2.5 cm and 11.5 cm in width, respec-
tively. NMWW was introduced to the bottom of the upflow
chamber and finally drained through a guide plate with an
inclination of 45° at the downflow chamber. The sampling
ports were arranged at different heights of each compart-
ment, and an effluent pipe was set at the top to connect with
the water seal. The sealed water bottle and wet gas flowmeter
were filled with HCl (pH of 3) to prevent gas dissolution, and
the ABR temperature was maintained at 35 ± 1°C. The
hydraulic retention time was 24 h in the ABR, and the initial
influent NMWW proportion was 30%. Table 1 lists the start-
up stages of the ABR and the main operational parameters.

2.3. Analytical Methods. COD, pH, alkalinity (ALK, in terms
of CaCO3), and mixed liquor volatile suspended solids
(MLVSS) were regularly determined by the standard method
(APHA [18]). The morphology of AnAS was observed by a
scanning electrical microscope (JSM-5610). Biogas produc-
tion in each compartment was measured by a wet gas flow
meter, and the fermentation biogas, VFA, and ethanol com-
positions and contents were measured by gas chromatogra-
phy (GC-122 and 4890G) [8].

3. Results

3.1. AnAS Biomass and Morphology. The biomass in each
compartment presented a downward trend and reached the
lowest values on day 62, which were the MLVSS values of
9.5, 12.9, 17.0, and 14.8 g/L, respectively (Figure 2). Then,
the biomass gradually increased and remained stable along
with the operation of ABR. In Stage II, the ABR system
reached a steady state on day 101, and the respective biomass
in each compartment stabilized at 13.5, 11.0, 12.5, and
10.4 g/L. With the increase in the NMWW proportion to
80% in Stage III, the operation of ABR achieved a stable state
on day 127, and the MLVSS decreased to 8.0, 8.5, 12.1, and
9.9 g/L, respectively.

With the increase in the NMWW proportion in Stage I,
the apparent characteristics of AnAS in each compartment
did not change. However, the internal morphology changed
significantly in each compartment.

As shown in Figure 3, the AnAS in compartment 1 was
attached to the filament, and the microorganisms were
mainly composed of bacilli and cocci. The dominant species
in compartment 2 were mainly bacilli, and large numbers
of filamentous bacteria were observed. Bacilli in compart-
ment 3 were prevalent, and a large number of Brevibacterium
and few cocci were observed in compartment 4.

As shown in Figure 4, the morphology of microorgan-
isms in the four compartments changed in Stage II, the cocci
in compartment 1 gradually disappeared, and long bacilli
become prevalent. In comparison with Stage I, the Brevibac-
terium in compartment 2 decreased. The dominant bacteria
in compartment 3 was still bacilli, and the quantity of long
bacilli increased. The AnAS in compartment 4 consisted of
bacilli, and the number of cocci remarkably increased.
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As depicted in Figure 5, the morphology of the microor-
ganisms in the four compartments significantly changed with
the increase in the NMWW proportion to 80%. The main
microbial community in compartment I was bacilli, and the
species became abundant. In comparison with Stages I and
II, cocci began to appear in compartment 2. The short bacilli
in compartment 3 gradually disappeared, whereas the cocci
increased with the ABR operation. Additional cocci were
observed in compartment 4, and the number of plump cells
significantly decreased. This result could be due to the deple-
tion of organic substances in compartments 1–3. The lack of
substances finally led to a decline in microbial activity. The
discrepancy of pH and alkalinity in each compartment also
provided the foundation for the formation of the stable
microbial community.

3.2. Biogas Production. With the start-up and operation of
ABR, the biogas fluctuation was discovered in each compart-
ment in the first 40 days. After 50 days of operation, the bio-
gas production rate showed a steady upward trend and
remained stable from days 64 to 73. Given the influence
NMWW proportion of 55% and 80%, the biogas production
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Figure 1: Schematic of ABR.

Table 1: Start-up parameters of ABR.

Operation phase HRT (h) T (°C) Influent pH Influent COD (mg/L)
NMWW
proportion

Organic load rate (kg COD/m3·day)

Stage I (days 1–73) 24 35 ± 1 6.8–7.0 6131–6338 30% 0.54–6.11

Stage II (days 74–118) 24 35 ± 1 4.3–4.5 6868–7107 55% 6.56–7.66

Stage III (days 119–139) 24 35 ± 1 4.1–4.3 7718–8466 80% 7.73–8.49
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Figure 2: Biomass in each ABR compartment.
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rate fluctuated at the initial period of Stages II and III, and the
stable state of operation was restored on days 108–117 (Stage
II) and days 130–139 (Stage III). During the stabilization
period of the three stages, the biogas production rates

in compartment 1 were 19.32, 35.43, and 31.16 L/day
(Figure 6), and the hydrogen contents were maintained at
13.6%, 27.1%, and 31.9%, respectively (Figure 7). The maxi-
mum biogas production rate in compartment 1 occurred in

(a) (b)

(c) (d)

Figure 3: AnAS morphology in Stage I ((a) compartment 1, 5 k; (b) compartment 2, 5 k; (c) compartment 3, 8 k; and (d) compartment
4, 10 k).

(a) (b)

(c) (d)

Figure 4: AnAS morphology in Stage II ((a) compartment 1, 5 k; (b) compartment 2, 5 k; (c) compartment 3, 5 k; (d) compartment 4, 5 k).
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Stage II but decreased in Stage III, and the biogas production
rates in compartments 2–4 showed a gradual increase as the
NMWW proportion increased. From Stages I to III, the bio-
gas production rates in compartment 2 were 10.79, 15.07,
and 15.88 L/day, and the hydrogen contents were 2.5%,
2.6%, and 15%, respectively. The biogas production rates in

compartment 3 were 0.08, 9.12, and 13.18 L/day, and the
hydrogen contents were 1.4%, 0.9%, and 0.7% in compart-
ment 4, respectively.

In Stage I, the average CH4 contents in each compart-
ment were 9.9%, 30.1%, 33.2%, and 38.2% (Figure 7), which
showed an increasing trend along the process, whereas the

(a) (b)

(c) (d)

Figure 5: AnAS morphology in Stage III ((a) compartment 1, 6 k; (b) compartment 2, 3 k; (c) compartment 3, 5 k; (d) compartment 4, 4 k).
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corresponding CO2 content showed a decreasing trend.
However, with the increase in the NMWW proportion, the
variations in CH4 and CO2 contents in compartment 1
showed different properties to other compartments. During
Stage II, the CH4 content in compartment 1 significantly
reduced to 0.9%, and a small amount of CH4 was detected
in Stage III. Thus, the methanogenic activity of AnAS was
completely inhibited. The methanogenic activity of AnAS
in compartments 2–4 was enhanced in Stage II. The CH4

content in compartments 2–4 increased to 36.7%, 47.5%,
and 51.7%, with CO2 contents of 58.8%, 29.9%, and 32.0%,
respectively (Figure 7). In Stage III (COD of 8000mg/L),
the methanogenic activity of AnAS in compartments 2–4
was inhibited with different degrees. The methane propor-
tion in compartments 2–4 decreased to 13.6%, 33.8%, and
43.1%, respectively, which may be due to the increase in
terminal acidic products that inhibited the bioactivity of
methanogens at a relatively low pH condition. The average
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Figure 7: Variation in biogas concentration ((a) compartment 1; (b) compartment 2; (c) compartment 3; and (d) compartment 4).
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biohydrogen production capacity increased with theNMWW
proportion. The biohydrogen production rates in compart-
ments 2–4 were 2.92, 10.17, and 12.85 L/day, respectively.
The biohydrogen production in compartment 1 was signifi-
cantly high, which was the most important fermentative bio-
hydrogen production compartment in the ABR.

3.3. Soluble Fermentation Products. The variation in the sol-
uble fermentation products showed a similar trend as the
biogas production. At the initial period of each stage, the total
VFAs and component oscillatory changed and then gradually
stabilized. At the first stable state (days 64–73), the main sol-
uble fermentation products in each compartment were acetic
and butyric acid (Figure 8). The total acetic and butyric acid
contents reached 62%, 72.8%, 73.6%, and 73.5% and pre-
sented butyric acid fermentation.

At the stable period of Stage II (days 108–117), the solu-
ble fermentation products in compartment 1 were converted
to ethanol and acetic acid, which accounted for 77.2% of the
total VFAs and showed ethanol-type fermentation. The eth-
anol–acetic acid proportion in compartment 2 was 72.9%
(Figure 8(b)), and the fermentation characteristic of AnAS
exhibited ethanol-type fermentation. The acetic acid content
in compartment 3 accounted for 59.5% of the total VFAs, and
the ethanol, propionic acid, and butyric acid contents were
8.5%, 10.9%, and 18.2% (Figure 8(c)), respectively. This
result indicated the establishment of mixed fermentation
characteristics. The butyric acid content in compartment 4
was significantly higher than that of propionic acid, and the
acetic and butyric acid contents accounted for 82.8%
(Figure 8(d)) of the total VFAs, showing butyric acid-type
fermentation.

Ethanol-type fermentation in compartment 1 was
strengthened at the stable period of Stage III (days 130–
139), and the ethanol–acetic acid proportion increased to
85.3%. Methane was not detected in the process. Thus, the
methanogen activity in compartment 1 was effectively inhib-
ited. Although compartment 2 was maintained in ethanol-
type fermentation, the acetic acid content decreased from
44.7% to 31.3% (Figure 8(b)). This result suggests that meth-
ane production through acetic acid was enhanced. The etha-
nol content in compartment 3 increased to 33.2%, whereas
the acetic and butyric acid contents decreased to 42.5% and
16%, respectively. The ethanol and acetic acid contents
accounted for 75.7%, showing the ethanol-type fermentation
property. In compartment 4, although the ethanol content
increased significantly from 3.5% to 10.1% in Stage II, it
was significantly lower than that of butyric acid. Therefore,
the fermentation characteristic was still butyric acid-type
fermentation.

With the increase in the NMWW proportion, the total
VFAs of ABR showed an increasing trend. During the three
stabilization stages, the average influent CODs were 5967,
6872, and 8084mg/L, and the total effluent VFAs were
4264, 4578, and 4948mg/L. The accumulation of the termi-
nal acidic products decreased the pH in the ABR, which fur-
ther inhibited the microbial activity of methanogens. The
production and accumulation of ethanol and VFAs indicated
that organic matter degradation in NMWW was incomplete,

which may directly influence the removal efficiency of COD
in the ABR.

3.4. ABR Operation Characteristics

3.4.1. pH and Alkalinity. A considerable amount of VFA was
produced due to AnAS fermentation, which resulted in rela-
tively low pH values in the four compartments of ABR. The
average pH and alkalinity were 5.2 and 1348mg/L, respec-
tively (Figure 9), and the pH value in compartment 1 was
the highest. The alkalinity of each compartment also
increased with the NMWW proportion. In Stage II (days
74–88), the pH value in compartment 2 increased, whereas
the alkalinity in compartment 1 continuously decreased.
From day 101 to 117, the pH value in compartment 2 was
the highest, the pH variations in compartments 1 and 2 were
similar, and the pH values in compartments 3 and 4 were sta-
ble (Figure 9(a)). With the increase in the NMWW propor-
tion, the pH value in compartment 1 decreased rapidly to
4.6, and the pH value in compartment 2 was still the highest.
From day 129, the pH value in each compartment began to
increase, and the pH value in compartment 3 was close to
that in compartment 2. In Stage III, the influent alkalinity
gradually increased, and the alkalinity in compartments 1
and 2 decreased (Figure 9(b)).

The pH value in the ABR mainly depended on VFAs and
alkalinity contents, and the variation in alkalinity was essen-
tially based on the relative balance of CO3

2− and HCO3
− con-

centrations. When the pH value of the ABR was <5.0, the
alkalinity was principally formed by HCO3

−. The consump-
tion of HCO3

− could decrease the alkalinity and pH when
the residual VFAs increased. The HCO3

− content was highly
correlated with the CO2 production in the ABR, and the pro-
duced CO2 concentration was small at the beginning of Stage
I. Therefore, the relatively low HCO3

− decreased pH and
alkalinity (Figure 9). However, the biogas production and
VFA concentrations in each compartment increased rapidly
after day 17, indicating that AnAS adapted to new circum-
stances; thus, additional CO2 was produced. With the
increase in alkalinity, the buffering capacity of ABR was
improved, and the pH values became increasingly stable.
The pH value in compartment 1 was the lowest during the
start-up process of ABR (days 0–27) due to the high VFA pro-
duction and consumption of influent alkalinity. With the
increase in the NMWW proportion, the alkalinity was accu-
mulated; however, additional VFAs were produced, and the
pH value in compartments 2–4 remained stable at 5.1.

3.4.2. COD Removal. During the ABR operation in Stage I,
the effluent COD in each compartment presented fluctua-
tion property. Although effluent COD showed a decreasing
trend, the discrepancy of COD in each compartment was
small. On day 24, the influent COD was 4047mg/L, and
the effluent CODs in compartments 1–4 were 3780, 3586,
3388, and 3218mg/L (Figure 10), respectively. The average
COD removal rate was 15.1%. COD removal gradually
increased and reached a stable level after day 43, and the
average effluents in the four compartments were 5056,
4872, 4353, and 4192mg/L, respectively. COD removal
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Figure 8: Continued.
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mainly occurred in compartments 1–3, and the least in
compartment 4. In Stage II, the influent COD increased to
approximately 7000mg/L, and the COD removal rate rap-
idly decreased to 14.7%. With the ABR operation, the
COD removal gradually increased to 24.0%. The influent
COD increased to approximately 8000mg/L in Stage III,
and the COD removal rapidly decreased to 15.0%, whereas

the COD removal rate gradually increased to 17.2% and
remained stable after 123 days.

4. Discussions

4.1. Biohydrogen Production Activity and Fermentation
Types. pH is an important ecological factor that affects the
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type of acid production, and the variation in pH values not
only influences biohydrogen production but also leads to
the variation in microbial community structure [19]. In the
ABR biohydrogen production system, a large number of
VFAs were produced due to the acidification and fermenta-
tion of microorganisms, which resulted in the low pH in each
compartment, and the pH values changed in the range of

4.5–5.4. During the stable period of Stage I, the average pH
and alkalinity values in compartment 1 were 5.2 and
1348mg/L (Figure 9), respectively, and the metabolic charac-
teristic of AnAS was butyric acid fermentation. The respec-
tive pH and alkalinity decreased to below 5.0 and 875mg/L
during the stabilization period of Stages II and III, and the
fermentation type converted from butyric acid fermentation
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to ethanol-type fermentation. The pH and alkalinity in
compartment 2 were significantly different. However, the
fermentation type slightly changed because a large number
of byproducts were introduced from compartment 1. The
variation in metabolic characteristics in compartment 3
was overtly typical. With the increase in the NMWW pro-
portion, the pH and alkalinity gradually increased from
5.0 and 1493mg/L to 5.3 and 1785mg/L (Figure 9). The
metabolic characteristic transformed from butyric acid fer-
mentation to mixed fermentation and finally formed etha-
nol fermentation. In compartment 4, given the positive
influence of buffer effect in compartments 1–3, the varia-
tions in pH and alkalinity were slightly small (5.0 and
1514–1784mg/L), and the metabolic characteristic main-
tained butyric acid fermentation.

COD removal was mainly through the methanogenesis of
the methanogenic flora [20]. However, the ABR system was
characterized by acidogenic fermentation flora and showed
relatively low COD removal performance due to the bioactiv-
ity of methanogens [8]. COD could also be effectively
removed by microbial synthesis and the release of CO2 and
H2. Thus, additional VFAs remained and presented low
COD removal efficiency. As shown in Figure 10, effluent
COD decreased through each compartment; however, the
total COD removal rates were only 37.6%, 21.4%, and
15.4% in the stable periods of Stages I–III, with correspond-
ing biohydrogen production capacities by COD removal of
45.29, 241.04, and 360.22 L/kg COD, respectively. With the
increase in the NMWW proportion (up to 80%), the biohy-
drogen production rate significantly improved (Figures 6
and 7). The soluble terminal products in the four compart-
ments were dominated by acetic and butyric acid, and the
average COD removal rate was 37.6%. The average biohydro-

gen production was 3.2 L/day, and the specific biohydrogen
production by COD removal rate was 45.29 L/kg COD.
When the influent NMWW proportion increased to 80%
(COD of 8000mg/L), the first three compartments showed
ethanol-type fermentation, whereas butyric acid fermenta-
tion was strengthened in compartment 4. The average COD
removal rate reduced to 15.4%, and the average biohydrogen
and biohydrogen production capacity by COD removal
increased to 12.85 L/day and 360.22 L/kg COD, respectively.

The initial biomasses (MLVSS) in compartments 1–4
were 6.9, 14.8, 23.1, and 22.7 g/L (Figure 2), respectively.
With the ABR operation, the biomass in compartment 1
increased to 9.5 g/L at the first stable state in Stage I (day
66), whereas the biomass in compartments 2–4 decreased
significantly to 12.9, 17.0, and 14.8 g/L, respectively. The bio-
mass in compartment 1 increased to 11.5 g/L at the stable
period of Stage II (day 112), whereas the biomass in compart-
ments 2–4 continuously decreased. In Stage III, the biomass
in compartments 2–4 were 8.0, 8.7, 11.0, and 9.3 g/L, respec-
tively. The bioactivity of AnAS was further enhanced with
high influent COD, and the biogas production significantly
increased, which caused uplift and loss of AnAS in each com-
partment. The microbial activity of the AnAS in each com-
partment continuously improved with the increase in the
NMWW proportion, and the specific biohydrogen produc-
tion rates were 41.52, 123.55, and 217.5 L/kg MLVSS in
Stages I–III, respectively.

4.2. Biohydrogen Production Efficiency in ABR. Although the
biomass in compartments 2–4 gradually decreased, the bio-
gas and biohydrogen production rates showed an upward
trend. During the stable period of Stages I–III, the specific
biogas production rates in compartment 2 were 116, 205,
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and 254L/kg MLVSS·day, whereas those in compartment 3
were 101, 111, and 167 L/kg MLVSS·day and those in com-
partment 4 were 80, 194, and 232L/kg MLVSS·day, respec-
tively. The metabolic activity of AnAS in each compartment
enhanced biohydrogen production efficiency. During the sta-
bilization period of Stages I–III, the biohydrogen production
rates in compartment 2 were 0.27, 0.39, and 2.38 L/day; those
in compartment 3 were 0, 0.16, and 0.52 L/day; and the bio-
hydrogen production rates for compartment 4 were 0.01,
0.01, and 0.02 L/day, respectively.

The variation in the biogas production rate in compart-
ment 1 was significantly different from those in the subse-
quent three compartments. The biogas production rate
reached the highest in the stable period of Stage II, which
increased from 19.3 L/day to 35.4 L/day. However, the biogas
production rate reduced to 31.2 L/day in Stage III. Although
the biomass decreased, the specific biogas production rate
increased, which were 282, 428, and 541L/kg MLVSS·day,
and the final biohydrogen production rates were 2.6, 9.6,
and 10.0 L/day. Compartment 1 produced the most biohy-
drogen in the stable period of Stages I and II, and the contri-
bution rate reached above 90%. However, in Stage III, the
contribution rate decreased to 77.4% because the biohydro-
gen production efficiency in compartment II was signifi-
cantly enhanced. Although a certain amount of hydrogen-
producing acetogens was enriched in other compartments,
their contribution to the total biohydrogen production of
ABR was relatively low due to the limitation of fermentation
substrates (carbohydrates) and hydrogen consumption of
methanogens and homoacetogen [21]. Compartment 2
showed the highest contribution rate of 18.5% in Stage III,
whereas compartment 4 presented little contribution rate
for biohydrogen production.

4.3. Performance of Hydrogen-Producing Acetogen and
Biohydrogen Production Efficiency. The methanogens were
gradually eliminated by increasing influent COD and VFAs
and reducing pH values to enrich the hydrogen-producing
acetogens in the ABR. As shown in Figure 8, the acetic acid
concentration increased with the decrease in ethanol and
butyric acid. Thus, the performance of biohydrogen and
acetogenic production was evident, and the hydrogen-
producing acetogens were enriched well [22]. However, the
average biohydrogen production rate was only 12.85 L/day
under the optimum operation conditions, which was signifi-
cantly lower than the result in the research conducted by van
Ginkel [23].

When the influent COD gradually increased, the pH
value reduced to lower than 5.2; however, the methanogenic
activity was not completely inhibited in the ABR. The H2 and
CO2 contents decreased with the increase in methane content
in fermentation biogas (Figure 7). The amount of biohy-
drogen production was considerably affected due to the
hydrogen consumption property of methanogens [24]. A
relatively low hydrogen partial pressure was beneficial to
the performance of hydrogen-producing acetogens, and the
hydrogen-consuming homoacetogen and methanogens were
generally the symbiotic bacteria with hydrogen-producing
acetogens [25, 26]. Therefore, the existence of homoacetogen

and methanogens was not conducive to the enrichment of
hydrogen-producing acetogens and subsequently limited
the biohydrogen production capacity in the ABR.

5. Conclusions

The biogas and biohydrogen production rates of ABR
increased from 31.27 and 2.92L/day to 61.54 and 12.85L/day,
respectively, when the influent COD increased to 8000mg/L.
Compartment 1 contributes most biohydrogen production,
which accounted for >77.4%. When the influent COD was
increased to 8000mg/L, the pH of each compartment
decreased continuously, and the fermentation metabolism
characteristics significantly changed. The first three compart-
ments eventually formed ethanol-type fermentation, whereas
the butyric acid fermentation in compartment 4 was further
enhanced. Although the biohydrogen production and aceto-
genic was improved in the ABR, the hydrogen-consuming
bacteria methanogens and homoacetogen were effectively
inhibited, which considerably affected the biohydrogen pro-
duction efficiency. When the specific biogas production rate
reached 232L/kg MLVSS·day, the specific biohydrogen pro-
duction rate was only 48 L/kg MLVSS·day.
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