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Chemicals, especially synthetic chemicals, might post potential risks to ecosystem and human health if they excessively
exist in the environment due to overuse, accidental spill,
accumulation, and so forth. Therefore, it is urgent and
important to explore the chemicals in the environment. This
special issue is aimed at providing useful information on analytical methods for monitoring harmful chemicals in various
environments, pollution control processes and technologies
for harmful chemicals, the fate of harmful chemicals in
natural and engineered environments, and ecological risks
posed by the harmful chemicals. Therefore, some submitted
articles are selected to show the current research frontiers
in measurement, fate, ecological risks, and remediation of
harmful chemicals in the environment.
Nutrient control was extensively explored. Therefore, the
influences of different controlled irrigation and drainage
conditions on dynamics of nitrogen (N) and phosphorus (P)
were studied by S. Gao et al. and J. Cui et al. Controlled
irrigation and drainage seemed to be an efficient method for
controlling N and P.
Removal of heavy metal in water was tried using different
methods. Y. Guo et al. reported a novel approach for removing aqueous Cu(II). They adopted wheat straw with alkali pretreatment to adsorb Cu(II) under acidic condition and optimized alkali pretreatment conditions. J. Liu et al. investigated
adsorption properties of Cr(III) or Cr(VI) in the absence and
presence of Cu(II) onto kaolin under pH of 2.0–7.0. They
found that pH played a critical role in kaolin zeta potential.

Studies on organic pollution control were performed
through different aspects. G. Zhu et al. used biological
pretreatment reactors to remove organic pollutants from
eutrophic water of Lake Taihu. Biological contact oxidation
reactors-cascade biofilm reactor (CSBR) was proved to be
efficient in low-molecular-weight organic pollution. X. Bian
and J. Zhang explore photodegradation of sulfadiazine under
ultraviolet (UV) light. The degradation of sulfadiazine in
water followed the first-order kinetics with a half-life of
8.44 min. Y. Dong et al. studied the promotion effect of
methanoic acid on photoelectrocatalytic degradation of fulvic
acid. They also discussed the degradation mechanism. S. Liu
et al. focused on the natural degradation and ecotoxicity of
nonivamide in seawater and tap water.
Ecological risks posed by pollutants were also paid
attention to. J. Hussain et al. studied temporal distribution
and ecological risk of polycyclic aromatic hydrocarbons in
sediments of Changdang Lake, China.
Z. Xu et al. brought us new knowledge on chemicals
in the tailings dam. They paid attention to permeability
characteristics of tailings during chemical-physical clogging
process.
The articles of this special issue contributed to new information on monitoring, fate, risks, and treatment of harmful
chemicals in the environment. We hope this special issue will
have a long-term impact in the field of the environmental
chemistry and technology.
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The effect of controlled drainage on nitrogen (N) and phosphorus (P) emission at jointing-booting stage of winter wheat was
studied in 2007-2008. The conventional subsurface drainage was taken as the control (T5). The groundwater depth was naturally
drained to 400 mm and 800 mm below the soil surface within 3 days at the jointing-booting stage, after the water level was kept
at 100 mm for 1 day (T1, T2) and 3 days (T3, T4) from the soil surface. Results showed that controlled drainage could significantly
reduce the concentration of P and N in groundwater. Compared to T5, the four controlled treatments could significantly decrease
the concentration of TP, NH4 + -N, and NO3 − -N. The highest concentration reduction for TP and NO3 − -N was observed under T4
and T1, which reached 64.9% and 73.2%, respectively. As for the concentration of NH4 + -N, the highest reduction was obtained
under T2. The change of TP concentration was significantly affected by the interaction of submergence time and drain depth, while
the influence of controlled drainage on NH4 + -N concentration was not significant. The submergence time, drain depth, and the
interaction of submergence time and drain depth had significant effect on the change of concentration of NO3 − -N.

1. Introduction
Since the irrational irrigation and drainage and excessive
fertilization on the farmland, large amounts of nitrogen and
phosphorus had been lost from farmland by ways of runoff
and leakage. This is an important reason for the eutrophication of water body in recent years [1–4]. In southern China,
winter wheat often receives high amount of N fertilizer which
combined with shallow root system and drainage poses a
high risk of N leaching losses. High N leaching losses from
wheat have been reported in several studies from China [5].
The soils used for winter wheat in southern China show
low P sorption capacity and shallow groundwater level; P
leaching losses from wheat may also be high. Drainage is an
important measure to allow timely field operation and protect
wheat field from waterlogging. However, irrational drainage
shortens the residence time of water in the biologically active
unsaturated zone and substantially alters the water regime.

Attempts to reduce nutrient losses in drainage water have led
to the development of controlled drainage (CD). Controlled
drainage aimed to maintain a higher depth of water and
captured more drainage water than traditional drainage in
the field [6, 7]. Results showed that controlled drainage could
reduce drainage quantity [8]. Moreover, the concentration of
N and P in drainage water could be decreased, especially in
surface runoff. These studies further stressed the importance
of controlled drainage in decreasing the loss of N and P from
field [9, 10]. Yin et al. [11–13] showed that surface controlled
drainage measures could effectively reduce the concentration
of nitrogen in the drainage and the drainage outflow volumes.
At the same time, the multiobjective controlled drainage
model was developed for storm drainage and reducing nitrogen and phosphorus loss [14]. Qiao et al. [15] showed that,
under shallow-irrigation and deep-sluice model, the drainage
flow of controlled drainage decreases 7.6% compared with
uncontrolled drainage. Wesström and Messing [10] reported
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Figure 1: Schematic diagram of the experimental setup placed in the tank.

79% and 94% reductions in drain outflows for successive
years following controlled drainage implementation. Field
experiment and modeling with DRAINMOD by Wang et
al. [16] showed that the proposed model was effective for
predicting the surface runoff, subsurface drainage, and nitrate
loss.
The researches on the changes of N and P concentration in
groundwater of wheat field which focus on the whole growth
period have been reported frequently [17–19]. However, as
for one growth stage, especially the jointing-booting stage,
which is a critical period of wheat growth, the related research
is rare. Here, we presented field measurements of N and
P from the groundwater of wheat field under controlled
drainage in southern China in 2007-2008. The main objective
is to gain an insight into the concentration of P and N
change under controlled drainage at the jointing-booting
stage. Besides, controlled drainage whether to further take
advantage of the interactive effect of submergence duration
combined with drainage depth should be confirmed and
further studied. Therefore, this study can provide basis for
reasonable drainage scheme about winter wheat field and an
effective option for mitigating environmental pollution.

2. Materials and Methods
2.1. Experimental Site and the Soil Properties. The experiment
was carried out in specially designed experimental tanks
at the Key Laboratory of Efficient Irrigation-Drainage and
Agricultural Soil-Water Environment in Southern China,
Ministry of Education (31∘ 57N, 118∘ 50E), during the winter
wheat growing seasons of 2007-2008. The study area has a
subtropical monsoon climate with average annual air temperature of 15.4∘C and mean annual evaporation of 900 mm.
The average annual precipitation is 1,051 mm, where more
than 60% of precipitation falls in the rainy season and

the precipitation is concentrated in the months of May–
September. The frost-free period is 220 days per year.
There were 15 fixed tanks, and each of them was 2 m wide,
2.5 m long, and 2 m high container constructed from concrete
block and sealed with a waterproof paint. Figure 1 was the
schematic diagram of a setup for maintaining ponding water
depth. Groundwater level was changed by raising or lowering
the height of the finger of electromagnetic valve relative to the
bottom of each tank. When ponding water depth lowered to
lower limit of designed water level, irrigation water was added
until water table reached upper limit of designed water level
with autoirrigation system (vice versa).
The soil texture of the experimental tanks in the plowed
layer was clay, with pH value of 7.78, organic matter of
2.40%, total phosphorus of 0.32 g⋅kg−1 , available phosphorus
of 53.63 mg⋅kg−1 , total nitrogen of 0.67 g⋅kg−1 , and available
nitrogen of 12.5 mg⋅kg−1 . The saturated soil water contents
(m⋅m−1 ) for the layer of 0–30 cm were 30.4%, and field waterholding rate was 26.5%.
2.2. Experimental Design and Management. Five treatments
were used to evaluate the effect of controlled drainage at
jointing-booting stage on the change of N and P concentration, as shown in Table 1. The control (T5) was the conventional subsurface drainage, where the relative soil water
content was maintained at 70–80% and the groundwater level
was kept below −600 mm at the tillering stage, −800 mm at
the jointing-booting stage, and −1,000 mm at the onset of
flowering. The water depth of control treatments was kept
100 mm from the soil surface at other treatments. The water
layer above the soil was maintained for 1 day, and then it
was drained to −400 mm (T1) and −800 mm (T2) below the
surface within 3 days at the jointing-booting stage. The water
layer above the soil was maintained for 3 days, and then it
was drained to −400 mm (T3) and −800 mm (T4) below the

Journal of Chemistry

3
Table 1: Design of controlled drainage scheduling.

Treatments
T1
T2
T3
T4
T5

Tillering stage/mm
≤−600
≤−600
≤−600
≤−600
≤−600

Jointing-booting stage
100 mm (1 d) (3 d-400)
100 mm (1 d) (3 d-800)
100 mm (3 d) (3 d-400)
100 mm (3 d) (3 d-800)
≤−800

Panicle initiation stage/mm
≤−1000
≤−1000
≤−1000
≤−1000
≤−1000

Milky stage/mm
≤−1000
≤−1000
≤−1000
≤−1000
≤−1000

Note: 𝐼 mm(𝐾 d) (𝑀 d −𝐽 mm): 𝐼 mm fixed water level was kept with duration of 𝐾 day at Jointing-booting stages from the soil surface and drained to −𝐽
mm in 𝑀 days. < −𝑁 mm: −𝑁 mm was the upper limit of groundwater level, if groundwater level exceeded the value and drainage would be conducted. T1,
T2, T3, and T4 denote different controlled treatments at jointing-booting stage; T5 as the control indicates conventional subsurface drainage.

Table 2: Division of growth stages of winter wheat in 2007-2008.
Stages
Starting date
End date

Tillering stage
February 11
March 25

Jointing-booting stage
March 26
April 16

surface within 3 days at the jointing-booting stage. Except at
the jointing-booting stage, the water level of treatments was
the same as T5 at other growth stages. These treatments were
arranged in a randomized complete block design with three
replications and means were compared with a Least Squares
Means procedure.
Yangmai 14, hybrid wheat currently used in local production, was grown in the experiment tanks at the rate of
150 kg⋅ha−1 on 12 November in 2007. Applications of fertilizer
(N : P2 O5 : K2 O, 15 : 10 : 15) at the rate of 1500 kg⋅ha−1 in the
form of compound fertilizer were applied in tanks evenly.
Each treatment includes the same agronomic measures
except irrigation and drainage.
According to the growth characteristics of winter wheat
and combined with observations of physiological and ecological in the testing process, the growth stages of wheat were
divided into four stages (Table 2).
2.3. Sample Collection and Measurement. Water treatment
was started on April 3 in 2008. During the controlled drainage
period, water samples were collected in the polyethylene
bottle for four times, at the beginning and end of the submergence and drainage. The subsurface water was collected
by the underground drainage pipe. The sampled water was
analyzed for total phosphorus (TP), ammonium nitrogen
(NH4 + -N), and nitrate nitrogen (NO3 − -N) through the use
of a Shimadzu UV-2800 spectrophotometer. Spectrophotometric determination of molybdenum and antimony with
potassium sulfa was used to measure the concentration
of total phosphorus (TP). In addition, spectrophotometric
determination of the reagent of flocculation and precipitation
and the ultraviolet spectrophotometry were used to analyze
ammonium nitrogen (NH4 + -N) and nitrate nitrogen (NO3 − N) content in water test, respectively.
2.4. Statistical Analysis. Data were analyzed using multivariate analysis of variance (MANOVA) procedure of SPSS
software Version 22.0. Treatment means were separated by

Panicle initiation stage
April 17
April 30

Milky stage
May 1
May 25

least significant difference (LSD) test at the 0.05 probability
level.

3. Results
3.1. The Change of Concentration of TP. Compared to T5,
the CD treatments had significant impacts on the change
of the concentration of TP (𝑝 ≤ 0.05). The reduction of
concentration of TP under T4 registered the highest percentage (64.9%), while the lowest (4.6%) was T5 (Figure 2).
The average change of TP concentration under T1 and T3
(37.2%) was closed to the average value under T2 and T4
(39.5%). Similarly, compared with the average change value
of T1 and T2, the average value of T3 and T4 was high 9%.
Furthermore, although the same fixed water level under T1
and T2 was kept for same day, the change of concentration
of TP under T1 was almost 400% higher than T2 due
to different drainage depth, and the concentration change
decreased as the depth increases. On the contrary, the change
of percentage increased as the depth increases under T3
and T4. The MANOVA indicated submergence duration and
drainage depth had insignificant effect on the change of
concentration of total phosphorus; however, the interaction
of submergence duration and drainage depth had significant
effect (Table 3).
3.2. The Change of Concentration of 𝑁𝐻4 + -N. Figure 3
showed the change of concentration of NH4 + -N from the
beginning to the end of five treatments. Submergence duration and drainage depth both had significant effect on the
change of concentration of NH4 + -N (Table 3). Compared
with the control, CD treatments had significant impacts on
the concentration of NH4 + -N (𝑝 ≤ 0.05). The NH4 + -N
concentration for T1, T2, T3, T4, and T5 was reduced by
12.9%, 23.1%, 8.1%, 20.6%, and 2.9%, respectively. Table 3
indicated that the interaction between submergence duration
and drainage depth did not significantly affect the change of
the concentration of NH4 + -N (𝑝 ≤ 0.05).
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Figure 2: The change of the concentration of TP under controlled
drainage at jointing-booting stage. The initial and final concentrations are the TP concentration in groundwater at the beginning
of submergence and end of drainage, respectively. Vertical bars
represent ± standard error (SE) of the mean.
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Figure 3: The change of the concentration of NH4 + -N under
controlled drainage at jointing-booting stage. The initial and final
concentrations are the NH4 + -N concentration in groundwater at the
beginning of submergence and end of drainage, respectively. Vertical
bars represent ± standard error (SE) of the mean.

Table 3: MANOVA results for the change of concentration of TP,
NH4 + -N, and NO3 − -N.
MANOVA results (𝑝 values)
TP
NH4 + -N NO3 − -N
Submergence time
0.073 ns 0.008∗
0.028∗
∗
Drainage depth
0.092 ns 0.000
0.002∗
∗
Submergence time × drainage depth 0.000
0.354 ns 0.000∗
Note: the values of TP, NH4 + -N, and NO3 − -N concentration are means of
3 replications. Significant differences for submergence duration, drainage
depth, and submergence duration × drainage depth are indicated with
asterisks (∗) for 𝛼 < 0.05; ns: not significant.

Figure 4: The change of the concentration of NO3 − -N under
controlled drainage at jointing-booting stage. The initial and final
concentrations are the NO3 − -N concentration in groundwater at the
beginning of submergence and end of drainage, respectively. Vertical
bars represent ± standard error (SE) of the mean.

3.3. The Change of Concentration of 𝑁𝑂3 − -N. The change
of the concentration of the NO3 − -N in groundwater under
CD treatments was shown in Figure 4. The concentration of
NO3 − -N under CD treatments declined after submergence.
There are significant differences between CD treatments and
the control for the decreased percentage of concentration of
the NO3 − -N. It indicated that the combination of submergence duration and drainage depth both had a significant
effect on the concentration of the NO3 − -N (𝑝 ≤ 0.05). The
decreased percentage of the concentration NO3 − -N under
T1 reached the maximum (73.2%) among five treatments,
while the smallest decreased percentage (31.6%) was obtained
under T3. As was seen from Table 3, submergence duration,
drainage depth, and the interaction between submergence
duration and drainage depth had significant influence on the
change of concentration of NO3 − -N.

4. Discussion
The jointing-booting stage was a key period during the period
of winter wheat growth, because the dry matter accumulation
mainly occurred at this stage [20, 21]. The vegetative and
reproductive growth of wheat developed simultaneously, and
then physiological metabolism was rapid at this stage, which
led to the great demand for nitrogen and phosphorus. In this
experiment, the concentration of N and P in underground
water was obviously decreased by controlled treatments at
jointing-booting stage. The decrease of TP concentration in
groundwater was mainly through the fixation of soil particles
and the absorption of wheat during the submergence [22].
The absorption was affected by submergence duration and
the groundwater depth, which led to the reduction of TP
concentration among the controlled treatments. This was
consistent with the research of Yin et al. [23], in which the TP
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concentration in groundwater was significantly decreased by
almost 50% under the condition of controlled drainage.
The major nitrogen treatment mechanisms of wheat
included sedimentation, chemical adsorption, microbial
interactions with nitrogen, and plant uptake [24–27]. The
sedimentation and chemical adsorption were both dependent
on duration and soil style. As for the microorganisms, the
biological nitrogen transition included a two-opposite process: nitrification and denitrification. Nitrification implied
a chemolithoautotrophic oxidation of ammonia to nitrate
under strict aerobic conditions. The nitrification process
highly demanded oxygen. Under controlled drainage condition, the biological denitrification mechanism made use
of nitrate as the terminal electron acceptor in low-oxygen
environments [28]. This led to the result that the change of
concentration of NO3 − -N was higher than that of NH4 + -N.
As was shown in Figures 3 and 4, NH4 + -N was the major
component of N in runoff water after submergence. Similarly,
Shao et al. [27] also found that the concentration of NH4 + N was more than six times as much as NO3 − -N during the
submergence.
The growth condition of wheat was an important factor
in the reduction of nitrogen in groundwater. The winter
wheat was more influenced by NO3 − -N than NH4 + -N [29],
which was another reason why the concentration of NO3 − N was lower than that of NH4 + -N. When shorter duration
of submergence was kept, the concentration of NH4 + -N and
NO3 − -N tended to favor salient reduction. This was because
of the stronger root respiration which affected the absorption
and utilization of nutrients [30, 31]. This also explained why
the emission reduction was lower under T3 than the other
CD treatments. Similar results were also reported under the
controlled drainage condition in southern China [32].
This study only investigated the change of TP, NH4 + N, and NO3 − -N concentration at joint booting stage of
wheat, under the controlled drainage treatments. It did not
investigate the effect of controlled drainage on the amount
of water discharge and concentration varying with time after
submergence withdrawal. More research needs to be carried
out in the future to define these relationships.

5. Conclusion
In southern China, traditional drainage might be considered
as an efficient mean to rapidly eliminate excess water on the
farmland. Nevertheless, this treatment might lead to large
amounts of nitrogen and phosphorus loss from farmland and
exacerbating water eutrophication. Controlled drainage as
an effective drainage method could significantly reduce the
concentration of nitrate-nitrogen, ammonium nitrogen, and
total phosphorus in groundwater wheat field. Compared with
the conventional subsurface drainage, controlled drainage
reduced highest the concentration of TP, NH4 + -N, and
NO3 − -N losses in groundwater by 64.9% (T4), 23.1% (T2),
and 73.2% (T1), respectively. Results of MAOVA for the
change of TP concentration showed that the interaction of
submergence time and drain depth was significant, while the
influence of controlled drainage on NH4 + -N concentration
was not significant. The submergence time, drain depth, and

5
the interaction of submergence time and drain depth had
significant effect on the change of concentration of NO3 − N. Therefore, the intensity of controlled drainage must be
considered particularly, including submergence duration and
drainage depth, in order to obtain the greater reduction effect
and the normal growth of wheat at the later stage.
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The adsorption of Cr(III) or Cr(VI) in the absence and presence of Cu(II) onto kaolin was investigated under pH 2.0–7.0. Results
indicated that the adsorption rate was not necessarily proportional to the adsorption capacity. The solutions’ pH values played a
key role in kaolin zeta potential (𝜁), especially the hydrolysis behavior and saturation index of heavy metal ions. In the presence
of Cu(II), 𝑞mix Cr(III) reached the maximum adsorption capacity of 0.73 mg⋅g−1 at pH 6.0, while the maximum adsorption capacity
for the mixed Cr(VI) and Cu(II) system (𝑞mix Cr(VI) ) was observed at pH 2.0 (0.38 mg⋅g−1 ). Comparing the adsorption behaviors
and mechanisms, we found that kaolin prefers to adsorb hydrolyzed products of Cr(III) instead of Cr3+ ion, while adsorption sites
of kaolin surface were occupied primarily by Cu(II) through surface complexation, leading to Cu(II) inhibited Cr(VI) adsorption.
Moreover, Cr(III) and Cr(VI) removal efficiency had a positive correlation with distribution coefficient 𝐾𝑑 . Cr(III) and Cr(VI)
removal efficiency had a positive correlation with distribution coefficient 𝐾𝑑 and that of adsorption affinities of Cr(III) or Cr(VI)
on kaolin was found to be 𝐾𝑑 Cr(III) < 𝐾𝑑 Cr(III)-Cu(II) and 𝐾𝑑 Cr(VI) > 𝐾𝑑 Cr(VI)-Cu(II).

1. Introduction
Heavy metal pollution, as a potential threat to human
beings due to toxicity and carcinogenicity, can cause serious
environmental problems [1, 2]. Chromium, including Cr(III)
and Cr(VI), is one of most toxic metals from the hazardous
heavy metal list. Chromium is widely used in mining,
electroplating, fossil fuel combustion, wood preservatives,
textiles, and so forth [3, 4]. It has also been noted that weathering of chrome ore and chromium containing wastewater
irrigation usually cause severe pollution to soil and water
[5, 6]. Compared with Cr(III), Cr(VI) has greater toxicity,
mobility, and potential carcinogenic properties [7, 8]; thus
their environmental behaviors might be different.
Kaolin is one of the most well-known natural clays, available worldwide in rocks and soils. As crystalline aluminosilicate, kaolin possesses permanent negative surface charge,
making it a good adsorbent for heavy metals [8, 9]. Therefore,

kaolin controls the distribution and transport of heavy metals
in the aqueous and soil environments [10]. Previous studies
have reported that Cr(III) and Cr(VI) adsorption onto kaolin
can be affected by solution pH, metal concentrations, contact
time, and the presence of other metal ions. In addition, pH
is an important aqueous chemistry variable that affects both
the surface charge of adsorbent and the speciation of heavy
metal, resulting in the different adsorption behavior of metals
on adsorbent surfaces and intraparticle processes [11, 12]. For
example, the removal efficiency of both Cr(III) and Cr(VI)
by kaolin increased with increasing pH up to 5.0 [13, 14], yet
when using synthesized kaolin, the adsorption capacity of
Cr(VI) decreased as pH increased [15]. A lot of work has been
done on the use of low-cost adsorbents for removal of Cr(III)
or Cr(VI) in a single system, while the adsorption behaviors
of Cr(III) or Cr(VI) on soils and clay minerals in the presence
other heavy metals have increasingly gained attention.

2
Cu(II) is an essential element for plant growth and has
been widely used in antiseptics, feed additives, and organic
fertilizers [16]. The adsorption of multiple metal ions onto
kaolin has been investigated, and Cu2+ was reported to inhibit
Zn2+ , Ni2+ , Pb2+ , and Cd2+ adsorption [17, 18], while it
promoted the Cr(III) adsorption on kaolin at pH 2.0–6.0
[14]. As for the Cr(VI) adsorption behaviors, phosphateP inhibited the adsorption of Cr(VI) on modified kaolin
because of competitive adsorption [19]. Cu(II) also gradually
decreased the removal efficiency of Cr2 O7 2− on mesoporous
silica as the pH increased due to protonation [20]. However,
Xu et al. found that the adsorption of CrO4 2− on red soil was
remarkably enhanced by an increase in both Cu2+ dose and
pH [21]. To the best of our knowledge, only a few studies
reported the combined effects between adsorption of Cu(II)
and Cr(VI) by modified minerals and various soils [22–24],
and those studies mainly focus on the removal efficiency.
Nevertheless, limited work has been reported on the effects of
Cu2+ on aqueous Cr adsorption behaviors and the controlling
mechanisms on kaolin.
To fill this information gap, the main objectives of this
study were (1) to study the competitive adsorption characteristics of two different valence states of Cr(III, VI) with or
without Cu(II) on kaolin; (2) to evaluate the effect of pH on
adsorption of Cr(III) or Cr(VI) by kaolin; and (3) to explore
the competitive adsorption mechanisms of Cr(III) or Cr(VI)
on kaolin in the absence and presence of Cu(II).

2. Materials and Methods
2.1. Materials and Chemicals. Kaolin (Al2 O3 ⋅2SiO2 ⋅2H2 O,
MW = 258 g⋅mol−1 ), containing 89% of kaolinite, 5% of
quartz and 6% of alunite [25], was purchased from Tianjin
Kemiou Chemical Reagent Co. Ltd., China. Stock solutions containing 300 mg⋅L−1 Cr(III), 200 mg⋅L−1 Cr(VI), and
200 mg⋅L−1 Cu(II) were prepared by dissolving CrCl3 ⋅6H2 O,
K2 Cr2 O7 , and CuSO4 ⋅5H2 O, in that order, in deionized water
(DW), respectively. The concentration of Cr(III) is higher
than Cr(VI), because Cr(III) hydrolysis very fast in aqueous
solution and the soil maximum contaminate level for Cr(III)
in China is 300 mg⋅L−1 . All reagents used in this study were
of analytical grade (AG) and obtained from Xilong Chemical
Reagent Co. (Beijing, China).
2.2. Kaolin Characterization. For understanding the adsorption mechanisms, the physiochemical properties of kaolin
were characterized using multiple techniques. The cation
exchange capacity (CEC) of kaolin was determined using the
ammonium acetate (pH = 7.0) method and flame photometric
detection [26]. The specific surface area (SSA) and pore
size distribution of kaolin were determined by the N2 gas
adsorption-desorption isotherm via the Brunauer-EmmettTeller (BET) method (V-Sorb 2800P; Beijing Gold Spectrum
Technology Co. Ltd., China). The zeta potential (𝜁) was
determined by dynamic light scattering (DLS, Zetasizer Nano
ZSP, Malvern, UK) to study the surface charges of kaolin. All
the zeta potential measurements were carried every 2 min for
15 min at 25∘ C.
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2.3. Batch Adsorption Experiments. The first experiment was
performed to evaluate the effect of contact time. These
adsorption experiments of Cr(III) and Cr(VI) were conducted in the absence and presence of Cu(II) at room
temperature (25 ± 1∘ C). First, 10.0 g kaolin was placed into
a 500 mL polyethylene bottle, containing 400 mL of Cr(III),
Cr(VI), Cr(III)-Cu(II), or Cr(VI)-Cu(II) solutions (pH =
4.5 ± 0.1). The concentrations of Cr(III), Cr(VI), and Cu(II)
were 300 mg⋅L−1 , 200 mg⋅L−1 , and 200 mg⋅L−1 , respectively.
Then, samples were completely mixed using a magnetic
stirrer at a speed of 200 rpm and collected at different time
intervals (i.e., 5, 10, 15, 20, 30, 40, 60, 80, 100, and 120 min).
Finally, samples were immediately filtered with 0.45 𝜇m
polycarbonate filters for further analysis.
The second experiment was done to determine the effect
of initial concentration. At first, 0.5 g of kaolin was added into
20.0 mL single solutions of Cr(III) or Cr(VI) and the binary
solutions of Cr(III)-Cu(II) or Cr(VI)-Cu(II) (25 ± 1∘ C, pH
= 4.5 ± 0.1). These solutions were completely mixed on a
reciprocal shaker at 200 rpm for 120 min. The concentrations
of Cr(III) in the single solutions were 20, 40, 60, 80, 100,
150, 200, 250, and 300 mg⋅L−1 , whereas Cr(VI) concentrations
in single solutions ranged from 20 to 200 mg⋅L−1 . For the
Cr-Cu binary solutions, Cu(II) was added in equal concentrations as Cr(III) or Cr(VI). After the adsorption of Cr
on kaolin reached equilibrium, the supernatants of samples
were collected via centrifugation at 4000 rpm for 15 min. The
concentrations of chromium in supernatants were measured
by atomic absorption spectrometry (AAS, Z-2000, Hitachi,
Japan).
The third experiment investigated the effect of solution
pH on adsorption. Effects of solution pH on Cr adsorption
were conducted following the same procedures as described
in the second experiment under variable pH conditions (i.e.,
pH = 2.0, 3.0, 4.0, 5.0, 6.0, and 7.0). The concentrations of
Cr(III), Cr(VI), and Cu(II) were 300 mg⋅L−1 , 200 mg⋅L−1 , and
200 mg⋅L−1 , respectively.
2.4. Data Analysis. The amounts of adsorbed chromium at a
given time 𝑡 (𝑞𝑡 , mg⋅g−1 ) and at equilibrium (𝑞𝑒 , mg⋅g−1 ) were
calculated using
𝑞𝑡 =

(𝑐0 − 𝑐𝑡 ) × 𝑉
,
𝑚

(𝑐 − 𝑐 ) × 𝑉
,
𝑞𝑒 = 0 𝑒
𝑚

(1)

where 𝑐0 (mg⋅L−1 ) is the initial Cr(III) or Cr(VI) concentration, 𝑐𝑡 and 𝑐𝑒 (mg⋅L−1 ) are the Cr(III) or Cr(VI)
concentrations at any time 𝑡 and at equilibrium 𝑒, 𝑚 is the
mass of kaolin added (g), and 𝑉 is the solution volume (L).
The adsorption capacity of Cr(III) or Cr(VI) in single
and binary solutions was referred to 𝑞0 and 𝑞mix , respectively.
Accordingly, the promoting efficiency (PE) and inhibitory
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Figure 1: The Cr(III) (a) or Cr(VI) (b) adsorption kinetics onto kaolin in the absence and presence of Cu(II). The  and X are the measured
data. The dashed and solid curves are fittings using pseudofirst-order and second-order models, respectively (adsorption conditions: 𝑐0 for
Cr(III) = 300 mg⋅L−1 , for Cr(VI) and Cu(II) = 200 mg⋅L−1 , pH = 4.5, and temperature = 25∘ C).

efficiency (IE) of Cu(II) for Cr(III) or Cr(VI) adsorption were
calculated as follows [17]:
PE (%) =

𝑞mix − 𝑞0
× 100%,
𝑞0

𝑞0 − 𝑞mix
IE (%) =
× 100%.
𝑞0

(2)

3. Results and Discussion
3.1. The Physicochemical Characterization of Kaolin. The
physicochemical properties, such as the cation exchange
capacity (CEC), specific surface area (SSA), and micropore
volume and pore size, are highly relevant to the adsorption
capacity of kaolin and, thus, were measured. The CEC and
SSA of kaolin were 9.1 ± 0.36 meq⋅100 g−1 and 14.93 ±
0.32 m2 ⋅g−1 , respectively. In general, the CEC of kaolin should
be within 3∼15 meq⋅100 g−1 [19], and our CEC value fell
within this range. The pore volume of kaolin was 0.167 ±
0.27 cm3 ⋅g−1 , which was almost the same value reported by
Rida et al. (0.118 cm3 ⋅g−1 ) [9]. The pore diameter of kaolin was
12.59±0.49 nm, and similar values were reported by Wu et al.
[25]. The zeta potential values of kaolin surfaces were similar
(−41.5 ± 5.0 mV) over our experimental pH range (pH 2.0–
7.0).
3.2. Effect of Contact Time on Cr(III) and Cr(VI) Adsorption.
The effects of contact time on the adsorption of Cr(III) and
Cr(VI) in the absence and presence of Cu(II) onto kaolin were
shown in Figure 1. For all scenarios, the adsorption capacity

(𝑞𝑡 ) increased with increasing contact time. It was found
that all the adsorption process could be divided into two
distinctive phases (𝑡 < 40 min and 𝑡 > 40 min). Moreover,
adsorption rate of Cr(III) and Cr(VI) was relatively fast for
the first 40 min; then the amount of adsorbed Cr(III) and
Cr(VI) ions onto kaolin continued to increase slightly and
reached their maximum values and adsorption equilibrium
onto kaolin at 120 min [27]. The long time required to establish equilibrium may indicate that the adsorption process
is diffusion controlled physical adsorption [28]. Therefore,
the contact time of 120 min was chosen in all adsorption
experiments of this study.
Interestingly, the presence of Cu(II) showed opposite
effects on the adsorption of Cr(III) and Cr(VI) on kaolin. At
equilibrium, the adsorption capacity of Cr(III) onto kaolin
in binary solution (𝑞mix = 1.030 mg⋅g−1 ) was slightly higher
than that in single solution (𝑞0 = 0.898 mg⋅g−1 ), indicating
increased Cr(III) adsorption on kaolin in the presence of
Cu(II). Adversely, at equilibrium, the adsorption capacity of
Cr(VI) in binary solution (𝑞mix = 0.131 mg⋅g−1 ) was much
lower than that in the single solution (𝑞0 = 0.853 mg⋅g−1 ),
indicating an inhibitory effect of Cu(II) on Cr(VI) adsorption. Therefore, Cr(VI) was removed faster than Cr(III) in
single solutions, while Cr(III) was more easily adsorbed by
kaolin than Cr(VI) in the presence of Cu(II).
3.3. Adsorption Kinetics Models. Besides adsorption capacity
at equilibrium, the adsorption kinetic studies can also provide
information on adsorption rate, rate-controlling steps, and
mechanism of the adsorption process. In this study, to
gather this information, our experimental data were fitted
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Table 1: Comparison of rate constants calculated based on pseudofirst-order and pseudosecond-order models.

Adsorbed solution

Pseudofirst-order kinetic model
𝑞𝑒,cal (mg⋅g−1 )
𝑘1 (min−1 )
R2
0.920
0.042
0.993
0.978
0.130
0.967
0.865
0.051
0.993
0.132
0.043
0.990

𝑞𝑒,exp (mg⋅g−1 )

Cr(III)
Cr(III)-Cu
Cr(VI)
Cr(VI)-Cu

0.898
1.030
0.853
0.131

Pseudosecond-order kinetic model
𝑞𝑒,cal (mg⋅g−1 )
𝑘2 (g⋅mg−1 ⋅min−1 )
1.120
0.042
1.049
0.209
1.040
0.052
0.162
0.270

R2
1.000
0.963
0.976
0.981

Table 2: Intraparticle diffusion model for Cr(III) and Cr(VI) adsorption in single and binary solution.
Adsorbed solution
Cr(III)
Cr(III)-Cu
Cr(VI)
Cr(VI)-Cu
a

𝐶a

Film diffusion
𝑘𝑝1 b

𝑅2

𝐶a

Pore diffusion
𝑘𝑝2 b

𝑅2

𝐶a

0.176
0.307
0.210
0.027

0.146
0.122
0.168
0.023

0.997
0.996
0.988
0.971

0.065
0.577
0.315
0.315

0.136
0.061
0.004
0.004

0.993
0.974
0.966
0.966

0.778
0.844

Intraparticle diffusion
𝑘𝑝3 b
𝑅2
0.011
0.017
—
—

0.952
0.958

The unite of 𝐶 is mg⋅g−1 ; b the unite of 𝑘𝑝𝑖 is mg⋅g−1 ⋅min−0.5 .

to three different adsorption kinetic models, including the
pseudofirst-order kinetic model (see (3)), the pseudosecondorder model (see (4)), and the intraparticle diffusion model
(see (5)) [1, 22]. One has
𝑞𝑡 = 𝑞𝑒 (1 − 𝑒−𝑘1 𝑡 ) ,

(3)

𝑞𝑒 2 𝑘2 𝑡
,
1 + 𝑞𝑒 𝑘2 𝑡

(4)

𝑞𝑡 =

𝑞𝑡 = 𝑘𝑝𝑖 𝑡0.5 + 𝐶,

(5)

where 𝑡 is the contact time of adsorption experiment (min);
𝑞𝑒 (mg⋅g−1 ) and 𝑞𝑡 (mg⋅g−1 ) are, respectively, the adsorption
capacity at equilibrium and at any time 𝑡; 𝑘1 (min−1 ) is the
first-order rate constant; 𝑘2 (g⋅mg−1 ⋅min−1 ) is the rate constant of pseudosecond-order model; and 𝑘𝑝𝑖 (mg⋅g−1 ⋅min−0.5 )
is the intraparticle diffusion rate constant, which can be
calculated from the slope of the linear plots of 𝑞𝑡 versus 𝑡0.5 .
The corresponding parameters of the pseudofirst-order
and pseudosecond-order models were summarized in Table 1.
It is clear that both models were successful in describing the
adsorption process of Cr(III, VI) onto kaolin to a better extent
than the intraparticle diffusion model (Table 2). The values of
coefficient of determination 𝑅2 (>0.960) were relatively high.
This suggested that the rate of the adsorption process was
preferably controlled by physical adsorption on surface and
chemisorption [22, 29]. As a comparison of the adsorption
rate constants 𝑘1 and 𝑘2 , Table 1 shows that adsorption rate of
both Cr(III) and Cr(VI) onto kaolin in binary solutions was
greater than in single solutions. Meanwhile, 𝑘2 values were
higher for Cr(VI) in both single and binary solutions than
for Cr(III). Although Cr(VI) has a higher valence state and a
larger adsorption rate than Cr(III), Cr(VI) existed mainly in
the form of Cr2 O7 2− and HCrO4 − at pH = 4.5 [1]. Thus Cu(II)
could have been easily adsorbed by negatively charged kaolin,
thus inhibiting the adsorption of Cr(VI) (Figure 1(b)), while
𝑘2 was larger in the Cr(III)-Cu binary solution. Moreover,

specific adsorption properties of Cr(III) may concerned due
to the atomic weight, electronegativity, ionic potential, and
hydrolysis. The adsorption capacity of kaolin was so small
that the adsorption saturation was achieved quickly. Hence,
kaolin could have been easily adsorbed Cr(III) and reached
the adsorption equilibrium, causing Cu(II) to enhance the
adsorption of Cr(III) onto kaolin (Figure 1(a)). Thus, we
conclude that the adsorption rate was not necessarily proportional to the adsorption capacity.
The intraparticle diffusion model has been widely used to
explain the diffusion mechanisms and sites of heavy metals in
adsorbent, and the rate-controlling steps affecting the adsorption kinetics typically involved film diffusion, pore diffusion,
and intraparticle diffusion [22, 30]. The details of the three
types of mechanisms are in Supporting Information (see
S1 Mechanisms of intra-particle diffusion model in Supplementary Material available online at http://dx.doi.org/10.1155/
2016/3069754). Figure 2(a) shows that the adsorption of
Cr(III) onto kaolin in both single and binary solutions
involved all three diffusion steps, which is consistent with
the result of Saleh et al. [31]. However, in both single and
binary solutions, kaolin adsorption of Cr(VI) involved only
film diffusion and pore diffusion mechanisms (Figure 2(b)),
which agrees with the results of Gan et al. [22]. It illustrated
that Cr(III) was adsorbed on the interior sites of kaolin
followed by intraparticle diffusion.
Table 2 shows the intraparticle diffusion model constant
values. The intraparticle diffusion rate constant in the first
stage was higher than in the last two stages (𝑘𝑝1 > 𝑘𝑝2 >
𝑘𝑝3 ) in both Cr(III) and Cr(VI) adsorption. It illustrated
that the first step adsorption was an instantaneous diffusion
process on the exterior surface of kaolin. When the exterior
surface reached saturation, Cr(III) or Cr(VI) ions entered the
interior channels of kaolin on the second stage with increased
diffusion resistance and occupied the exchangeable positions
of interior kaolin within the crystalline structure [22, 32],
resulting in decreased diffusion rates (𝑘𝑝2 ). Therefore, the
film diffusion was considered as the rate-limiting step and
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Figure 2: Intraparticle diffusion plots for Cr(III) (a) or Cr(VI) (b) adsorption onto kaolin in the absence and presence of Cu(II) (adsorption
conditions: initial concentration for Cr(III) = 300 mg⋅L−1 , for Cr(VI) and Cu(II) = 200 mg⋅L−1 , temperature = 25∘ C, pH = 4.5, and equilibrium
time = 120 min).

both Cr(III) and Cr(VI) were adsorbed on the boundarylayer and surface adsorption sites of kaolin. This agrees with
the research of Debnath and Ghosh [33].
3.4. Adsorption Isotherms. Adsorption isotherms provided
fundamental physiochemical data to assess the adsorption
capacity of adsorbent and evaluate their interactions with
adsorbate. Two typical isotherm models, the Langmuir
isotherm model (see (6)) and the Freundlich isotherm model
(see (7)) were employed to fit our experimental data, and their
nonlinear forms are shown as follows [34, 35]:
𝑞𝑚 𝐾𝑙 𝑐𝑒
,
1 + 𝑐𝑒

(6)

𝑞𝑒 = 𝐾𝑓 𝑐𝑒 1/𝑛 ,

(7)

𝑞𝑒 =

where 𝑐𝑒 is Cr concentration in the solution (mg⋅L−1 ); 𝑞𝑒
is Cr concentrations in the solid adsorbent (mg⋅g−1 ); 𝑞𝑚 is
the saturated adsorption capacity (mg⋅g−1 ); 𝐾𝑓 is a constant
related to the adsorption capacity (mg1−1/𝑛 ⋅L1/𝑛 ⋅g−1 ); 𝐾𝑙 is
a constant related to the energy of adsorption (L⋅g−1 ); and
𝑛 is the adsorption intensity, while 1/𝑛 is a function of the
strength of the adsorption [1].
The fitting of adsorption isotherms was achieved using
Origin 8.5 software, and the fitted curves are shown along
adsorption isotherms in Figure 3. Adsorption isotherm
parameters (𝐾𝑙 , 𝑞𝑚 , 𝐾𝑓 , and 1/𝑛) and correlation coefficients
(𝑅2 ) of Cr(III) and Cr(VI) adsorption in single and binary
solutions onto kaolin are summarized in Table 3. The values
of 𝑅2 from the Langmuir model were higher than from the

Freundlich model for all scenarios. Therefore, the Langmuir
model was more suitable for describing Cr(III) and Cr(VI)
adsorption in both single and binary solutions. This indicated
that both Cr(III) and Cr(VI) were adsorbed on kaolin
surface by physical or chemical adsorption, which occurred
on the monolayer molecular layer. The conclusions were
in accordance with the kinetic results of adsorption. The
adsorption of Cr(III) and Cr(VI) has been well described by
the Langmuir model (𝑅2 > 0.978), which were in agreement
with the adsorption of Cr(III) or Cr(VI) onto kaolin in single
solution [36]. A positive correlation between the coefficient
𝐾𝑙 in the Langmuir model and saturation adsorption 𝑞𝑚
was observed, which could explain the different adsorption
behaviors of Cr(III, VI) in single and binary solution (Figure 3). However, the favorable adsorption process can be
described by the heterogeneity factor 1/𝑛 [37]. Table 3 showed
that all the values of 1/𝑛 in the Freundlich model are less than
1 (0.293–0.764), implying heterogeneous energy site for both
Cr(III) and Cr(VI) adsorption on kaolin.
3.5. Effects of pH on Cr(III) Removal. The solution’s pH is
considered to be an important parameter in heavy metal
adsorption, as the pH values can affect the speciation of
metal ions and the surface properties of adsorbents [12, 31].
The adsorption capacities (𝑞𝑒 ) of Cr(III) in the absence
and presence of Cu(II) increased with pH (pH 2.0–7.0), as
shown in Figure 4(a). Over the pH range, enhanced Cr(III)
adsorption was observed in the presence of Cu(II), which was
consistent with Cr(III) adsorption on bentonite in Cu(II)Cr(III) solution [38]. Chantawong et al. also found that kaolin
exhibited a significant affinity to Cr3+ , followed by Zn2+ ,
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Table 3: Parameters of isotherms for the removal of Cr(III) or Cr(VI) by kaolin in single and binary solutions.

Adsorbed solution

Langmuir model
𝑞𝑚 (mg⋅g−1 )

𝐾𝑙 (L⋅g−1 )

Cr(III)
Cr(III)-Cu
Cr(VI)
Cr(VI)-Cu

0.083
0.595
3.367
0.134

1.018
1.441
0.878
0.595

0.991
0.997
0.985
0.978

1.2

0.308
0.493
0.628
0.070

𝑅2

0.764
0.554
0.293
0.710

0.958
0.959
0.956
0.912

0.9

0.8

qe (mg·g−1 )

qe (mg·g−1 )

Freundlich model
𝐾𝑓 (mg1−1/𝑛 ⋅L1/𝑛 ⋅g−1 )
1/n

𝑅2

0.6

0.4

0.3

0.0

0.0
0.0

1.5

3.0
4.5
ce (mg·L−1 )

6.0

0.0

2.0

3.0

4.0

ce (mg·L−1 )

Langmuir model
Freundlich model

Cr(III)
Cr(III)-Cu(II)

1.0

Langmuir model
Freundlich model

Cr(VI)
Cr(VI)-Cu(II)

(a)

(b)

Figure 3: Isotherm plots for Cr(III) (a) or Cr(VI) (b) adsorption by kaolin in single and binary solutions at the fitting of Langmuir and
Freundlich isotherm models (adsorption conditions: temperature = 25∘ C, pH = 4.5, and equilibrium time = 120 min).

Table 4: Effects of Cu(II) on Cr(III) and Cr(VI) adsorption onto
kaolin under different pH values.
pH
Cr(III)
𝑞mix /𝑞0
PE (%)
Cr(VI)
𝑞mix /𝑞0
IE (%)

2.0

3.0

4.0

5.0

6.0

7.0

1.59
58.7

2.06
106

1.80
80.0

1.74
73.5

1.53
52.9

1.31
30.6

0.91
9.14

0.35
64.8

0.07
93.0

0.15
84.7

0.18
82.4

0.51
49.5

Cu2+ , and Cd2+ in mixture solution, indicating that Cr3+
was adsorbed preferentially on kaolin surface compared to
Cu2+ [39]. Moreover, Cr3+ has higher valence and smaller
ionic radius (0.061 nm) compared with Cu2+ (0.070 nm) [38],
which can also explain the preferential adsorption of Cr(III)
on kaolin. The PE values were calculated (Table 4); the
strongest promoting effect (i.e., highest PE value) of Cu(II) for
Cr(III) adsorption was observed at pH = 3.0 (PE = 106%). In
addition, the initial solution pH 6.0–7.0 had significant effects

(𝑃 > 0.05) on Cr(III) which was adsorbed by kaolin in both
the absence and presence of Cu(II).
To understand the effects of pH on Cr(III) adsorption, the speciation of Cr(III) and saturation index (SI)
with respect to Cr(OH)3 were calculated in the absence of
Cu(II) by Visual MINTEQ as shown in Figures 4(a) and
4(b). It was reported that, for minerals with low dielectric
constants, such as quartz and kaolin, the mineral surfaces
preferred to adsorb the hydrolyzed products of metal ions
(e.g., Cr(OH)2+ , Cr2 (OH)2 4+ , and Cr(OH)2 + ) instead of the
unhydrolyzed metal ions (e.g., Cr3+ ) [40]. According to the
Cr(III) speciation diagram (Figure 5(a)), over the pH range
of 2.0–5.0 and with increasing pH, more Cr3+ ions were
hydrolyzed, resulting in promoted Cr(III) adsorption onto
kaolin. With further increases of pH over the range of 5.0–
7.0 in Figure 5(b), the solution became supersaturated with
respect to Cr(OH)3 . The precipitation of Cr(OH)3 at the
higher pH range can promote the removal of Cr(III) from
solution (Supporting Information 2).
In addition, the kaolin surface exhibited a positive charge
from pH 4.8 to 6.5 in Figure 6(a), indicating that a large
amount of Cr(III) was adsorbed onto the kaolin surface by
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Figure 4: Influence of pH on the adsorption capacities of Cr(III) (a) or Cr(VI) (b) onto kaolin. Note: the lowercase letters in figure above are
the 5% significant level by using LSD method under the same Cr treatment, but under different pH (adsorption conditions: 𝑐0 = 300 mg⋅L−1
for Cr(III), 𝑐0 = 200 mg⋅L−1 for Cr(VI), 𝑉 = 20 mL, 𝑚 = 0.50 g, temperature = 25∘ C, and equilibrium time = 120 min).
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Figure 6: The zeta potential curve for original kaolin and kaolin after adsorbed Cr(III) (a) or Cr(VI) (b) in absence and presence of Cu(II).

specific adsorption. The similar changes were reported for the
adsorption of Cr(III) onto iron hydroxide particles sorbents
[40] and two Tunisian mineral clays [41]. When zeta potential
changed into positive charge, the dominant adsorption mechanism of Cr(III) onto kaolin was precipitation in both single
and binary solutions in Figure 5(b).
3.6. Effects of pH on Cr(VI) Removal. As shown in Figure 4(b), in the absence of Cu(II), the values of 𝑞0 Cr(VI)
increased with rising pH up to 5.0. Similar trend has been
reported by Li et al. [36], where 𝑞0 Cr(VI) on kaolin reached
the maximum at pH 4.0–6.0. On the contrary, in the presence
of Cu(II), the values of 𝑞mix Cr(VI) decreased with increasing
pH and reached the minimum value at pH = 4.0. The
values of 𝑞mix Cr(VI) increased thereafter at pH > 4.0. Over
the whole pH range (2.0 to 7.0), 𝑞mix /𝑞0 were less than 1
for Cr(VI), indicating that the presence of Cu(II) inhibited
Cr(VI) adsorption onto kaolin. Shen et al. [24] also found
that Cu(II) and Cr(VI) exhibited the competition onto the
nano-Fe3 O4 magnetic polymers surface. The calculated IE
values show that the strongest inhibitory effect (the lowest
IE) of Cu(II) for Cr(VI) adsorption occurred at pH = 2.0
(IE = 9.14%). In addition, in the absence of Cu(II), the initial
solution on pH 4.0–6.0 showed statistically higher (𝑃 > 0.05)
adsorption capacity of kaolin for Cr(VI) in Figure 4(b), while
in the presence of Cu(II) the adsorption capacity of kaolin for
Cr(VI) is statistically (𝑃 > 0.05) at initial pH = 2.0 and pH =
7.0 compared to other pH.
Though there exist different types of Cr(VI) species, the
total concentration of soluble Cr(VI) modeled by Visual
MINTEQ remains stable without reduction at different pH
(Figure 7(a)), which were consistent with the finding of

Chen et al. [7]. In Cr(VI)-Cu(II) solution, the zeta potential
of kaolin was still negatively charged after adsorbing ions
(Figure 6(b)). Therefore, the negatively charged adsorption
sites of the kaolin surfaces were occupied by Cu2+ through
electrostatic attraction [42], decreasing the adsorption site
on kaolin surface, thus reducing the adsorption of Cr(VI).
However, Xu et al. reported that Cu(II) could promote the
adsorption of Cr(VI) on red soils [21], which was contrary
to our result. Moreover, with continually increasing pH,
some mineral precipitations (e.g., antlerite and brochantite)
of Cu(II) formed at pH = 5.0 (Figure 7(b)), reducing the
concentration of Cu(II) and releasing some adsorption sites
on kaolin surface.
3.7. Comparing Cr(III) and Cr(VI) Removal. Effects of pH
on the adsorption capacity of Cr(III) and Cr(VI) in the
absence and presence of Cu(II) were different. The adsorption
capacity for Cr(III) was smaller than for Cr(VI) (𝑞0 Cr(III) <
𝑞0 Cr(VI) ) under all pH values in the absence of Cu(II). As mentioned, both the surface charge and framework of kaolin were
negative, indicating Cr(VI) removal not through electrostatic
adsorption instead of specific adsorption. Meanwhile, Chen
et al. found that some active sites of kaolin, such as AlOH- and Si-OH- groups, can be occupied by Cu(II) through
surface complexation [38]. Therefore, Cu(II) could inhibit the
adsorption of Cr(VI) on kaolin.
Some researchers found that the distribution coefficient
(𝐾𝑑 ) is a useful parameter for comparing the adsorptive
capacity for any particular ion, and a high 𝐾𝑑 value indicates
a high metal retention by the solid phase through adsorption and
chemical reactions [38, 43]. The effect of Cu(II) on Cr(III,VI)
adsorption could also be explained by the distribution
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Table 5: 𝐾𝑑 value of Cu(II) on Cr(III) and Cr(VI) adsorption onto
kaolin under different pH values.
pH

−1

𝐾𝑑 (L⋅mg )
Cr(III)
Cr(III)-Cu(II)
Cr(VI)
Cr(VI)-Cu(II)

2.0
14.56
23.30
110.19
99.65

3.0
19.41
40.84
138.92
46.78

4.0
24.55
45.08
250.97
15.79

5.0
27.87
49.37
256.28
35.42

6.0
41.26
64.50
255.83
40.81

7.0
46.68
61.84
171.43
82.98

coefficient (𝐾𝑑 = 𝑞𝑒 /𝑐𝑒 ). Table 5 shows that all 𝐾𝑑 values
of Cr(III) under pH 2.0–7.0 in the presence of Cu(II)
were higher in the presence than in the absence of Cu(II);
namely, 𝐾𝑑 Cr(III)-Cu(II) > 𝐾𝑑 Cr(III), indicating that
Cu(II) promoted the adsorption of Cr(III). Similar results
showing Cr(III) higher affinity to kaolinite [44], bentonite
[38], and subsoil [45] than Cu(II) have been reported. In
contrast, 𝐾𝑑 Cr(VI)-Cu(II) < 𝐾𝑑 Cr(VI) indicating that
Cu(II) inhibited the adsorption capacity of kaolin for Cr(VI).
Therefore, the adsorption capacity had a positive correlation
with distribution coefficient 𝐾𝑑 in Table 5. Moreover, 𝐾𝑑 was
an effective evaluation index for adsorption behaviors of both
Cr(III) and Cr(VI) in the absence and presence of Cu(II).
In addition, the comparison of other low-cost adsorbents for
Cr(III) and Cr(VI) removal in the absence and presence of
other heavy metals, values of the adsorption capacity, and
optimum pH of other adsorbents from the literature are given
in Supporting Information (Table S1 and Table S2). It is clear
from Table 5 that the adsorption capacities of kaolin for
Cr(III) and Cr(VI) are comparable with the other adsorbents
shown in Tables S1 and S2.

4. Conclusion
This study demonstrated that the adsorption behaviors and
mechanisms of Cr(III) and Cr(VI) onto kaolin under pH 2.0–
7.0, in the absence or presence of Cu(II), were remarkably
different. The zeta potential results showed that only adsorbed
Cr(III) changed the zeta potential of kaolin from negative to
positive. Therefore, Cr(III) was adsorbed onto kaolin through
electrostatic attraction at pH below 4.0. The main adsorption
mechanisms were physic-chemical adsorption and mineral
precipitation with pH > 4.0. The specific adsorption occurred
at pH 4.8–6.5, indicating that Cr(III) was adsorbed in the
interior of kaolin. Electrostatic adsorption and protonation
were the dominant adsorption mechanisms of Cr(VI).
Further studies need to focus on the influence of different
coexisting anions on kaolin adsorption behaviors of these
heavy metals. Also, these heavy metal adsorption behaviors
or mechanisms should be verified through quartz crystal
microbalance dissipation (QCM-D) measurements.

Competing Interests
The authors declare that there are no competing interests
regarding the publication of this paper.

Acknowledgments
The authors thank Chinese Scholarship Council for providing
2-year fellowship to Juanjuan Liu (no. 201506300121). The
present study was supported by the National Natural Science
Foundation of China (no. 41171379, to Dongli Liang).

10

Journal of Chemistry

References
[1] A. Tytłak, P. Oleszczuk, and R. Dobrowolski, “Sorption and
desorption of Cr(VI) ions from water by biochars in different
environmental conditions,” Environmental Science and Pollution Research, vol. 22, no. 8, pp. 5985–5994, 2015.
[2] X. W. Ang, V. S. Sethu, J. M. Andresen, and M. Sivakumar,
“Copper(II) ion removal from aqueous solutions using biosorption technology: thermodynamic and SEM-EDX studies,” Clean
Technologies and Environmental Policy, vol. 15, no. 2, pp. 401–
407, 2013.
[3] Y. L. Gu, W. H. Xu, Y. G. Liu et al., “Mechanism of Cr(VI) reduction by Aspergillus niger: enzymatic characteristic, oxidative
stress response, and reduction product,” Environmental Science
and Pollution Research, vol. 22, no. 8, pp. 6271–6279, 2015.
[4] M. Kumari, C. U. Pittman, and D. Mohan, “Heavy metals
[chromium (VI) and lead (II)] removal from water using
mesoporous magnetite (Fe3 O4 ) nanospheres,” Journal of Colloid
and Interface Science, vol. 442, pp. 120–132, 2015.
[5] A. Sari, M. Tuzen, and M. Soylak, “Adsorption of Pb(II)
and Cr(III) from aqueous solution on Celtek clay,” Journal of
Hazardous Materials, vol. 144, no. 1-2, pp. 41–46, 2007.
[6] J. G. Parsons, J. Hernandez, C. M. Gonzalez, and J. L. GardeaTorresdey, “Sorption of Cr(III) and Cr(VI) to high and low
pressure synthetic nano-magnetite (Fe3 O4 )particles,” Chemical
Engineering Journal, vol. 254, pp. 171–180, 2014.
[7] T. Chen, Z. Y. Zhou, S. Xu, H. T. Wang, and W. J. Lu, “Adsorption
behavior comparison of trivalent and hexavalent chromium on
biochar derived from municipal sludge,” Bioresource Technology, vol. 190, pp. 388–394, 2015.
[8] L. Y. Zhong, J. W. Yang, L. M. Liu, and B. S. Xing, “Oxidation
of Cr(III) on birnessite surfaces: the effect of goethite and
kaolinite,” Journal of Environmental Sciences (China), vol. 37, pp.
8–14, 2015.
[9] K. Rida, S. Bouraoui, and S. Hadnine, “Adsorption of methylene
blue from aqueous solution by kaolin and zeolite,” Applied Clay
Science, vol. 83-84, pp. 99–105, 2013.
[10] M. Eloussaief, A. Sdiri, and M. Benzina, “Modelling the adsorption of mercury onto natural and aluminium pillared clays,”
Environmental Science and Pollution Research, vol. 20, no. 1, pp.
469–479, 2013.
[11] G. C. Lv, C. Stockwell, J. Niles, S. Minegar, Z. H. Li, and W.
T. Jiang, “Uptake and retention of amitriptyline by kaolinite,”
Journal of Colloid and Interface Science, vol. 411, pp. 198–203,
2014.
[12] X. Y. Zhang, Q. Huang, M. Y. Liu et al., “Preparation of amine
functionalized carbon nanotubes via a bioinspired strategy and
their application in Cu2+ removal,” Applied Surface Science, vol.
343, pp. 19–27, 2015.
[13] H. Katsumata, S. Kaneco, K. Inomata et al., “Removal of heavy
metals in rinsing wastewater from plating factory by adsorption
with economical viable materials,” Journal of Environmental
Management, vol. 69, no. 2, pp. 187–191, 2003.
[14] V. Chantawong, N. W. Harvey, and V. N. Bashkin, “Comparison
of heavy metal adsorptions by Thai kaolin and ballclay,” Water,
Air, & Soil Pollution, vol. 148, no. 1–4, pp. 111–125, 2003.
[15] C. Wang, Z. Xu, G. Ding et al., “Comprehensive study on the
removal of chromate from aqueous solution by synthesized
kaolin supported nanoscale zero-valent iron,” Desalination and
Water Treatment, vol. 57, no. 11, pp. 5065–5078, 2016.
[16] M. M. He, G. M. Tian, and X. Q. Liang, “Phytotoxicity
and speciation of copper, zinc and lead during the aerobic

[17]

[18]

[19]

[20]

[21]

[22]

[23]

[24]

[25]

[26]

[27]

[28]

[29]

[30]

[31]

composting of sewage sludge,” Journal of Hazardous Materials,
vol. 163, no. 2-3, pp. 671–677, 2009.
A. T. Sdiri, T. Higashi, and F. Jamoussi, “Adsorption of copper
and zinc onto natural clay in single and binary systems,”
International Journal of Environmental Science and Technology,
vol. 11, no. 4, pp. 1081–1092, 2014.
C. Imaga, A. Abia, and J. Igwe, “Adsorption isotherm studies of
Ni (II), Cu (II) and Zn (II) ions on unmodified and mercaptoacetic acid (MAA) modified sorghum hulls,” International
Research Journal of Pure and Applied Chemistry, vol. 5, no. 4,
pp. 318–330, 2015.
L. Deng, Z. Shi, B. Li, L. F. Yang, L. Luo, and X. Z. Yang,
“Adsorption of Cr(VI) and phosphate on Mg-Al hydrotalcite supported kaolin clay prepared by ultrasound-assisted
coprecipitation method using batch and fixed-bed systems,”
Industrial & Engineering Chemistry Research, vol. 53, no. 18, pp.
7746–7757, 2014.
Q. P. Wu, R. R. You, Q. F. Lv, Y. L. Xu, W. J. You, and Y. Yu,
“Efficient simultaneous removal of Cu(II) and Cr2 O7 2− from
aqueous solution by a renewable amphoteric functionalized
mesoporous silica,” Chemical Engineering Journal, vol. 281, pp.
491–501, 2015.
R. K. Xu, S. C. Xiao, and A. Z. Zhao, “Effect of Cu(II) on adsorption of Cr(VI) by red soils,” Journal of Agro-Environmental
Science, vol. 27, no. 3, pp. 944–947, 2008 (Chinese).
M. Gan, S. J. Sun, Z. H. Zheng et al., “Adsorption of Cr(VI)
and Cu(II) by AlPO4 modified biosynthetic Schwertmannite,”
Applied Surface Science, vol. 356, no. 1, pp. 986–997, 2015.
D. Wang, D. L. Liang, S. S. Wang, B. Hu, and W. Wei, “Individual
and joint toxicity effects of Cu, Cr(III), and Cr(VI) on pakchoi: a
comparison between solution and soil cultures,” Biological Trace
Element Research, vol. 146, no. 1, pp. 116–123, 2012.
H. Y. Shen, S. D. Pan, Y. Zhang, X. L. Huang, and H. X. Gong,
“A new insight on the adsorption mechanism of amino-functionalized nano-Fe3 O4 magnetic polymers in Cu(II), Cr(VI) coexisting water system,” Chemical Engineering Journal, vol. 183,
pp. 180–191, 2012.
T. X. Wu, M. Zhou, J. X. Wan, and H. Chen, “Influence
of montmorillonite and kaolinite on teracycline adsorption,”
Journal of Agro-Environmental Science, vol. 28, no. 5, pp. 914–
918, 2009 (Chinese).
M. E. Sumner and W. P. Miller, “Cation exchange capacity
and exchange coefficients,” in Methods of Soil Analysis, D. L. P.
Sparks, A. L. Page, P. A. Helmke et al., Eds., pp. 1201–1229, 1996.
Y. Salameh, A. B. Albadarin, S. Allen, G. Walker, and M. N.
M. Ahmad, “Arsenic(III,V) adsorption onto charred dolomite:
charring optimization and batch studies,” Chemical Engineering
Journal, vol. 259, pp. 663–671, 2015.
Y. S. Ho, “Citation review of Lagergren kinetic rate equation on
adsorption reactions,” Scientometrics, vol. 59, no. 1, pp. 171–177,
2004.
J. Zhang, Q. W. Ping, M. H. Niu, H. Q. Shi, and N. Li, “Kinetics
and equilibrium studies from the methylene blue adsorption on
diatomite treated with sodium hydroxide,” Applied Clay Science,
vol. 83-84, pp. 12–16, 2013.
A. B. Albadarin, C. Mangwandi, A. H. Al-Muhtaseb, G. M.
Walker, S. J. Allen, and M. N. M. Ahmad, “Kinetic and
thermodynamics of chromium ions adsorption onto low-cost
dolomite adsorbent,” Chemical Engineering Journal, vol. 179, pp.
193–202, 2012.
T. A. Saleh, S. A. Haladu, and S. A. Ali, “A novel crosslinked pH-responsive tetrapolymer: synthesis, characterization

Journal of Chemistry

[32]

[33]

[34]

[35]
[36]

[37]

[38]

[39]

[40]

[41]

[42]

[43]
[44]

[45]

and sorption evaluation towards Cr(III),” Chemical Engineering
Journal, vol. 269, pp. 9–19, 2015.
H. Merrikhpour and M. Jalali, “Comparative and competitive
adsorption of cadmium, copper, nickel, and lead ions by Iranian
natural zeolite,” Clean Technologies and Environmental Policy,
vol. 15, no. 2, pp. 303–316, 2013.
S. Debnath and U. C. Ghosh, “Kinetics, isotherm and thermodynamics for Cr(III) and Cr(VI) adsorption from aqueous
solutions by crystalline hydrous titanium oxide,” Journal of
Chemical Thermodynamics, vol. 40, no. 1, pp. 67–77, 2008.
I. Langmuir, “The adsorption of gases on plane surfaces of glass,
mica and platinum,” Journal of the American Chemical Society,
vol. 40, no. 9, pp. 1361–1403, 1918.
H. Freundlich, “Over the adsorption in solution,” Journal of
Physical Chemistry, vol. 57, pp. 385–470, 1906.
Y. Li, Q. Y. Yue, and B. Y. Gao, “Effect of humic acid on the
Cr(VI) adsorption onto Kaolin,” Applied Clay Science, vol. 48,
no. 3, pp. 481–484, 2010.
W.-W. Tang, G.-M. Zeng, J.-L. Gong et al., “Simultaneous
adsorption of atrazine and Cu(II) from wastewater by magnetic
multi-walled carbon nanotube,” Chemical Engineering Journal,
vol. 211-212, pp. 470–478, 2012.
Y. G. Chen, Y. He, W. M. Ye, and L. Y. Jia, “Competitive
adsorption characteristics of Na (I)/Cr (III) and Cu (II)/Cr (III)
on GMZ bentonite in their binary solution,” Journal of Industrial
and Engineering Chemistry, vol. 26, pp. 335–339, 2015.
V. Chantawong, N. W. Harvey, and V. N. Bashkin, “Comparison
of heavy metal adsorptions by Thai kaolin and ballclay,” Water,
Air, and Soil Pollution, vol. 148, no. 1–4, pp. 111–125, 2003.
C. Dai and Y. D. Hu, “Fe(III) hydroxide nucleation and growth
on quartz in the presence of Cu(II), Pb(II), and Cr(III):
metal hydrolysis and adsorption,” Environmental Science &
Technology, vol. 49, no. 1, pp. 292–300, 2015.
I. Ghorbel-Abid, C. Vagner, R. Denoyel, and M. Trabelsi-Ayadi,
“Effect of cadmium and chromium adsorption on the zeta
potential of clays,” Desalination and Water Treatment, vol. 57,
no. 36, pp. 1–11, 2016.
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Two biological contact oxidation reactors, cascade biofilm reactor (CSBR) and one-step biofilm reactor (OSBR), were used in this
paper for pretreatment of eutrophic water from Lake Taihu in China. The CSBR was more effective and stable for eutrophic water
treatment than OSBR, in terms of extracellular microcystin-LR, chlorophyll-a, DOC, and biodegradable dissolved organic carbon
(BDOC) removal. Removal efficiencies of extracellular microcystin-LR and chlorophyll-a were 75.8% and 59.7% in CSBR and 60.5%
and 53.0% after 2 h in OSBR. CSBR had much higher removal efficiency (34.3%) than OSBR (22.7%) for DOC, and CSBR could
remove 67% BDOC, accounting for 34% of total DOC in source water. 11.5% of DOC was removed through means other than
biological degradation, such as biofilm adsorption and bioflocculation. In CSBR at 5.5∼13∘ C, 57.5% of atrazine was removed at 2 h
hydraulic retention time, with background concentration of 136.5 ng/L. Meanwhile, removal efficiencies of three phthalic acid esters
(PAEs) (dimethyl phthalate, di-(2-ethylhexyl) phthalate, and di-n-butyl phthalate) were 78.7%, 52.4%, and 85.3%, respectively. Only
35.2% of polycyclic aromatic hydrocarbons (PAHs) could be removed by CSBR with initial concentration of 21.5 𝜇g/L. The results
indicated that CSBR is effective in low-molecular-weight organic pollution pretreatment and provides benefits in terms of effluent
quality.

1. Introduction
A large amount of nitrogen, phosphorous, and other components can be entered into natural lake water due to the
discharge of pollutants into a water body. The excess existence of these elements will lead to lake eutrophication,
algal blooms, and massive accumulation of harmful organic
micropollutants. Lake Taihu, the third-largest freshwater lake
in China, has received increasing amounts of waste from
industrial, agricultural, and municipal development, as a
result of rapid economic development and related urbanization along the lake. As Wang et al. indicated, two hundred and
seventy-three kinds of organic chemicals in water from Taihu
Lake were examined, 200 more than those detected in 1985.
Among them 21 kinds of chemicals belong to priority pollutants and 17 kinds are the endocrine disruptors. The number
of organic pollutants recorded in their tests is 3.6 times that

determined in 1985, while concentrations of some pollutants
were more than 2 times higher than in 1985 [1].
Organic pollutants in eutrophic water mainly include
algal toxins, pesticides, persistent organic pollutants (POPs)
such as polychlorinated biphenyls (PCBs), dioxins, and
furans; endocrine disruptors (EDs) such as polycyclic aromatic hydrocarbons (PAHs) and phthalate esters (PAEs); and
humic acids, which are precursors of disinfection byproducts. Many organic pollutants have toxic effects on the
human liver, kidneys, immune system, endocrine system,
and reproductive system. Moreover, these organic pollutants
might have the potential to cause abnormalities, cancer, and
mutation. In the Meiliang Bay area of Lake Taihu, the average
levels of microcystins (MCs) could reach as high as 10∼
18 𝜇g/L in summer [2]. Significant mutagenic activities have
been detected in Lake Taihu, and the estrogen-like potential
of the lake has also been estimated, with recorded estradiol
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Figure 1: The schematic diagram of two biological pretreatment reactors. CSBR: cascade biofilm reactor; OSBR: one-step biofilm reactor. 1.
Inlet pipe, 2. outlet pipe, 3. air inlet pipe, 4. mud pipe, 5. effluent flume, 6. filler, and 7. water and air arrangement plate. Reactor size: the OSBR
is square: length × width = 600 × 600 mm; the cells of CSBR are round; the diameter of each cell is 380 mm.

equivalents in the range of 2.2∼12.1 ng/L, levels that are sufficient to affect the reproduction of aquatic life [3]. The concentration of PAHs and di-(2-ethylhexyl) phthalate (DEHP)
in Lake Taihu was 9.06∼15.57 𝜇g/L and 9.0∼12.0 𝜇g/L, respectively, in the years 2002-2003 [4]. Accordingly, it is quite necessary to increase dissolved organic matter (DOC) removal
performance regarding drinking water treatment.
The conventional drinking water treatment process, comprised of coagulation, sedimentation, sand filtration, and disinfection stages, is inefficient in removing DOC, with removal
efficiencies amounting to only 20%∼30% [4, 5]. It has been
reported that DOC can be removed through biological processes [6]. Their research indicated that the highest removal
efficiency during biological treatment (attached growth
biomass in a flow through bioreactor) was 59 ± 15% and
35 ± 9.3% for cyclophosphamide and ifosfamide, respectively.
Falås et al. found that several compounds such as bezafibrate,
atenolol, and acyclovir were significantly removed in the activated sludge process fed with municipal wastewater [7]. Phan
et al. investigated the performance of a side-stream ceramic
nanofiltration membrane bioreactor (NF-MBR) system with
respect to basic water quality parameters as well as trace
organic contaminant (TrOC) removal efficiency. The result of
significantly higher performance by this NF-MBR regarding
the removal of a large number of TrOCs was observed [8].
The objective of this study was to investigate the biological
pretreatment of organic pollutants in the eutrophic Lake
Taihu raw water, for the enhanced treatment, safety, and
quality of drinking water. Two biological contact oxidation
reactors, cascade biofilm reactor (CSBR) and one-step biofilm
reactor (OSBR), were adopted in this research.

2. Experimental
2.1. Site Description and Reactor Design. The pilot test was
conducted in Wuxi Water Works, in Nanquan Town, China,
near the north side of Lake Taihu.
The CSBR was composed of 3 cells (Figure 1), with a
height difference of 0.15 m; water in the columns could flow
through gravity based on this design. The OSBR had the same

reaction volume as the CSBR (1 m3 ) with the same filler height
of 3 m.
2.2. Reactor Operating Conditions and Sample Collection. The
raw water from Lake Taihu was pumped to the individual
reactors. The hydraulic retention time of both reactors was
2 h. The gas-water ratio was 1.5 : 1 for each reactor. Samples
were collected when the reactors were both in steady state
operation.
The basic water quality parameters of raw water from
Lake Taihu were summarized as follows: water temperature
was from 5.5∘ C to 13∘ C, turbidity was from 6 NTU to 20 NTU,
NH4 + -N concentration was from 0.1 mg/L to 0.3 mg/L, and
permanganate index (CODMn ) was within 5 mg/L∼9 mg/L.
All of the experiments were replicated 2∼3 times and the
average values were used for the calculation of removal
efficiencies.
2.3. Analytical Reagents. A guide sample of microcystin-LR
was purchased from Sigma (USA). Guide samples of atrazine,
three phthalic acid esters (dimethyl phthalate (DMP), di(2-ethylhexyl) phthalate (DEHP), and di-n-butyl phthalate
(DBP)), and 16 US EPA priority PAHs (naphthalene (Naph),
acenaphthylene (Aceph), acenaphthene (Ace), fluorine
(Fl), phenanthrene (Phe), anthracene (An), fluoranthene
(Flu), pyrene (Pyr), benzo[a]anthracene (BaA), chrysene
(Chr), benzo[b]fluoranthene (BbF), benzo[k]fluoranthene
(BkF), benzo[a]pyrene (BaP), indeno[1,2,3-cd]pyrene (Inp),
dibenzo[a,h]anthracene (DBA), and benzo[ghi]perylene
(BgP)) in a mixture solution of 2000 𝜇g/mL were purchased
from Supelco (USA). All solid phase extraction C18 columns
were purchased from Waters Sep-Pak (USA). All organic
solvents for microorganics were obtained from commercial
sources with at least reagent grade.
2.4. Analytical Methods. Chlorophyll-a, an important indicator for phytoplankton, was analyzed by acetone extraction
spectrophotometry; the final chlorophyll-a analysis was concerned with absorbance at 645 nm, 663 nm, and 750 nm. Total
microcystin-LR (TMC-LR) and extracellular microcystin-LR
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Figure 2: Removal of chlorophyll-a by two reactors.
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3.1. Removal of Chlorophyll-a and Microcystin-LR. The
enrichment of algal biomass in eutrophic water was accompanied by chlorophyll-a accumulation. As shown in Figure 2,
the Chl-a of raw water was 18.75 𝜇g/L. The observation of the
water samples under microscope revealed blue-green algae
as the dominant algal species with a small size. CSBR and
OSBR achieved Chl-a removal efficiencies of 59.7% and 53%,
respectively.
The removal of algae by biological pretreatment may
occur through the following mechanisms: adsorption by
biofilm; microbial oxidation and decomposition; mechanical retention and biological flocculation by filler; prey by
microanimals; biological flocculation; and algal sedimentation by biofilm off the filler. Because of their small size, it is
difficult for blue-green algae to be removed by mechanical
retention. Therefore algae removal should mainly rely on
biofilm adsorption, biological flocculation and sedimentation, and the role of microanimals.
Microcystins, mainly produced by freshwater blue-green
algae, are the most common algal toxins. They have the highest occurrence frequency in cyanobacteria blooms and have
already resulted in very serious impacts on people [9, 10].
Among microcystins, microcystin-LR (MC-LR) has been
shown to be one of the most toxic and harmful algal
toxins [11]. As shown in Figure 3, the concentration of
total microcystin-LR (TMC-LR) in Taihu raw water was
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(EMC-LR) were analyzed by high performance liquid chromatography (HPLC, Agilent 1100, USA) with a photodiode
array detector and Agilent ZORBAX 80A extend column
(5 𝜇m, 4.6 × 150 mm).
DOC was detected using the TOC automeasuring device
TOC-VCSH (Shimadzu, Japan). The collected samples were
pretreated with filtration (0.45 𝜇m), before being run through
the column for dissolved total carbon (DTC) and dissolved
inorganic carbon (DIC) detection. The difference between
DTC and DIC was assigned as DOC. BDOC was determined
as explained below. Firstly, the water sample DOC was
assigned as DOC0 . Then, a 250 mL sample was inoculated
with a 5 mL bacteria suspension, which was made from the
biofilm peeled off from the filler. Finally, the samples were
incubated at 25 ± 0.5∘ C for 28 days for DOC28 determination.
In the final analysis, BDOC = DOC0 –DOC28 .
Atrazine, three phthalic acid esters (PAEs) species, and
polycyclic aromatic hydrocarbons (PAHs) were all determined by gas chromatography (Shimadzu, GC-2001, Japan).
First, a 1 L water sample was enriched by C18 solid phase
extraction column. In the second stage, the C18 solid phase
extraction column was then eluted using methanol, ethyl
acetate, and hexane solution containing 5% of isopropanol
for eluent. Third, the eluent was concentrated and the final
volume was diluted to 1.0 mL. Finally, the concentrations
of atrazine, PAEs, and PAHs were detected using gas chromatography. The electron capture detector (ECD) was used
for atrazine and PAEs while the flame ionization detector
(FID) was used for PAHs.
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Figure 3: Removal of microcystin-LR by two reactors.

2.65 𝜇g/L, while the extracellular microcystin-LR (EMC-LR)
was 2.15 𝜇g/L. The data indicated that most of the microcystin
was EMC. The CSBR had removal efficiencies of 65.3% and
75.8% for TMC-LR and EMC-LR, respectively, 12.5% and
15.3% higher than the corresponding results in OSBR. The
removal efficiencies of TMC-LR throughout the three steps of
CSBR were 28.7%, 24.1%, and 12.5%, respectively. In addition,
CSBR could achieve removal efficiencies of 23.7%, 33%, and
19.1% for EMC-LR through the three steps. This indicated that
MC was removed mainly by step one and step two. The MC
removal efficiency of OSBR was only equal to the removal
rates achieved by the first two steps of CSBR, showing
that CSBR had a much higher efficiency for microcystin
immobilization and degradation.
3.2. Removal of DOC and BDOC. Figure 4 listed the removal
efficiencies of DOC and BDOC in the two reactors. These
results indicated that CSBR showed good removal properties
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Figure 5: Removal of atrazine by cascade biofilm reactor.

Figure 4: Removal of dissolved organic matter (DOC) and
biodegradable dissolved organic matter (BDOC) by two reactors.

(about 34.3%) in removing dissolved organic carbon (DOC)
in Taihu raw water, while OSBR only removed about 22.7%
of DOC. Most of the DOC was removed in the first step
and the concentration of DOC had slightly increased in the
second step. This may have been caused by the release of some
particulate organic matter into water, which contributed to an
increase in DOC.
Biodegradable DOC (BDOC) refers to soluble organic
compounds in water which can be decomposed by bacteria to
CO2 and water or to other materials used for cell metabolism
[12]. Thus, removing BDOC by biological pretreatment
before water entering the conventional treatment process
can help secure drinking water quality. The concentration of
BDOC in Lake Taihu raw water was 1.58 mg/L, 30.4% of total
DOC. The removal efficiencies of BDOC in CSBR and OSBR
were examined to be 67.1% and 54.4%, respectively. CSBR
had a much higher BDOC degradation efficiency than that of
OSBR (Figure 4). In CSBR, the treatment of BDOC and DOC
was mainly attributed to biodegradation. The ratio of BDOC
to DOC decreased in the following columns, indicating that
the biodegradability gradually lowered along the flow path.
By comparison, CSBR achieved removal efficiencies of about
34.3% for DOC and 67.1% for BDOC. However, BDOC
accounted for 30.4% of the total DOC in raw water, indicating
that 22.8% of the total DOC was removed as BDOC. Thus,
about 11.5% of DOC was removed by mechanisms other
than biological degradation, such as biofilm adsorption and
bioflocculation.
3.3. Removal of Atrazine in CSBR. Atrazine is one of the
most widely used herbicides in the world and has had a wide
range of applications in China since the 1980s. Atrazine is
classified as a suspicious substance because of the presence
of environmental hormones (endocrine disrupters) and is
considered by the United Nations to be one of 27 persistent
toxic substances, due to its large consumption, long residual

period (a half-life of 244 days), and possible carcinogenic
effects in human and mammals [13, 14].
Typical conventional processes, such as coagulation and
sedimentation, lime softening, and chlorination, are not
effective in the removal of atrazine and other herbicides [15].
Even enhanced coagulation cannot remove atrazine in raw
water [16]. This is because processes of coagulation, sedimentation, and filtration mainly remove organics with molecular
weight greater than 10,000 daltons. Due to the fact that
atrazine has a much smaller molecular weight (about 216
daltons), conventional processes have almost no purification
effect on it.
The background concentration of atrazine in Lake Taihu
was 136.5 ng/L. The CSBR could reach a satisfactory removal
efficiency for atrazine (about 57.5%, Figure 5). Even at low
temperature conditions (5.5∼13∘ C), 31.6% of removal efficiency was achieved in the first step, with removal efficiencies
of 14.8% and 11.1% in the second and third steps, respectively. Microbes probably contributed to the degradation of
atrazine. A variety of microbes have been isolated from bacteria, fungi, actinomycetes, and algae, including Pseudomonas
spp., Agrobacterium sp., Penicillium, Trichoderma, white rot
fungi, Ankistrodesmus, and so forth. Some of these microbes,
notably bacteria, have very good atrazine removal efficiencies
[17].
3.4. Removal of PAHs in CSBR. Phthalic acid esters (PAEs),
a group of important organic chemicals, have a wide range
of applications in many industries and have become one of
the most common pollutants in the world. Studies on the
reproductive toxicity of PAEs show that these substances have
endocrine effects on organisms and can cause proliferation
of cancer cells. The toxicity may even have intergenerational
effects through the placenta and through breastfeeding [18].
Track detection of PAEs in several water works in Zhejiang
Province showed that DBP was detected in all measured
drinking water, with the highest concentration of about
76 𝜇g/L; DEHP had a detected rate of 50%, with the highest
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Figure 6: Removal of three kinds of PAEs by cascade biofilm reactor.

concentration at approximately 17 𝜇g/L [19]. This means that
urban water plants with conventional treatment processes are
ineffective in removing PAEs.
Three kinds of PAEs (DMP, DEHP, and DBP) were
selected for the investigation of removal characteristics via
biocontact oxidation pretreatment. The background concentrations of DMP, DEHP, and DBP were 5.61 𝜇g/L, 3.13 𝜇g/L,
and 2.40 𝜇g/L, respectively (Figure 6). The removal efficiency
in CSBR for DBP was significantly higher (85.3%) than that
for DMP (78.6%) and DEHP (52.3%); this might be due to
structural complexity differences between the substances.
Metabolic breakdown of PAEs by microorganisms is considered to be one of the major pollutant removal pathways, due
to their low removal rates by other processes of hydrolyzation
and photodecomposition [20]. Many bacterial strains isolated
from diverse habitats, such as Rhodococcus sp. L4 and Pseudomonas fluorescens FS1, have been found to have the ability
to degrade PAEs [21, 22].
3.5. Removal of PAHs in CSBR. PAHs are widely distributed
in the atmosphere, water, mud, and soil and are the result of
incomplete combustion of coal, oil, gas, cigarettes, barbecues,
and so forth or leakage of crude oil or refined oil to a water
body [23]. More than 400 kinds of PAHs have been found
to have carcinogenic effects. Many of these substances are
considered to have significant side effects on humans and animals, such as immunotoxicity, genotoxicity, and reproductive
toxicity.
The background concentration of total PAHs in Lake
Taihu was 21.51 𝜇g/L, considerably higher than the guide
criterion of PAHs (<2.0 𝜇g/L), which indicated that Lake
Taihu had been heavily polluted by PAHs. Among 16 US EPA
priority PAHs (Table 1), the concentrations of indeno(1,2,3cd) pyrene, benzo(k)fluoranthene, benzo(b)fluoranthene,
benzo(a)anthracene, and acenaphthylene were notably
higher than 2.0 𝜇g/L. The concentrations of PAHs containing
4 to 6 rings were generally higher than those of others, which
was in agreement with the examination results of PAHs

Rings Raw CSBR-1 CSBR-2 CSBR-3
water
2
1.597
1.395
Naphthalene
1.084 1.396
3
1.415
0.870
Acenaphthene
1.746 0.907
3
3.694
3.331
Acenaphthylene
2.164 5.171
3
0.072
0.098
Fluorene
0.105 0.069
3
0.063
Phenanthrene
0.108 0.064 0.065
3
0.264
0.261
0.275
Anthracene
0.533
4
0.283
0.360
Fluoranthene
1.130 0.303
4
0.944
0.142
Pyrene
0.720 0.179
4
1.919
2.648
Benzo(a)anthracene
2.907 1.644
4
ND
ND
ND
Chrysene
ND
5
0.93
1.461
Benzo(b)fluoranthene
2.495 1.722
5
0.167
0.168
Benzo(k)fluoranthene
2.960 0.090
5
1.816
0.923
Benzo(a)pyrene
0.990 2.472
6
1.486
1.793
Indeno(1,2,3-cd)pyrene
3.082 1.028
0.033
0.148
Dibenzo(a,h)anthracene 5
1.314 0.146
6
0.104
0.191
Benzo(g,h,i)perylene
0.169 0.480
Name

Total amount of PAHs
(𝜇g⋅L−1 )
Removal rate (%)

21.507 15.935
25.6

14.786

13.866

30.9

35.2

Note: PAHs: polycyclic aromatic hydrocarbons. ND means the substance was
not detected.

concentrations in the Meiliang Bay region of Lake Taihu in
2003 [24].
Biological pretreatment showed a relatively low removal
efficiency (35.2%) for PAHs compared to other organic
micropollutants (Table 1). Some substances (naphthalene,
acenaphthylene, benzo(a)pyrene, and benzo(g,h,i)perylene)
even showed higher concentration in the effluent of CSBR.
The increase in concentrations of several PAHs might be
attributed to by-products generation from the biodegradation of other substances. The continuous accumulation of
PAHs on the biofilm might also cause the release of PAHs
in the effluent, due to the relatively lower biodegradability
rates and short hydraulic retention time (HRT) (2 h) in the
reactor. It had been reported that 90% of PAHs could been
biodegraded only when a contact time of about 30∼60 days
or even much longer was applied [25, 26]. Therefore, for
the treatment of drinking water, PAHs should be removed
by advanced treatment processes, such as ozone-biological
activated carbon process.

4. Conclusions
(1) The CSBR was more effective and stable than the
OSBR for the treatment of eutrophic water, in terms
of the removal efficiency of extracellular microcystinLR, chlorophyll-a, DOC, and BDOC.
(2) In CSBR, the removal of BDOC and DOC was mainly
attributed to biodegradation. 11.5% of DOC was
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removed in ways other than biological degradation,
such as through biofilm adsorption and bioflocculation.
(3) The CSBR could effectively promote atrazine and
PAEs removal. 57.5% of atrazine was removed at 2 h
HRT with a background concentration of 136.5 ng/L.
The removal efficiencies of three PAEs were 78.7%,
52.4%, and 85.3%, respectively. Regarding PAHs, only
35.2% could be removed by the CSBR with an initial
PAHs concentration of 21.5 𝜇g/L in raw water.
(4) The CSBR was more effective in pretreatment of lowmolecular-weight organic pollution, and this reactor
benefitted the improvement of effluent quality regarding drinking water treatment process.
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Knowledge about photochemical behavior of sulfonamides under UV light is limited. In this study, photodegradation of sulfadiazine
in water by ultraviolet (UV) light was studied using a 300 W, 365 nm UV lamp. The degradation process followed well the first-order
kinetics, with a half-life of 9.76 min in water with air saturation. The photodegradation was slower at acidic pH 4.52 than at pH
6.98 and pH 8.90. Addition of H2 O2 and nitrate enhanced the photodegradation rate, while addition of ethanol, nitrite, sulfate,
and bicarbonate depressed the reaction rate. This study suggested that sulfadiazine photodegradation under UV light is generally
favored by the attack of hydroxyl radicals.

1. Introduction
Antibiotics are a sort of organic compounds synthesized
by industry or generated by organisms including microorganisms, plants, and animals, in their life activities, which
could selectively depress or influence functions of other
organisms at low or even micro level concentrations. In the
last six decades large quantities of antibiotics were employed
worldwide for prevention or treatment of diseases of both
humans and livestock, as well as for some nontherapeutic
purposes such as promoting the growth of cattle [1]. Antibiotics can enter the environment through many ways like
irrigation using sewage water, disposal of unused drugs, land
application of biosolids, and animal manure [1] and have been
found ubiquitously in different environmental media like
water [2], sediments [3], soils [4], excrements of organisms
[4], and so forth. The antibiotics in the environment could
lead to various negative effects such as microbial resistances,
which have been regarded as a global problem, changes of
indigenous microbial composition [5], disturbances of plant
growth [6], acute or chronic toxicities on aquatic species [7],
and the potential adverse effects on humans through food
chains [8]. Therefore, study on the fate of antibiotics in the
environment has been receiving worldwide concerns [9, 10].

Sulfadiazine is one of the commonly used sulfonamide antibiotics. Sulfonamides are frequently employed as
medicines to treat both human and livestock diseases. For
example, the annual usages as veterinary medicine were
78 t in the European Union (1999) and 94 t in England
(2000) [9]. Reported half-lives of such chemicals were <8 d
to 30 d in manure [11] and >21 d to 100 d in water or
sediments [10]. The environmental behaviors like sorption
and biodegradation were already documented for some of
these chemicals, but the removal efficiency of these chemicals
from aqueous phase seemed to be quite limited or even
ignorable [12–14]. Photodegradation is one important degradation process in natural environment. Photodegradation,
both direct (reaction between substrates and photons) and
indirect (reaction between substrates and reactive species
formed by photons), of sulfadiazine under natural or simulated sunlight was investigated by previous studies [15, 16].
The expected environmental half-lives were 4.7–65.9 days
in Kolkata, India, and Berlin, Germany, in different seasons
[15] and 28–5200 h through various degradation pathways
in near surface waters in Lake Josephine [16]. But in other
ways, the photodegradation behavior under pure UV light
has not yet been reported to our knowledge. UV occupies
about 7 percent in the sunlight irradiation energy, and it is
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Figure 1: Photodegradation of 11 mg⋅L−1 sulfadiazine in ultrapure
water under UV 365 nm (300 W) with pumping-in of air in the
presence and absence of 1% ethanol. The solid lines represent the
modeling results of first-order kinetics (𝐶𝑡 /𝐶0 = 𝑒−𝑘𝑡 ).

transferred into the glass reactor. To investigate the effects
of affecting factors, additives were introduced, respectively,
at the following concentrations: ethanol of 1% in volume of
the solution, 43.8 mg⋅L−1 H2 O2 , sodium salts with 0.05 mM
NO2 − , 0.5 mM NO3 − , 1 mM and 5 mM SO4 2− , and 0.5, 2.4,
and 11.9 mM HCO3 − . The pH effect was studied by adding
appropriate HCl or NaOH. The first sample (defined as time
0) was taken immediately after the addition of one of these
chemicals to the reactor. The ultraviolet lamp in the central
hollow was then turned on, and photodegradation process
was started. All experimental processes were accompanied by
vigorous stirring and air-pumping into the system at 1 mL⋅s−1 ,
except that, in the case of nitrogen effect, N2 instead of air
was pumped in. Sampling was performed at different time
intervals. The samples were frozen at −20∘ C until analysis.
The mobile phase used for HPLC analysis of sulfadiazine was
methanol : water = 30 : 70 (v : v) isocratically running at a flow
rate of 1 mL⋅min−1 . Calibration curves were used to read the
values of sulfadiazine for all samples, and the quality control
of HPLC was carried out by injecting and analyzing the lowest
and highest concentrations of standard sulfadiazine solutions
at the beginnings and ends of all analytical circles. Control
experiment without any irradiation was carried out under the
same conditions. All experiments were performed at least in
duplicate.

3. Results and Discussion
also used artificially to remove the microorganism toxicity of
antibiotics, as a pretreatment method to make the activated
sludge system in the following step run more efficiently.
Therefore, results from UV photodegradation study not
only will be useful to learn the behavior of photolysis by
ultraviolet in water environment but also will be helpful to the
design of the artificial wastewater treatment system through
UV photolysis of such chemicals. This work is designed
to study kinetics and possible mechanisms of sulfadiazine
photodecomposition under pure UV, by investigating the
influences of some common affecting factors.

2. Experimental
2.1. General. Sulfadiazine (99.6% purity) was purchased from
Sigma, USA. Other chemicals were at least of analytical grade
and used without further purification.
The photoreactor was designed according to Jiang et al.
[17]. The ultraviolet lamp (365 nm; 300 W) used in our experiments was purchased from the Xujiang Electromechanical
Plant, Nanjing, China.
The HPLC system used in this study was an Agilent 1200
series HPLC system, which consisted of a G1322 A degasser,
a G1311 A Quat Pump, a G1329 A thermostatted autosampler,
and a G1316A column oven. The column for separation was
Agilent Eclipse XDB-C18 (5 𝜇m; 4.6 × 250 mm).
2.2. Photodegradation Procedures and HPLC Analysis. About
11 mg⋅L−1 sulfadiazine solution was prepared by dissolving
5.5 mg sulfadiazine into 500 mL ultrapure water and was

3.1. Effect of Ethanol. Control experiment under dark conditions showed ignorable disappearance of sulfadiazine in the
solution (data not shown), indicating that the compound was
stable in the dark; that is, hydrolysis of sulfadiazine was not
significant, which is in agreement with the observations of
Boreen et al. [18], who found that most sulfa drugs were stable
in solutions of various pH values.
Under radiation, sulfadiazine in pure water was degraded
by 99 percent in one hour with a half-life of 9.76 min (Figure 1). The first-order kinetic model (𝐶𝑡 /𝐶0 = 𝑒−𝑘𝑡 ) was used
to describe the degradation process under various conditions,
resulting in a relationship of the ratio of remaining sulfadiazine (𝑦) versus time (𝑥) as 𝑦 = 𝑒−0.071𝑥 (𝑅2 = 0.98, Figure 1
and Table 1). Sulfadiazine in natural water might be degraded
by irradiation through both direct and indirect ways. The UVVis absorption spectrum of sulfadiazine has a tailing band in
the region of wavelength over 290 nm [15], which suggests
that the way of direct photolysis for this compound cannot
be preexcluded [15]. When ethanol, a hydroxyl scavenger, was
added to the solution, 𝑘 value decreased to 0.009 (𝑅2 = 1.00).
This indicates that the dominant mechanism for sulfadiazine
degradation might be the attack of hydroxyl radicals and
therefore that degradation of sulfadiazine through the direct
absorption of light was limited to a very small extent. The
photolysis of water by UV irradiation may involve 25–30
reactions and 14 different species including H∙ , HO2 ∙ , and
∙
OH [19]. Under the radiation of a xenon lamp, sulfadiazine
in pure water had a rather longer half-life (32 h) with 𝑘 value
of 0.0094 [15].
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Table 1: First-order kinetic constants 𝑘 of sulfadiazine photodegradation in ultrapure water irradiated by UV light of 365 nm and
300 W with air pumping in (except the condition of N2 instead)
under various conditions.
Condition
Without addition (only sulfadiazine in H2 O)
Plus 1% (V : V) ethanol
With nitrogen instead of air
Plus 43.8 mg⋅L−1 H2 O2
Plus 0.05 mM NO2 −
Plus 0.5 mM NO3 −
Plus 1 mM SO4 2−
Plus 5 mM SO4 2−
Plus 0.5 mM HCO3 −
Plus 2.4 mM HCO3 −
Plus 11.9 mM HCO3 −
At pH 4.52
At pH 6.98
At pH 8.20

𝑘

𝑅2

0.071
0.009
0.045
0.13
0.034
0.1
0.054
0.057
0.017
0.042
0.046
0.046
0.065
0.057

0.98
1.00
1.00
1.00
0.84
0.95
0.95
0.96
0.89
0.93
0.96
0.91
0.98
0.94

3.2. Effect of N2 /H2 O2 . When N2 instead of air was pumped
into the solution, degradation of sulfadiazine was obviously
slowed down and the kinetic equation varied to 𝐶𝑡 /𝐶0 =
𝑒−0.045𝑡 (𝑅2 = 1.00, Table 1). The important role of oxygen was
also observed in TiO2 photocatalytic degradation of 2,4dichlorophenol and cyclohexane [20, 21]. The involvement
of air might also be one reason for the much higher rate
of sulfadiazine photodegradation observed by us than that
by Sukul et al. [15], supporting again that this reaction was
favored mainly by ∙ OH in the system.
H2 O2 can be photocleaved to two hydroxyl radicals by
homogeneous crack [22, 23]:
H2 O2 + ℎ] → 2∙ OH

(1)

Therefore H2 O2 can significantly enhance reaction rates. A
cleaning technology by advanced oxidation processes (AOPs)
has been developed to utilize H2 O2 /UV or Fe2+ /H2 O2 /UV as
the source of hydroxyl radicals [22, 23]. When 43.8 mg⋅L−1
H2 O2 was added to our system, the first-order constant rate of
sulfadiazine degradation increased to 0.13 (𝑅2 = 1.00), being
almost two times of that under air alone (0.071) (Table 1). The
promoting effect by H2 O2 was also reported in sulfadiazine
sunlight photodegradation by Sukul et al. [15].
3.3. Effect of Nitrate and Nitrite. Nitrite in the water environment might come from various sources like photodegradation of DOM (dissolved organic matter), oxidation of ammonia, and organic N and can be oxidized to nitrate through
different pathways [24]. Both anions are commonly existing
in natural water and have potentials to affect photodegradation behavior of some chemicals [24–28]. Table 1 shows
that the degradation rate of sulfadiazine was enhanced from
0.071 to 0.10 (𝑅2 = 0.95) when nitrate was added into the
solution. This is because nitrate can be photolyzed to nitroso

and negative oxygen ions and the latter further combined
with H+ to form ∙ OH [26]:
NO3 − + ℎ] → ∙ NO2 + O∙−
O∙− + H+ ←→ ∙ OH

(2)

The promoting effects of nitrate on photodegradation have
also been observed for Diuron [26]. Lam and coworkers
found that nitrate significantly enhanced the photodegradation rates of atrazine, bensulfuron methyl, fluometuron,
and hexazinone in solutions containing low concentrations
of color DOM irradiated by Xe lamp, and a significantly
positively proportional correlation (𝑅2 > 0.99) was observed
between nitrate concentration and 𝑘obs in synthetic field
water matrixes [29]. However, nitrate played an almost negligible role in electrochemically assisted TiO2 photocatalytic
degradation of methyl orange [28], probably because in a
heterogeneous system photons were preferentially absorbed
by solid particles like TiO2 and therefore the sensitization
of chemicals dissolved in liquid phase cannot be activated
[28], while in a homogeneous system light energy can be
distributed more evenly.
Nitrite is also considered as one source of ∙ OH in a
photolytic system and may be comparably or even more
effective compared with nitrate in some surface water samples
[24, 30]. But in our study, the addition of 0.05 mM nitrite
resulted in a marked decrease of the rate constant from 0.071
(𝑅2 = 0.98) to 0.034 (𝑅2 = 0.84) (Table 1). In addition to
acting as ∙ OH source, nitrite might also be a scavenger for
∙
OH according to the following equation [24]:
NO2 − + ∙ OH → ∙ NO2 + OH−

(3)

Mark et al. [25] observed nitrite scavenging effects on ∙ OH
at a concentration of 6 × 10−6 M, which was about 1/10 of our
usage, under UV, suggesting that nitrite addition in the photolytic system in our study might also carry out a scavenging
function of hydroxyl radicals in this system.
3.4. Effects of Sulfate. With the addition of 1 mM and 5 mM
sulfate, the first-order kinetic constant varied slightly from
0.071 (𝑅2 = 0.98) to 0.054 (𝑅2 = 0.95) and 0.057 (𝑅2 = 0.96)
(Table 1), respectively. Sulfate in a photodegradation solution
can cause the following reaction [31]:
SO4 2− + ∙ OH + H+ → ∙ SO4 − + H2 O

(4)

However, the quenching role of sulfate was less effective when
compared with other anions like carbonate [28]. This was
also true in our study. Only a little decreasing trend was
observed for the rate constants between the nonaddition and
the treatments with addition of 1 mM or 5 mM sulfate.
3.5. Effects of Bicarbonate. The first-order kinetic constants of
the photodegradation of sulfadiazine were decreased to 0.046
(𝑅2 = 0.96), 0.042 (𝑅2 = 0.93), and 0.017 (𝑅2 = 0.89) with the
addition of 11.9, 2.4, and 0.5 mM bicarbonate, respectively, as
shown in Table 1, indicating an inhibitory effect of bicarbonate on photolytic degradation of sulfadiazine, which has also
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been reported for photolytic or photocatalytic degradation of
nonylphenol and 2-chlorobiphenyl [32, 33]. Bicarbonate can
act as a scavenger of ∙ OH, the main mechanism of which is as
follows [34]:
HCO3 − + ∙ OH → CO3 −∙ + H2 O

(5)

The radical CO3 −∙ is also an oxidant but less active than ∙ OH
[33, 34]. However, although less reactive, radicals generated in
such ways may be more persistent in natural environment and
help the slow but sustained removal of pollutants. For example, Schwarzenbach et al. [35] argued that concentrations of
steady-state CO3 −∙ in sunlit surface water were estimated to
be two orders higher than that of ∙ OH radicals, which also
plays an important role in removal of environmental organic
chemicals, especially pollutants.
All rate constants in the presence of bicarbonate were
lower than those in the presence of sulfate, suggesting that
bicarbonate has a higher quenching effect on hydroxyl radical
than sulfate. However, the least bicarbonate addition in this
study resulted in the lowest rate constant. Although most
studies demonstrated that the rate constant decreased with
increasing concentration of bicarbonate [36, 37], as expected
from the scavenging mechanism, some different phenomena
were also reported in some studies. Zhang et al. [38] found
that the photodegradation rate of reactive brilliant orange KR catalyzed by P25 TiO2 decreased significantly when the
conductivity increased from 0.5 to 3.1 or 12.3 mS⋅cm−1 owing
to the existence of bicarbonate but did not further decrease
significantly when the conductivity arrived at 24.1 mS⋅cm−1
or at 47.2 mS⋅cm−1 . The results might imply that increasing
bicarbonate amounts generated more carbonate radicals
which compensate the loss of the hydroxyl radicals, since
both sulfur atom and benzene ring exist commonly in the
molecular structure of sulfadiazine and reactive brilliant
orange K-R [38]. This might explain the less extent inhibition
of higher levels of bicarbonate observed in our study.
3.6. Effects of pH Value. As shown in Table 1, the initial pH
4.52 resulted in lowest 𝑘 of 0.046 (𝑅2 = 0.91), while at
pH 6.98 and pH 8.20 𝑘 was 0.065 (𝑅2 = 0.98) and 0.057
(𝑅2 = 0.94), respectively. Sulfadiazine can be dissociated
to both cationic and anionic forms with 𝑝𝐾𝑎 values of 1.57
and 6.50, respectively [39]. In our study, sulfadiazine existed
mostly as neutral and anionic forms at pH 4.52 and pH 8.20,
respectively, and as a mixture of both species but dominated
by the anionic form, at pH 6.98. Therefore, different reaction
rates of ∙ OH with various existence form of sulfadiazine may
be one explanation for the lower rate constant under pH 4.52.
However, the discrepancy was not significant, suggesting
that the solution acidity played a less important role in this
photodegradation.

4. Conclusions
Sulfadiazine was photolyzed at a high rate by irradiation of
UV 365 nm (300 W), with a half-life of 9.76 min as air was
introduced in. The existence of nitrogen, SO4 2− , HCO3 − , and
NO2 − inhibited this reaction, while H2 O2 , NO3 − enhanced

the reaction rate. The neutral pH value was most beneficial for
this photolytic reaction. These phenomena suggest that this
reaction is possibly mediated mainly by hydroxyl radicals.
Results of this study will also provide valuable reference for
the design and running of the system of pretreatment by UV
photodegradation of such chemicals.
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Controlled irrigation and drainage (CID) has received attention for improving water quality. Under CID condition, water stress
is frequently experienced in two contexts: first drought and then flooding (FDTF) and first flooding and then drought (FFTD).
This study aimed to investigate the effects of FDTF and FFTD on nitrogen (N) and phosphorus (P) dynamics in paddy water at
different growth stages. The effects of water stress on the migration and transformation of N and P were also investigated. Results
showed that CID can decrease N and P concentrations in surface water. NH4 + -N was the major form of N in surface drainage
and percolation water. Mean total phosphorus (TP), NH4 + -N, and NO3 − -N concentrations were significantly higher than in FFTD
during the growth stage. Mean NH4 + -N, NO3 − -N, and TP concentrations were significantly higher in percolation water under
flooding stress than those under drought stress at growth stage, except for mean TP concentrations at milky stage (stage IV).
Meanwhile, flooding can sharply increase the NH4 + -N, NO3 − -N, and TP concentrations in percolation water after drought. Thus,
without CID, the considerably high NH4 + -N, NO3 − -N, and TP concentrations via runoff and leaching can be responsible for the
eutrophication of water bodies in the vicinity of paddy fields during the rice growing season when water stress transforms from
drought into flooding.

1. Introduction
Agricultural nonpoint source pollution is a major environmental issue in many countries with intensive farming
systems [1, 2]. Nitrogen (N) and phosphorus (P) loads from
unmanaged agricultural nonpoint sources [2], such as runoff
and leaching from paddy fields, have been associated with
water body eutrophication of many lakes and streams [3,
4]. Paddy rice is one of the most important food crops in
Southern China [5–7]. The utilization of N is relatively low
in irrigated rice because of rapid N losses through surface
runoff, denitrification, leaching, and ammonia volatilization
[8]. Moreover, irrational drainage shortens the residence time
of water and accelerates the N and P losses [9], resulting in an
increase in N losses from the paddy fields to adjacent waters.
However, P is relatively stable in soils and thus runoff and
leaching are the major routes of excessive P losses [10].

Previous research showed that the total drainage outflow
was a primary factor in N and P losses in paddy fields [11].
Attempts to reduce the nutrient losses in drainage water
have led to the promotion of controlled drainage (CD),
which has shown the best potential for improving water
quality [12–15]. Large amounts of water outputs saved can
be obtained in CD systems [11, 16]. In addition, N and P
concentrations are reduced through crop uptake, nitrification, denitrification, and sediment deposition [14]. However,
water conservation has become a basic national policy in
China given the shortage of water resources [17, 18]. The most
widely promoted water-saving technology for rice so far is
alternate wetting and drying (AWD) [19]. The adoption of
water-saving technologies could alter N and P dynamics and
lower nutrient losses [19, 20]. Peng et al. showed that N and
P losses were reduced with AWD compared to conventional
irrigation under the same N management [18].
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Table 1: Controlled thresholds in different stages for controlled irrigation and drainage (CID) in the year 2015.

Treatments

Tillering stage
(stage I)

Jointing-booting
stage (stage II)

Panicle initiation
stage (stage III)

Milky stage (stage
IV)

Period of water
control

FDTF

−500∼200
−200∼20∼100
−200∼20∼100
−200∼20∼100

−200∼50∼200
−500∼250
−200∼50∼200
−200∼50∼200

−200∼50∼200
−200∼50∼200
−500∼250
−200∼50∼200

−200∼50∼200
−200∼50∼200
−200∼50∼200
−500∼250

Jul. 3–Jul. 12
Jul. 29–Aug. 6
Aug. 24–Sep. 2
Sep. 16–Sep. 25

FFTD

200∼−500
−200∼20∼100
−200∼20∼100
−200∼20∼100

−200∼50∼200
250∼−500
−200∼50∼200
−200∼50∼200

−200∼50∼200
−200∼50∼200
250∼−500
−200∼50∼200

−200∼50∼200
−200∼50∼200
−200∼50∼200
250∼−500

Jul. 3–Jul. 14
Jul. 29–Aug. 7
Aug. 24–Sep. 4
Sep. 16–Sep. 28

Note: −𝐼 mm∼𝐽∼𝐾 mm denotes that water depth was kept between –𝐼 mm and 𝐽 mm at four stages of rice paddies at normal time; the maximum water
height after rainfall for the control is 𝐾 mm. When water level lowered to −𝐼 mm, irrigation water is added until water level reached 𝐽 mm. −𝐻 mm∼𝐿 mm or
𝐿 mm∼−𝐻 mm indicates the controlled thresholds of water level in different stages. The allowable variation of fixed water level was ±5 mm during the period
of implementation; 2 mm water leakage per day was adopted when surface water existed. FDTF indicates first drought and then flooding; FFTD indicates first
flooding and then drought.

Although many studies have investigated migration and
transformation of N and P in paddy fields individually under
AWD and CD [1, 18, 19], only a few studies have focused on
the conjunct influences of CD and AWD on the migration
and transformation of N and P. Controlled irrigation and
drainage (CID) aims to combine the advantages of CD
and AWD. The basic feature of CID is to maintain a high
depth of water so that the drainage water is reduced during
rainy days and used when a certain threshold water table is
reached (a certain degree of drought stress is produced when
soil moisture content is lower than the saturated moisture
content and even field capacity). Thus, paddy fields may
experience frequent episodes of alternate drought and flooding to various degrees under CID condition. The desirable
N and P changes and losses may be different from those
under drought or flooding stress alone. CID practice tends to
result in dramatic changes in the soil physical environment,
including the aerobic and anaerobic transitions [21]. Under
CID condition, water stress may be frequently experienced
in two contexts: first drought and then flooding (FDTF) and
first flooding and then drought (FFTD). The current study
attempts to reveal the N and P dynamics in surface and
percolation water from rice paddies under FDTF and FFTD
conditions, as well as determine the effects of water stress on
the migration and transformation of N and P.

2. Materials and Methods
2.1. Experimental Site and Soil Properties. The experiments
were conducted in specially designed experimental tanks
at the Key Laboratory of Efficient Irrigation-Drainage and
Agricultural Soil-Water Environment in Southern China,
Ministry of Education (Nanjing, latitude 31∘ 57 N, longitude
118∘ 50 E, 144 m above sea level), during the rice growing
season of 2015 (i.e., May to October). The experimental site
experiences a subtropical, humid climate with an annual
mean temperature of 15.4∘ C. The mean annual precipitation
at Nanjing City (located 20 km northeast of the experimental
site) is 1047 mm, with mean annual evaporation of 900 mm.

The air temperature, wind speed and direction, relative
humidity, total solar radiation, and photosynthesis active
radiation were measured at the experimental site using an
automated weather station. Precipitation was measured by
a tipping bucket rain gauge. All meteorological parameters
were stored in a data logger and downloaded weekly via a
computer. The frost-free period lasts for 220 days per year.
The soil in the area is a typical permeable paddy soil, formed
on loess deposits, with loamy clay. A total of 25 fixed tanks
plots were prepared (length × width × depth = 2.5 m × 2 m ×
2 m). The irrigation system is an automatic irrigation system
controlled by the host electromagnetic valve. The soil (0–
30 cm) in tanks with pH of 6.97 contained 2.19% of soil
organic matter, 0.91 g/kg of total nitrogen, 27.65 mg/kg of
available nitrogen, 0.32 g/kg of total phosphorus (TP), and
12.5 mg/kg of available phosphorus.
2.2. Plant Material and Cultivated Practices. Nangeng 9108, a
high-yielding rice variety currently used in local production,
was grown in the paddy tanks. Seedlings were raised in a
seedbed on May 13, 2015, and then transplanted on June 16,
2015, at a hill spacing of 0.2 m × 0.14 m, with three seedlings
per hill. A week before transplanting, the experimental plots
were dry-ploughed and harrowed. The soil was soaked a day
before transplanting and then flooded for about a week with a
2-3 cm water layer to promote good crop establishment. The
basal fertilizer was the compound fertilizer (N : P2 O5 : K2 O,
15 : 15 : 15) and 900 kg/ha was applied on June 13, 2015. The
tillering fertilizer was urea (with a nitrogen content of 46.4%),
and 100 kg/ha was applied on June 28, 2015. The panicle
fertilizer was also urea (with a nitrogen content of 46.4%),
and 50 kg/ha was applied on August 18, 2015. The weed was
controlled manually and pesticides were applied occasionally.
2.3. Experimental Design. Eight CID treatments were
designed for the experiment (Table 1). According to the
characteristics of rice growth stage, we chose tillering stage
(stage I), jointing and booting stage (stage II), heading and
flowering stage (stage III), and milky stage (stage IV) for
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Table 2: Mean TP, NH4 + -N, and NO3 − -N concentrations in surface water at different stages.
Form of N and P
(mg⋅L−1 )

Treatments

Tillering stage
(stage I)

Jointing-booting
stage (stage II)

Panicle initiation
stage (stage III)

Milky stage (stage
IV)

NH4 + -N

FFTD
FDTF

6.20a
7.27b

2.59a
3.31b

4.82a
5.62b

1.53a
1.93b

NO3 − -N

FFTD
FDTF

2.01a
3.14b

1.31a
2.07b

2.04a
2.63b

0.88a
1.23b

TP

FFTD
FDTF

0.16a
0.25b

0.10a
0.16b

0.06a
0.96b

0.03a
0.47b

Note: mean values in the same row followed by the same letter show nonsignificant difference. FDTF indicates first drought and then flooding; FFTD indicates
first flooding and then drought.

the experiments under different irrigation and drainage
conditions. Treatments were set up in the paddy tanks with
closed bottoms; each treatment had three replicates. For the
FDTF treatments, rice experienced drought stress at first, and
when the field water level dropped to the lower limit at the
beginning of growth stage, irrigation water was added with
an automatic irrigation system until the upper water level
limit was reached; the field surface water was then drained to
the maximum water level at normal time after 5 days. For the
FFTD treatments, rice experienced flooding stress at first,
and irrigation water was immediately added to the upper
water level limit at the beginning of growth stage; the field
surface water was then drained until there was no surface
water after 5 days, and when the field water level dropped to
the lower limit at the beginning of growth stage, irrigation
water was added until the maximum water level at normal
time was reached. The water level management complying
with the shallow and wetting irrigation requirement was
conducted on other days of each stage.
2.4. Sample Collection and Measurement. Field water depth
was observed at nine o’clock by a ruler. When the minimum
level was reached, the system would irrigate until water
level reached maximum level. Similarly, when water level
exceeded maximum because of rainfall, the drainage volume
was subsequently calculated by counting the number of
opened solenoid valves and stored by a data logger. Water
samples were collected in polyethylene bottles for three
times during the submergence period. The surface water was
collected using 50 mL syringes (without disturbing the soil
and selecting the top surface water randomly); all bottles
were rinsed before appropriate amount of water sample was
obtained. An underground drainage pipe was installed at
the bottom of the tanks (the distance between underground
outlet and field surface is 1.5 m). The collection time of
percolation water was in accordance with surface water. As
there was no surface water in field, the percolation water was
collected when the water level reached 0 mm, −250 mm, and
−500 mm. Ammonia nitrogen (NH4 + -N), nitrate nitrogen
(NO3 − -N), and TP in the water samples were analyzed by
the indophenol blue, disulfonic acid phenol, and ammonium
molybdate methods using a UV-2800 spectrophotometer.
2.5. Statistical Analysis. A randomized complete block design
with three replications was employed. Treatment effects were

analyzed using SPSS software version 19.0. 𝑡-tests at 𝑃 ≤ 0.05
were used to calculate the difference of mean concentrations
in surface water among different treatments. Significance was
calculated based on least significant difference (LSD) test at
𝑃 ≤ 0.05, except when 𝑡-tests were used.

3. Results
3.1. Change of NH4 + -N Concentration. NH4 + -N concentrations over the study period are shown in Figure 1. NH4 + -N
concentrations reduced with the time of flooding in FFTD
and FDTF surface water at each stage. Compared with the
first day of flooding at each stage, the NH4 + -N concentrations
for the FFTD surface water were decreased by 50.9%, 42.2%,
54.74%, and 42.1% at the end of flooding; the NH4 + -N
concentrations for the FDTF surface water were decreased by
55.2%, 53.1%, 51.0%, and 32.5%. The mean NH4 + -N concentrations in FFTD surface water were significantly higher than
those in FDTF surface water at each stage (Table 2).
First, NH4 + -N concentrations in the FFTD percolation
water were reduced with time during the study period and
then stabilized at each stage. The NH4 + -N concentrations
in FDTF percolation water reached the maximum on the
first day of flooding at each stage. Moreover, the maximum
of NH4 + -N concentrations in FDTF percolation water was
significantly higher than that at the water level of −500 mm.
Compared with the first day of flooding at each stage, the
NH4 + -N concentrations for the FFTD percolation water
were decreased by 22.9%, 49.8%, 65.7%, and 21.1% at the
end of flooding; the NH4 + -N concentrations for the FDTF
percolation water were decreased by 37.4%, 55.6%, 61.8%,
and 36.3%. During the time of flooding, the mean NH4 + -N
concentrations in FDTF percolation water were significantly
higher than those in FFTD percolation water at each stage
(Table 3). For the FFTD and FDTF treatments, the mean
NH4 + -N concentrations in percolation water under flooding
condition were significantly higher than those under drought
condition at each stage (Table 3).
3.2. Change of NO3 − -N Concentration. The dynamics of
change of NO3 − -N concentrations in water at the four stages
is shown in Figure 2. In addition to FDTF surface water
at stage IV, the NO3 − -N concentrations reduced with the
time of flooding in surface water at each stage. In stage IV,
the maximum of NO3 − -N concentrations in FDTF surface
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Figure 1: Change of NH4 + -N concentration at each stage. FDTF indicates first drought and then flooding; FFTD indicates first flooding and
then drought. 1st, 2nd, and 3rd indicate the concentration on the first, third, and fifth day of flooding for the FFTD treatments and at the
water level of 0 mm, −250 mm, and −500 mm for the FDTF treatments. 4th, 5th, and 6th indicate the concentration on the first, third, and
fifth day of flooding for the FDTF treatments and at the water level of 0 mm, −250 mm, and −500 mm for the FFTD treatments. Vertical bars
represent standard error of the mean.

Table 3: Mean TP, NH4 + -N, and NO3 − -N concentrations in percolation water at different stages during the time of flooding and drought.
Form of N and P
(mg⋅L−1 )

Treatments

Tillering stage (stage
I)
Flooding
Drought
b

c

Time
Jointing-booting stage
(stage II)
Flooding
Drought
b

c

Panicle initiation
stage (stage III)
Flooding
Drought
b

d

Milky stage (stage IV)
Flooding
b

Drought

NH4 + -N

FFTD
FDTF

5.17
6.18a

4.01
3.83c

1.24
1.69a

0.83
1.07c

2.34
3.01a

0.88
1.60c

0.92
1.10a

0.77c
0.61c

NO3 − -N

FFTD
FDTF

1.72b
2.43a

1.17c
1.53c

0.83b
1.10a

0.39c
0.86b

1.33b
1.78a

0.79c
1.35b

0.51a
0.57a

0.34b
0.26b

TP

FFTD
FDTF

0.088b
0.106a

0.056c
0.066c

0.055b
0.101a

0.038c
0.034c

0.046b
0.064a

0.036c
0.034c

0.032a
0.039a

0.035a
0.040a

Note: mean values in the same row followed by the same letter show nonsignificant difference. FDTF indicates first drought and then flooding; FFTD indicates
first flooding and then drought.
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Figure 2: Change of NO3 − -N concentration at each stage. FDTF indicates first drought and then flooding; FFTD indicates first flooding and
then drought. 1st, 2nd, and 3rd indicate the concentration on the first, third, and fifth day of flooding for the FFTD treatments and at the
water level of 0 mm, −250 mm, and −500 mm for the FDTF treatments. 4th, 5th, and 6th indicate the concentration on the first, third, and
fifth day of flooding for the FDTF treatments and at the water level of 0 mm, −250 mm, and −500 mm for the FFTD treatments. Vertical bars
represent standard error of the mean.

water was observed on the third day after flooding. Compared
with the first day of flooding at each stage, the NO3 − -N
concentrations for the FFTD surface water were decreased
by 35.1%, 62.2%, 62.1%, and 16.4% at the end of flooding;
the NO3 − -N concentrations for the FDTF surface water
were decreased by 38.8%, 52.2%, 40.4%, and 26.9%. The
mean NO3 − -N concentrations in FDTF surface water were
significantly higher than those in FFTD surface water at each
stage (Table 2).
The NO3 − -N concentrations reached the peak value on
the third day of flooding in FFTD percolation water at stage
I. The NO3 − -N concentrations showed a declining trend and
then fluctuated slightly in FFTD percolation water during
the growth stage, except at stage I. For the FDTF treatments,
the NO3 − -N concentrations in percolation water showed
a rising trend at first and then a decrease at stage I; the
NO3 − -N concentrations fluctuated in other stages. Moreover,
the NO3 − -N concentrations on the first day of flooding
in FDTF percolation water at each stage were significantly

higher than that at the water level of −500 mm. Compared
with the first day of flooding at each stage, the NO3 − -N concentrations for the FFTD percolation water were decreased
by 38.7%, 37.8%, 32.8%, and 17.8% at the end of flooding;
the NO3 − -N concentrations for the FDTF percolation water
were decreased by 25.3%, 67.4%, 63.4%, and 23.0%. During
the time of flooding, the mean NO3 − -N concentrations in
FDTF percolation water were significantly higher than that in
FFTD percolation water at each stage (Table 3). For the FFTD
and FDTF treatments, the mean NO3 − -N concentrations in
percolation water under flooding condition were significantly
higher than that under drought condition during the growth
stage, except at stage IV (Table 3).
3.3. The Change of TP Concentrations. The dynamics of
change of TP concentrations in water at the four stages is
shown in Figure 3. TP concentrations in FFTD and FDTF
surface water reduced with the time of flooding at each stage.
Compared with the first day of flooding at each stage, the TP
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Figure 3: Change of TP concentration at each stage. FDTF indicates first drought and then flooding; FFTD indicates first flooding and then
drought. 1st, 2nd, and 3rd indicate the concentration on the first, third, and fifth day of flooding for the FFTD treatments and at the water
level of 0 mm, −250 mm, and −500 mm for the FDTF treatments. 4th, 5th, and 6th indicate the concentration on the first, third, and fifth day
of flooding for the FDTF treatments and at the water level of 0 mm, −250 mm, and −500 mm for the FFTD treatments. Vertical bars represent
standard error of the mean.

concentrations for the FFTD surface water were decreased
by 31.8%, 55.0%, 62.9%, and 49.9% at the end of flooding;
the TP concentrations for the FDTF surface water were
decreased by 32.6%, 54.6%, 66.5%, and 48.4%. The mean
TP concentrations in FDTF surface water were significantly
higher than those in FFTD surface water at each stage, except
at stage IV (Table 2).
The TP concentrations fluctuated widely in percolation
water at each stage. In FDTF percolation water, the TP
concentrations reached the maximum on the third day of
flooding and then declined at stages II and III. The TP concentrations in percolation water decreased with time in the
other stages. Compared with the first day of flooding at each
stage, the TP concentrations for the FFTD percolation water
were decreased by 44.8%, 28.4%, 27.7%, and 30.3% at the end
of flooding; the TP concentrations for the FDTF percolation
water were decreased by 59.4%, 6.7%, 13.3%, and 33.2%.
During the time of flooding, the mean TP concentrations
in FDTF percolation water were significantly higher than
that in FFTD percolation water at each stage, except at stage

IV (Table 3). Moreover, mean TP concentrations in FDTF
and FFTD percolation waters under flooding condition were
significantly higher than that under drought condition at each
stage, except at stage IV (Table 3).

4. Discussion
4.1. Impact of CID on NH4 + -N and NO3 − -N Concentrations
in Surface Water. The NH4 + -N and NO3 − -N concentrations
were clearly affected by the duration of flooding (Figures
1 and 2). NH4 + -N and NO3 − -N concentrations change
continuously according to biochemical reactions involved,
and the rates of these reactions correlate with the water
depth [22]. With the microbial interactions, soil particles
sedimentation, and plant uptake, implementation of CID can
significantly decrease NH4 + -N and NO3 − -N concentrations
in surface water in this study. Shao et al. reported that CID
could decrease water flow [23]. Thus, the decrease in losses
of NH4 + -N and NO3 − -N by CID implementation is not only
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associated with runoff volume but also related to NH4 + -N
and NO3 − -N concentrations. During prolonged flooding,
biological denitrification is strengthened and nitrification
is suppressed in low-oxygen environments [24]. NH4 + -N
is the stable component of N in paddy water [1, 7], and
thus NH4 + -N is the dominant form of N runoff. Similar
results were also found in paddy soil in Southern China
[5, 25]. Low water availability can inhibit microbial activity by lowering intracellular water potential and reducing
hydration and activity of enzymes in soil [26], resulting in
the accumulation of inorganic N under drought conditions.
Meanwhile, reflooding a dry soil promotes N mineralization
[27]. The amount of N tied up in bacterial osmolytes may
be metabolized on reflooding, initially producing a pulse
of dissolved organic N that may then be mineralized and
nitrified [28]. Therefore, CID may be a useful strategy to
control N runoff when paddy fields are flooded after drought.
Careful consideration must be given to the NH4 + -N and
NO3 − -N runoff concentration when water stress transforms
from drought to flooding.
4.2. Impact of CID on NH4 + -N and NO3 − -N Concentrations in
Percolation Water. N leaching may be affected by soil properties, water management, and crop growth. Surface subsidence
and cracks formed in soil because of drought influence soil
structure and quality. Water is quickly percolated when the
soil is reflooded after drought, and nutrients through the
cracks preferentially migrate into the subsoil [29, 30]. As
a result, flooding can sharply increase the NH4 + -N and
NO3 − -N concentrations in leachates after drought. Moreover,
the mean NH4 + -N and NO3 − -N concentrations were significantly higher in percolation water under flooding stress
than those under drought stress during the growth stage.
In general, NO3 − -N leaching is more likely to occur than
NH4 + -N leaching because of soil adsorption of NH4 + -N
and the migration distance of NH4 + -N in soil is very short
[18, 31, 32]. However, the current study found significantly
higher NH4 + -N than NO3 − -N concentrations in percolation
water. This finding may be due to long-term flooding,
confined process of nitrification, and intense denitrification.
In addition, the soil was maintained in a reduced state
because of the outlet below shallow groundwater table in the
experimental field during the time of drought [10], resulting
in lack of oxygen. Moreover, a majority of NH4 + -N in the
percolation water from paddy fields also may come from the
slow mineralization and decomposition of organic N in the
subsoil [18].
4.3. Impact of CID on TP Concentrations. The mobility and
transfer of P in paddy soil-water can be affected by flooding,
resulting in changes of P concentrations in the field surface
water. Moreover, the particles in topsoil are disturbed by
irrigation, thereby inducing release and suspension of P.
In this experiment, we observed that TP concentrations
in surface water followed a decreasing trend during the
time of flooding, which was consistent with the research of
Zhang et al. [33]. In addition, the mean TP concentrations
in FDTF surface water were significantly higher than that
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in FDTF (Table 2), because the environment of FDTF has
obviously improved the effectiveness of soil P and promoted
the transformation of insoluble P into available P [34].
Soils generally have a strong adsorption capacity of P in
paddy fields [35], and thus P leaching can be ignored [36].
However, several studies have reported that P leaching is a
main reason for water eutrophication [10, 18]. Water is the
medium of P leaching, which is closely related to field water
table management in paddy soil. Certain amount of P in
percolation water directly comes from downward migration
of P in surface water and is positively correlated with P
concentrations in surface water. Changes in P concentrations
are often attributed to high water tables resulting from
flooding, which promotes anaerobic conditions. Anaerobic
soil conditions can increase the solubility and mobility of
P [13]. Moreover, anaerobic conditions created by flooding
water may increase the release of P to the soil solution
because of the reduction of Fe3+ to Fe2+ [37]. As a result,
the mean TP concentrations were significantly higher in
percolation water under flooding stress than under drought
stress during the growth stage, except at stage IV. Similar
results in paddy soil in Southern China were also reported
[38]. In early period of flooding after drought, high TP
concentrations favor eutrophication because of the presence
of cracks in the soil, thereby allowing TP to leach more
easily through preferential flow. For paddy fields flooded after
drought, soils become reduced because of the decrease in
oxygen, and TP concentrations are increased continuously
in the early period of flooding. As a result, P solubility
and extractability in FDTF condition were relatively higher
than those in FFTD, thereby increasing the risk of TP
leaching.

5. Conclusions
Field experiments conducted in Southern China indicated
that CID implementation increased the N and P use efficiencies via the reduction of N and P concentrations in surface
and percolation water. NH4 + -N and NO3 − -N concentrations
decreased with the duration of flooding in the four stages but
differed considerably among the treatments. NH4 + -N was the
major form of N in surface drainage and percolation water.
The TP concentration in surface water followed a decreasing
trend during the time of flooding. Compared with FFTD, the
mean NH4 + -N, NO3 − -N, and TP concentrations were significantly higher in FDTF surface water at each stage. Moreover,
the mean NH4 + -N, NO3 − -N, and TP concentrations were
significantly higher in percolation water under flooding stress
than those under drought stress during the growth stage,
except for the mean TP concentration at stage IV. Flooding
after drought can sharply increase the NH4 + -N, NO3 − -N, and
TP concentrations in leachates. High NH4 + -N, NO3 − -N, and
TP concentrations via runoff and leaching were an important
cause of water eutrophication in paddy fields during the
rice growing season. Thus, CID should be implemented
to control the high concentrations of NH4 + -N, NO3 − -N,
and TP when water stress transforms from drought to
flooding.

8

Journal of Chemistry

Abbreviations
CID:
CD:
AWD:
FDTF:
FFTD:
N:
P:
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Controlled irrigation and drainage
Controlled drainage
Alternate wetting and drying
First drought and then flooding
First flooding and then drought
Nitrogen
Phosphorus
Ammonium nitrogen
Nitrate nitrogen
Total phosphorus
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Heading and flowering stage
Milky stage.
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The convenient and feasible pretreatment method of alkali treatment is very common in the degradation process of wheat straw.
However, its utilization in the pretreatment of wheat straw as alternative adsorbents for aqueous heavy metals remediation is rarely
reported. The present study investigated the removal efficiency of Cu(II) ions using wheat straw with alkali pretreatment. The
condition of alkali treatment on wheat straw was optimized with the adsorption capacity of Cu(II) as indicator using single-factor
experiments. The influences of wheat straw dosages, pH values, contact time, and temperatures on adsorption performance for
both untreated wheat straw (UWS) and alkali-treated wheat straw (AWS) were investigated. Results showed that the relatively large
removal rate of Cu(II) could be obtained, and chemical behavior occurred during the adsorption process. Characteristic analysis
found that the major function of alkali treatment to wheat straw was to introduce the hydroxy group, which resulted in the increase
of -C-O- group. Although the adsorption capacity is not as high as the one of ligands supported adsorbents, the method is easy to
operate and has a wide range of application; at the same time, it could realize both purposes of treating heavy metal pollution and
solid wastes.

1. Introduction
Copper (Cu), a redox active mental element, usually exists
as monovalent copper [Cu(I)] or bivalent copper [Cu(II)] in
natural and industrial waters. Cu(I) is commonly found in
the form of cuprous complex ions; when cuprous complex
ions decompose in the acidic environment, the Cu(I) could
change into Cu(II) spontaneously through disproportionation reaction [1]. Sources of copper ion waste include printing
and dyeing industry, electroplating, nonferrous metal mining
and metallurgy, and electronic materials rinse [2, 3]. Copper
ion is well known to be one of the required metal elements
for human body because it is component of hemoglobin
synthesis, affecting endocrine glands function. However,
excess copper ion would damage vital organs such as liver,
kidneys, brain, and stomach and cause serious disease. It was
reported that the safe concentration of Cu(II) on carp was
only 0.7 mg/L in aqueous and the maximum permissible limit
of Cu(II) in drinking water is 1.3 mg/L by WHO [4, 5].

Various methods have been used to treat copper ion
contaminated water, including coprecipitation, adsorption,
electrochemical precipitation, ion exchange, membrane separation, and biological treatment [6]. Among these methods,
adsorption in ion exchange and complexation with high
sorption efficiency is considered as one of the most effective
techniques based on easy recovery of metals and the possibility to reuse the adsorbent [7, 8]. A wide range of adsorbents including resin, clay, activated carbon, and synthetic
mesoporous organosilicas have been extensively used for
Cu(II) ion removal [9–11]. In addition, many nanomaterials
such as graphene or graphene oxide, carbon nanotubes,
nanoparticles, biosorbents, polymers, and porous- or layerstructured minerals are developed for metal metal removal
efficiency due to high s/v ratios [12–14]. Therein, the ligand
based nanoporous materials with high surface area and large
pore volume have advantages in the field of metal adsorption
and separation in second generation solid-liquid processes
[15, 16]. Awual et al. prepared various ligand based materials
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for metal ions detection and removal, and the nanomaterials
were exhibited intrinsic properties from the stand point
sensitivity and selectivity as well as excellent adsorption
capacity [17–20]; at the same time, the limit of metal ions
detection was calculated to be 0.15 𝜇g/L, and the methods is
obviously much simpler and greener than some conventional
comprising multistep processes [21, 22].
Besides the above adsorbents, there is one kind of adsorbent derived from biomass, especially agricultural residues
because natural cellulose inside has better hydrophily and
porous structure [23]. One advantage of this kind of adsorbent is that it comes from recycled waste resources, and
the measure could play a role of killing two birds with
one stone, so it is attracting some interests [24]. As the
best-known agricultural residues, the straw and stalks have
been chosen to adsorb various harmful heavy metals and
organic wastes by more and more researchers in recent years.
The adsorbate removal rates of raw straw and stalks were
just around 20%∼40% [25, 26]. In order to improve the
adsorption efficiency, the modification of straw and stalks
has become the key point. In fact, pretreatment has been
the key challenge in the field of straw and stalks application
for a long time, and a wide variety of methods have been
studied including physical pretreatment such as ammonia
explosion, steam explosion, and ultrasonic or microwave
treatment; chemical pretreatment such as the use of acid and
alkali, zinc chloride, and amine; and biological pretreatment
[27]. When it comes to modification of straw and stalks for
adsorption, most methods were focused on the preparation
of biochar by high temperatures pyrolysis or cationic/anion
adsorbent through chemical reactions such as esterification,
oxidation, graft copolymerization, and cross linking reaction,
which could enhance the adsorption capacity by introducing
some special functional groups such as amine groups and
carboxyl groups to straw and stalks [28, 29]. For example,
Gong et al. utilized esterifying mercaptoacetic acid to prepare
thiol wheat straw for the removal of Hg(II) [30], and Chen et
al. used diethylenetriamine as modifying agent to react with
corn stalks in the presence of DMF to improve adsorbent
ability [31]. Alkali treatment is the most common method
in the pretreatment of cellulose, and many studies showed
that it could increase the reaction sites and improve the
swelling capacity [32, 33]. What is more important is that
the alkali treatment of straw and stalks is convenient and
feasible. Weng et al. utilized pressure steam and base (NaOH)
to treat black tea power for the removal of Cu(II) and the
maximum adsorption capacity of 43.18 mg/g at pH 4.4 while
a nearly 90% Cu removal after 10 min of contact period was
obtained [34]. And Sun et al. used KOH modified hydrochars
from different feedstocks for enhanced removal of heavy
metals from water, and the increased cadmium sorption
capacity of 30.40–40.78 mg/g compared to that of unmodified
hydrochars of 13.92–14.52 mg/g was obtained [35]. However,
there was little research about the alkali treatment directly on
the straw and stalks for the adsorption effects of heavy metals.
In this paper sodium hydroxide was used to treat wheat
straw directly to absorb Cu(II). Factors such as the concentration of NaOH, wheat straw dosage, pH values, and temperature were investigated and made a comparison between UWS

Journal of Chemistry
and AWS. The potential use of this modified wheat straw in
the adsorption of Cu(II) was investigated under kinetic and
equilibrium conditions. The rate of adsorption, adsorption
capacity, and adsorption mechanism of Cu(II) adsorption
onto AWS were determined by a number of kinetic and
adsorption isotherm models. The thermodynamic parameters were also used to detect the adsorption behavior. At
the same time, scanning electron micrographs (SEM) and
Fourier transform infrared spectroscopy (FTIR) were utilized
for identifying the characteristics of Cu(II) adsorption onto
AWS.

2. Materials and Methods
2.1. Materials. The raw wheat straw was collected from the
suburb of Zhengzhou city, China. The materials were washed
and soaked with deionized water and then dried at 80∘ C
for 24 h. After that they were ground and passed 40-mesh
screen. The sieved wheat straw was immersed in the solution
of NaOH for some time and then the product was washed
with 1% HCl and deionized water until the eluent reached
neutral followed by drying at 80∘ C for 24 h, passing 40-mesh
screen again. The final AWS was stored in a desiccator for
further use in all the experiments.
All the primary chemicals used in this study were analytical grade and used without further purification. The stock
solution of 1000 mg/L Cu(II) was prepared by dissolving 2.5 g
anhydrous cupric sulfate in 1000 mL deionized water. All
required concentrations were prepared by diluting the stock
standard solution.
2.2. The Adsorption Experiments of Cu(II). Adsorption
experiments were performed by the batch method, in which
a given dosage of UWS/AWS was taken into 100 mL conical
flask with 50 mL solution of known Cu(II) concentration. The
flasks were shaken in a thermostatic box at a rate of 150 rpm
for certain time. The temperature was kept within ±1∘ C of
the desired values in all the experiments. After equilibrium,
the samples were withdrawn and filtered through a 0.45 𝜇m
membrane filter. The Cu(II) ions in the filtrate were measured
using an atomic absorption spectrophotometer (WFX-110A)
[40]. The experimental procedure conducted for studying
kinetics of Cu(II) adsorption was the same as described
above except the different contacting time intervals. Each
batch experiment was conducted in triplicate, and the average
values were taken in the data analysis.
The adsorption capacity at any time (𝑞𝑡 ) and removal rate
(Re) were calculated by the following equations:
𝑞𝑡 =

(𝐶0 − 𝐶𝑡 ) 𝑉
𝑀

(𝐶 − 𝐶𝑡 )
Re = 0
× 100%,
𝐶0

(1)

where 𝐶0 (mg/L) is the initial concentration of Cu(II) in
solution, 𝐶𝑡 (mg/L) is the concentration of Cu(II) in solution
at the time of 𝑡, 𝑉 (L) is the volume of solution, and 𝑀 (g) is
the mass of adsorbent.
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Figure 1: Effect of NaOH concentration (conditions: adsorbent
dose = 5 g/L, adsorbate conc. = 20 mg/L, pH = 5, contact time = 6 h,
temp. = 25 ± 1∘ C, and stirring rate = 150 rpm).
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3.2. The Effect of NaOH Operation Time onto Wheat Straw
for Cu(II) Removal. The modified conditions of NaOH operation time onto wheat straw for maximal Cu(II) removal
were investigated and the results were shown in Figure 2.
It could be seen from Figure 2 that the Cu(II) removal rate
improved a little when NaOH operation time changed from
3 h to 24 h and the data was from 83.5% to 93.4%, respectively.
When it increased continually to 48 h, the Cu(II) removal rate
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Figure 2: Effect of NaOH operation time (conditions: adsorbent
dose = 5 g/L, adsorbate conc. = 20 mg/L, pH = 5, contact time = 6 h,
temp. = 25 ± 1∘ C, and stirring rate = 150 rpm).
100
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3.1. The Effect of NaOH Concentration onto Wheat Straw
for Cu(II) Removal. The modified conditions of NaOH concentration onto wheat straw for maximal Cu(II) removal
were investigated and the results were shown in Figure 1. In
Figure 1, raw wheat straw was modified by different concentrations of NaOH for 24 h firstly; after the product was washed
and dried, experiments were carried out in 250 mL flask with
the obtained AWS dosages of 5 g/L, Cu(II) concentration
of 20 mg/L, pH values of 5.0, temperature of 25 ± 1∘ C,
and shaking speed of 150 rpm. As shown in Figure 1, when
NaOH concentration was zero, that is, the untreated wheat
straw (UWS), the Cu(II) removal rate was just 54.0%. When
wheat straw was treated with 1% NaOH, it grew to 79.6%.
The peak value of 91.5% appeared at NaOH concentration
of 4%. After that, as NaOH concentration increased from
5% to 40%, the Cu(II) removal rate decreased gradually
from 88.5% to 79.4%. When NaOH concentration continually
increased to 50%, the Cu(II) removal rate of 72.8% appeared
a relatively large drop. The reason for the decreased Cu(II)
removal rate at high NaOH concentration should be that
the massive NaOH resulted in violent hydrolysis of wheat
straw, and the important adsorption component of cellulose
in wheat straw was decomposed [41]. The result of optimal
NaOH concentration of 4% was in accordance with the
result in literature by the cooperative group of Barman et
al. where 2% NaOH was supposed to be effective for reed
straw pretreatment for structural changes [38], and the little
difference came from the different straws.
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Figure 3: Effect of wheat stalks dosage (conditions: adsorbate
conc. = 20 mg/L, pH = 5, contact time = 6 h, temp. = 25 ± 1∘ C, and
stirring rate = 150 rpm).

decreased a little. So the NaOH operation time on wheat straw
should be no more than 24 h. And it could be found that the
Cu(II) removal rate of wheat straw depended more on the
NaOH concentration than on the NaOH operation time.
3.3. Effect of Adsorption Conditions on Wheat Straw for Cu(II)
Removal. A series of adsorption conditions were studied to
find the maximal potential of wheat straw for Cu(II) removal
and the results were shown below.
3.3.1. Effect of Wheat Straw Dosages on Cu(II) Removal. The
effect of UWS and AWS dosages on the adsorption of Cu(II)
was shown in Figure 3. When the adsorbent concentration
increased from 0.5 to 5 g/L, the Cu(II) removal rate of
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Figure 4: Effect of initial and systematic pH (conditions: adsorbent dose = 5 g/L, adsorbate conc. = 20 mg/L, contact time = 6 h, temp. =
25 ± 1∘ C, and stirring rate = 150 rpm).

AWS increased significantly from 15.6% to 92.7% while the
one of UWS was from 10.3% to 45.2%. After the critical
dosage of 5 g/L, the Cu(II) removal rate increased very
gently. Considering the inverse relationship of adsorption
rate and adsorption capacity [42], the dosage of 5 g/L was
chosen for later studies on Cu(II) removal. And the similar
growth trends for both UWS and AWS implied that NaOH
modification did not denature the wheat straw but just
increased the reactions sites [34, 43].
3.3.2. Effect of Adsorption pH on Cu(II) Removal. The adsorption pH here was investigated through two ways. Figure 4(a)
showed the effect of initial pH values on the adsorption
of Cu(II) with both UWS and AWS, and in Figure 4(b)
the system pH was adjusted to maintain a fixed value. In
Figure 4(a), when the initial pH increased from 2.0 to 4.0,
the Cu(II) removal rate of AWS increased significantly from
4.9% to 92.9% while that of UWS was from 1.1% to 43.9%.
When the initial pH continually increased to 5.0 and 6.0, the
Cu(II) removal rate improved very gently and the values of
AWS were 94.4% and 95.1%, respectively, while those of UWS
were 48.8% and 52.7%, respectively. In Figure 4(b), when the
systematic pH increased from 2.0 to 6.0, the Cu(II) removal
rate of AWS increased significantly from 4.6% to 92.4% while
that of UWS was from 1.1% to 71.7%. When the system pH
continually increased to 10.0, the Cu(II) removal rate of AWS
was 95.6% while that of UWS was 81.2%, which was caused by
adsorption and chemical precipitation. When the pH value
is too high, the solution has the colloidal state and is not

easy for solid-liquid separation; at the same time it is not
conducive to the regeneration of the adsorbent. According to
precipitation calculation, the precipitation reaction of Cu(II)
could happen when the pH value increased to 6.13 at Cu(II)
concentration of 20 mg/L, so the Cu(II) removal rate rose
greatly when system pH was beyond 6.0. It also could be
found that the alkali treatment could observably enhance
the adsorption capacity of wheat straw for the adsorption of
Cu(II) even in the case of precipitation. However, in order
to find the adsorption efficiency of alkali treatment on wheat
straw for Cu(II) adsorption, the system pH value of 5.0 was
chosen because it not only was close to the natural pH but
also could eliminate the influence of precipitation.
3.3.3. Effect of Contact Time and Initial Concentration on
Cu(II) Removal. The effect of contact time on the removal
capacity of Cu(II) at various initial concentrations was
described in Figure 5. As shown in Figure 5, the adsorption
of Cu(II) was rapid initially and then slowed down till the
attainment of equilibrium, and the slope reduced gradually
when initial concentrations of Cu(II) increased from 5 mg/L
to 50 mg/L. The equilibrium time was around 20 min for all
of concentrations. The relatively fast adsorption of Cu(II) on
the AWS probably reflected high accessibility of the Cu(II)
ions to the active sites in the AWS. The percentage uptake
of Cu(II) increased from 91.8% to 94.1% when initial Cu(II)
concentrations increased from 5 mg/L to 10 mg/L. However,
when initial Cu(II) concentrations improved continually to
the data of 20 mg/L and 50 mg/L, the Cu(II) removal rates
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Table 1: Isotherm parameters obtained for the adsorption of Cu(II)
onto wheat straw at different initial concentrations and temperature.
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Figure 5: Effect of initial concentration and contact time on Cu(II)
adsorption (conditions: adsorbent dose = 5 g/L, pH = 5, temp. = 25±
1∘ C, and stirring rate = 150 rpm).

decreased to the data of 82.5% and 63.6%, respectively. The
situation was expected because the total available adsorption
sites were limited for the fixed adsorbent dosage [44].
3.4. Adsorption Isotherms. In order to find the optimal design
of the adsorption system for the removal of adsorbate, it is
necessary to establish the most appropriate correlation for
the equilibrium data. In the study two important isotherms
equations, namely, Langmuir and and Freundlich isotherms,
were utilized [45, 46]. Langmuir isotherm equation describes
a monolayer adsorption, while Freundlich isotherm equation
describes a multilayer adsorption and their forms were shown
in the following:
Langmuir isotherm 𝑞𝑒 =
Freundlich isotherm 𝑞𝑒 =

𝑞𝑚 𝑘𝐿 𝐶𝑒
1 + 𝑘𝐿 𝐶𝑒

(2)

𝑘𝐹 𝐶𝑒1/𝑛 ,

where 𝑞𝑒 is the amount of the adsorbed adsorbate (mg/g) at
equilibrium, 𝑞𝑚 is the monolayer adsorption capacity of the
adsorbent (mg/g), 𝐶𝑒 is the concentration of adsorbate in the
solution at equilibrium (mg/L), 𝑘𝐿 is the Langmuir isotherm
constant (L/mg) that is related to the adsorption energy, 𝑘𝐹 is
the Freundlich constant, and 1/n is the adsorption intensity.
Figure 6 depicted the experimental equilibrium data and
the fitted equilibrium curve by Langmuir and Freundlich
model for Cu(II) adsorption with UWS and AWS at temperatures of 288 K, 298 K, and 308 K, respectively.
The relative parameters of two equations were listed
in Table 1. It could be seen from Table 1 that 𝑅2 values
for the Cu(II) adsorption using both UWS and AWS with
Freundlich isotherm were higher (𝑅2 > 0.98) than the
Langmuir equation. This result indicated that the Freundlich
isotherm was most favorable for the adsorption of Cu(II) on

288
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9.860

10.111 10.238 10.801 10.589 10.680 10.783
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0.537
0.567
0.992

0.824
0.502
0.995

1.747
0.357
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1.998
0.351
0.984

the wheat straw, so the adsorption was multilayer [47]. And
it also implied that NaOH modification did not denature the
adsorption reaction of wheat straw with Cu(II) in aqueous
solution. As shown in Table 1, Comparing with UWS, the
adsorption capacity (𝑞𝑒,aqu ) of AWS increased to 21.9%, 25.8%,
and 28.3%, respectively, when temperature was 288 K, 298 K,
and 308 K, respectively. The results revealed that the convenient method of alkali treatment was effective in enhancing
the adsorption capacity of wheat straw.
In order to get a further understanding of the adsorption
mechanism, thermodynamic parameters such as free energy
changes (Δ𝐺), enthalpy changes (Δ𝐻), and entropy changes
(Δ𝑆) were calculated and the formulas were listed sequentially
as follows:
𝐶ad,𝑒
𝐶𝑒

(3)

Δ𝐺 = −𝑅𝑇 ln 𝐾𝑐

(4)

Δ𝐺 = Δ𝐻 − 𝑇Δ𝑆,

(5)

𝐾𝑐 =

where 𝐶ad,𝑒 is the concentration of adsorbate on the adsorbent
at equilibrium (mg/L), 𝐶𝑒 is the concentration of adsorbate
in the solution at equilibrium (mg/L), 𝐾𝑐 is the equilibrium
constant, and 𝑅 is the gas constant.
The thermodynamic parameters were shown in Table 2.
Δ𝐺 values for both of UWS and AWS were negative, so the
adsorption of Cu(II) on wheat straw was spontaneous. At
the same time, Δ𝐺 values of Cu(II) adsorption on AWS were
smaller than the ones of Cu(II) adsorption on UWS, which
implied that the alkali treatment enhanced the adsorption
reactions. The positive Δ𝑆 values indicated that the randomness was increased during the adsorption reactions, while the
positive Δ𝐻 values validated that the Cu(II) adsorption on
both UWS and AWS was endothermic.
3.5. Adsorption Kinetics. Adsorption kinetics models were
also utilized to assist in finding the adsorption characteristics.
Two models, namely, pseudo-first-order and pseudo-secondorder models, were applied to obtain the best fitted model for
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Table 2: Thermodynamic parameters for the adsorption of Cu(II).
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Figure 6: Langmuir and Freundlich adsorption isothermal curves of Cu(II) on wheat straw (conditions: adsorbent dose = 5 g/L, contact
time = 6 h, pH = 5, and stirring rate = 150 rpm).

the experimental curve [36, 37], and their forms were shown
as follows:
Pseudo-first-order kinetic model 𝑞𝑡 = 𝑞𝑒 (1 − 𝑒−𝑘1 𝑡 )
Pseudo-second-order kinetic model 𝑞𝑡 =

(6)
𝑘2 𝑞𝑒 2 𝑡
,
(1 + 𝑘2 𝑞𝑒 𝑡)

where 𝑘1 and 𝑘2 are the rate constant of pseudo-first-order
and pseudo-second-order kinetics models, respectively. 𝑞𝑒 is
the equilibrium adsorption capacity (mg/g).
Adsorption kinetics simulation curve was shown in Figure 7; the relative parameters of two equations were presented
in Table 3. It could be seen from Figure 7 that 𝑞𝑒 changed
obviously along with the change of Cu(II) concentrations in
aqueous solutions. And in Table 3 𝑅2 values for the Cu(II)
adsorption on AWS with pseudo-second-order model were
higher (𝑅2 > 0.998) than the pseudo-first-order model,
and 𝑞𝑒 values agreed well with the experimental data 𝑞𝑒,exp ,

which indicated that the pseudo-second-order model was
more suitable for simulation of the adsorption of Cu(II) on
AWS, so chemical behavior occurred during the adsorption
process.
3.6. Characteristics Analysis
3.6.1. SEM Analysis. The surface morphologies of UWS and
AWS were observed using SEM and the pictures were shown
in Figure 8. It could be seen from Figure 8 that the surface
of RWS was incompact and coarse with many small particles
attached, while the surface of AWS was much smoother and
compact, which suggested that the order of cellulose was
improved with alkali pretreatment, so the adsorption reaction
was enhanced. The results were similar with several papers
in which corn stalks were modified by organic reagents or
NaOH [39, 48]. The reason should be that on the surface of
straw and stalks some ash and extractible even amorphous
substances exist which could be removed after the utilization
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Table 3: Kinetic parameters for the adsorption of Cu(II) onto AWS at different initial concentrations.
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Figure 7: Pseudo-first-order and pseudo-second-order adsorption kinetics simulation curve of Cu(II) on AWS (conditions: adsorbent dose
= 5 g/L, pH = 5, temp. = 25 ± 1∘ C, and stirring rate = 150 rpm).

(a)

(b)

Figure 8: SEM of untreated wheat straw (UWS) (a) and alkali-treated wheat straw (AWS) (b).
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Table 4: Comparison of adsorption capacities of wheat straw for
Cu(II) removal.
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Figure 9: FTIR spectra of UWS and AWS and after adsorption of
Cu(II) on AWS (AWS + Cu(II)).

of modifying agents, so the orderly structures of straw and
stalks were revealed which helped the adsorption reactions.
3.6.2. FTIR Analysis. In order to identify the differences
between UWS and AWS, FTIR analysis technique was utilized
to distinguish some main characteristic functional groups in
the absorbent. The infrared spectra of UWS, AWS, and AWS
+ Cu2+ (after adsorption of Cu2+ on AWS) were shown in
Figure 9. In the UWS spectrum, the broad band observed
at 3424.45 cm−1 was the stretching vibration absorption peak
of -OH group. And the adsorption bands at 2918.68 cm−1
and 607.13 cm−1 represented the stretching of C-H group,
while the band at 1733.16 cm−1 belonged to -C=O stretching vibration absorption peak and a little bit wide band
at 1634.48 cm−1 corresponded to the bending vibration of
absorbed water. The band at 1253.53 cm−1 indicated the
antisymmetric stretching vibration absorption peak of -C-Ogroup. And the adsorption band at 897.66 cm−1 represented
the deformation peak of C-H group or bending vibration
peak of -OH group. In the AWS spectrum, compared with
the UWS spectrum, the band at 1733.16 cm−1 caused by
-C=O stretching vibration disappeared, which implied that
the addition reaction maybe occurred in the -C=O group, and
the band at 1253.53 cm−1 caused by -C-O- group decomposed
into two small peaks, which indicated that some substitution
reaction took place on the side chain of -C-O- group [49]. So
it could come to the conclusion that the enhanced adsorption
capacity of wheat straw by alkali treatment resulted from
the increase of ether bond. In the AWS + Cu2+ spectrum,
the shift in the absorption band frequencies was observed,
which suggested that the Cu(II) adsorption corresponded to
the possible presence of functional groups on the absorbent.
The Cu(II)-loaded spectrum further implied that the -C-Ogroup played an important role in the Cu(II) binding. Hence,

it could draw the conclusion that the alkali treatment worked
in the adsorption of wheat straw through the introduction
of hydroxy which resulted in the increase of -C-O- group.
This is in accordance with the conclusions in papers by Weng
and Sun et al. where the hydroxy and oxygen-containing
functional groups were introduced after the modification
methods [34, 35].
3.7. Comparison of Various Treatment Methods of Wheat Straw
for Cu(II) Adsorption. Table 4 demonstrates a comparison
between maximum Cu(II) adsorption capacity by wheat
straw and different pretreatment method from some papers,
and “—” in the table represents that it was not mentioned
in the reference or the wheat straw was untreated. It could
be seen from Table 4 that except the higher 𝑄𝑚 value of
39.17 mg/g obtained from wheat straw with the pretreatment
method of esterification [37], the 𝑄𝑚 of 10.78 mg/g in this
study was just a little lower than the value of 11.82 mg/g
obtained from the paper in which the method of hydrothermal carbonization and 2 N KOH was utilized [35]. In addition, the adsorption capacity increased with the rise of pH
values, this is expected because of the precipitation effect. So
the adsorption capacity obtained in this paper was acceptable,
and because the modification method in this paper was not
as complicated as other papers, and from the perspective of
waste utilization as well as the accessible and feasible method,
this study was meaningful.

4. Conclusions
The optimal alkali treatment conditions and adsorption
conditions of wheat straw were investigated. Results showed
that the optimal NaOH concentration and operation time
were 4% and 24 h, respectively, and the dosage was chosen
for 5 g/L, while the adsorption process was carried out at pH
5.0. The adsorption process of Cu(II) on AWS is fast and the
optimum copper ion adsorption concentration is 10 mg/L.
Freundlich isotherm was the most favorable for the adsorption of Cu(II) on the wheat straw, so the adsorption was
multilayer. Comparing with UWS, the adsorption capacity
of AUS increased to 21.9%, 25.8%, and 28.3%, respectively,
when temperature was 288 K, 298 K, and 308 K. UWS and
AWS adsorption of Cu(II) are a spontaneous exothermic
process. The pseudo-second-order model was more suitable
for simulation the adsorption of Cu(II) on AWS, so chemical
behavior occurred during the adsorption process. Characteristic analysis found that the major function of alkali treatment
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to wheat straw was to introduce the hydroxy group which
resulted in the increase of -C-O- group. And here the alkali
concentration should be no more than 4%, because excess
alkali could decompose the functional groups in wheat straw.
The results implied that the measure of straw returning to
field did have effects on the heavy metal in soil and the
application of alkali to wheat straw would strengthen this
function. The adsorption and desorption of heavy metal by
wheat straw would be the task which needed further study.
In addition, the adsorption effects of alkali treatment wheat
straw on other heavy metals such as Cr, Zn, and Hg as well as
the ions selectivity should also be detected in the future work.
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The unclear environmental performance of nonivamide limits its application as a marine antifoulant. In this study, the natural
degradation of nonivamide was studied in seawater and tap water. The half-life was 5.8 d, 8.8 d, 12.2 d, and 14.7 d in seawater and tap
water in photolysis and biolysis, respectively. Furthermore, the ecotoxicity of nonivamide was assessed using marine microalgae,
Chlorella vulgaris and Platymonas sp.; EC50, 6 d values on the growth of Chlorella vulgaris and Platymonas sp. were 16.9 mg L−1 and
19.21 mg L−1 , respectively. The toxicity and environmental risk of nonivamide on microalgae were significantly decreased due to the
natural degradation in seawater.

1. Introduction
Marine biofouling is caused by the adhesion of barnacles,
macroalgae, and microbial slimes, which is a worldwide problem in marine systems [1, 2]. When fouling organisms attach
to a ship’s hull, the increased hydrodynamic drag results
in decreased speed, higher fuel consumption, and more
frequent removal from service for hull cleaning [3–6]. Marine
paints containing tributyltins (TBT) have played a major role
in improving the shipping industry’s economics. However,
the persistence of TBT in the environment, combined with
its toxicity towards certain marine and freshwater organisms,
has led many governments to impose restrictions on its use
[7, 8]. The International Maritime Organization (IMO) has
prohibited the application of organotin compounds which
act as antifoulants in antifouling systems on ships since
January 2003. A proposal has highlighted the need for
safer alternatives of organotin compounds (MEPC 42/22,
1998). The ideal replacement will have a broad spectrum of
activity against a diverse population of fouling organisms and
provide up to five years of antifouling performance without
impacting target organisms. Since risk is directly related
to environmental concentration, the antifoulant should also

rapidly degrade to nontoxic compounds when released into
the aquatic environment.
Now, the general strategy to find safer alternatives was
to identify natural products with good antifouling activity
and explore their lethality, as well as the activity and lethality
of structurally related and commercially available chemicals.
The literature has revealed that capsaicin (CAS: 404-864), the active component of hot chili peppers (Capsicum),
could effectively inhibit zebra mussel byssal attachment [9].
Additionally, the structure-activity relationships and mussel
adhesion inhibitory activities of capsaicinoid members and
their synthetic derivates have also been reported [10–12]. It
was found that capsaicin and nonivamide (CAS: 2444-46-4,
Scheme 1) showed the most effective antifouling activities.
Capsaicin, as a safer alternative of organotin compounds,
has been used in ship antifouling paints in China according
to the National Environmental Protection Standard of the
People’s Republic of China (HJ 2515-2012). Nonivamide, as a
synthesized derivate of natural capsaicin, also has an effective
antifouling activity [10–13]. Compared to capsaicin, it is more
suitable for large-scale synthesis and industrial application
owing to its lower price. However, to our knowledge, the ecotoxicity and environmental risk of nonivamide, as a synthetic
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Scheme 1: The structure of capsaicin and nonivamide.

chemical, are not clear, which will limit the application of
nonivamide for antifouling paints.
For assessing the potential ecological risks of a biocide,
algal toxicity assay is generally applied. The chief reason
lies in the short life cycle, simple cultural requirements for
most algae species, and their role as the primary producer
in the nature [14]. However, because of the algal batch-type
differences, algal toxicity assay is always lacking repetitiveness
[15]. To overcome this defect, two different algal species, C.
vulgaris and Platymonas sp., were together used in this study.
C. vulgaris is a unicellular microalgae, while Platymonas
sp. has complex flagella, a larger cell size, and multiple
cellular contents, which have a longer reproductive cycle,
lower growth rate, and stronger individual surviving ability
[16]. The widely physiological differences of the two algae
species lead to distinguished ecological performances, and
from the perspective of ecology, they could be, respectively,
considered as 𝑟-selected species and 𝐾-selected species [17].
P. tricornutum has previously been proved to be sensitive
to nonivamide in our study (EC50, 4 d , 5.1 mg L−1 ) [14] and
was used to evaluate the toxicity nonivamide degradation
products.
Regulatory agencies in the US, Europe, Australia, and
other countries require applicants to perform various studies
according to specific guidelines designed to determine environmental degradation rates under abiotic (hydrolysis and/or
photolysis) and biotic (aerobic and/or anaerobic aquatic
metabolism) conditions before a biocide is approved for use
as an active ingredient. In this paper, the ecotoxicity and
preliminary risk of nonivamide were studied and assessed in
aquatic systems as a promising antifoulant.

2. Experimental
2.1. Biological Material and Culture Conditions. Platymonas
sp., C. vulgaris, and P. tricornutum were provided by the
Institute of Oceanology, Chinese Academy of Sciences. The
algae were grown in axenic conditions, in f/2 medium
based on autoclaved natural seawater at 20∘ C and light
photon intensity of 48 𝜇mol m−2 s−1 with a 12 : 12 h light : dark
cycle. All cultures were shaken twice a day and cultured to
the exponential phase before inoculation in the following
experiment.
2.2. Algal Toxicity Assessment. The tested alga Platymonas
sp. and C. vulgaris were chosen for algal toxicity assay. The
growth inhibition effect of nonivamide on alga was assayed,

and EC50 (the minimum effective inhibition concentration of
nonivamide) was calculated by SigmaPlot 10.0 using logistic
curve fitting based on equation. The alga density was counted
with a haemocytometer. The initial alga density (IAD) used
for algal toxicity assay was 1.0∼2.0 × 105 cells mL−1 (for
Platymonas sp.) and 1.0∼2.0 × 105 cells mL−1 (for C. vulgaris).
The toxicity of nonivamide with different exposure time
was tested to reflect the algal toxicity of natural degradation
products of nonivamide. P. tricornutum was chosen for toxicity evaluation for nonivamide degradation products. Five
groups of 100 mg L−1 nonivamide were exposed to sunlight,
and every week a group of samples were taken back and kept
in dark at 4∘ C until the algal toxicity assay is applied. One
group of nonivamide kept in dark was set as the control. For
algal toxicity assay, the nonivamide solution (100 mg L−1 ) will
be diluted 20-fold with f/2 culture medium (IAD, 1.0∼2.0
× 105 cells mL−1 ). OD680 values of samples were measured
to characterize the alga concentration. In order to easily
compare, the growth rates of algae were shown in the form
of specifical growth rates of the algae in the study, which was
calculated by the following formula:
Specifical growth rate
=

OD680 (Treated with nonivamide)
.
OD680 (Control)

(1)

All experiments were performed at least in triplicate.
2.3. The Evaluation of the Half-Life of Natural Degradation of
Nonivamide. The natural degradation studies of nonivamide
were conducted under both abiotic (hydrolysis and/or photolysis) and biotic conditions in natural water (seawater
and tap water) including nonivamide (concentration of
50 mg L−1 ). In order to evaluate the abiotic degradation,
biolysis effects were eliminated by adding sodium azide into
the natural seawater and tap water. Samples degraded in the
dark were set as the negative control. The solvent loss caused
by evaporation in the experiment process was refilled back.
The degradation half-life of nonivamide could be calculated
according to the obtained calibration equations.

3. Results and Discussion
3.1. Toxicity of Nonivamide on Algal Growth. The specific
growth rates of nonivamide-treated C. vulgaris and Platymonas sp. were shown in Figure 1. The growth of C. vulgaris
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would be inhibited if treated with nonivamide concentration
higher than 4 mg L−1 (shown in Figure 1(a)). Based on the
growth rates during the assay, EC50 values were calculated
as follows: 18.3 mg L−1 at 6 d and 17.1 mg L−1 at 8 d. Based
on Figure 1(b), EC50 values were calculated as follows:
11.0 mg L−1 at 6 d and 10.7 mg L−1 at 8 d. The results indicated
that nonivamide could significantly inhibit the growth of the
algae, and the inhibition effect would be more significant
with the extension of exposure time. It was suggested that
nonivamide might be a promising antifouling agent to marine
microalgae. Additionally, when Platymonas sp. and C. vulgaris were treated with nonivamide at lower concentrations
(2–8 mg L−1 ), it was clearly seen that the growth of the tested
algae would be restored after 6 days later. It means that the
tested algae could adapt to toxicant stress after an adjustment
period.

30

20

10

0
0

2

4

Seawater (SA)
Seawater

3.2. The Half-Life of Natural Degradation of Nonivamide. The
photolysis and/or biolysis characteristic of nonivamide in
tap water and seawater was shown in Figure 2, and sodium
azide was added to eliminate biolysis effects in some samples.
Nonivamide exhibited the fastest degradation and a halflife of 5.8 d in seawater without sodium azide. The half-life
in other groups was 8.8 d in seawater with sodium azide,
12.2 d in tap water without sodium azide, and 14.7 d in tap
water with sodium azide, respectively. The results showed
that nonivamide in seawater degraded much faster than in
tap water, and biolysis also should play an important role in
degradation process. Due to the rapid degradation of nonivamide in sunlight exposure in sea water, it suggested that
nonivamide would be suitable for use in marine environment.
3.3. The Ecotoxicity and Risk of Natural Degradation Products
of Nonivamide. In order to evaluate the ecotoxicity and
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Figure 2: Degradation rates of nonivamide in seawater and tap
waters. “SA” indicated that biolysis factor was eliminated by adding
sodium azide. Error bars indicated SE of the three replicates.

environmental risk of natural degradation products of nonivamide, different sample groups of nonivamide exposed in
sunlight from 1 week to 4 weeks were evaluated with P. tricornutum, which has been proved to be sensitive to nonivamide
in our study (EC50, 4 d , 5.1 mg L−1 ) [13]. As shown in Figure 3,
the algal growth rates exposed in sunlight were similar to
that of no nonivamide sample groups but were much higher
than the growth rate exposed in dark. It suggested that
the toxicity of nonivamide would be largely decreased after
sunlight exposure. The results indicated that the ecotoxicity of
nonivamide should be decreased possibly due to the natural
degradation of nonivamide in field experiment, in which
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some lowly toxic or nontoxic products would be generated
in marine environment. It means that environmental risk
of nonivamide was low as a marine antifoulant, and the
natural degradation products of nonivamide hardly produced
environmental risk in marine environment.

4. Conclusions
The natural degradation of nonivamide showed the rapid
degradation rate in photolysis and/or biolysis, which indicated that nonivamide was easy to naturally degraded in
marine environment. The ecotoxicity of nonivamide on
marine microalgae would be significantly decreased due to
natural degradation, which means that nonivamide and its
degradation products should have little toxicity and low risk
to microalgae in marine environment.
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Chemical and physical clogging frequently occur in tailings dam. The clogging seriously influences the safety of tailings dam. This
paper conducts several column experiments to analyse the physical and chemical clogging of the Lixi tailings dam in China. The
experiment results of chemical clogging show that average flow velocity and permeability decrease by approximately 50% to 60%.
The experiment results of physical clogging show that these values decrease by approximately 50% to 70%. For physical clogging,
a higher hydraulic gradient could result in a larger extent of decrease in the permeability coefficient. The permeability did not
decrease when the hydraulic gradient was equal to 0.125. The results of chemical clogging column experiments show that ferrous
ion solution concentration is disproportional to the permeability coefficient. This scenario can be attributed to the extremely small
concentration gradients.

1. Introduction
Clogging is a ubiquitous phenomenon in nature and in
such projects as tailings dams, nuclear waste disposal, and
wastewater treatment [1–4]. These processes usually produce
precipitation and cause a reduction of porosity and permeability [1]. Owing to nonhomogeneous particle and existence
of different ions, clogging frequently occurs in tailings dams.
This scenario seriously influences the safety of a tailings
dam. For example, the Fonte Santa mine tailings dam in
Northeast Portugal failed on November 27, 2006, on account
of extraordinary rainfall and eventual clogging of the spillway
[5]. Thus, clogging is becoming a major public concern.
Clogging can be classified as chemical, physical, or biological clogging. Knowles et al. [6] identified different physical, chemical, and biological factors responsible for clogging.
The results showed that clogging was a major operational
and maintenance issue associated with the use of subsurface
flow wetlands for wastewater treatment and can ultimately
limit the system lifetime. Several types of clogging can
occur in a system. Two or three types of clogging can
occur simultaneously or in any order. Li et al. [7] analysed

the hydraulic conductivity of kaolin under different chemical
and biochemical conditions. Song et al. [8] investigated the
chemical and physical effects of sump screen clogging in
containment materials. Wang et al. [9] revealed the microbial
community structure of clogging in dewatering wells in an
open-cast mining area. Poonoosamy et al. [10] analysed the
dissolution-precipitation processes that could cause porosity
changes by tank experiments. The particle size of a tailings
dam is nonhomogeneous, and its leachate contains different
ions. Thus, under certain conditions, physical and chemical
clogging may both simultaneously occur in a tailings dam.
However, few researchers have studied simultaneous physical
and chemical clogging. Thus, an in-depth study on simultaneous chemical and physical clogging is necessary.
Similarities and differences exist between physical and
chemical clogging. The two types of clogging decrease the
permeability coefficient at the macrolevel. However, their
mechanisms are different at the microlevel. The cause of
physical clogging is the particles’ inhomogeneity. Small particles move into and block the pore sundering seepage action,
which lead to the decrease in permeability coefficient. Clogging then occurs. The cause of chemical clogging is chemical
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precipitation [1, 8]. The leachate of a tailings dam usually
contains heavy metal ions, such as ferrous ions, copper
ions, and aluminium ions. These ions can experience redox
reactions and produce precipitation. Redox reaction occurs
and generates precipitation that can block pores whenever
oxygen is sufficient. Chemical clogging then occurs.
Experiments are effective approaches to investigate clogging. Many laboratory column experiments have been conducted to observe the decrease in hydraulic conductivity
in chemical, biological, and physical clogging. For example,
columns filled with porous media were percolated by water,
which usually contains the nutrients necessary for microorganism growth. Changes in the hydraulic conductivity can be
measured by monitoring the flow rate and the hydraulic head
differences along the column [11–15]. Laboratory columns
were also used to study chemical clogging similar to bioclogging and physical column experiments [16–21]. Models that
incorporate relevant permeability and clogging are also built
to design such systems [22–25].
Meanwhile, studies of tailings dams considering physical
and chemical clogging are very few. Some of the studies
diverge from reality. For example, the concentration of the
ion solutions or the water head is too high. And there are
few studies that have researched the influence of hydraulic
gradient on physical clogging.
This paper focuses on the physical and chemical clogging
of Lixi tailings dam by performing experiments. Firstly,
water samples obtained from the Lixi tailings dam (Shaanxi,
China) were analysed with a DR 2800 spectrophotometer
to measure the water sample concentrations as close to
the actual situation as possible. Experiments were then
conducted on a laboratory-scale column on the basis of water
sample concentration data to study the relationship between
hydraulic conductivity and time.
Tailings samples were also obtained from the Lixi tailings
dam. The tailings particle size was analysed. Physical clogging
experiments on a laboratory-scale column modelled on the
tailings particle size obtained from the Lixi tailings dam were
also conducted to research the relationship between hydraulic
conductivity and time. The experimental conditions were
sufficiently controlled to provide a reliable database. Finally,
we compared the chemical and physical clogging conditions.

2. Project Profile and Set Investigation
The Lixi tailings dam is a valley-type tailings dam and is
located in Hua county of Shanxi province, China. It was built
in 1978 and started operating in 1983. Its location could be
seen in Figure 1. The purpose of the Lixi tailings dam is to
stock slag. The slag mainly consists of medium tailings. The
Lixi tailings dam is formed by two period dams. The initial
dam that is used to support the slag was built with gravel
at a height of 40.5 meters. This initial dam has strong water
permeability. The latter dam was formed by slag. The slag was
accumulated by instalment through the upstream method.
More than 30 retaining dams were formed by slag. Figure 2
shows a picture of the current situation of the Lixi tailings
dam on December 10, 2012. The average downstream slope

Journal of Chemistry

The Lixi tailings dam
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Figure 1: The location of Lixi tailings dam.

Figure 2: Current situation of the Lixi tailings dam (December 10,
2012).

of the retaining dams is 1 : 5. The Lixi tailings dam’s height
was designed to be 164.5 meters, its designed capacity is 165
million cubic meters, and its service length is 32 years. This
dam is a second-class tailings dam.
Firstly, to ensure a full understanding of the ion concentration in the tailings leachate of the Lixi tailings dam, six
different sites (see Figure 1) were selected and three types of
ions (i.e., ferrous ion, total iron, and hexavalent chromium)
were tested using a DR 2800 spectrophotometer. The six sites
were selected along different dam heights. The test results are
listed in Table 1.
The data in Table 1 showed that the ferrous ion concentration was high. Ferrous ion can produce redox reactions
and precipitation such as iron hydroxide. Finally, the precipitations clog the tailings and drain porosity that decreases
permeability. Figure 3 shows chemical clogging in the Lixi
tailings dam.
Secondly, we brought tailings samples from the Lixi tailings dam to the laboratory to analyse the tailings composition
in the dam. This sample was dried and sieved to determine its
sizes (Table 2).

3. Experimental Methods
3.1. Physical Clogging Experimental Method. Figure 4 shows
picture of the physical clogging experimental setup. The
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Table 1: Three ion concentrations of the Lixi tailings dam at different sites (mg/L).

Number
Location
Ferrous ion
Total iron
Hexavalent chromium

1#
The middle of
tailings dam
0.49
1.36
0.001

2#
Left bank of
the initial dam
0.13
5.32
0.047

3#
Right bank of
the initial dam
0.16
4.02
0.044

4#
River’s
upstream
0.28
1.09
0.011

5#
River’s
downstream
0.24
1.02
0.012

6#
The middle of
the river
0.37
1.04
0.015

Table 2: Tailings sizes obtained from the Lixi tailings dam.
5
Outlet

Piezometric
tube

The water tank
Active metal frame

Percentage composition (%)
6.04
38.32
37.68
9.32
8.14

2 2 2 22 2 2 2

Nominal diameter (mm)
0.63
0.315
0.16
0.08
<0.08

Inlet

(a)

(b)

Figure 3: The chemical clogging of the Lixi tailings dam ((a) drainpipe, (b) surface drain).

diameter of the entire column was 5 cm and its height was
14 cm. The first 2 cm from the inlet was a water column
that flowed from the water tank. A steel mesh separated
the water column and transition layer. Approximately 2 cm
of transition layer filled the top of the water column. An
8 cm tailings column was also placed at the transition layer
top. Above the 8 cm tailings column, there also was a 2 cm
water column linking the outlet. The water tank was used
to maintain a steady water level during the experiments.

Figure 4: Physical clogging experimental setup (all distance numbers in the figure are in cm).

The height difference of the water tank and column formed
different hydraulic gradients.
Table 2 indicates that the sizes of 0.315 mm and 0.16 mm
account for 76% of the total tailings. The proportion of the
two sizes is near 1 : 1. Thus, the two tailings sizes were used
for physical clogging experiments. So the 8 cm long clean
tailings column was filled with a mixture of 0.315 mm and
0.16 mm tailings cleaned with water at 1 : 1 proportion. The
column experiment characteristics are shown in Table 3. The
tailings column packing was as homogeneous as possible. The
hydraulic gradient had a fixed value from the beginning of the
experiments to the end. The flow direction was upwards from
the inlet chamber to outlet chamber at the top. This approach
ensured that all of the tailings were saturated. Four piezometric tubes (i.e., p1, p2, p3, and p4) were placed in the column.
p1 was located between the tailings and transition layer. The
remaining three piezometric tubes were 2 cm higher than one
another, as shown in Figure 4. The four piezometric tubes
were used to observe the change in permeability coefficient
at different heights. During the experiment, the air was
exhausted through the four piezometric tubes.
Four groups of physical clogging experiments (i.e., experiments 1, 2, 3, and 4) were designed. The only difference
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Table 3: Characteristics of the physical column experiments.

Ferrous ion solution

2

2 cm

2 22

2

8 cm
0.315 mm and 0.16 mm
1:1
0.237 kg
1.25, 0.625, 0.25, and 0.125

between the four groups of experiments was the hydraulic
gradient. Experiment 1 had a hydraulic gradient of 1.25.
Experiments 2, 3, and 4 had hydraulic gradients of 0.625,
0.25, and 0.125, respectively. Each of the hydraulic gradients
remained unchanged. All other experimental conditions were
the same in the four groups of physical clogging experiments.
The hydraulic gradient was measured by the four piezometric
tubes at different heights. The tailings columns were continuously fed with clean water during the experiments. The
changes in hydraulic conductivity with time were monitored
by measuring the water head changes between two piezometric tubes and flow across the tailings column.
3.2. Chemical Clogging Experimental Method. The ferrous
ion’s concentration was the highest based on the set investigation results of the tailings leachate in Table 1. Thus, ferrous
ion was used to analyse chemical clogging in this study.
Ferrous ion oxidises when it comes into contact with air.
This reaction then produces iron oxide that is nonsoluble and
blocks the pore. Several column experiments were designed
to determine how ferrous ion causes chemical clogging.
The chemical clogging column experiments and their
setups were similar to those of physical clogging. Figure 5
shows picture of the chemical clogging experimental setup.
The diameter of the entire column was 5 cm and its height
was 14 cm. The first 2 cm from the inlet was a water column
that flowed from the water tank. A steel mesh separated the
water column and tailings. Approximately 10 cm of tailings
filled the top of the water column. A 2 cm water column was
also placed at the column top linking the outlet. There was no
transition layer in the physical clogging to avoid the clogging
in it. The water tank was used to maintain a steady water level
during the experiments. The ferrous solution was in the water
tank.
The tailings columns were continuously fed with a solution. The changes in hydraulic conductivity with time were
monitored by measuring the flow across the tailings column.
The four piezometric tubes along the tailings column were
not used in the chemical clogging experiments because the
experimental results show that clogging only occurred in
the 1 cm to 2 cm section above the tailings bottom (during
the experiment, the air was exhausted through the four

Fixed metal frame

2

5 cm
14 cm

Outlet

2

Column diameter
Column length
Distance between inlet and
transition layer
Tailings column length
Tailings size
Tailings proportion
Tailings weight
Hydraulic gradient (experiments 4,
5, 6, and 7)

5

Value

2

Parameter

Inlet

Figure 5: Chemical clogging experimental setup (distance numbers
are all in cm).

piezometric tubes). Thus, we focused on the entire tailings
column’s permeability coefficient in chemical clogging.
Three ferrous solution concentrations were prepared to
observe how the different concentrations influence chemical
clogging. The three concentrations were all produced on the
basis of the data in Table 1 to approximate the actual situation.
These concentrations were 0.4 mg/L to 0.5 mg/L, 0.3 mg/L to
0.4 mg/L, and 0.2 mg/L to 0.3 mg/L. So there were 3 groups of
column experiments designed in the chemical clogging (i.e.,
experiments 5, 6, and 7). The solution was configured with a
DR 2800 spectrophotometer.
All the tailings columns were filled with homogeneous
tailings in the chemical clogging column experiments. The
data in Table 2 showed that the tailings size of 0.315 mm was
selected because its proportion is the largest among the components of the Lixi tailings dam. Three experiment groups
were organized in chemical clogging. Each experiment used
a fixed hydraulic gradient of 0.5. The only difference was
the ferrous ion solution concentration. The characteristics of
chemical clogging column experiments are listed in Table 4.

4. Experimental Results
4.1. Physical Clogging Column Experimental Results. The
results of the physical clogging experiments showed that the
average velocity in the tailings column decreased firstly and
then remained substantially constant, which is similar to the
chemical clogging results. The data in Figures 6 and 8 showed
that the average flow velocity had a rapid decrease in the first
15 hours. Figure 10 showed that this decrease occurred in 30
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Table 4: Characteristics of the chemical column experiments.
Parameter

1.00

Value

5
14
2
10
0.315
0.245
0.5
0.4–0.5,
0.3–0.4,
and
Ferrous ion solution concentrations (mg/L)
0.2–0.3

0.60
0.40
0.20
0.00
0

20

40

60

80

100

Time (h)
The top layer

The lowest layer
The middle layer

0.020
0.015
0.010
0.005
0.000
0

20

40

60

80

100

Time (h)

Figure 6: Relationship between the average flow velocity in the
tailings column and time under the hydraulic gradient of 1.25
(experiment 1).

hours. All the average flow velocity values remained stable
after the decreasing stage. These values decreased by 69.6%,
66.5%, and 55.6% under the hydraulic gradients of 1.25, 0.625,
and 0.25, respectively. In Figure 12, the average flow velocity
slowly decreases by 38.4%.
The tailings column in physical clogging was artificially
divided into three small columns along the height. The lowest
layer was between p1 and p2, the middle layer was between p2
and p3, and the top layer was between p3 and p4. The distance
between every two piezometric tubes was 2 cm.
The permeability coefficients 𝐾1, 𝐾2, and 𝐾3 (all
expressed in 𝑘𝑡) for the tailings column between the two
piezometric tubes were calculated from the observed changes
in average hydraulic head gradients. Figures 7, 9, 11, and
13 are the relationship curves between 𝑘𝑡/𝑘0 and time of
the tailings column at different heights under the different
hydraulic gradients. These hydraulic gradients were 1.25,
0.625, 0.25, and 0.125, respectively. Figure 14 shows the change
permeability coefficient over time under different hydraulic
gradients.
Figures 7, 9, and 11 showed that all the lowest layers’
permeability coefficient decreased, which confirms that physical clogging occurred in this layer. Figure 13 showed that
this phenomenon did not occur at the hydraulic gradient
of 0.125. This observation suggests that a critical water head
exists to avoid physical clogging. Figures 9, 11, and 13 showed

Average flow velocity (cm/s)

Figure 7: Relationship between 𝑘𝑡/𝑘0 and time in different layers
under the hydraulic gradient of 1.25 (experiment 1).
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0.006
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0
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Figure 8: Relationship between the average flow velocity in the
tailings column and time under the hydraulic gradient of 0.625
(experiment 2).
1.40
1.20
1.00
kt/k0

Average flow velocity (cm/s)

0.025

0.80
kt/k0

Column diameter (cm)
Column length (cm)
Distance between inlet and tailings (cm)
Tailings column length (cm)
Tailings size (mm)
Tailings weight (kg)
Hydraulic gradient

0.80
0.60
0.40
0.20
0.00
0

20
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60

80

100

Time (h)
The lowest layer
The middle layer

The top layer

Figure 9: Relationship between 𝑘𝑡/𝑘0 and time in different layers
under the hydraulic gradient of 0.625 (experiment 2).

that the permeability coefficient in the middle and top layers
remained approximately the same. However, Figure 7 showed
that the permeability coefficient in the two layers decreased
at the hydraulic gradient of 1.25. This observation showed
that physical clogging can deepen with a higher water head.
Thus, the water head largely influenced the physical clogging.
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Figure 10: Relationship between the average flow velocity in the
tailings column and time under the hydraulic gradient of 0.25
(experiment 3).

30

40

50

Time (h)
The top layer

The lowest layer
The middle layer

Figure 13: Relationship between 𝑘𝑡/𝑘0 and time in different layers
under the hydraulic gradient of 0.125 (experiment 4).
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Figure 11: Relationship between 𝑘𝑡/𝑘0 and time in different layers
under the hydraulic gradient of 0.25 (experiment 3).
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Figure 14: Relationship between 𝑘𝑡/𝑘0 and time in the lowest layers
under different hydraulic gradients.
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condition implies that the higher the hydraulic gradient, the
smaller the permeability.
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Figure 12: Relationship between the average flow velocity in the
tailings column and time under the hydraulic gradient of 0.125
(experiment 4).

Does a higher hydraulic gradient increase the clogging speed?
Figure 14 showed that the permeability coefficient always
reached a fixed value. However, the time to reach the fixed
value was essentially the same. Thus, the experiments did
not prove that a higher hydraulic gradient resulted in faster
clogging speed. Figure 14 showed that the permeability
coefficients that reached the fixed value were different. This

4.2. Chemical Clogging Column Experimental Results. Three
groups of column experiments were organized for chemical
clogging. The experiment results showed that the average
velocity in the tailings column decreased. The average flow
velocity continued to decline in the first 100 hours and then
remained stable in Figure 15. The drop in the average flow
velocity reached 56.6% in experiment 5. Experiments 6 and
7 reached 94.4% and 55.8%, respectively.
The permeability coefficient, 𝑘𝑡, for the 10 cm tailings column was calculated in the fixed hydraulic gradient: 0.5. The
initial permeability coefficients 𝑘0 of the three experiments
were, respectively, 4.9 × 10−4 m/s, 4.2 × 10−4 m/s, and 4.0
× 10−4 m/s. Figure 16 is the three relation curves between
𝑘𝑡/𝑘0 and time under different concentrations of ferrous ion
solution. The permeability falling rate of experiment 6 is the
fastest, while the falling rate of the concentration of 0.4–
0.5 mg/L is in the second place. The falling rate of experiment 7

7
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Figure 15: Relationship between the average flow velocity in the
tailings column and time.

Figure 17: Relationship between 𝑘𝑡/𝑘0 and time in the lowest layers
in physical and chemical clogging.

1.20
1.00

0.5 mg/L introduced in Section 4.2. The bottom curve is
the physical and chemical clogging experiment. Under the
same experimental condition, the difference between two
curves showed the contribution of physical clogging. The
results showed that the physical and chemical clogging were
important for permeability of tailings.
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Figure 16: Relationship between 𝑘𝑡/𝑘0 and time of the entire tailings
column.

is the lowest. The phenomenon of the drop of the average
flow velocity and permeability coefficient shows that the
concentration of the ferrous ion solution is not proportional
to the permeability coefficient. The reason may be that the
gradients of the concentration were too small. But in the three
experiments the permeability coefficients all had a drop.

5. Comparison of Physical and
Chemical Clogging
To research how clogging in the Lixi tailings dam occurs,
another clogging column experiment was done. The condition and procedure of experiment were similar to the above
chemical clogging experiments. The tailings obtained from
the Lixi tailings dam were used to fill the column in this
experiment. The ferrous ion solution concentration was from
0.4 mg/L to 0.5 mg/L. Physical and chemical clogging both
occur in this experiment because of the tailings heterogeneity obtained from the Lixi tailings dam. Figure 17 shows
the relationship between 𝑘𝑡/𝑘0 and time. Two curves are
shown in this chart. The top curve is the chemical clogging
experiment 5 in the ferrous ion solution of 0.4 mg/L to

6. Conclusion
All the experiments reveal the reduction in tailings permeability. This result proves the existence of clogging in the
Lixi tailings dam. The average flow velocity and permeability
coefficient in the chemical clogging experiments decreased
by approximately 50% to 60%. These factors decreased by
approximately 50% to 70% in the physical clogging experiments. The time to reach a clogging balance in the chemical
clogging experiments was approximately 100 hours, whereas
the physical clogging experiments required only an extra
10 hours. Thus, physical and chemical clogging can both
occur in the Lixi tailings dam. When physical clogging
reached a balance, chemical clogging continued to decrease
the permeability. Finally, the permeability can decrease by less
than 50%. This condition can seriously influence dam safety.
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A significant promotion effect of methanoic acid (MA) was proposed in the photoelectrocatalytic (PEC) degradation of fulvic acid
(FA) and the degradation mechanism was also discussed. The PEC degradation property of FA and MA was investigated by an
assembled thin-layer PEC reactor in which photoanode is TiO2 nanotube arrays (TNAs) material. The result shows that only about
40% of FA was degraded, while MA could be completely degraded at the same condition. When mixing MA with FA, it shows
a significant improvement in the degradation of FA. For instance, 50 mg/L FA mixed with 45 mg/L MA could achieve exhausted
degradation. The results could be attributed to the promotion effect of MA that enhanced the generation of hydroxyl radicals, which
maintain the continuous degradation of both FA and the intermediate products during the PEC process. This study proposed a new
way of promoting the PEC degradation of FA as well as removing humus from the polluted water.

1. Introduction
Fulvic acid (FA) is a primary kind of natural organic matters
(NOMs) in the water body [1, 2] and it is also a main precursor
of disinfection by-products (DBPs), which is known as a kind
of harmful materials, leading to carcinogenic, teratogenic,
and mutagenic effects [3]. Thus, removing FA from water
is urgently needed. However, due to refractory nature of
FA, only limited methods can be applied such as granular
activated carbon adsorption, enhanced coagulation, and
membrane filtration. Among them, even if the enhanced
coagulation shows its advantage to restrain large quantity of
NOMs including colloid humic acid, it is still ineffective to
the soluble FA [4, 5].
Recently, the advanced oxidation technologies have been
a research’s hot spot in removal of NOMs like FA, because
it provides hydroxyl radical with strong oxidation ability to
decompose organics into small harmless molecules such as
CO2 and H2 O [6–8]. In particular, the photoelectrocatalytic
(PEC) technology attracts much more attention due to the
remarkable merits, such as low cost, good oxidation ability,
high efficiency, and no secondary pollutant [9–11]. However,

the PEC technology has been seldom reported to be used in
the degradation of FA [12–15].
TiO2 is a semiconductor material, which is widely used
as a photoanode in the PEC technology and its excellent
performance has been tremendously reported [16–21]. In
this study, TiO2 nanotube arrays (TNAs) are chosen as
the photoanode material, because they have larger specific
surface area, more stable structure, and better PEC properties
than the other forms of TiO2 . In particular, it could degrade
more varieties of refractory organic matter [22–24]. On
the other hand, the degradation performance of organics
could be influenced by many factors, involving not only the
photocatalyst but also the reaction medium. For instance,
some chemical matters, such as phosphate, carbonate, and
tertiary butyl alcohol, could restrict the activity of hydroxyl
radical and further repress the PEC degradation efficiency of
organics [25, 26].
In the limited previous researches, the feasibility of
photocatalytic technology used in the degradation of FA is
proved [12–15]. However, the degradation of FA is inefficient
and time-consuming, or the preparation of the catalytic
material is very complex [13, 14]. In this study, we proposed
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Figure 1: The structure of the thin-layer reactor: (1) TiO2 nanotube array electrode; (2) saturated Ag/AgCl reference electrode; (3) Pt counter
electrode; (4) quartz window; (5) flow inlet; (6) flow outlet.
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a new way of degrading FA using the PEC technology and
also investigated the promotion effect of an additive pollutant
(methanoic acid, MA) on the degradation of FA. In order to
fast and accurately measure the degradation of organics and
explore the degradation mechanism, a thin-layer PEC reactor,
which has been successfully used in the COD monitoring,
was also applied [27, 28].

2. Materials and Methods

0.1

2.1. Materials. All the reagents in this study were analytically
pure and purchased from Sinopharm Chemical Reagent
Company (Shanghai, China). All solutions were mixed with
high-purity deionized water (18 MΩ) purified by a Milli-Q
purification system (Millipore Corporation, Billerica, MA).
The NaNO3 solution served as a supporting electrolyte in the
samples.

0.0

2.2. Preparation of the TNA Electrode. The TiO2 nanotube
electrodes were prepared by the electrochemical anodic
oxidation method, which is reported in our previous work
[28, 29]. In a typical process, the TiO2 nanotube arrays
were grown after the potentiostatic anodization at 20 V using
a platinum cathode in a solution of 1 mol⋅L−1 NaHSO4 ,
1 mol⋅L−1 NaF, and 0.2 mol⋅L−1 trisodium citrate for 6 h. Then
as-prepared samples were annealed in a laboratory muffle
furnace at 500∘ C for 3 h to form anatase TiO2 nanotube arrays
(TNAs).
2.3. Characterization of TNA Electrode. The phase of TNA
electrode was identified by X-ray diffraction (XRD-6100,
Shimadzu, Japan), using Cu KR (𝜆 > 0.15406 nm) radiation at 40 kV and 30 mA at a scanning rate of 10∘ /min
in the 2𝜃 range from 10∘ to 90∘ at room temperature.
The surface morphology of TNA electrode was investigated by field emission scanning electron microscopy (Nova
NanoSEM 450, FEI Company, USA) under a voltage of
5 kV.
2.4. Apparatus and Methods. A thin-layer equipment shown
in Figure 1 served as the reactor, where the PEC degradation
process was carried out. The thin-layer reactor consists of the
following six major sections: the TNAs working electrode, the

Ibackground
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Time (s)

80

100

Figure 2: The response signals of the PEC degradation.

saturated Ag/AgCl reference electrode, the platinum counter
electrode, the flow inlet, the flow outlet, and a quartz window
with a diameter of 1 cm. The reaction cell in the reactor is
built by two coherent polytetrafluoroethylene planks. The
cell’s thickness was controlled no more than 0.1 mm in order
to reduce the volume of the solution, shorten the time of
degradation and the distance of the charge transfer from
the solution to the surface of electrode, and ensure the light
transmittance in the meanwhile. A 365 nm ultraviolet LED
is chosen to be the light resource. The thin-layer reactor was
controlled and monitored by an electrochemical workstation
(CHI 610D, Chenghua, Shanghai), which was connected to a
computer to record the photocurrent response signals of the
PEC degradation.
The degradation rate (𝛼) of organics is determined based
on an exhaustive degradation model [27]. In this model, the
organics in the thin-cell reactor are rapidly photoelectrocatalytically oxidized and a set of photocurrent-time profiles was
then obtained from exhaustive degradation of organics. As
shown in Figure 2, photocurrent observed is the sum of two
components, one from the oxidation of organics and the other
from the oxidation of water (𝐼background ). The decay of 𝐼total to
the 𝐼background level implies that the organics have been partly
oxidized and generate the corresponding net charge quantity
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Figure 3: FE-SEM top-view (a) and cross-section (b) of TNAs electrode and (c) XRD patterns of TNAs electrode.

(𝑄net ). However, under the given condition, the oxidized
proportion 𝛼 should be a constant assuming that the organic
compounds could be indiscriminately oxidized. It is possible
to obtain 𝛼 from the ratio of the captured 𝑄net and theoretical
value of the net charge quantity (Th𝑄net ) of the whole sample,
which is well matched with net charge quantity measured by
the exhausted oxidation of the whole sample (𝑄net ) according
to
𝛼=

𝑄net
.
Th𝑄net

(1)

This method could facilitate the measurement of the
degradation rate of different organics according to the
amount of electrons.
2.5. Degradation Experiments. 25–100 mg/L FA and 8–
60 mg/L MA were used as a model pollutant. The PEC
experiments were performed in the thin-layer PEC reactors.
The supplied voltage, electrolyte concentration, and UV light
intensity was controlled in a certain range. The photocatalysis
(PC) experiment was performed by using the same system

without applying an external potential and the electrolysis (EC) experiment was performed without UV illumination.

3. Results and Discussion
3.1. Characterization of Photoanode. The FE-SEM images of
the TNAs electrode are shown in Figures 3(a) and 3(b).
As can be seen, the nanotubes are highly ordered and well
aligned, with the diameter of ∼100 nm and wall thickness of ∼
10 nm [28]. The cross-section image shows that the nanotubes
are ∼1.5 𝜇m in length and closely combined to the barrier
layer. The XRD patterns of the as-annealed TNAs electrode
are shown in Figure 3(c). The nanotube without calcinations
maintained an amorphous structure in Figure 3(c), B, while
the amorphous regions were gradually crystallized to form
anatase phases via the calcinations at 500∘ C in Figure 3(c),
A. It can be seen from pattern A that the sample possesses
characteristic peaks at 25.35∘ (101), 38.1∘ (004), and 48.2∘ (200)
for the anatase phase. The titanium peaks can also be found
owing to the Bragg reflection of Ti substrate.

I (mA)
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Table 1: The relationship between 𝑄net and parameters affecting the
PEC degradation.
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Bias voltage (v)
𝑄net (mC)
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Figure 4: Degradation of 25 mg/L FA using different process in thinlayer reactor.

3.2. Parameters Affecting the PEC Degradation. The catalytic
mode, bias voltage, light intensity, and the concentration
of electrolyte are first investigated in order to optimize the
PEC degradation. Take 25 mg/L FA as an example; various
degradation processes were applied including photocatalysis
(PC), electrolysis (EC), and photoelectrocatalysis (PEC) and
the experimental results are summarized in Figure 4. As can
be seen, the photocurrent values of both the PC and EC
are much smaller than PEC, implying that both PC and EC
mode are ineffective for the degradation of FA. The TNAs
electrode has been approved as an excellent photoanode
in the previous reports [27, 28] since it has an advantage
of fast electron transfer. When the given electric bias was
supplied to the photocatalyst, it promoted the separation of
photogenerated holes and electron. This charge separation
could prevent the photoinduced electron and the hole from
recombining and consequently lead to higher degradation
efficiency. In short, the bias voltage and the UV light illumination have a synergistic effect in the process of PEC degradation.
Table 1 shows the comparison of different bias voltages,
light intensity, and electrolyte concentration applied in the
PEC process. Based on the measuring method used in this
study, 𝑄net was directly used for analyzing the optimum
degradation conditions. In terms of bias voltage, no obvious
change of 𝑄net is found in the PEC degradation under the bias
voltages ranged from 1.0 V to 2.5 V. However, using a larger
bias voltage like >3.0 V, a deviant increase of 𝑄net appears
possibly due to water electrolysis reaction. Thus, a bias voltage
of 2 V is preferred.
In the process of PEC degradation, the light intensity
could influence the speed of the reaction. However, it has no
impact on 𝑄net via the result shown in Table 1. Considering
the fact that high light intensity could result in a fast and stable
reaction, a light intensity of 37.4 mW/cm2 was applied for the
degradation experiment.

The concentration of supporting electrolyte has a direct
relationship with the resistance of the solution that could
influence the transportation of the photo electrons. As shown
in Table 1, the value of 𝑄net starts to keep stable with the
concentration of NaNO3 increasing to over 2.0 mol/L. Thus,
2.0 mol/L NaNO3 solution is used as supporting electrolyte.
In conclusion, the optimum condition used in the following PEC experiment is applied at 2.0 mol/L NaNO3
electrolyte, 2 V bias voltage, and 37.4 mW/cm2 light intensity.
3.3. The PEC Degradation Property of FA and MA. Figure 5
shows the photocurrent-time profiles and degradation rate
(𝛼) of (a), (b) FA and (c), (d) MA, respectively. As can be
seen in Figure 5(a), the photocurrent gradually shifted to the
right with the increase of FA concentration from 0 (baseline)
to 100 mg/L. It indicates that a higher concentration of FA
needs a longer degradation time and, accordingly, a larger
𝑄net . The degradation rate (𝛼) of FA can be calculated by (1)
based on the photocurrent-time profiles in Figure 5(a). The
result shows that 𝛼 only ranges from 36% to 41%, indicating
only small portion of FA degraded in the PEC process. It
can be deduced that most of hydroxyl radicals have been
consumed in the beginning of the reaction, while the residual
FA and the intermediate products could not be continuously
degraded, finally resulting in a lower degradation rate. Thus,
we hypothesize that if more hydroxyl radicals were produced
in the PEC process, the degradation rate of FA could be
improved.
Compared to FA, MA shows a more degradable property.
As shown in Figure 5(c), a larger photocurrent can be
observed even in a smaller concentration of MA, implying
more electrons generated from the degradation of MA.
The degradation rate of MA is also calculated based on
Figure 5(c). As can be seen from Figure 5(d), the 𝛼 values of
MA at different concentrations are close to 100%, indicating
a complete degradation. The excellent degradability of MA is
possibly due to its small molecule.
3.4. The Promotion Effect of MA on the Degradation of FA.
The promotion effect is investigated by adding different
concentrations of MA to 50 mg/L FA in the PEC degradation. In this study, 8, 15, 30, 45, and 60 mg/L of MA
were used. Figure 6(a) shows the photocurrent-time profiles
obtained from the PEC degradation of FA mixed with
different concentrations of MA. The total 𝑄net of the mixture
was calculated, respectively. Because MA can be completely
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Figure 5: The photocurrent-time profiles and degradation rate (𝛼) of (a), (b) FA and (c), (d) MA.

degraded, 𝑄net-MA should be equal to Th𝑄net-MA . Therefore,
𝑄net-FA could be calculated by subtracting Th𝑄net-MA from
the total 𝑄net , and then the degradation rates (𝛼) of FA
could be calculated according to (1). As shown in Figure 6(b),
𝛼 increases from 40% to 100% with the increase of MA
concentration from 0 to 60 mg/L. Obviously, MA has a
promotion effect on the PEC degradation of FA. For example,
when 45 mg/L MA was added, 𝛼 of 50 mg/L FA reaches 100%.
In other words, more than 45 mg/L additional MA could
promote the complete degradation of 50 mg/L FA.
The mechanism was also discussed herein. As known,
TBA is a researched hydroxyl radial scavenger [25, 26], which
can reduce the concentration of hydroxyl radial. Take the
mixture of 50 mg/L FA and 45 mg/L MA as an example;
different concentrations of tert-butyl alcohol (TBA) were
added to the mixture and the result was shown in Figure 7.
As can be seen, 𝛼 of the mixture obviously reduces with

the increase of TBA concentration. As 30 mg/L TBA is added,
𝛼 reduces about 10%. This is because the promotion effect
of MA on the PEC degradation of FA is restrained when
the amount of hydroxyl radial is limited. Thus, it could
be deduced that an enormous amount of hydroxyl radicals
is generated because of the excellent degradability of MA.
The additional hydroxyl radicals could continuously degrade
both FA and the intermediate products in the degradation
reaction.

4. Conclusion
In this study, an obvious promotion effect of MA on the
PEC degradation of FA was observed. The degradation rate
of FA alone is only about 40%, while it could be significantly
improved by addition of MA. With 45 mg/L MA mixed with
50 mg/L FA, the degradation rate of FA can achieve 100%. The
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mechanism is also investigated where the enormous amount
of hydroxyl radicals, which is generated in the degradation
of MA, could maintain the continuous degradation of both
FA and the intermediate products. This work provides a new
way to promote the PEC degradation of FA and a direction to
remove humus from polluted water.
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The sediments’ samples were collected from Changdang Lake for the concentration of fourteen polycyclic aromatic hydrocarbons in
March (dry season), June (wet season), and September (temperate season) 2013. The highest average value of ∑ PAHs was detected
as 295.28 ng/g dw in March, followed by 240.91 ng/g dw in June and 165.81 ng/g dw in September. Source characterization studies
based on the analysis of diagnostic ratio (triangular plot method) suggested that the PAHs in sediments from Changdang Lake
were mainly from the mixed combustion source of biomass and petroleum, and the origins of PAHs in different sampling sites
have a great deal of temporal and spatial variability during different water seasons. Redundancy analysis was applied to identify the
impact factors and the possible relationship between PAHs and environmental parameters. The predicted results showed that the
main factors impacting PAHs temporal distribution were temperature, dissolved oxygen, pH, and oxidation-reduction potential,
while conductivity showed secondary impacts on the PAHs distribution. Risk assessment of PAHs in sediments was carried out
based on the US Sediments Quality Guidelines (SQGs). By comparing the present study results with SQGs standard values results
showed that the adverse effects are not expected at the present levels of PAHs contamination observed in the sediments from
Changdang Lake.

1. Introduction
Polycyclic aromatic hydrocarbons (PAHs) are a major group
of persistent organic pollutants and mainly produced by
anthropogenic activities [1–3]. Anthropogenic sources of
PAHs are of two types, petrogenic and pyrogenic. Petrogenic
PAHs are generated from petroleum and its products which
are entered into aquatic environments through oil spills,
accidental leakages of marine and land pipelines, and
domestic and industrial wastes [4–6]. Pyrogenic PAHs,
which are common in aquatic environment, are generated
through incomplete combustion of organic matter (e.g., coal,
petroleum, and wood) and give rise to complex mixtures

of PAHs with 4–6 rings that include fluoranthene (Fla),
pyrene (Pyr), benzo[a]anthracene (BaA), chrysene (Chy),
benzo[b]fluoranthene (BbF), benzo[k]fluoranthene (BkF),
benzo[a]pyrene (BaP), dibenzo[a,h]anthracene (DahA),
benzo[g,h,i]perylene (BghiP), and indeno[1,2,3,(c,d)]pyrene
(InP) [7, 8]. Pyrogenic sources are regarded as more
thermodynamically stable and toxic than petrogenic sources
due to their high concentrations of nonalkylated PAHs
[9–11]. A water body can act as a major sink for PAHs [12]
and can be influenced by wet and dry deposition [13].
PAHs can be incorporated into the food web, but PAHs
ultimately accumulate in sediments. However, this process
can be reversed when the equilibrium between sediments

2
and the overlying water body is interrupted, in which case
sediments highly contribute toxic PAHs compounds to the
food web resulting in fundamental alterations of the ecosystems that may affect the human body [14, 15]. Due to their
carcinogenic and mutagenic effects on both terrestrial and
aquatic organisms [16], the distribution and sources of PAHs
have gathered significant environmental concern [17, 18].
Their potentially hazardous properties and persistence in
the environments prompted the United States Environmental
Protection Agency (USEPA) to include 16 PAHs within the
priority pollutants list [19].
The US EPA and International Agency for Research on
Cancer (IARC) classify seven PAHs (benzo[a]pyrene, benzo[a]anthracene, chrysene, benzo[b]fluoranthene, benzo[k]
fluoranthene, dibenzo[a,h]anthracene, and indeno[1,2,3cd]pyrene) as possible human carcinogens (USEPA Class
B2). Other PAHs may also cause carcinogenic effects and
should not be considered as noncarcinogens [22]. PAHs
affect cell division, cause tumors, and alter reproduction
rates through enzymes induction process [23, 24].
Source identification of PAHs has been a hot research
topic and challenging field for the domestic and foreign scientists. Ratios of PAHs are often used to be accurate and reliable
diagnostic tools for sources identification of PAHs [25, 26].
As isomers of PAHs have similar thermodynamic and kinetic
characteristics and isomers from the same source undergo
the same transformation process, the ratio of different PAHs
can determine the type of pollution sources [26]. But when
using a single ratio of PAHs for the source identification,
it may result in an inaccurate estimate of PAH source; in
order to avoid this situation, we innovatively proposed a
source identification method of PAHs using three kinds of
diagnostic ratios of PAHs in a triangular plot. The ratio
of low molecular weight and high molecular weight PAHs
(L/H) and isomers are commonly used as a ratio method
[27]. These groups of compounds are of molecular weights
178 (phenanthrene and anthracene), 202 (fluoranthene and
pyrene), 228 (benzo[a]anthracene and chrysene), and 276
(indeno[1,2,3-cd]pyrene and benzo[g,h,i]perylene). In the
present study, the ratios of Ant/(Ant + Phe), Fla/(Fla + Pyr),
and BaA/(BaA + Chr) were used to identify the PAHs sources
in sediment.
The environmental parameters included in this study
(temperature, pH, dissolved oxygen, oxidation-reduction
potential, and pH) are variables which are believed to affect
the PAHs residual characteristics differing from site to site
and regulate the process of biodegradation. The relationship
between environmental parameters and PAHs was investigated through redundancy analysis (RDA) which was first
proposed by Rao [28].
This analysis method has been used by some researchers
in geochemical studies and source analyses [29, 30]. The
CANOCO 4.5 software bundled with CanoDraw for Windows was used to perform redundancy analysis [31–33].
In previous studies, this software was used to investigate
aliphatic hydrocarbon composition, thereby partitioning various petroleum sources (wastewater irrigation, oil wells, and
atmospheric deposition) into different groups [34].
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Ecological risk of PAHs was assessed by the United States
“Sediment Quality Guidelines” (SQGs) which is a useful
approach to assess the sediments with a ranking of lesser
to greater impacts. SQGs provide a scientifically justifiable
basis for assessing the potential effects of sediment-associated
contaminants on aquatic organisms [35–37]. PAHs risk
assessment has been reported in several studies in different
regions of the world [38, 39]. However, due to the complex
nature of sediments and the fact that risk assessment for PAHcontaminated sediments requires an estimate of the toxicity
to aquatic organisms of the complex PAHs assemblage in the
sediments, it is difficult to find out the exact potential impacts
posed by PAHs in sediments [40].
This study aims to explore the effects of different water
seasons on the distribution of PAHs, to identify the possible
sources, and to conduct an ecological risk assessment to
recognize the possible adverse ecological effects of PAHs in
sediments from Changdang Lake.

2. Materials and Methods
2.1. Study Area Description. Changdang Lake is located about
nine kilometers away from the south of Jintan City, China.
Jintan has a maritime monsoon climate, a mild and humid climate with distinct seasons. The annual average temperature
is around 17∘ C. The so-called Meiyu season meaning “humid
and rainfall abundant” in China lasts about 2–4 weeks. Jintan
is crisscrossed by numerous rivers, canals, and lakes and the
water surface area occupies one-fifth of its size of the land.
The natural resources mainly include salt, coal, and granite
mines.
Changdang Lake covers 8,200 hectares (32 sq mi). It is
one of the ten largest freshwater lakes in Jiangsu province. It
has always been an important source of drinking water supply
in Jintan City. Maximum depth of lake is 1.31 m with average
depth of 1.10 m and its storage capacity is about 0.98 × 108 m3 .
Changdang Lake receives water from the west Xuebu
River, Sudou River and flows into Taihu Lake through
Huangli River, Beigan River, and Zhonggan River, which lie
to the east of the lake. Figure 1 illustrated the locations of
sampling sites in Changdang Lake. Sites #1, #2, and #3 were
selected from the northeast shore to the center of the lake; site
#4 is the main outlet to Huangli River, while sites #5 and #6
were selected near the inlet from Xuebu River.
2.2. Sample Collection and Pretreatment. Surface sediment
(0–20 cm) samples were collected from six sites in Changdang Lake using stainless steel grab sampler in March
(dry season), June (wet season), and September (temperate
season) 2013. Each sediment sample consisted of central parts
of 5 subsamples randomly collected at 5 points within the
sampling area. And each sampling site was positioned by
using GPS to ensure the consistency of sampling location.
After collection, samples were kept in aluminum trays, dried
in the shade, cleaned from impurities, and ground. Dried
sediments were sieved through 100 𝜇m meshes stainless
steel sieves with mechanical shaking (100 rpm, 60 min). The
mechanical shaker used was throw-action sieving where the
vertical throwing motion was overlaid with slight circular
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The Solid Phase Purification Column (SPPC) was
obtained by filling 0.5 g copper powder and 1 g anhydrous
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6 mL empty column. After the SPPC was rinsed and activated
with 5 mL petroleum ether, the concentrated extracting
liquor was moved into the SPPC; then 15 mL n-hexane and
10 mL dichloromethane were used to elute. The eluent was
collected into pear-shaped bottles, concentrated to about
1 mL with vacuum rotary evaporator, and finally the volume
was adjusted to 1 mL with n-hexane for determination.
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Zhonggan River
2 km

Figure 1: Study area map showing sampling sites in Changdang
Lake.

motion, which helped the particles to distribute over and
fall back as well to interact with the sieve mesh and pass
through the opening if the particles were sufficiently small.
After sieving, samples were stored in brown glass bottles and
sealed by film. Several reagents were used in the analysis:
the petroleum ether, acetone, hexane, methanol, and copper
powders were analytical grade reagents; anhydrous sodium
sulfate was guaranteed grade reagent (Nanjing Chemical
Reagent Limited Company, Nanjing, China). Methylene
chloride was pesticide residue level (China Chemical Reagent
Limited Company, Shanghai, China). Neutral alumina was
chromatographically pure (Shanghai Ludu Chemical Reagent
Plant, Shanghai, China); C18-bonded silica gel and nonbonded silica gels were chromatographically pure (Dalian
Institute of Chemical and Physics, Dalian, China). After the
addition of anhydrous sodium sulfate, neutral alumina and
silica gel were baked for 3 h at 400∘ C; 3% distilled water was
then added for deactivation. Neutral alumina and silica gel
were placed in a desiccator to cool to room temperature, after
which they were preserved in hermetically sealed containers.
2.3. Extraction and Purification of Samples. Three equal parts
of 5 g sediment samples for each site were weighed; each of
5 g sediments sample was put into 50 mL glass centrifuge
tube and mixed with 2.0 g anhydrous sodium sulfate. 15 mL
of acetone/petroleum ether (v/v = 1/2) was used as extracting
agent to soak the sediment samples for 1 h and ultrasonicextracted for 10 minutes, and then the supernatant was
transferred into pear-shaped bottle. The above process was
repeated twice, combining the supernatants together. At last,
the extract liquid was concentrated to about 1 mL under 40∘ C
with vacuum rotary evaporator for purifying.

2.4. Chromatographic Conditions. All sediments samples
were analyzed for fourteen PAHs congeners, according to
the US EPA standard test method (1979), by Agilent1100
HPLC with fluorescence and UV-adsorption detector (Agilent Technologies, Palo Alto, USA). A 250 mm × 4.6 mm ×
5 𝜇m reversed-phase C18 column (Agilent ZORBAX Eclipse
XDB-C18) served as the stationary phase. Mixed solution of
acetonitrile and ultrapure water was delivered as the mobile
phase in a gradient program at 0.75 mL/min. The initial volume ratio of acetonitrile and water was 60 : 40, and then the
ratio of organic phase was increased to 100 : 0 till 60 minutes.
PAHs were quantified by using external standard solutions
obtained from Ehrenstorfer (Augsburg, Germany). Data was
statistically analyzed using the Kruskal-Wallis test at 𝑃 < 0.05.
Detection of wavelength was carried out: time programming with FLD signals, 0∼9 min: 𝜆 Ex = 260 nm, 𝜆 Em =
380 nm; 9∼16 min: 𝜆 Ex = 260 nm, 𝜆 Em = 340 nm; 16∼18 min:
𝜆 Ex = 260 nm, 𝜆 Em = 380 nm; 18∼21 min: 𝜆 Ex = 260 nm,
𝜆 Em = 380 nm; 21∼23 min: 𝜆 Ex = 289 nm, 𝜆 Em = 462 nm;
23∼30 min: 𝜆 Ex = 320 nm, 𝜆 Em = 380 nm; 30∼36 min: 𝜆 Ex =
266 nm, 𝜆 Em = 403 nm; 36∼52 min: 𝜆 Ex = 294 nm, 𝜆 Em =
430 nm; 52 min: 𝜆 Ex = 290 nm, 𝜆 Em = 500 nm. The investigated fourteen PAHs in this study included naphthalene (Nap), phenanthrene (Phe), anthracene (Ant), fluorene (Flu), fluoranthene (Fla), pyrene (Pyr), acenaphthylene (Ace), chrysene (Chr), benzo[a]anthracene (BaA),
benzo[b]fluoranthene (BbF), benzo[k]fluoranthene (BkF),
benzo[a]pyrene (BaP), dibenzo[a,h]anthracene (DahA), and
benzo[g,h,i]perylene (BghiP).
2.5. Data Analysis. To explore the relationship between PAHs
and environmental parameters, redundancy analyses (RDA)
were performed using CANOCO 4.5 software (Microcomputer Power, Ithaca, USA). CANOCO 4.5 is a software
package for multivariate data analysis and visualization,
with an emphasis on dimension reduction (ordination),
regression analysis, and combination of the two, constrained
ordination. Ordination triplot was drawn using CanoDraw
(Microcomputer Power, Ithaca, USA). By comparing the
RDA ordination results based on this technique, the predominant environmental parameters and the dominant residual
PAHs at different sampling sites were determined as shown
in Figure 5.
2.6. Quality Control. In order to ensure the accuracy and precision of experimental data, replicate samples, certified reference materials HS-5 (sediments, provided by NRC-IMB of
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Table 1: Environmental parameters measured in Changdang Lake during the study period.
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Figure 2: The total average distribution of individual PAHs in
sediments from Changdang Lake.

Canada), matrix spikes samples (sediment samples of known
PAH levels spiked with a mixture consisting of 1 𝜇g each of
PAHs), and procedural blanks were used as quality control
procedures. Analyses were run in batches of 10 samples plus
four quality controls (QCs) including one reagent blank, one
matrix blank, one matrix spikes sample, and one random
sample in duplicate. The recovery efficiency of PAHs ranged
from 89% to 111% for HS-5 and from 78% to 105% for the
spiked samples with relative standard deviation (RSD) 3.2%–
10.6%. The method detection limits were in the range of 0.5–
2.0 ng g−1 dry weight. PAHs standard solution was diluted
with acetonitrile, six kinds of concentration of the mixed
standard were configured to quantify peak area by establishing a working curve with external standard method, and the
correlation of the standard curve was above 0.99. All of the
measurements were performed in triplicate, the results were
not corrected according to the percent recovery of HS-5 and
spiked samples, and the means were used for the calculations.

COND
𝜇s/cm
June
287.0
290.0
316.0
316.0
242.0
197.0
274.6

Sep
279.0
468.0
480.0
422.0
460.0
487.0
432.6

March
56.0
63.0
67.0
73.0
65.0
62.0
64.3

ORP
mv
June
104.0
85.0
89.0
120.0
95.0
181.0
112.3

pH
Sep
93.0
77.0
75.0
90.0
95.0
92.0
87

March
8.8
8.9
8.8
8.7
8.7
8.7
8.8

June
8.3
8.8
8.8
8.5
8.9
7.7
8.5

Sep
7.6
7.9
8.4
8.2
8.5
8.4
8.2

2.7. PAHs Source Identification. The isomer ratios of Ant/(Phe
+ Ant), Fla/(Fla + Pry), and BaA/(BaA + Chr) were used
to identify sources of PAHs in sediments from Changdang
Lake. Molecular indices based on ratios of selected PAHs
concentrations are commonly applied to identify PAHs from
petrogenic and pyrogenic origins [41, 42]. A ratio of Ant/(Ant
+ Phe) < 0.10 indicates dominance of petroleum, while a >
0.10 ratio suggests combustion. Meanwhile, a Fla/(Fla + Pry)
< 0.4 ratio suggests a petroleum source, a ratio between 0.4
and 0.5 indicates liquid fossil fuel combustion, and a > 0.50
ratio suggests combustion of biomass and coal. Furthermore,
it indicates a petroleum source if the ratio of BaA/(BaA
+ Chr) is lower than 0.20, a source is from combustion
coal, grass, and wood if higher than 0.35, and petroleum
combustion (especially liquid fossil fuel, vehicle, and crude
oil) if between 0.20 and 0.35 [26].

3. Results and Discussion
3.1. Analysis of Environmental Parameters. Five environmental parameters including temperature (T), dissolved oxygen
(DO), pH, oxidation-reduction potential (ORP), and conductivity (COND) of the water were measured at the sampling
sites in March, June, and September 2013 using SX751 series
portable electrochemical meters (San-Xin Instrumentation
Inc., Shanghai, China). Environmental parameters measured
during the study period are shown in Table 1.
3.2. Concentration of PAHs in Sediments. The residual characteristics of PAHs in the six selected sites are presented
in Figure 2. Results showed that the average concentrations of residual PAHs in March, June, and September
were 295.28 ng/g (180.66∼441.26 ng/g); 240.91 ng/g (161.46∼
296.23 ng/g); and 165.81 ng/g (98.98∼231.18 ng/g), respectively. Considering spatial distribution, site #1, which is the
intake for drinking water treatment plant, has lower PAHs
residues than other sites. In March (dry season), the residual
level of PAHs especially the five-ring and six-ring PAHs with
more toxicity in sediments was higher than June (wet season)
and September (temperate season), which might be related
to the coal combustion in winter and spring. Although PAHs
from sites #4 to #6, which are the inlet and outlet of the lake,
are significantly reduced in June and September, the content
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Figure 3: The total average distribution of individual PAHs in sediment.

of four-ring and five-ring PAHs was still high; particulary
the value of strong carcinogenic benzo[a]pyrene content was
observed as higher than 19.68 ng/g and considerably lower
than the corresponding standard value of 150 ng/g dry weight.
The total percentage (𝑛 = 6) of 14 PAHs is shown in
Figure 3. A clear dominance of middle molecular weight
PAHs (Fla 18%, Pyr 11%, BaA, 6%, and Chr 11%) in respect
to low (Nap 11%, Ace 3%, Flu 2%, Phe 6%, and Ant 7%) and
higher molecular weight (BbF 10%, BkF 7%, Bap 7%, DahA
1%, and BghiP 0%) was observed. Numerous studies have
been reported on PAHs level in the sediments of lakes in
China. The average total PAHs concentration in Changdang
Lake sediments was less than those levels observed in sediments from Chaohu Lake (908.50∼1878.10 ng/g) [13], Taihu
Lake (290.00∼480.00 ng/g), and Hongfeng Lake (2936.10∼
5282.30 ng/g) [43], but higher than those data reported from
Erhai Lake (31.90∼269.00 𝜇g/g) [44], Poyang Lake (157.00∼
63.20 ng/g) [20], and Baiyangdian Lake (189.9 ng/g) [21].
3.3. Source Identification. For source analysis, the diagnostic
ratios of Ant/(Ant + Phe), Fla/(Fla + Pyr), and BaA/(BaA +
Chr) for the three kinds of water seasons are plotted in
Figure 4. The reference standards or threshold values of PAHs
ratio for source identification have been discussed by many
researchers; the discussion is based on the understanding of
the relative discrimination ability (relative thermodynamic
stability) of different parent PAHs, the characteristics of
different PAH sources, and the changes in PAH composition
between source and sediment (the relative stability of different PAH isomers and PAHs from different sources) [26].
The isomeric ratios have been used to assess the pyrogenic
or petrogenic sources of PAHs in sediments: Ant/(Ant +
Phe), Fla/(Fla + Pyr), and BaA/(BaA + Chr); their threshold
values and the corresponding source are shown in Table 2
[14, 20, 44]. From Figure 4 and Table 2, we can see that the
origins of PAHs in different sampling sites have a great deal of

temporal and spatial variability based on three isomer ratios
of PAHs. According to the analysis of single ratio of PAHs,
the ratios of Ant/(Ant + Phe) were higher than 0.10; this
indicates that the main PAHs source was pyrogenic source
[14]. The ratios of Fla/(Fla + Pyr) at sites M1, M2, M3, M6,
and J6 were lower than 0.40; this indicates that the main PAH
source may originate from petroleum products [45, 46]; those
at sites J1, J4, J5, S1, S5, and S6 were between 0.40 and 0.50,
indicating that they originated from petroleum combustion;
the other sites were higher than 0.50; this implies that the
PAH source may be biomass combustion (grass, wood) or
coal combustion [20, 44].
The ratios of BaA/(BaA + Chr) at sites M1, M4, S2, and S4
were lower than 0.20, indicating that the main PAH source
may originate from petroleum products; those of sites J4 and
J5 were between 0.20 and 0.35, indicating that they originated
from petroleum combustion; the other sites were higher than
0.35; this implies that the PAH source could be biomass
combustion (grass, wood) or coal combustion [14].
The results mentioned above showed that some of the
sources at some sites were contradictory; this phenomenon
has also been observed by other scientists [21], so the
source identification using three ratios of PAHs can avoid
the misleading when using a single ratio of PAHs. After a
comprehensive analysis, the dominative pollution source of
PAHs at sites S4, M1, and M4 mainly comes from petroleum
products; the PAHs source at sites J1, J4, J5, S1, S5, and S6
may be petroleum combustion; other sites mainly come from
biomass combustion (grass, wood) or coal combustion. From
the point of spatial and temporal variation, the main pollution
sources of PAHs at site #1 (the intake for the drinking water
treatment plant) and site #4 (the lake outlet of Changdang
Lake) derived from the mixed source of petroleum production and petroleum combustion sources; this was related to
the channel in the lake near the two sites; the leakage and
burn of gasoline from the ship resulted in the accumulated in
the sediment. The source of PAHs in both site #5 and site #6
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mainly came from the mixed combustion source of biomass
and petroleum, the two sites located at the lake inlet of two
rivers into the lake, and the composition of PAHs was affected
by the inflow water of the rivers, which mainly received the
combustion sources of biomass and petroleum because the
river passed though the village and highways. Site #2 and site
#3 located at the heart of lake; the source of PAHs dominated
by the PAHs derived from the combustion of biomass or coal
during different water seasons; this might be attributed to the
river inputs and the dry and wet deposition; the latter was also
impacted by the anthropogenic activities like straw burning
before rice cultivation and postharvesting and heating with
coke oven in winter and spring. These results are in line with
the actual situation of the scene, and they also accord with
people’s understanding on the source apportionment [13, 20,
44]. Therefore, this source identification method is effective.
3.4. Redundancy Analysis. The sampling sites, environmental
factors, and PAHs residual concentration could be well
divided into three groups (ellipse lines in Figure 5) based
on the redundancy analysis. The predominant environmental factors and the dominant residual PAHs at different
sampling sites were determined from the length of the
arrows in Figure 5. As Table 3 shows, the eigenvalues of the
first two RDA axes were 0.6264 and 0.0498, respectively.
The correlation coefficient between two species axes was
−0.0420, showing that these axes were poorly correlated. The
correlation coefficient of the two environmental axes was
0, indicating that they were perpendicular to each other.
This demonstrates that the ordination results can reflect the
relationships between PAHs and environmental factors in the
study area.
Group I was associated with the sampling sites in March
(dry season), which had high content of Ace, BaA, Chr, Flu,

Phe, Pyr, Fla, BbF, BkF, BaP, DahA, and BghiP with 3- to 6ring PAHs and lower contents of Nap and Ant in these sites.
From the projection point of PAHs species arrows falling
in the opposite direction of the arrows of T, DO, and ORP,
we can deduce their significant negative correlation. Besides
the variation of pollutant source type in spring or winter as
compared to other seasons, the environmental conditions of
cold weather and low ORP value in March may affect the
degradation and occurrence characteristics of PAHs in water
body. Meanwhile, pH showed obvious positive correlation
with the first species axis with 3- to 6-ring PAHs in these sites
in March (𝑟 = 0.4280); it implied that high pH was conducive
to the residue of these PAHs in sediment.
Group II was associated with the sampling sites in June
(wet season), which had higher content of Nap and Ant with
2- to 3-ring PAHs as compared to March (dry season). From
the projection point of PAHs species arrows falling in the
same direction of the arrows of T, DO, and ORP, we can
speculate their significant positive correlation, and the phenomenon of low-ring PAHs predominating in these sampling
sites may be related to the variation of the environmental
condition of high temperature and high ORP value in June,
which is conducive to the residue and occurrence of Nap and
Ant in sediments. The distribution characteristics of sampling
sites in September (temperate season) have a high similarity
with those sites in June (wet season). But the sampling sites
in September were subjected to greater impact from the
COND, so we divided the September sites into group III. The
relationship between PAHs and the first species axis was more
obvious than that between PAHs and the second species axis
(Table 3).
The correlation coefficients between Ace, BbF, BkF, DahA,
and BghiP and the first species axis were 0.4147, 0.9068,
0.9133, 0.9620, and 0.6439, respectively. It can approximate
the correlation between PAHs and environmental variable
(e.g., T and ORP) by the distance of the perpendicular
projection point of the species arrow-tips (e.g., PAHs) onto
the environmental variable arrows (e.g., T and ORP) from
the coordinate origin (zero point). The longer the distance,
the higher the correlation. If the projection point lies in the
opposite direction (e.g., BbF, BkF, DahA, and BghiP), then
their correlation is negative.
As shown in Table 4, three environmental parameters
(T, DO, and ORP) were negatively correlated with the first
species axis. The correlation between the first species axis
and T was the most significant (𝑟 = −0.9168). The other
factors had positive correlation with the first species axis;
pH was the most remarkable positive correlation factor (𝑟
= 0.4283). Most of the factors showed negative correlation
with the second species axis; DO was the most remarkable
correlation factor (𝑟 = 0.4435). From the arrow-line lengths
and the correlation analysis of environmental indexes and
the first two species axes, we can infer that the main factors
impacting PAHs distribution are T, DO pH, and ORP while
COND had secondary impacts on PAHs distribution.
3.5. Ecological Risk Assessment. As China has not yet set an
environmental standard for PAHs in sediment. Therefore, in
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Table 2: The reference standard of PAHs source identification for ratio method.
Petrogenic origin

Fla/(Fla + Pyr)
Group of sites

Petroleum combustion

<0.10

Ant/(Ant + Phe)
Group of sites

Combustion of biomass and coal

>0.10
All of the sampling sites

Reference

>0.10

[14]

<0.40
M1, M2, M3, M6, and J6

0.50 > 𝑅 > 0.40
J1, J4, J5, S1, S5, and S6

>0.50
Other sampling sites

[20, 21]

<0.20

0.35 > 𝑅 > 0.20

>0.35

[14]

M1, M4

J4 and J5

Other sampling sites

BaA/(BaA + Chr)
Group of sites
S2 and S4

Table 3: Eigenvalues for RDA axis and environmental indexes correlations.
Axes
Eigenvalues
Explained variation (cumulative)
Pseudocanonical correlation
Explained fitted variation (cumulative)

1
0.6264
62.64
0.9696
88.90

2
0.0498
67.62
0.7022
95.97

Axis 1
−0.9168
−0.1480
−0.0670
−0.4481
0.4283
−0.9123
0.8275
0.5027
0.7625
−0.1376
0.4212
0.4617
0.5113
0.6575
0.9120
0.5064
0.5176
0.9604
0.7529

Axis 2
0.1971
0.4435
−0.4215
0.4787
0.0485
0.2484
−0.1742
−0.2518
0.1703
0.0238
−0.0613
−0.0883
0.4609
0.1510
0.0016
0.4055
0.2502
0.0891
−0.0046

Axis 3
−0.0032
−0.1041
−0.0379
0.1015
−0.1642
0.1718
−0.0995
0.2936
0.1589
−0.4362
−0.4515
−0.1105
−0.2460
−0.6108
−0.0825
−0.5969
0.2251
−0.1500
0.0493

Axis 4
−0.0100
−0.0849
0.0119
0.0695
−0.0993
0.1317
−0.0572
0.1881
0.1373
−0.4289
−0.0190
−0.2645
0.4079
−0.2567
0.0379
0.4309
0.6458
0.0031
−0.1962

this study, PAHs associated risk in sediments was assessed
by applying the “US Sediment Quality Guidelines” (SQGs)
[36, 42]. SQGs provide two effects-based sediment guideline
values: effects range-low (ERL) and effects range-median
(ERM), which quantitatively assess the adverse biological
effects in sediments [45]. These two values establish three
concentration ranges for PAHs. PAHs will not be harmful

Total variance
1.0000

6

ORP

II
June
DO
BaA
BkF
BaP 4 Chr
Phe
5
DahA
6
pH
Fla BghiP BbF
Pyr
Ace
Flu
32
I
1 March


4 5

2 
3

T
RDA axis 2

T
DO
COND
Eh
pH
Nap
Ace
Flu
Phe
Ant
Fla
Pyr
BaA
Chr
BbF
BkF
BaP
DahA
BghiP

4
0.0697
83.15
0.0000

1.0

Table 4: Correlation coefficients among environmental indexes,
PAHs and RDA ordination axes.
Environmental
parameters and
PAHs

3
0.0856
76.18
0.0000

Nap

Ant
6

1 5

III
September
2

−0.8

3

4

1

COND

−1.0

1.0
RDA axis 1
Environmental variables
PAHs

Sampling sites

Figure 5: Redundancy analysis (RDA) plot of the relationship
between environmental parameters and PAHs in March (dry season), June (wet season), and September (temperate season).

to the environment and its biota when their concentrations
are lower than ERL; while the concentrations are higher than
ERM, PAHs will show negative impacts frequently. PAHs
with concentrations between ERL and ERM are considered
to be harmful occasionally [36, 45].
Concentrations of ∑ PAHs in sediments in all sites were
less than the ERL value of 4749 ng/g dw (Table 5). But in June,
there was one constituent that might occasionally exceed the
ERL and pose biological impairment. For example, the maximum concentration of naphthalene (Nap) was 212.11 ng/g dw
in June and 169.41 ng/g dw in September, which exceeded the
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Table 5: Standard pollution criteria of PAH concentrations for sediment (ng/g dw) (ERL: effects range-low, ERM: effects range-median, and
NA: not available).
Guidelines
PAHs
Nap
Ace
Flu
Phe
Ant
Fla
Pyr
BaA
Chr
BbF
BkF
BaP
DahA
BghiP
∑PAHs

March
ERL
160
44
19
240
853
600
665
261
384
320
280
430
63.4
430
4749

ERM
2100
640
540
1500
1100
5100
2600
1600
2800
1880
1620
1600
260
1600
24940

Average
0.25
14.34
19.11
19.11
9.33
6.09
13.38
13.58
26.21
96.17
19.82
6.91
48.83
16.13
309.31

Max
1.54
76.28
29.6
48.29
16.29
9.08
28.74
27.8
36.35
136.84
30.28
10.99
69.28
52.69
574.05

ERL value of 160 ng/g dw. In March acenaphthylene (Ace) and
fluorene (Flu) maximum concentration was 76.28 ng/g dw
and 29.06 ng/g dw, respectively, which exceeded the ERL
values of 44 ng/g dw and 19 ng/g dw. These results values
indicated that the probability of ecological risk associated
with these PAHs was below 10% and the adverse biological
toxicity effect would occur occasionally. SQGs have been
used by several researchers around the world, such as Cardellicchio et al., who used this approach to provide possible
ecotoxicological risk estimations for benthic organisms at
Mar Piccolo in Taranto, southern Italy [46], and Binelli et
al., who compared SQGs for toxicity assessment in the Bay
of Bengal in India [47].

4. Conclusion
PAHs were systematically investigated in sediments
from Changdang Lake. The results indicated that
average ∑ PAHs concentration in March (dry season)
was higher (295.28 ng/g dw) than those in June (wet
season) (240.91 ng/g) and September (temperate season)
(165.81 ng/g dw). Sources of PAHs were mainly from the
mixed combustion sources of biomass and petroleum,
and the origins of PAHs in different sampling sites have
a great deal of temporal and spatial variability during
different water seasons. This study’s results highlighted
that environmental parameters like temperature, dissolved
oxygen, pH, and conductivity played a more significant
role in controlling the distributions of PAHs in sediments.
By comparing the present study results with the US SQGs
values, PAHs associated risk is not high in the sediments
from Changdang Lake. However further attention should be
paid and preventive measures should be taken to save the

This study
June
Average
Max
151.35
212.11
15.455
32.59
6.28
10.75
5.21
8.78
13.08
20.93
4.08
8.07
5.73
16.42
8.48
14.23
8.56
16.19
5.05
8.53
13.05
26.39
4.9
19.68
1.83
10.99
NA
NA
243.08
405.66

September
Average
Max
61.96
169.41
14.7
21.21
9.66
17.08
10.53
23.62
5.82
26.78
3.31
6.43
5.64
11.26
2.5
10.66
2.95
11.69
1.38
8.85
4.61
13.84
7.38
12.11
NA
NA
NA
NA
130.5
332.94

lake from further PAHs contamination. This study’s results
will provide useful information to the local administration
about PAHs level in sediments from Changdang Lake.
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