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Wastewater treatment is quite imperative for sustainable
development and is critical for an ecosystem and for human
health. Typically, wastewater is purified through multiple
processes of microbial metabolisms. As a result, organic
matters, ammonia, sulfate, and phosphate are either
removed or transformed into other forms with lower harm
to receiving aqua. We could not see a critical contribution
of Archaea to wastewater treatment until recently when we
learned that they are responsible for methane production,
carbon mineralization, nitrification, and denitrification.
Furthermore, a newly discovered denitrifying anaerobic
methane oxidation process, through which methane is
oxidized anaerobically, challenges the cliché concept of
archaea involvement in wastewater treatment. To date,
thousands of wastewater treatment facilities are confirmed
to have an ecological and functional contribution by
Archaea, which also benefits pollutant removal with low
chemical and/or energy input.

Archaea-involved technology is essential for wastewater
treatment by integrating energy production and resource
recovery into a process for producing clean water. Archaea
play important roles in converting pollutants into environ-
mentally friendly materials. However, compared with
bacteria that are widely studied in wastewater treatment
systems, the characteristics and contributions of archaea
are still not well known. For instance, ecological patterns
of archaea in a complex wastewater microbiome are not
fully understood, as well as the metabolisms of certain
key archaea. For these reasons, we organized a special

issue with a specific topic on why a comprehensive
understanding of the identity, physiology, ecology, and
population dynamics of archaea is urgently needed to
improve wastewater treatment efficiency and process
stability. It will be possible to find selective principles for
regulating certain populations and managing a microbial
community. It is entirely necessary to further study
archaea in wastewater treatment. Such investigations can
not only optimize the current wastewater treatment
process but also innovate emerging technology.

Twelve papers, including both reviews and research
articles, are selected in this Special Issue, covering the
topics about the distributions and contributions of
Archaea in wetlands, oilfield soil, and wastewater-treating
bioreactors. Three review articles are highlighted in this
Special Issue. One of the review papers focuses on the
critical role of Archaea in bioremediation from halophilic
hydrocarbon degradation to acidophilic hydrocarbon
degradation in various environments such as oceans, soils,
and acid mine drainage. Another article reviewed the
characteristics and treatment of leachate, and more impor-
tantly, pointed out future directions for leachate research
and development. The third review paper overviews the
current knowledge on ammonium-oxidizing archaea and
ammonium-oxidizing bacteria that are involved in
wastewater treatment systems.

A wetland is an excellent combination of natural and
engineered forms of wastewater treatment. Two research
articles address bacterial and archaeal microbial community
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structures in constructed wetlands, with one focusing on
microbiome differences between sediments and water, while
another one focuses on microbial interactions in a pilot-scale
wetland that treated saline wastewater from a land-based
Atlantic salmon plant.

A microbial world in oilfield soil is unveiled in this
Special Issue by two research articles, one focusing on
physicochemical properties, contents of primary pollutants,
and fungal diversity of an aged oil sludge-contaminated
soil, while another one focuses on soil bacterial community
diversity around an aging oil sludge in the Yellow River
Delta of China.

Bioreactor microbiomes are the most popular topics in
this Special Issue, including four research articles. An inte-
grated biofilm-membrane bioreactor treating mustard
tuber wastewater was reported with a particular focus on
microbial mechanisms leading to membrane fouling.
Another study focused on microbial community and the
performance of an autohydrogenotrophic membrane bio-
film reactor for removing nitrate from the wastewater with
high sulfate concentrations. Anaerobic digestion reactors
are also addressed in two research articles, with one focus-
ing on a transitional role of hydrogen-producing acetogens
and its application in bioaugmentation, and another one
discussing the bacterial and archaeal roles in an integrated
anaerobic fluidized-bed membrane bioreactor treating
synthetic high-strength benzothiazole wastewater.

With rapid growth in biomonitoring tools, we have
learned more details of archaea-involved bioprocesses than
at any time in history. Following the publication of this
current Special Issue, we expect more exciting break-
throughs of Archaea studies in wastewater treatment from
theory improvement to technology innovation.
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Recently, a new oxygenic pathway has been proposed based on the disproportionation of NOwith putative NO dismutase (Nod). In
addition to a new process in nitrogen cycling, this process provides ecological advantages for the degradation of substrates in
anaerobic conditions, which is of great significance for wastewater treatment. However, the Nod distribution in aquatic
environments is rarely investigated. In this study, we obtained the nod genes with an abundance of 2.38± 0.96× 105 copies per
gram of dry soil from the Zoige wetland and aligned the molecular characteristics in the corresponding Nod sequences. These
Nod sequences were not only found existing in NC10 bacteria, but were also found forming some other clusters with Nod
sequences from a WWTP reactor or contaminated aquifers. Moreover, a new subcluster in the aquifer-similar cluster was even
dominant in the Zoige wetland and was named the Z-aquifer subcluster. Additionally, soils from the Zoige wetland showed a
high potential rate (10.97± 1.42 nmol of CO2 per gram of dry soil per day) for nitrite-dependent anaerobic methane oxidation
(N-DAMO) with low abundance of NC10 bacteria, which may suggest a potential activity of Nod in other clusters when
considering the dominance of the Z-aquifer subcluster Nod. In conclusion, we verified the occurrence of Nod in an alpine
wetland for the first time and found a new subcluster to be dominant in the Zoige wetland. Moreover, this new subcluster of
Nod may even be active in the N-DAMO process in this alpine wetland, which needs further study to confirm.

1. Introduction

Photosynthesis is a widely known biological pathway that
produces oxygen, but it is not the only pathway. In recent
years, in addition to chlorate respiration [1] and detoxifica-
tion of reactive oxygen species [2], a new oxygen-forming
pathway has been proposed. The new pathway has the ability
to produce oxygen in anaerobic conditions with nitrogen
oxides (except N2O) as substrates [3], which is very favorable
for the degradation and oxidation of organic matter in anaer-
obic environments rich in nitrogen oxides, such as wetlands
and wastewaters.

The critical step in this pathway is the proposed dis-
proportionation of NO with putative NO dismutase (Nod)

[3–6]. Nod was first proposed in enrichment cultures domi-
nated by “CandidatusMethylomirabilis oxyfera,” a represen-
tative species in the NC10 phylum [7, 8]. Currently, the
NC10 bacteria have been reported to exist in various kinds
of environments, such as lakes [9, 10], rivers [11], paddy
fields [12], marine environments [13], and especially wet-
lands [14–16]. However, there are few reports of environ-
mental Nod sequences. In a nitrite-dependent anaerobic
methane oxidation (N-DAMO) reactor inoculated with river
sediments, nod genes are first detected with specific primers
[17]. Then, nod genes are reported to be abundant in con-
taminated aquifers and wastewater treatment systems [18].
In addition to these, nod transcripts in marine oxygen mini-
mum zone water bodies were also reported [13].
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In addition to NC10 bacteria, Nod is also speculated to
exist in a facultatively denitrifying γ-proteobacterium strain
HdN1, which can grow on alkanes from C6 to C30 (except
hexadecane) with nitrate or nitrite in anaerobic conditions
[5, 6, 19]. This means Nod exists not only in NC10 phylum
but also in other microbes that can use oxygen for substrate
activation [6]. The direct investigation of Nod will be
more valuable than just the investigation of NC10, espe-
cially in understanding the environmental significance of this
oxygenic pathway.

With the oxygen produced by Nod, NC10 bacteria have
the ability to aerobically oxidize methane in anaerobic condi-
tions with nitrite as the electron acceptor [3]. NC10 and
“Candidatus Methanoperedens nitroreducens,” an archaeal
group which oxides methane with nitrate as the electron
acceptor, together perform the complete denitrifying anaero-
bic methane oxidation (DAMO). The DAMO process not
only provides the unique link between the nitrogen and car-
bon cycles [20], but also has been considered as a solution to
the sustainable operation of WWTP [21]. Therefore, the
study of the key enzyme Nod in aquatic environments will
not only promote the understanding of the metabolism of
substances in the biogeochemical cycle, but also likely pres-
ent better solutions for wastewater treatment operation.

Located on the Tibetan Plateau, the Zoige wetland is a
typical alpine wetland and has large emissions of methane
resulting from a huge carbon stock [22]. Although there is
a prevalence of NC10 bacteria in wetlands [14–16], the
presence and ecological significance of Nod in wetlands
is still lacking. Here, we propose the following hypotheses:
(1) Nod exists in this alpine wetland, and (2) microbes
containing Nod may play a role in the methane sink of
a natural wetland.

2. Materials and Methods

2.1. Sampling Methods. The samples used in this study were
from the Zoige wetland, which is located on the Tibetan
Plateau. Three sampling sites across the Zoige wetland
were set in this study. For each sampling site, a five-point
sampling method was used and sampling depths were 10 to
20 cm below the soil surface. For all the sampling sites, a
depth of about 5 to 15 cm of standing water remained during
the sampling period. The fresh soils were transported at 4°C
to the laboratory. All experiments in this study were con-
ducted in triplicates.

2.2. DNA Isolation. DNA was isolated from soils using a
method described before [23] with slight modifications.
The Lysing Matrix E tubes from MP Biomedicals were
used with FastPrep-24 from the same company for the

lysing step. Before the total nucleic acids were precipitated,
RNase stock solution was added with a final concentration
of 10μg/ml. After being incubated at 37°C for at least one
hour, the added enzyme was removed by repeated mixing
of chloroform-isoamyl alcohol (24 : 1) and repeated centrifu-
gation. The quality of the obtained DNA solutions was
checked by agarose gel analysis, and the concentration was
measured with a Nanodrop® ND-1000 UV-Vis spectropho-
tometer (Nanodrop Technologies, Wilmington, DE, USA).

2.3. PCR and qPCR. DNA samples diluted 5- or 10-fold were
used as templates for PCR and qPCR analyses. Primer pairs
used for PCR and qPCR of the nod gene were nod684Fv2/
nod1706Rv2 and nod1446F/nod1706Rv2, respectively [18].
The primer pair used for qPCR of NC10 16S rRNA gene
was qP2F/qP2R [8]. The PCR reactions were performed
using a volume of 26μl with the following composition:
22μl of Golden Star T6 Super PCR Mix (1.1x) (Beijing
TsingKe Biotech Co. Ltd.), 1μl of each primer (10μM), and
2μl of template DNA. The program was as follows: 98°C
for 2min, followed by 37 cycles of 98°C for 15 s, 57°C for
20 s, and 72°C for 30 s. Then, there was a final 5min exten-
sion at 72°C. The sequences from qPCR products were veri-
fied by cloning and sequencing in pLB vector and were
then used as standards for nod gene and NC10 16S rRNA
gene. The standard curve concentrations for nod gene were
from 2.580× 103 to 2.580× 1010 copies per gram of soil. The
standard curve concentrations for NC10 16S rRNA gene
were from 2.183× 103 to 2.183× 1010 copies per gram of soil.
A Bio-Rad CFX Connect™ Real-Time PCR Detection System
and SYBR® Premix Ex Taq™ (Tli RNaseH Plus) were
employed in the qPCR reactions. The qPCR reactions were

Table 1: Physiochemical properties of soils from the Zoige wetland.

Samples T (°C) pH Water content (%) SO4
2− (mg/l) NH4

+ (mg/l) NO3
− (μg/l)

Site1 13.0 7.42± 0.03 0.71± 0.02 5.69± 0.43 5.52± 0.94 13.33± 3.56
Site2 13.5 7.28± 0.02 0.73± 0.01 3.17± 0.68 4.08± 0.14 17.56± 0.58
Site3 13.5 7.31± 0.02 0.71± 0.01 2.26± 0.26 4.51± 0.97 27.67± 4.59
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Figure 1: Abundance of NC10 16S rRNA and nod genes in soil
from the Zoige wetland.
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performed using a volume of 25μl with the following compo-
sition: 12.5μl of SYBR Premix Ex Taq (Tli RNaseH Plus)
(2x), 0.5μl of each primer (10μM), 2μl of the DNA template,
and 9.5μl of sterile distilled water. The qPCR program was as
follows: 95°C for 30 s, followed by 40 cycles of 95°C for 5 s,
and 60°C for 30 s. Then, a melt curve was performed with
95°C for 5 s and 60°C to 95°C increasing at a rate of 0.5°C/5 s.
The standards and samples were quantified in triplicate, and
the analysis was performed with an efficiency of 100± 10%.

2.4. Cloning, Sequencing, and Phylogenetic Analysis. PCR
products of the nod gene were purified with a TIANgel Midi
Purification Kit (TIANGEN, Beijing) according to the
manufacturer’s protocol. Purified PCR products were cloned
using a Lethal Based Fast Cloning Kit (TIANGEN, Beijing).
The colonies were detected by PCR and agarose gel analysis
for positive colonies, and then the PCR products of positive
colonies were sent to sequencing. The high-quality sequences
obtained were assigned to the same operational taxonomic
units (OTUs) by Mothur based on a cutoff of 0.03. Also,
the rarefaction curve was also calculated with Mothur.
Then, the representative sequences of each OTU were
translated to amino acids and aligned with selected qNor,
cNor, and some published Nod sequences using a previ-
ously published method [18]. Then, based on the alignment
file, a phylogenetic tree was constructed with MEGA7 using
the neighbor-joining method.

2.5. Incubation Experiments. In an anaerobic box, soils were
mixed with sterile anaerobic distilled water in a volume ratio
of 1 : 4, and the roots in the slurry were removed. Then, the
slurry was split into 120ml glass vials with 10ml of slurry in

each bottle. After being sealed with butyl rubber stoppers and
aluminum caps, these bottles were taken out of the anaerobic
box. Then, the bottles were vacuumed and flushed with high-
purity argon for 5min in five cycles. After the final step of the
flush, the pressure in the headspace gas was balanced by a
syringe. Then, these bottles were preincubated at 14°C for
116 days. After preincubation, NaNO2 was added with a final
concentrationof 200μMin triplicate bottles, and sterile anaer-
obic distilled water was used for the control. After the head-
spaces of these bottles were all vacuumed and flushed like
before, 5ml of gas of the headspace was replaced by an equal
volume of 13CH4 (99.9% purity, 99.8% atom% 13C). Samples
were incubated at 14°C. The production of 13CO2 was
measured by a gas chromatograph mass spectrometer
(GCMS-QP2010 Ultra, Shimadzu). The rates were calculated
by a linear regression of the produced 13CO2 over time.

2.6. Statistical Analyses. All statistical analyses in this article
were conducted using SPSS software (PASW Statistics 18,
IBM, USA). The significance of the difference between the
abundance of NC10 16S rRNA gene and nod gene was per-
formed by a nonparametric test. The significance of differ-
ence between rates in different treatments was calculated by
a general linear model (univariate).

3. Results and Discussion

The physiochemical properties of soils from the Zoige wet-
land are shown in Table 1. The results of the quantifica-
tion showed that we obtained the amplification products
of nod genes in the Zoige wetland with an abundance of
2.38± 0.96× 105 copies per gram of dry soil (Figure 1).
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Figure 2: Alignment of the quinol-binding site and the catalytic site in Nod sequences and qNor sequences. The conserved residuals in qNor
are highlighted in red, and the substitutions in putative Nod and putative Nor are shown in green.
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Figure 3: Phylogenetic tree of putative Nod obtained in this study with selected qNor, cNor, and Nod sequences. The accession numbers of
the reference sequences and representative nod sequences obtained in this study are shown in parentheses. The Nod sequences obtained in
this study are shown in green. The relative abundance of the four clusters obtained in this study are shown in parentheses after the names
of the clusters.
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Since Nod is proposed based on quinol-dependent NO
reductase (qNor) paralogs, it has a close phylogenetic dis-
tance with canonical qNor, and the characteristics for Nod
are several amino acid substitutions in the quinol-binding
sites and catalytic sites, which are essential for the canon-
ical qNor [6, 24]. The Nod sequences (translated from nod
sequences) recovered in the Zoige wetland also had substi-
tutions in these key amino acid sites, which are similar to
those in M. oxyfera (Figure 2). These results suggest the
actual occurrence of Nod in the Zoige wetland.

The results of the quantification also verified the existence
of NC10 bacteria with an abundance of 2.80± 1.02× 103
copies per gram of dry soil, which is significantly lower
than that of nod genes (Figure 1). This may be the result
of more nod gene copy numbers than 16S rRNA in one
single cell or the nod genes may exist in microbes other
than NC10 bacteria. After phylogenetic analysis of the
obtained 54 high-quantity Nod sequences (21 OTUs), we
found that there are partial sequences that have large distances
with the published M. oxyfera Nod sequences (Figure 3). All
the sequences obtained from the Zoige wetland formed three
clusters with published Nod sequences and one cluster with
some unknown Nor-related sequences, which were all dis-
tinct from qNor and cNor (Figure 3). The three clusters of
Nod were named after the closely related published Nod
sequences [18], namely, the NC10 cluster, the aquifer-
similar cluster, and the WWTP-reactor cluster. In addition,
Nod sequences from the Zoige wetland in the NC10 cluster
and the aquifer-similar cluster even formed subclusters,
which were named as Z-NC10 subcluster and Z-aquifer sub-
cluster, respectively. The sequences in the aquifer-similar
cluster and the WWTP-reactor cluster were not only distinct
from the NC10 Nod clusters but also had distances with the
HdN1 Nod cluster. Moreover, in the alignment with qNor
sequences, substitutions of the His328 and Glu332 sites in
the Nod sequences of the aquifer-similar cluster and the
WWTP-reactor cluster were different from those in the

NC10 Nod sequences (Figure 2). These results suggest that
the Nod sequences in the aquifer-similar cluster and the
WWTP-reactor cluster are from microbes other than
NC10 and HdN1. In addition, these unknown microbes were
more abundant than NC10 in the Zoige wetland according to
the relative abundance of each cluster (Figure 3).

With the activity of Nod, NC10 has the ability to oxide
methane in anaerobic conditions with nitrite as the elec-
tron acceptor. To test the N-DAMO activity of soils from
the Zoige wetland, 13CH4 was added to trace the methane
oxidation process. The result showed that the methane
oxidation rate with nitrite as the electron acceptor was
15.39± 1.29 nmol of CO2 per gram of dry soil per day
(R2 = 0 97), which is significantly higher (P ≤ 0 01) than
the methane oxidation rate in the control (4.43± 0.43 nmol
of CO2 per gram of dry soil per day (R2 = 0 97)) (Figure 4).
This suggests a significant N-DAMO activity in soils from
the Zoige wetland. After calculation, the net oxidation rate
of methane was 10.97± 1.42 nmol of CO2 per gram of dry soil
per day (R2 = 0 95). According to a previous report [25], the
mean methane flux in the Zoige wetland was approximately
2.43mgm−2 h−1. The density of soils from the Zoige wetland
was measured to be 0.31 g/ml in the current study. Assuming
that the active layer of N-DAMO was only in the depth of
10–20 cm, which is the sampling depth in the current
study, the net N-DAMO was about 0.23mgm−2 h−1,
which is about 9.5% of the reported methane fluxes. In
addition, the N-DAMO rate in our study is similar to that
of a minerotrophic peatland [14] and even higher than the
rate in an urban wetland [26] and some other wetlands
[15]. However, the abundance of NC10 in the Zoige wet-
land (2.80± 1.02× 103) is much lower than its abundance
in all these wetlands, which is approximately 106–107 cop-
ies per gram of soil. Moreover, in these previous reports
[15, 26], N-DAMO activity was usually not detected when
the abundance of NC10 declined close to 105 copies per
gram of soil. Therefore, the high N-DAMO rate in the
current study may not only be performed by the NC10
bacteria, especially considering the dominance of new sub-
clusters in the Zoige wetland (Figure 3). This means that
the Nod in some unknown microbes may also be active
in utilizing nitrous oxides and may even play a role in
coupling carbon and nitrogen cycling. This speculation
needs further studies to confirm, such as the analysis of
the 13C-labeled DNA in the N-DAMO process.

4. Conclusion

This study revealed the occurrence of nod gene in an
alpine wetland for the first time with an abundance of
2.38± 0.96× 105 copies per gram of dry soil. In addition
to the reported Nod in NC10 bacteria, there were some
different Nod sequences and one of a subcluster (Z-aquifer
subcluster) that was even dominant in the Zoige wetland.
Moreover, soils from the Zoige wetland exhibited a high
N-DAMO rate with a low abundance of NC10 bacteria,
which may mean a potential ability of Nod in other clusters
to oxide methane in an anaerobic condition. However, this
speculation needs further work to confirm.
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Figure 4: The production rate of 13CO2 from 13CH4 in the
incubation of soils from the Zoige wetland.
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Microorganisms play important roles in the reduction of organic and inorganic pollutants in constructed wetlands used for the
treatment of wastewater. However, the diversity and structure of microbial community in constructed wetland system remain
poorly known. In this study, the Illumina MiSeq Sequencing of 16S rDNA was used to analyze the bacterial and archaeal
microbial community structures of soil and water in a free surface flow constructed wetland, and the differences of bacterial
communities and archaeal compositions between soil and water were compared. The results showed that the Proteobacteria
were the dominant bacteria, making up 35.38%~48.66% relative abundance. Euryarchaeotic were the absolute dominant archaea
in the influent sample with the relative abundance of 93.29%, while Thaumarchaeota showed dominance in the other three
samples, making up 50.58%~75.70%. The relative abundances of different species showed great changes in bacteria and archaea,
and the number of dominant species in bacteria was much higher than that in archaea. Compared to archaea, the community
compositions of bacteria were more abundant and the changes were more significant. Meanwhile, bacteria and archaea had
large differences in compositions between water and soil. The microbial richness in water was significantly higher than that in
soil. Simultaneously, soil had a significant enrichment effect on some microbial flora.

1. Introduction

As a new type of sewage treatment system, constructed wet-
lands have gradually entered the field of vision. Constructed
wetlands for wastewater treatment were widely used in devel-
oped countries, such as the United States and Germany,
because of its low costs, good removal rates for organic sub-
stances and also for nutrients (N, P), and higher surface water
quality [1]. Shandong Province had built many constructed
wetlands which occupied 7.6% of the land [2] and mainly
distributed in Nansi Lake and Dongping Lake [3]. The
constructed wetlands could remove pollutants through
providing habitats for microbes to stimulate their activities
[4]; therefore, microorganisms were particularly important
in the reduction of organic and inorganic pollutants in
constructed wetlands. Due to the uncertainty and variability
of the distribution of microbial community structure in
constructed wetlands, it had aroused the interest and
attention of scholars.

At present, extensive researches have been conducted
on microbial community structure of sewage treatment
systems [5–7]. Recently, with the development of high-
throughput sequencing technology, it has also been widely
used in environmental samples, such as the bacterial com-
munity structures in airborne [8] and water [9] and the
archaeal community structures in soil [10], even in the
sludge of wastewater treatment [11]. However, the above
studies have rarely analyzed the bacterial and archaeal
community structures of the same samples at the same
time. Similar studies also show significant differences due
to environmental differences in the study sites.

Therefore, in this study, the water and soil samples,
collected from a free surface flow constructed wetland,
were assessed by Illumina MiSeq high-throughput
method, the objective was to investigate the microbial
community structures and compare the microbial
abundance differences between water and soil, including
bacteria and archaea.
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2. Methods

2.1. Sampling Sites. The free water surface constructed wet-
land, located in the interior of Huangdao District (Qingdao
City, Shandong Province, China), at a latitude of 35°35′ to
36°08′ north and a longitude of 119°30′ to 120°11′ east, is a
part of an integrated sewage purification system. This region
has a warm temperate continental monsoon with a mean
annual temperature of 12.0°C and a mean annual precipita-
tion of 794mm. The constructed wetland wastewater treat-
ment system had a total area of 76.7 hm2 and a treatment
capability of 3.0× 104m3·d−1 and was surrounded by the Yel-
low Sea on east and south. It consisted of 99 treatment beds
and received secondary unchlorinated wastewater from Jiao-
nan Municipal Wastewater Treatment Facility with A2O as
the secondary treatment. All beds were planted with com-
mon reed (Phragmites australis) and a number of naturally
germinated wetland plants (Typha orientalis, Scirpus validus,
Lemna minor, etc.). To facilitate the harvest progress of
above-ground biomass, sewage did not enter the constructed
wetland bed from December to March of next year. In this
study, two different constructed wetland treatment units with
and without sewage water were selected, wet soil and dry soil
from each unit, and influent and effluent from unit with sew-
age water were sampled in May 2017. Detailed geographic
information of the sampling sites is shown in Figure 1.

2.2. Sampling Methods. 50 g of soil sample and 10 L of water
sample were collected from each sample site by sterile sealed
bags and sterile bottles, respectively. After removing the fine
roots in soil samples, the water and soil samples were trans-
ferred to the laboratory immediately. After dewatered by cen-
trifugation, a fraction of the soil samples were stored at −20°C
for molecular analysis. A part of water samples was filtered by

a vacuum pump with 45-mm-diameter microporous mem-
brane, then using douching and centrifugation method care-
fully transferred into 2mL sterile centrifuge tubes and stored
at −20°C until DNA extraction; meanwhile, the other part
was stored at 4°C for chemical analysis.

2.3. DNA Extraction. Soil DNA and water DNA were
extracted from 500mg of frozen soil and 500mg of filter res-
idue, respectively, using a Soil DNA Kit (OMEGA, China)
according to the manufacturer’s instructions. The extracted
DNA was checked using the UV/nucleic acid protein detec-
tor (IMPLEN, Germany).

2.4. Illumina MiSeq Sequencing. Targeting target sequences
reflects the compositions and diversities of microbes, design-
ing corresponding primers according to the conserved
regions in the sequences and adding sample-specific barcode
sequences to further amplify the variable region of the rRNA
gene (single or continuous) or specific gene fragments for
PCR amplification. PCR amplification products were
detected by 2% agarose gel electrophoresis, and the target
fragment was excised from the gel. PCR products were recov-
ered for fluorescence quantification, according to the needs of
each sample sequencing volume, and the samples were mixed
in the appropriate ratio. Sequencing libraries were prepared
using Illumina’s TruSeq Nano DNA LT Library Prep Kit
and on the machine for high-throughput sequencing.

2.5. Sequence Data Analyses. In order to integrate the original
double-end sequencing data, the two-terminal sequence of
FASTQ format was first screened by sliding window. The size
of the window is 10 bp and the step size is 1 bp. Starting from
the first base position on the 5′ end, the average base mass in
the window is ≥Q20 (i.e., the base average measurement

Figure 1: Map showing the location of the sampling sites in constructed wetland.
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accuracy is ≥99%). From the first truncated sequences at win-
dows, with average mass values below Q20, we requir a trun-
cated sequence ≥150 bp in length with no ambiguous base N
allowed. Subsequently, the FLASH software [12](v1.2.7,
http://ccb.jhu.edu/software/FLASH/) was used to pair the
double-stranded sequences that passed the quality screening
according to overlapping bases. It is required that the over-
lapping base length of two sequences of read 1 and read 2
be ≥10 bp and the base mismatch is not allowed. Finally,
based on the index information (i.e., barcode sequence, for
the beginning of the sequence used to identify a small base
sequence) corresponding to each sample, the connected
sequence identification is assigned to the corresponding sam-
ple (requires index sequence exactly match), to obtain a valid
sequence for each sample.

3. Results

3.1. Physical and Chemical Characteristics of Soil and Water
in Constructed Wetlands. The results of soil and water basic
properties were listed in Table 1. All the chemical indicators
of wet soil were far below the dry soil, especially content of
organic matter, and dry soil was about 15 times more than
wet soil. The constructed wetlands had a very good purifica-
tion effect; ammonia nitrogen and nitrite nitrogen in effluent

decreased obviously. Simultaneously, the content of dis-
solved oxygen also improved.

3.2. Bacterial Community Structures of Soil and Water in
Constructed Wetlands

3.2.1. Bacterial Alpha Diversity Analysis. Rarefaction curves
of the four samples were shown in Figure 2. The rarefaction
curves and Shannon diversity index curves clearly revealed
that the bacterial community structures of soil samples were
considerably higher than those in water samples. Two kinds
of curves tended to be gentle, suggesting that the sequencing
results had been enough to reflect the diversity of the current
sample, and increasing the depth of sequencing could not
detect more new OUTs. The sequencing results could basi-
cally reflect the microbial community structures of four
samples.

A total of 29,000, 27,204, 19,597, and 21,439 trimmed
reads for samples influent, effluent, wet soil, and dry soil were
obtained, respectively, after the removal of unqualified reads
(Table 2). ACE estimator [13] and Chao1 estimator [14] were
used to estimate the number of species actually present in the
community. The greater Chao1 estimator, the higher rich-
ness of the community, and so was the ACE estimator. The
community richness in soil samples was much higher than
that in water samples, showing microbes were more likely

Table 1: Physical and chemical characteristics in samples.

Samples
Total phosphorus

(g/kg)
Total nitrogen

(g/kg)
Organic matter

(g/kg)
Samples

Dissolved oxygen
(mg/L)

Ammonia nitrogen
(mg/L)

Nitrite nitrogen
(mg/L)

pH

Dry soil 2.66 22.12 391.61 Influent 8.93 6.05 1.06 6.97

Wet soil 0.38 7.56 26.75 Effluent 11.53 1.30 0.36 6.95
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Figure 2: Bacterial rarefaction curves and Shannon diversity index curves.
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to attach to solid particles. Shannon diversity index [15] and
Simpson index [16] were both the commonly used index for
evaluating community diversity; the higher Shannon index
and the lower Simpson diversity index could explain the
higher community diversity. The community diversity in
dry soil sample was the highest in this study, while that in
influent sample was the lowest. Simpson index was more sen-
sitive to uniformity and dominant OTUs in the community,
and it demonstrated a high degree of uniformity in four
samples.

3.2.2. Bacterial Community Structures of Soil and Water in
Constructed Wetlands. Bacterial sequences in the four sam-
ples were classified into taxonomic classes using the default
settings of the mothur platform. A total of 29 bacterial phyla
were found in this study. The total phylum numbers in influ-
ent, effluent, wet soil, and dry soil were 22, 23, 23, and 23,
respectively. Four samples were similar in the number of
phyla levels, but quite different in compositions, and the
detailed relative abundances were shown in Figure 3. In the
four samples, Proteobacteria, Firmicutes, Actinobacteria,
Bacteroidetes, Cyanobacteria, and Chloroflexi were the most
common bacterial phyla with a high relative abundance,
while the proportion of the other phyla were very low.
Proteobacteria were the most dominant phylum in the four
samples with the relative abundance of 35.38%~48.66%.
Firmicutes in influent sample (30.12%) and Bacteroides in
effluent (30.03%) and wet soil (20.05%) samples also showed
in absolute superiority. Different from the other three
samples, the proportion of Chloroflexi in dry soil was high,
accounting for 18.96%. The community structures of the
two water samples were more similar, and so were the two
soil samples. Most bacterial phyla were found in all 4
samples, such as Verrucomicrobia, Planctomycetes, and
Ignavibacteriae. However, Aquificae, Lentisphaerae, and
Synergistetes were emerged only in the water samples, while
Thermotogae, Deferribacteres, Calditrichaeota, and Armati-
monadetes existed only in the soil samples. Tenericutes and
Fusobacteria were detected in all samples except dry soil,
while Balneolaeota were emerged only in the effluent with a
very low relative abundance. It is worth noting that
Euryarchaeota, which belonged to archaea, were also
detected in this bacterial sequencing.

The distribution characteristics of classes were analyzed,
and the results were shown in Figure 4. A total of 68 bacterial
classes were found in this study. The total class numbers in
influent, effluent, wet soil, and dry soil were 44, 47, 55, and
53, respectively. The abundance distributions of Alphapro-
teobacteria, Sphingobacteriia, and Gammaproteobacteria in
the four samples were relative average, while the relative

abundances of the other classes were quite different.
Clostridia, Actinobacteria, and Epsilonproteobacteria were
the dominant classes in the influent with the relative abun-
dance of 26.91%, 11.96%, and 7.76%, respectively, while they
did not exceed 3% in the other three samples; however, the
relative abundances of Fusobacteriia were obviously higher
in influent than the other three samples. The relative abun-
dances of Fimbriimonadia and Fibrobacteria in wet soil and
Ignavibacteria in dry soil were much higher than the other
three samples. Cyanobacteria and Flavobacteriia were most
frequently detected in effluent accounting for 18.84% and
18.02%, respectively, while they showed a lower relative
abundance in the other three samples. The relative abun-
dances of Betaproteobacteria were less than 10% in the dry
soil, while it showed advantage in the other three samples
accounting for 18.15%~20.9%. Coriobacteriia, Chloroflexia,
etc., a total of 19 classes, were only detected in the soil sam-
ples, and among them, there were 3 classes only in wet soil
and 5 classes in dry soil. Deltaproteobacteria, Erysipelotri-
chia, etc., a total of 8 classes, were only detected in the water
samples and 3 classes emerged only in effluent.

Due to the huge amount of data, the dominant genera,
with relative abundances over 1%, were listed in Table 3. A
total of 40 bacterial genera were found. The total genus num-
bers in influent, effluent, wet soil, and dry soil were 28, 33, 28,
and 22, respectively. In influent sample, in addition toMyco-
bacterium and Rhodoferax, the other 10 dominant genera in
the other three samples, the relative abundances were all less

Table 2: Bacterial alpha diversity indices of four samples.

Samples Reads OTUs ACE Chao1 Shannon Simpson

Influent 29,000 614 676.31 707.02 4.58 0.05

Effluent 27,204 691 792.39 783.76 4.66 0.03

Wet soil 19,597 978 1051.89 1080.43 5.82 0.01

Dry soil 21,439 938 1002.35 1019.01 6.00 0.01
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Figure 3: Bacterial relative abundance of four samples in phyla in
constructed wetlands.
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Figure 4: Bacterial relative abundance of four samples in classes in constructed wetlands.
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than 1%. Haliscomenobacter, Synechococcus, Polaribacter,
and Owenweeksia were emerged only in the effluent,
simultaneously, and Herminiimonas, Prevotella, Vogesella,
Trichococcus, and Dysgonomonas were detected only in
the water samples. The quantities of dominant genera in
the soil samples were lower than those of the water samples,
obviously. Tangfeifania were emerged only in the wet soil,

while Sulfuricaulis, Thermanaerothrix, Thermodesulfovibrio,
Desulfobulbus, and Thiohalobacter were detected only in
the water samples. Interestingly, the relative abundance of
Alkaliphilus in influent was as high as 20.67%, while the
sum of all dominant genera in the dry soil was 15.12%.

3.3. Archaeal Community Structures in ConstructedWetlands

3.3.1. Archaeal Alpha Diversity Analysis. Rarefaction curves
of the four samples were shown in the Figure 5. The rarefac-
tion curves and Shannon diversity index curves of four sam-
ples clearly revealed that the archaeal community structures
of soil samples were considerably higher than those of water
samples. Two kinds of curves tended to be gentle, suggesting
that the sequencing results had been enough to reflect the
diversity of the current sample, and increasing the depth of
sequencing could not detect more new OUTs. The sequenc-
ing results could basically reflect the microbial community
structures of four samples. The trend changes of rarefaction
curves and Shannon diversity index curve between archaea
and bacteria were exactly the same.

A total of 56,140, 32,879, 61,599, and 28,301 trimmed
reads for samples influent, effluent, wet soil, and dry soil
were obtained, respectively, after the removal of unquali-
fied reads (Table 4). The community richness in wet soil sam-
ple was much higher than that in the other three samples,
suggesting that archaea became active under wet anoxic con-
ditions [17]. The community diversity of archaea in wet soil
sample was the highest in this study, while that in effluent
sample was the lowest. The Shannon index was more sensi-
tive to the abundance of the community and the rare OTUs,
indicating that there were more unidentified species in the
archaeal community. In addition to the ACE estimator
and Chao1 estimator in effluent and dry soil, the other
alpha diversity indices were all higher than the bacterial
community structures.

3.3.2. Archaeal Community Structures of Soil and Water in
Constructed Wetlands. Archaeal sequences in the four sam-
ples were classified into taxonomic classes using the
default settings of the Qiime platform. Unlike bacteria,
the result of archaea is quite simple and the number of
phyla was very low. A total of 3 archaeal phyla were found
existing in all four samples, but quite different in compo-
sitions, and the detailed relative abundances were shown
in Figure 6. Euryarchaeotic were the absolute dominant
phylum in the influent sample with the relative abundance
of 93.29%, while it was no more than 15% in the other
three samples. Thaumarchaeota showed dominance in
the other three samples (50.58%~75.70%) but accounted
for only 1.28% in the influent. Crenarchaeota were one
of the common archaeal phyla in the soil samples with a
high relative abundance (20.86% and 33.61%), while the
proportion was very low in the water samples (0.34%
and 0.61%). Simultaneously, some archaeal phyla and no
blast hit sequences were also found in the samples which
were classified into others. The community structures of
the two soil samples were more similar, while the struc-
tures of two water samples were quite different.

Table 3: The bacterial dominant genera in four samples in
constructed wetlands.

Name of similar
genera

Influent
(%)

Effluent
(%)

Wet soil
(%)

Dry soil
(%)

Aliterella — 1.39 0.01 —

Alkaliphilus 20.67 0.36 0.01 —

Arcobacter 4.74 0.24 0.34 —

Bacillus 0.12 1.46 1.60 1.69

Calothrix 0.71 12.92 0.01 0.49

Curvibacter 1.33 0.21 0.01 0.01

Dechloromonas 3.03 0.13 0.29 0.05

Desulfobulbus — — 1.05 0.07

Dysgonomonas 1.08 0.05 — —

Enterococcus 0.30 1.61 1.58 1.48

Flavobacterium 0.09 10.93 0.13 0.54

Fluviicola 0.29 1.53 0.04 —

Gemmatimonas 0.12 0.01 1.10 2.41

Gemmobacter 0.10 1.18 0.03 —

Haliscomenobacter — 2.40 — —

Herminiimonas 4.82 0.33 — —

Hydrogenophaga 0.21 2.58 0.18 0.04

Janthinobacterium 0.17 1.85 — —

Lactococcus 0.23 2.26 3.22 3.11

Limnohabitans 0.07 6.83 — —

Mycobacterium 8.33 1.35 0.10 0.11

Nordella 1.09 0.21 0.04 0.03

Owenweeksia — 1.20 — —

Polaribacter — 1.30 — —

Prevotella 1.56 0.15 — —

Pseudomonas 0.22 0.08 0.32 1.40

Rhodoferax 2.97 4.08 0.96 0.08

Sediminibacterium 0.33 1.03 — —

Steroidobacter 0.03 — 1.06 0.36

Sulfuricaulis — — 0.61 2.00

Synechococcus — 1.60 — —

Tabrizicola 0.07 1.03 0.09 0.01

Taibaiella — 1.21 0.02 0.04

Tangfeifania — — 6.71 —

Thermanaerothrix — — 0.01 1.07

Thermodesulfovibrio — — 1.19 0.50

Thiobacillus 0.06 0.01 3.61 1.96

Thiohalobacter — — 1.35 0.03

Trichococcus 1.10 0.03 — —

Vogesella 1.12 0.03 — —
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The distribution characteristics of classes were shown in
Figure 7. A total of 11 archaeal classes were found, and the
total class numbers in influent, effluent, wet soil, and dry soil
all were 10. The relative abundances of different classes were
quite different. Methanomicrobia and Thermoprotei were
the dominant classes in the influent and wet soil, with the
relative abundances of 81.58% and 33.61%, while Nitrosopu-
milales showed advantage in the effluent and dry soil,
accounting for 75.12% and 51.51%. It was worth pointing
out that the relative abundances of Nitrosopumilales were
high not only in the soil samples but also in the effluent
(30.44%), while it was very low in the influent, indicating that
Nitrosopumilales was nonexistent in the sewage and mainly
existed in the wetland matrix. Methanomicrobia had a low
concentration in the other three samples, except in the influ-
ent, guessing the main source of it was the sewage treatment
process. The relative abundances of Thermoprotei, Thermo-
plasmata, and Nitrososphaeria in soil samples were much
higher than those in water samples.

Due to the huge amount of data, the dominant genera,
with relative abundances over 1%, were listed in Table 5. A
total of 13 archaeal genera were found in this study. The
archaeal dominant genera in four samples accounted for
86.83%~95.95% in archaeal microbial communities. In influ-
ent sample, Methanosaeta and Methanocorpusculum were
the dominant genera, but they had very low relative abun-
dances in the other three samples. Except for them, the other
11 dominant genera were all less than 7%. The relative abun-
dances of Nitrososphaera, Ignisphaera, Staphylothermus,
Thermodiscus, and Methanomassiliicoccus in soil samples
were much higher than those in water samples. It was worth
pointing out that Nitrosopumilus all had very high relative
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Figure 6: Archaeal relative abundance of four samples in phyla in
constructed wetlands.

Table 4: Archaeal alpha diversity indices of four samples.

Samples Reads OTUs ACE Chao1 Shannon Simpson

Influent 56,140 2185 850.94 817.04 6.23 0.96

Effluent 32,879 1752 727.75 714.25 5.61 0.92

Wet soil 61,599 3994 1510.08 1454.2 7.54 0.98

Dry soil 28,301 1546 773.00 773.00 6.49 0.97
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abundances in effluent, wet soil, and dry soil samples, but less
than 1% in influent sample.

4. Discussion

4.1. Bacterial Diversity and Community of Soil and Water in
ConstructedWetlands. To date, little is known about bacterial

community structures in the free water surface constructed
wetlands. Proteobacteria was the dominant bacteria of all
the water and soil samples, with the relative abundance all
over the 35% in phyla. The same conclusions had been con-
firmed in previous coastal water [18], airborne [19], and soil
[20] studies, which could prove that Proteobacteria were the
dominant phylum in almost all environmental samples.
Microorganisms in Proteobacteria were gram-negative bac-
teria, and a large number of nitrogen-related microorganisms
were distributed in Proteobacteria [21, 22]; these may explain
why the relative abundances of Proteobacteria in constructed
wetlands were higher than those in natural wetlands [23–25].
Bacteroidetes and Firmicutes both belonged to the gut micro-
organisms [26, 27], and the high relative abundances in this
study may be due to the relatively open characteristics of
the constructed wetlands, and there were a large number of
birds and insects inhabiting the surrounding area, at the
same time, Firmicutes were able to degrade a variety of
organic pollutants [28], and the sewage treatment systems
were their main source, which may explain why the relative
abundances of Firmicutes in influent were higher than those
in other three samples. Chloroflexi was proved to be a com-
mon phylum in various wastewaters from constructed wet-
land systems [29, 30]; however, in this study, the relative
abundances of Chloroflexi in soil were significantly higher
than those in water, so this was speculated that some micro-
organisms would be enriched in the soil, perhaps the same
conclusions could be also summarized in Acidobacteria,
Ignavibacteriae, Gemmatimonadetes, and Nitrospirae. Cur-
rently, numerous studies had found that toxigenic Cyanobac-
teria [31, 32] and the high content of Cyanobacteria in the
effluent should cause the attention of the monitoring depart-
ment. In this study, three bacterial phyla were emerged only
in the water, while four existed only in the soil, indicating
that even if the sampling locations were similar, different
environmental sample sources would still cause different bac-
terial community structures.

The dominant bacteria found in study were basically
consistent with previous studies. A small amount of Steroido-
bacter, a microcystin-degrading Gammaproteobacterium
isolated from soil [33], was found in influent in this study,
guessing it might come from the sewage treatment process.
Taibaiella was the dominant genera in the biofilms [34]
and soil [35]; interestingly, it was not found in influent. Sul-
furicaulis was mainly isolated from sediment of a lake in
Japan [36]; however, it was only exited in soil in this study.
Desulfobulbus was isolated from marine sediment [37] and
also only in soil, fit in with the characteristics of the sampling
location geographical environment, adjacent to the ocean. In
recent years, there had been very little related research on
Alkaliphilus, but its abundance in influent was as high as
20.67%, which needed our more attentions. Limnohabitans,
novel planktonic Betaproteobacteria, isolated from a fresh-
water reservoir, could prove that the quality of water across
constructed wetlands had improved significantly. Calothrix
is the dominant flora in natural water [38], and the relative
abundances increased significantly after purification.

This study found that the soil community diversities were
lower than those of the water, while the dry soil bacterial
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Figure 7: Archaeal relative abundance of four samples in classes in
constructed wetlands.

Table 5: The archaeal dominant genera in four samples in
constructed wetlands.

Name of similar genera
Influent
(%)

Effluent
(%)

Wet soil
(%)

Dry soil
(%)

Nitrososphaera 0.49 0.57 20.14 8.93

Nitrosopumilus 0.79 75.12 30.44 51.51

Methanomassiliicoccus 0.24 0.36 4.48 8.61

Methanosarcina 2.39 0.02 2.68 0.37

Methanomethylovorans 1.13 0.33 0.03 —

Methanosaeta 42.44 3.04 2.16 0.14

Methanocorpusculum 34.42 5.60 0.12 —

Methanobrevibacter 6.29 0.75 0.44 0.45

Methanobacterium 3.95 0.41 1.89 2.53

Thermodiscus 0.24 0.50 25.53 14.08

Staphylothermus 0.06 0.05 1.73 1.89

Ignisphaera 0.02 0.04 4.58 3.17

Desulfurococcus 0.02 0.02 1.77 1.71
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structures were simpler than wet soil. Mycobacterium is an
important global threat to individuals with cystic fibrosis
[39], and the relative abundances in water were much higher
than those in soil in this study, reduced substantially through
the water treatment, which had been confirmed to be corre-
lated with turbidity [40]. Enterococcus showed high choles-
terol removal ability [41] and were capable of hydrogen
production [42], which could lay the foundation for
researches on new energy. Dysgonomonas could cause liver
abscesses [43] and played a major role in the mechanism
for electricity generation [44], which were found only in
water. Flavobacterium caused devastating mortality in vari-
ous freshwater fish species globally [45] and were isolated
from the China No. 1 glacier, as a kind of psychrophilic bac-
teria [46]. Pseudomonaswas responsible for chronic infection
[47] and was the most common bacteria in the soil [48], and
this may explain why the relative abundances of Pseudomo-
nas in dry soil sample were higher than those in water and
wet soil samples. Janthinobacteriummay cause a soft rot dis-
ease of Agaricus bisporus [49] and were isolated from both
water [50] and soil [51]; however, there were no such genus
in the soil samples of this study.

4.2. Archaeal Diversity and Community of Soil and Water in
Constructed Wetlands. The distributions of archaeal abun-
dance in water and soil in constructed wetlands were poorly
understood, which increased difficulty in the analysis of this
study. Among them, 1.03%~9.07% of the sequences could
not find its chimera, and 0.14%~2.07% was identified as bac-
teria. Three archaeal phyla was found in this study, but the
gap between water and soil was very large. Euryarchaeotic,
accounting for 93.29%, were the dominant phylum in influ-
ent, which is involved in methane production [52]. At pres-
ent, in the constructed wetland system, there were only a
few related researches which revealed that Euryarchaeotic
was an advantage phylum [53, 54]. In this study, it had
reached as much as 93.29%, which should arouse our atten-
tion. Most previous studies suggested that Euryarchaeotic
was a major archaeal group in constructed wetland system
[55, 56], but the influential factors, which affect the relative
abundance of Euryarchaeotic, were not yet clear [57]. Thau-
marchaeota was a marine archaea and abundant ammonia-
oxidizers [58], which ensured the purification efficiency of
constructed wetlands and had been widely reported before
[59, 60]. This study also found a small amount of Crenarch-
aeota, which had a high abundance in a temperate acidic for-
est soil [61], and this conclusion was also consistent with the
water quality of the constructed wetland.

Previous researches had reported Nitrososphaera and
Nitrosopumilus [62, 63] belonged to ammonia-oxidation
archaea, their large amount of existence could guarantee
the purification effect of the constructed wetland system.
The relative abundances of Nitrosopumilus increased
suddenly after passing through the constructed wetlands,
from 0.79% to 75.12%, which may be mainly related to the
concentration of dissolved oxygen. Methanomassiliicoccus,
Methanosarcina, Methanomethylovorans, Methanocorpuscu-
lum, Methanobrevibacter, and Methanobacterium were all
classified as methanogenic archaea had great potentials for

different industrial uses [64]. The methanogenic archaeon
Methanomassiliicoccus was isolated from human feces [65],
and the discovery of it filled the blank of the natural coal-
based methanogen group records. Methanosarcina played
an important role in the long-term bioremediation of
uranium-contaminated aquifers and had the potential to
influence uranium geochemistry in a diversity of anaerobic
sedimentary environments [66]. Methanosaeta had only
been reported once in the past three years [67], and its
research should be strengthened later. Methanomethylovor-
ans was also a methylotrophic archaea and had a great poten-
tial as additional inoculum for bioreactors to carry out biogas
production and other related processes [68]. Desulfurococcus
was an anaerobic, hyperthermophilic crenarchaeon and able
to use a variety of different carbon sources [69]. In addition
to the genera mentioned above, this study could not find
the previous studies on Thermodiscus, Staphylothermus, and
Ignisphaera, which should be emphasized in later studies
because of their high relative abundances in soil samples.

5. Conclusion

Taken together, the present study, using the Illumina
MiSeq high-throughput sequencing method, provided a
detailed picture of bacterial and archaeal community vari-
ations on phylum, classes, and genus level under the full-
scale constructed wetlands. Sequencing results and alpha
diversity indices indicated that the total bacterial OTUs
could be assigned into 29 different phyla, while archaeal
OTUs were only 3. Among them, Proteobacteria were
the most dominant bacterial phyla with the relative abun-
dance of 35.38%~48.66%. Euryarchaeotic and Thaumarch-
aeota were the dominant archaeal phyla. The diversity of
bacterial community structure was significantly higher
than that of archaea simultaneously, and the community
structures of soil microorganisms were obviously different
from the water microorganisms. At genus level, nine bac-
terial genera had close relation with animal or plant dis-
eases, which could be used for microbial risk assessment
simultaneously, and archaeal genera were mainly concen-
trated in methanogens or anaerobic archaea, which might
provide some useful microbial information for the biore-
mediation. It is worth noting that the lack of researches
in archaea had brought great difficulties to this study,
which should be emphasized in later studies.
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An increase in the number of publications in recent years indicates that besides ammonia-oxidizing bacteria (AOB), ammonia-
oxidizing archaea (AOA) may play an important role in nitrogen removal from wastewater, gaining wide attention in the
wastewater engineering field. This paper reviews the current knowledge on AOA and AOB involved in wastewater treatment
systems and summarises the environmental factors affecting AOA and AOB. Current findings reveal that AOA have stronger
environmental adaptability compared with AOB under extreme environmental conditions (such as low temperature and low
oxygen level). However, there is still little information on the cooperation and competition relationship between AOA and AOB,
and other microbes related to nitrogen removal, which needs further exploration. Furthermore, future studies are proposed to
develop novel nitrogen removal processes dominated by AOA by parameter optimization.

1. Introduction

Nitrogen-containing pollutants are considered one of the
most common environmental pollutants in various types of
wastewater, and they are an important pollution factor that
causes eutrophication. The conventional biological system
for nitrogen removal from wastewater is usually through
the biological oxidation of ammonia and organic nitrogen
(nitrification) and the biological reduction of the oxidation
products, that is, nitrate (denitrification). From the viewpoint
of microbial transformation of nitrogen, the nitrification pro-
cess includes ammonia oxidation (NH3-N→NO2

−-N) and
nitrite oxidation (NO2

−-N→NO3
−-N). As the rate-limiting

step of the nitrification, ammonia oxidation is the key process
for biological nitrogen removal from wastewater, thus
attracting wide attention from researchers.

In the past 100 years, ammonia-oxidizing bacteria (AOB)
were considered as the dominant microorganism in the
ammonia oxidation process [1]. With the development of
molecular biology techniques in recent years, it had been
found that the amoA gene, a kind of indicative gene of

ammonia oxidation, exists in large numbers of archaea dis-
tributed in the marine environment, proving that archaea
also have the capacity of ammonia oxidation at the physio-
logical metabolic level [2]. Hereafter, ammonia oxidations
conducted by archaea were widely found in hot springs, soils,
oceans, sediments, and wetlands and these archaea were
formally known as ammonia-oxidizing archaea (AOA) in
subsequent studies [3–5]. In addition, a large number of
studies have reported that the AOA abundance and the
archaeal amoA gene abundance are significantly higher than
that of AOB in farmland soils, river sediments, and oceans
[6], indicating that AOA are the main driver of ammonia oxi-
dation in these habitats and play a more important role in the
global nitrogen cycle.

2. Cell Structure and Metabolism
Physiology of AOA

The cell volumes of most AOA are 10 to 100 times
smaller than those of known AOB. This has implicated that
the ammonia oxidation rates per cell for Nitrosopumilus
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maritimus SCM1 (AOA) were reported to be 10-fold lower
than those of AOB [7]. Thus, the individual contributions
of AOA and AOB to ammonia oxidation should be identified
by considering not only the relative abundance of cell count-
ing but also activity-correlated analyses [8]. The tetraether
lipid-based membranes of AOA cells make it less permeable
to ion than AOB membranes, thus resulting in the reduction
in the amount of futile ion cycling and lower levels of main-
tenance energy relative to AOB, offering the advantages of
their adaption to extreme environments [9]. In addition,
according to cryoelectron tomography data, the cells of
Nitrosopumilus maritimus SCM1 in exponential growth
harbor ~1000 ribosomes per ~0.023μm3 cell volume [10].
The high numbers of ribosomes of AOA offer organisms
the ability to respond quickly to changing environmental
conditions (e.g., fluctuating ammonia levels). This is consis-
tent with the observations that most archaea, in contrast to
bacteria, are highly adapted to energy-stressed environments
[9]. Available data on the stability of mRNAs, ammonia
monooxygenase (AMO), and ribosomal proteins of AOA
are still lacking but could be essential in understanding the
ecological adaptations of AOA compared to AOB.

It is generally accepted that not NH4
+ but NH3 is the

substrate for bacterial AMO [11], while the true substrate
for archaeal AMO remains to be elucidated. As shown in
Figure 1, in AOB, the membrane-associated AMO catalyzes
the aerobic oxidation of NH3 to hydroxylamine (NH2OH)
which is subsequently oxidized to NO2

− by the periplas-
mic hydroxylamine oxidoreductase (HAO) [12]. Without
the discovery of the HAO homologue, enzymes for the

detoxification of NH2OH, or cytochrome c in any AOA
genome, it is unclear whether archaeal AMO catalyzes the
same reaction as AOB [13, 14]. Either archaeal AMO reac-
tion or unidentified enzyme substitutes for HAO in AOA
might yield a different product [14]. It was suggested that
nitroxyl hydride (HNO) might be generated by archaeal
AMO, which could be subsequently oxidized to NO2

− via
nitroxyl oxidoreductase (NxOR) [14]. The activation of O2
for the monooxygenase reaction could also be achieved by
nitric oxide (NO), the reaction product of nitrite reductase
(NIR), which would result in N2 gas production [2]. It was also
reported that archaeal nirK (encoding copper-dependent NIR)
genes are expressed under aerobic conditions [15, 16], suggest-
ing a different behaviour of these enzymes in AOA compared
to the bacterial counterparts. Furthermore, the lack of cyto-
chrome c proteins and the existence of numerous genes encod-
ing copper-containing proteins (multicopper oxidases and
plastocyanin-like domain proteins) in AOA suggest a different
electron transport mechanism [14] from that of the highly
iron-heme-dependent AOB [17, 18]. A copper-based bio-
chemistry would help to explain the ecological success of
marine AOA (compared to AOB), because dissolved copper
concentrations are generally an order of magnitude higher
than those of iron in seawater [10].

3. The Discovery of AOA in Wastewater
Treatment System

The first report on AOA in wastewater treatment systems
was reported in 2006. Park et al. [19] detected the archaeal
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Figure 1: Schematic illustration of ammonia oxidation pathways in ammonia-oxidizing bacteria (a) and archaea (b). The figure is reproduced
from Kozlowski et al. and Nishizawa et al. [66, 67]. Abbreviations: HAO, hydroxylamine dehydrogenase; NIR, nitrite reductase; NOR, nitric
oxide reductase.
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amoA gene from the activated sludge in nitrification tanks of
five wastewater treatment plants in the United States through
the polymerase chain reaction (PCR) method. However, due
to limited technical means at that time, it was difficult to
obtain quantitative data of the absolute abundance of AOA.
In 2009, Wells et al. [20] used quantitative PCR to detect
AOA in a wastewater treatment system for the first time.
Since then, the researchers focused their attention on the
comparison of AOA and AOB abundance in the wastewater
system for nitrogen removal, as shown in Table 1. Some
researchers found that the abundance of AOA was higher
than that of AOB in domestic wastewater treatment systems
[21–25], whereas the situation was reversed in the systems
for industrial wastewater treatment [23–25]. However, Gao
et al. [26, 27] found that the abundance of AOB was approx-
imately 3 orders of magnitude higher than that of AOA in the
investigation of 8 wastewater treatment systems (including
industrial wastewater and domestic wastewater) in Beijing.
Muβmann et al. [28] found high abundance of AOA in four
industrial wastewater treatment systems, and even the abun-
dance of AOA in one of the systems was 4 orders of magni-
tude higher than AOB. Zhang et al. [29] showed that high
concentrations of spiramycin caused a significant increase
in the relative abundance of AOA in pharmaceutical waste-
water treatment systems.

In recent years, AOA have been successfully cultivated
and enriched in pure medium [30–33], but there is still no
information on the enrichment of AOA in the actual waste-
water nitrogen removal system. Using inorganic medium,
Sonthiphand and Limpiyakorn [34] had attempted to enrich
ammonia-oxidizing microorganisms in activated sludge
which contained a nearly equal number of archaeal amoA
genes to bacterial amoA genes, but AOA gradually disap-
peared from the ammonia-oxidizing consortiums in all reac-
tors with the prolongation of cultivation time. Compared
with suspended floc activated sludge, stable ecological condi-
tions of attached biofilm provide a habitat for more microbes
especially with long generation. Roy et al. [35] found that
AOA outnumber AOB and contribute to ammonia oxidation
in the biofilm samples of trickling filter and moving bed bio-
reactor treating municipal wastewater, with the abundance of
the archaeal amoA gene 2-3 orders of magnitude higher than
that of the bacterial amoA gene. Chen et al. [36] also had the
same observation in the biofilm in biological aerated filters
for municipal wastewater treatment, and a single AOA strain
was enriched from the filtering materials using synthetic
medium [37].

Based on the reviewed literature, the distribution of AOA
and AOB in different wastewater treatment systems is still
unclear, and the differences in the research results may be
affected by the characteristics of treated wastewater (ammo-
nia level, organic loading) and process operating parameters
(temperature, dissolved oxygen (DO) concentration) [38].

4. Environmental Factors Affecting AOA
and AOB

4.1. Ammonia Level. As a common substrate (nitrogen
source) of AOA and AOB, the concentration of ammonia

in the environment significantly influences the growth of
these two kinds of ammonia-oxidizing microorganisms.
AOA have a higher affinity for ammonia than AOB [7, 21],
resulting in lower inhibitory concentration for AOA.
Exposed in a higher ammonia concentration, AOA might
face the suppressed situation earlier than AOB. Sauder et al.
[39] demonstrated that the amount of AOA amoA gene
was reduced with the increase in the ammonia concentration
in the rotating biological contactors of a municipal wastewa-
ter treatment plant, indicating that AOA were suitable for
low ammonia level. According to Gao et al. [40], AOB were
more competitive than AOA under high concentrations of
ammonia, and the higher the ammonia concentration was,
the higher the AOB abundance was [28]. There was also
no big difference in the abundance of AOA at different
ammonia nitrogen levels (14, 56, and 140mgN/L) [28].
Ye and Zhang [41] observed that in the nitrification tank
for salty wastewater treatment, when the concentration of
ammonia increased from 200mg/L to 300mg/L, the abun-
dance of AOA was considerably reduced but the abundance
of AOB remained stable. In addition, in the landfill leachate
treatment system with a high ammonia concentration
(2180± 611mgN/L), the ammonia oxidation process was
dominated by AOB [42]. It could be concluded that the level
of ammonia which was affected by the types of wastewater
could result in the differences in the microbial community
structure of AOA and AOB.

4.2. Organic Loading. Organic matter objectively affects
the growth of ammonia-oxidizing microorganisms. AOB
are recognized as autotrophic microorganisms, while it
is not clear whether AOA are strictly autotrophic or mixo-
trophic. Some studies have reported that the presence of
organic substances had a significant inhibitory effect on the
growth of some certain AOA strains such as Nitrosopumilus
maritimus SCM1 and Nitrosocaldus yellowstonii [43, 44].
The latest study found that the addition of organic substances
could promote the growth of AOA strains PS0 and HCA1,
showing their characteristics of mixotrophic growth [45]. It
had also been proved using genome sequencing that some
AOA strains had two different carbon utilization mecha-
nisms: 3-hydroxypropionic acid/4-hydroxybutyric acid cycle
(autotrophic metabolism) and tricarboxylic acid cycle (het-
erotrophic metabolism), indicating that these AOA strains
had the potential for autotrophic and heterotrophic metab-
olism [30, 46]. Compared with AOB, AOA may have
more complex metabolic pathways and may show different
metabolic characteristics under different carbon source con-
ditions, resulting in changes in ammonia oxidation capacity
of AOA and AOB.

4.3. Temperature. The effect of temperature on ammonia-
oxidizing microorganisms is mainly manifested in the effect
on the activity of ammonia monooxygenase [47]. The cur-
rently found AOB belong to mesophiles, while the range of
adaptation temperature of AOA is very large. It could be
observed that active ammonia oxidations by AOA occur
at 0.2 °C in the deep water region of the North Japan Sea
and at 74 °C in the hot spring in Yellowstone National Park
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[44, 48]. He et al. [49] found that the dominant ammonia
oxidation microorganisms in the sediments near the Rushan
Bay of Shandong Peninsula were AOB during the summer
(water temperature = 21–25 °C) while AOA in the winter
(water temperature = 3-4 °C). Niu et al. [50] found that
in the biological activated carbon filtration system for
drinking water purification, the AOB aomA gene abun-
dance decreased significantly in winter (water tempera-
ture = 4.6–5.5 °C) compared with that in summer (water
temperature = 17.7–28.6 °C), while the AOA gene abundance
changed little. Sims et al. [51] also observed that AOB
were more sensitive to low temperatures than AOA in
the constructed wetland system for wastewater treatment.
The adaptation ability of AOA to temperature changes is
inseparable with the special structure of glycerol ether in
the cell membrane, thus making the activity of ammonia
monooxygenase relatively less affected by temperature and
endowing AOA with a competitive advantage under extreme
temperature conditions.

4.4. Oxygen. Oxygen is a necessary reaction substrate of
the nitrification process. Due to the difference in the affin-
ity of nitrifying microbes for oxygen (AOA>AOB>NOB
(nitrite-oxidizing bacteria)), the oxygen concentration will
affect the nitrification process. High oxygen affinity makes
AOA more competitive than AOB in hypoxic environments
such as deep oceans, deep soils, and sediments [7, 52]. Park
et al. [19] detected large amounts of AOA with low dissolved
oxygen level (<0.2mg/L) in the outer ditch of an Orbal oxida-
tion ditch, and found that simultaneous nitrification and
denitrification occurred in the outer ditch at the same time
[53]. Li et al. [54] also predicted that AOA and heterotrophic
denitrifying bacteria could be coupled in a single reactor by
reducing the aeration pressure to inhibit the activity of
NOB, and nitrogen could be removed by shortcut simulta-
neous nitrification and denitrification. In addition, using
real-time quantitative PCR, Yapsakli et al. [42] detected the
coexistence of AOB, NOB, AOA, and anaerobic ammonium
oxidation (anammox) bacteria at low dissolved oxygen
(DO=0.3–1.5mg/L) in the system for landfill leachate treat-
ment. Establishing a mathematical model, Liu et al. [55, 56]
predicted that in a wide ammonia nitrogen concentration
range (30–500mg/L), with less oxygen consumption and
stronger inhibitory effect on NOB activity, autotrophic nitro-
gen removal by coupled AOA nitritation with anammox was
more effective than coupled AOB with anammox. Nitrogen
removal by the cooperative AOA, AOB, and denitrifying bac-
teria or anammox bacteria could be achieved through the
regulation of dissolved oxygen level to optimize the commu-
nity structure. It is also expected to provide new ideas for the
development of wastewater nitrogen removal process with
high efficiency and low consumption [36, 57].

4.5. pH. It was reported that the pH range of AOA strain
SAT1 enriched from activated sludge was 5.0 to 7.0, with
the optimum pH at 6.0, indicating that the strain SAT1 was
neutrophilic [31]. The ammonia bioavailability can be
reduced by the protonation of ammonia when pH decreases,
which might be more favourable for the growth of AOA from

the perspective of substrate utilization. Recent studies had
provided evidence that ammonia oxidation in acidic soils
was dominated by AOA, whereas AOB had difficulty surviv-
ing at low pH values and were mainly responsible for nitrifi-
cation in alkaline soils [58–62]. However, it was also reported
that alkaline soil was also suitable for the growth of Candida-
tus Nitrosotalea devanaterra (AOA) [63] which showed
strong adaptability to pH variation. Until now, the differ-
ences in the relative contributions of these two groups of
ammonia oxidation microorganisms affected by environ-
mental pH remain a topic of debate. There is also little infor-
mation concerning the effects of pH on the distribution of
AOA and AOB in wastewater treatment systems. However,
the AOA strain with strong adaptability to pH changes pro-
vides the possibility of its application in wastewater treat-
ment systems with acidic influent.

Based on the literature review above, AOA/AOB in
response to the varying environmental factors including
ammonia, organic loading, oxygen level, and temperature is
proposed in Figure 2. AOA would be dominant over AOB
in low ammonium and/or low DO and/or low organic load-
ing environments. AOA would also be more active than AOB
when they are exposed to extreme high/low temperatures. In
addition, compared with AOB, AOA would be dominant in
salinity-containing wastewater [64, 65].

5. Recommendations for Further Study
Associated with AOA

Since the discovery of AOA in wastewater treatment plant
bioreactors in 2006 [19], AOA have been recognized as
potential ammonia oxidizers involved in nitrogen removal
from wastewater. The current available information indi-
cates that knowledge of these microorganisms in engineered
systems is still at a primary stage. Challenges for practical
application include the complexity of wastewater, the uncer-
tainty of operational parameters affecting the activity and
functions of AOA, and the limitations of the techniques
available. Combined microbiological and engineering points
of view are required in the future study. According to the lat-
est literature reviewed, the following further studies were
recommended:

(1) Compared with AOB, AOA behaved more active in
extreme environments. Therefore, AOA are expected
to be effectively enriched and cultured under low
temperature conditions or low dissolved oxygen level
in wastewater treatment systems (probably in biofilm
systems), thus solving the problem of poor nitrifica-
tion that often happens in wastewater treatment
plants in cold regions and providing a new break-
through for an effective nitrification process.

(2) Although the prediction results of a mathematical
model increase the possibility of the development of
novel nitrogen removal processes dominated by
AOA coupled with denitrifying bacteria or anammox
bacteria [55, 56], the structure of the ammonia oxida-
tion functional microbes still needs to be further
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studied in the actual wastewater nitrogen removal
system. The optimization of process parameters is
also necessary to achieve effective nitrogen removal.

(3) The variations in the population structure of micro-
organisms (AOA, AOB, NOB, anammox bacteria,
and denitrifying bacteria) and their contributions
to the nitrogen removal process in actual wastewa-
ter treatment systems under different environmental
conditions need to be investigated to explain the
coexistence, coordination, and competition mecha-
nisms among the microbes associated with the nitro-
gen removal function.

6. Conclusions

The discovery of AOA breaks the traditional view for the
past 100 years that ammonia oxidation is only conducted
by AOB, improving the knowledge of the global nitrogen
cycle. AOA also appear to play an important role in nitrogen
removal from wastewater. Hence, the nitrogen cycle in a
wastewater treatment system needs reevaluation. The collab-
orative, competitive, and inhibitive relationships in microbial
communities need further exploration in actual wastewater
nitrogen removal systems. The ammonia-oxidizing microor-
ganisms are affected by various environmental conditions,
and AOA have stronger environmental adaptability than
AOB, which provides the possibility for the development of
novel nitrogen removal processes with ammonia oxidation
dominated by AOA under extreme environmental condi-
tions (such as low temperature and low oxygen level).
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The oilfield soil was contaminated for years by large quantities of aged oil sludge generated in the petroleum industry. In this study,
physicochemical properties, contents of main pollutants, and fungal diversity of the aged oil sludge-contaminated soil were
analyzed. Results revealed that aged oil sludge significantly changed physical and chemical properties of the receiving soil and
increased the contents of main pollutants (petroleum hydrocarbons and heavy metals) in soil. Meanwhile, the internal
transcribed spacer (ITS) sequencing by Illumina Miseq platform at each taxonomic level demonstrated that the toxicological
effect of oil pollutants obviously influenced the fungal diversity and community structure in soil. Moreover, it was found that
the presence of three genera (Cephalotheca, Lecanicillium, and Septoriella) appeared in aged oil sludge-contaminated soil. And
oil pollutants promoted the growth of certain genera in Ascomycota (70.83%) and Basidiomycota (10.78%), such as Venturia,
Alternaria, and Piloderma. Nevertheless, the growth of Mortierella (9.16%), Emericella (6.02%), and Bjerkandera (0.00%) was
intensively limited. This study would aid thorough understanding of microbial diversity in oil-contaminated soil and thus
provide new point of view to soil bioremediation.

1. Introduction

Oil sludge is one of the most significant hazardous solid
wastes generated in oil industry in China [1]. It was mainly
generated from the process of drilling, exploitation, transpor-
tation, refining, and storage of crude oil. A large amount of
oil sludge consisted of many hazardous chemicals, such as
petroleum hydrocarbons (PHCs) and heavy metals (HMs),
which are of great concern for the potential toxicity to
human, have been emitted into the local environment [2–
5]. On the receiving soils, the toxic components in oil sludge
may cause nutrient deficiency or limit the growth of seed and
plants [6]. Oil sludge was stacked in the open air with contin-
ually decreasing of volatile components (mainly some light

oil components) and moisture content, generating quantities
of aged oil sludge (AOS) [7]. As time passed, the hazardous
chemicals in AOS were continuously emitted into the local
environment, resulting in chronic pollution effects on the
receiving soil. Compared with oil sludge, AOS has the char-
acteristics of higher heavy oil content, longer pollution
period, and less comprehensive utilization [7].

In previous studies, much attention has been paid to the
proper disposal and sufficient treatment of the stacking oil
sludge [7, 8]. The spilled oil sludge in oil-producing regions,
especially around the oil wells, was ignored for years or even
decades, forming lots of AOS-contaminated sites on soil.
Until now, as the most deleterious components in AOS [9],
the contents of total petroleum hydrocarbons (TPHs) and
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HMs as well as fungal diversity of the long-time oil-polluted
soil are still unknown and rarely referred and reported
globally.

In recent decades, within the various biological tech-
niques, high-throughput sequencing technology with better
capacity for detecting rare species [10] is identified as a highly
efficient tool for researching the entire profile of microorgan-
ism community [11]. It has been proved that soil microor-
ganisms are far more sensitive to pollution than soil,
animals, or plants [12–14], with the evidence that the micro-
organisms in oil-contaminated soil are obviously different
from those in background soil [15, 16]. Some domain bacte-
ria phyla like proteobacteria are found in different contami-
nated receptors, such as soil [17] and activated sludge [11].
However, as a good indicator of pollution, fungal diversity
in contaminated soil is rarely reported.

This is the first study that took fungi as the typical indica-
tors of pollution to evaluate the microbial variations in soil
caused by AOS. In this study, an AOS site of 4 years on soil
was selected as the point source pollution of sampling, in
which the fungal diversity and community structure in soil
were explored with the method of high-throughput sequenc-
ing technique. This study is aimed at evaluating the influence
from AOS on physicochemical properties, fungal community
structure, and diversity in soil, as well as screening dominant
or core oil-resistant fungal genera for potential use in soil
bioremediation. The results and related findings would aid
in thorough understanding of microorganism structure in
oil-contaminated soil and provide new point of view to soil
bioremediation.

2. Materials and Methods

2.1. Sampling Site. The samples of aged oil sludge were
obtained from Gudao oil factory, the largest output plant of
crude oil in Shengli oilfield. Gudao lies in semiarid warm
temperate monsoon climate zone at latitudes 37°47′ N to
37°84′ N and longitudes 118°39′ E to 119°8′ E. The soil in
Gudao is saline-alkali and raises reeds as the major vegeta-
tion. Gudao locates inside the region of Yellow River Delta,
in which there is a National Nature Reserve with hundreds
of protected animals and plants distributed over 4500 km2

of wetlands. For the reason of oil exploration, there are many
oil wells in Gudao and lots of spilled oil sludge sites on soil,
resulting in relatively small and decentralized AOS sites
around oil wells.

2.2. Experimental Setup. An AOS spot around an oil well
drilled 4 years ago with the approximate diameter of 40 cm
was selected. Two soil samples at the horizontal center of
AOS spot were collected from 0 cm and 20 cm vertically
below the surface of soil, respectively (labeled as S1 and S2).
Then, another soil sample obtained from the surface soil
and 120m away from the AOS center without oily sludge
surroundings was chosen as blank (labeled as S3, uncontam-
inated soil sample) (Figure 1). All the samples were stored in
an ice chest with stones and plant residues removed, carried
backed to the laboratory within 4 hours. Those soil samples
were divided into two parts. One part was used for the

determination of physicochemical properties, HMs and
TPHs (air-dried and processed with a 100-mesh sieve). The
other part was analyzed by high-throughput sequencing.

2.3. Analytical Methods

2.3.1. Determination of Soil Physicochemical Properties. The
pH was tested in deionized water at a soil/water solution ratio
of 1 : 2.5 using a pH meter (Mettler-Toledo Instruments,
Shanghai, China) [18]. Moisture content was determined
with gravimetric method by weighing samples before and
after oven-drying at 105°C for 24 h [19]. Salinity was deter-
mined by the difference in weight of the solid after the pro-
cess of washing, filtration, oxidation with H2O2, and drying
at 100~105°C to a constant weight. The Walkley-Black
method was used in this study to determine the dry mass of
organic carbons in soil samples [17].

Contents of heavy metals (copper, zinc, and chromium)
were determined by atomic absorption spectrophotometer
(AAS7000, SHIMADZU, Japan), with pretreatment of
digesting by nitric acid, hydrofluoric acid, and hydrogen per-
oxide system (5 : 2 : 1 by volume), respectively, in microwave
digestion instrument [20]. Contents of TPHs were measured
using a Purge & Trap Sample Concentrator (Eclipse 4660, OI,
USA) combined with GC (7890A with FID detector, Agilent
Technologies) [21].

2.3.2. Extraction of Genomic DNA and PCR Amplification.
Genomic DNA of the three soil samples were isolated and
extracted using the soil DNA kit (Omega Bio-tek, Norcross,
GA, USA) following the manufacturer’s protocols. The
DNA extracts were stored at −20°C for the PCR amplification
(95°C for 5min, followed by 27 cycles at 95°C for 30 s, 55°C
for 30 s, and 72°C for 45 s and a final extension at 72°C for
5min) which was performed in an ABI GeneAmp 9700
(USA). The fungal rDNA-ITS region was amplified using
universal primers ITS1F (5′-CTTGGTCATTTAGAGG
AAGTAA-3′) and ITS2R (5′-GCTGCGTTCTTCATCG
ATGC-3′) where barcode is an eight-base sequence unique
to each sample. PCR reactions were performed in triplicate
20μL mixture containing 4μL of 5x FastPfu buffer, 2μL of

Figure 1: Sampling sites.
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2.5mM dNTPs, 0.8μL of each primer (5μM), 0.4μL of
FastPfu polymerase, and 10ng of template DNA.

2.3.3. Illumina Miseq PE2500 Sequencing. Amplicons were
extracted from 2% agarose gels and purified using the Axy-
Prep DNA Gel Extraction Kit (Axygen Biosciences, Union
City, CA, USA) according to the manufacturer’s instructions
and quantified using QuantiFluor: trademark: -ST (Promega,
USA). Purified amplicons were pooled in equimolar and
paired-end sequenced (2× 250) on an Illumina Miseq plat-
form according to the standard protocols.

2.3.4. Data Analysis. Raw data must be processed to remove
the low-quality data [22] for further analysis. After removing
the adaptors, primers and low-quality reads, the pair-end
reads were overlapped to assemble the final sequences using
the FLASH software. The criterions of overlapping were that
the overlapping lengths were >10 bp and the default thresh-
old values were ≤0.2. Chimera tags were further filtered out
using the Gold database by UCHIME (version 4.2.40), and
finally the effective tags were generated. The operational tax-
onomic unit (OTU) analysis was performed using the Uparse
package (version 7.0.1001) with a 97% sequence identity. Each
OTU was taxonomically assigned to the UNITE database
using the ribosomal database project (RDP) classifier. OTUs
were processed by removing chloroplast sequences, chondrio-
some sequences, and unclassified sequences. Finally, the
OTUs with relative abundance of above 1% were retained.

The Shannon-Weaver diversity index (H) and Simpson
index (D) were used to express the diversity of the soil fungal
community, which are calculated as follows:

HShannon = −〠
Sobs

i=1

ni
N

ln
ni
N
,

DSimpson =
∑Sobs

i=1 ni ni − 1
N N − 1

,

1

where Sobs is the number of OTUs, ni is the number of
sequence in OTUi, and N is the sum of all the sequences
in OTUs.

All the determinations were performed at least in tripli-
cate. Statistical significance was determined at the confidence
levels of 0.05.

3. Results and Discussion

3.1. Overview of Changes in Soil Physicochemical Properties.
As a result of its high viscosity, aged oil sludge can be fixed

in soil pores or adsorbed onto the surface of soil mineral con-
stituents, causing reduction of water retention capacity and
hydraulic conductivity of the soil [1, 23, 24]. It would lead
to ultimate change in physical and chemical properties of
oil receiving soil. The main physicochemical properties of
the samples were determined and listed in Table 1. It was
observed that the pH values of the three soil samples ranged
from 8.11 to 8.56. The salinity of S1 (0.27%) and S2 (0.36%)
was much lower than that of S3 (1.45%) which indicated a
higher biomass in the AOS-contaminated soil [15]. The total
organic carbon (TOC) in S1 and S2 was much higher than
that in S3 due to the oil input. The moisture contents in S1
(21.05%) and S2 (22.55%) were generally higher compared
with S3 (13.95%) which was inconsistent with previous stud-
ies [1, 7]. It is probably because that hydrophobic crusts
formed by the heavy oil components in AOS limited the
evaporation of water and water/air exchange of soil [25].
Therefore, the soil around AOS discharged was arid and
saline-alkali soil; meanwhile, its physical and chemical prop-
erties were significantly changed by AOS. It has been demon-
strated that differences in edaphic properties, such as pH and
moisture, are often associated with differences in soil fungal
communities, not only in richness but also in composition
and structure [17, 26, 27].

Along with the emission of oil sludge to the receiving soil,
the contents of TPHs and HMs were intensively increased.
The concentrations of Cu, Zn, and Cr in S1 were approxi-
mately the same with those in S2, while 6.3, 8.4, and 2.2 times
of those in S3, respectively (Table 1). Most heavy metals had
a cumulative effect and were of particular hazard to ecologi-
cal receptors and humans [1]. The fungal communities were
reported strongly sensitive to the presence of HMs [28] and
have higher toleration to metal pollutants than bacteria
[20]. On the other side, the contents of TPHs of S1
and S2 were 15.2mg/kg and 13.6mg/kg, respectively. While
in S3, there was no (or under detection limit of method)
TPHs detected. Higher concentrations of TPHs have been
reported showing stronger toxic effects on the activity of soil
enzymes and microorganisms [23]. In particular, the polycy-
clic aromatic hydrocarbons (PAHs) in AOS were of great
concern for genotoxicity to human and could migrate to
groundwater through soil profile [13, 29]. Furthermore, it
was found that there was joint toxic effect between PAHs
and HMs in AOS-contaminated soil, which was studied by
our research group.

3.2. Miseq Sequencing Results and Fungal Community
Structures. By amplifying the ITS region of fungi, Illumina
high-throughput sequencing which adopted a sequencing-

Table 1: Physicochemical properties of aged oil sludge-contaminated soil.

Sample pH Salinity (%) MCa (%) TOCb (%)
HMsc (mg∙kg−1)

TPHsd (mg∙kg−1)
Cu Zn Cr

S1 8.44 0.27 21.05 0.41 76.60 131.63 74.55 15.2

S2 8.56 0.36 22.55 0.35 47.93 93.81 111.46 13.6

S3 8.11 1.45 13.95 0.22 12.20 15.68 34.07 <5
aMC: moisture content; bTOC: total organic carbon; cHMs: heavy metals; dTPHs: total petroleum hydrocarbons.
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by-synthesis approach [30] enabled thorough identification
of fungal community structures, including those that could
not be cultured or detected in traditional approaches [31–
34]. Totally, 96,331 valid sequences of the ITS gene were
obtained with an average length of 241 bp. RDP classifier
was used in hierarchical clustering analysis at the similarity
threshold of 97%. The sequence information and fungal
diversity indexes are listed in Table 2. The numbers of OTUs,
Ace, Chao 1, the Shannon-Weaver indexes, and Simpson
indexes of the three samples showed obvious change after
AOS exposure. The numbers of OTUs, Ace, and Chao1
indexes reduced from S3 to S2 and S1, indicating less OTUs
and species richness in contaminated soils [35]. S1 had the
lowest Shannon-Weaver index (4.36) and the highest Simp-
son index (0.0467), suggested smallest fungal community
diversity [35]. While the Shannon-Weaver index (4.61) and
Simpson index (0.0355) of S2 reflected the biggest fungal
community diversity. The Good’s coverage estimator was
used to assess the sampling completeness, obtaining the
results of above 0.999, indicating an appropriate reveal of
most fungal diversity in all samples [36, 37].

The rarefaction analysis was used to verify whether the
volume or the depth of sampling was sufficient to capture
the existing OTUs [22, 36]. As shown in Figure 2, the three
soil samples generally had the same patterns of rarefaction
curves that showed a trend to level off, indicating a sufficient

sampling of the fungal species. The Venn diagram was used
to analyze the species composition by evaluating the distribu-
tion of fungal community. It could provide direct expression
of the similarity and overlapping numbers of OTUs between
different samples. As shown in Figure 3, the numbers of OTUs
in S1, S2, and S3 were 475, 557, and 565, separately, among
which 240 OTUs accounted for 73.09% of the total sequences
were shared, and 168 OUTs in S1 and 219 OTUs in S2 were
unique, respectively, after AOS exposure. Meanwhile, compar-
ing to S3, 160 OTUs disappeared in the contaminated soils.
Therefore, AOS affected the richness of fungal community
and changed fungal diversity to a certain extent.

3.3. Taxonomic Complexity of Fungal Community. The fun-
gal community compositions of the three soil samples
reflected similar diversities but different abundances.
Figure 4 provided the fungal community information in phy-
lum level. Among the total 6 identified phyla, Ascomycota
was the most abundant phylum followed by Basidiomycota
in all samples. Ascomycota has been reported as the largest
phylum by far with over 64,000 identified species in almost
6400 genera [38] and the most typical dominant phylum in
soil [39]. In this study, Ascomycota accounted for 63.67% of
total DNA sequences in the noncontaminated soil (S3).
While in the contaminated soil samples, the percentage of
Ascomycota increased to 71.58% in S1 and 70.08% in S2, indi-
cating that oily sludge was beneficial to the existence of
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Figure 2: Rarefaction curves based on the 18s rRNA gene
sequencing.
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Figure 3: OTU venn analysis in different samples.

Table 2: Sequence information and fungal diversity indexes of samples.

Sample ID Reads
0.97 (the similarity threshold of OTUs)

OTUs Ace Chao1 Coverage Shannon-Weaver Simpson

S1 31,118 475 476 478 0.999734 4.36 0.0467

S2 31,938 557 558 558 0.999812 4.61 0.0355

S3 33,275 565 567 566 0.999730 4.44 0.0414
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Ascomycota. According to Aranda [40], PAH-polluted soils
were found to be colonized mostly by Ascomycota and
indigenous ascomycete was able to transform or remove
PAHs. PAHs are the main components of the hydrocar-
bons in AOS. Therefore, it might explain the enrichment
of Ascomycota in soils after long-term AOS exposure.
The Basidiomycota has been recognized as prominent tool
for the degradation of recalcitrant pollutants due to their
rich supply of laccase, tyrosinase, and soluble extracellular
enzymes, such as lignin-modifying enzyme (LME) [40, 41].
In this study, we observed a decrease of the percentage of
Basidiomycota (by −2.46% in S1 and −6.26% in S2) in con-
taminated soils compared with S3 (15.13%). Although the
growth was limited, Basidiomycota was still the second
largest phyla in the contaminated soils.

Further analysis was carried out to analyze the fungal
community composition in family levels. In general, 91.83%
of the total sequences were assigned and there were 28 iden-
tified families with the relative abundance of above 1%. As
shown in Table 3, S1 and S2 had similar family structures
and diversities. In the noncontaminated soil (S3), the top
three abundant families were Mortierellaceae (13.46%),
Aspergi laceae (11.32%), and Meruliaceae (9.33%). While in
contaminated soils, the growth of the above families was
powerfully limited and their percentages in S1 reduced to
5.58%, 10.76%, and even 0.00%, respectively. In contrast,
the proportion of certain families was significantly increased
in contaminated soils compared with S3, such as Cephalothe-
caceae, Cordycipitaceae, Pleosporaceae, and Thelephoraceae.
Especially the family of Cephalothecaceae, as the largest fam-
ily among all the identified families, it was a new-appeared
fungal family in contaminated soils with the abundance
of 16.76% in S1 and 12.63% in S2. The family Cephalothe-
caceae in Sordariomycetes (Ascomycota) was incertae sedis
[42] because of uncertain phylogenetic placement and dif-
fering morphology [43]. In addition, Cordycipitaceae and

Pleosporaceae are members of Ascomycota, while Thele-
phoraceae belongs in Basidiomycota.

The relative fungal abundance at genus level was also
analyzed. Totally, 39 genera with the abundance of above
1% were classified in the samples. It was observed that the
growth of most identified genera was limited, with the possi-
ble reason that AOS discharged TPHs into the receiving soil.
TPHs comprised hydrogen and carbon, but lack of nitrogen,
sulfur, and phosphorus essential for microbial growth [44].
As the dominant fungi in S3, the growth of Mortierella
(13.46%), Emericella (10.77%), and Bjerkandera (9.33%) pre-
sented a decreased dynamic to 12.74%, 2.08%, and 0.00% in
S1, respectively (Figure 5(a)), while Alternaria, Cephalotheca,
and Lecanicillium with the abundances of 5.31%, 12.63%,
and 1.74% in S1 was found oil-tolerant (the relative abun-
dances in S3 were 0.05%, 0.00%, and 0.00%) (Figure 5(b)).
In general, there were three new genera (Cephalotheca,
Lecanicillium, and Septoriella) which did not exist in non-
contaminated soil (0.00%), and another three genera (Ven-
turia, Alternaria, and Piloderma) almost not found in S3 of
which the percentage was below 0.1% of the total genera.

Table 3: The fungal community structures and diversities at family
level.

OTU ID S1 S2 S3

Cephalothecaceae 16.76% 12.63% 0.00%

Aspergillaceae 10.76% 2.80% 11.32%

Unclassified 9.61% 7.63% 7.28%

Mortierellaceae 5.58% 12.74% 13.46%

Thelephoraceae 5.36% 2.18% 0.58%

Nectriaceae 4.22% 5.08% 5.24%

Cordycipitaceae 4.06% 3.09% 1.43%

Hypocreaceae 3.52% 1.11% 4.22%

Trichocomaceae 2.72% 2.36% 3.17%

Pleosporaceae 2.46% 5.44% 0.19%

Lasiosphaeriaceae 2.39% 6.26% 5.50%

Hypocreales_norank 2.27% 3.01% 3.85%

Pseudeurotiaceae 2.15% 0.91% 2.03%

Didymellaceae 1.91% 1.42% 0.80%

Chaetomiaceae 1.67% 2.97% 3.62%

Venturiaceae 1.60% 0.40% 0.08%

Stachybotriaceae 1.48% 0.33% 1.47%

Sporormiaceae 1.28% 0.35% 1.09%

Atheliaceae 1.21% 0.37% 0.10%

Sebacinaceae 1.17% 0.26% 0.16%

Botryosphaeriaceae 1.15% 3.09% 4.46%

Helotiales_norank 1.12% 0.92% 0.55%

Hyaloscyphaceae 0.86% 2.09% 2.01%

Cystofilobasidiaceae 0.82% 1.49% 1.38%

Herpotrichiellaceae 0.57% 0.59% 1.15%

Polyporales_norank 0.47% 1.04% 0.94%

Clavicipitaceae 0.42% 1.21% 0.72%

Phaeosphaeriaceae 0.34% 1.74% 0.06%

Meruliaceae 0.00% 0.00% 9.33%
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Figure 4: Histogram of fungal community structure at phylum
level.
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Cephalotheca was the genus of fungi in the Cephalothecaceae
family of the Ascomycota. It was the core genus with high
abundance of 12.63% (in S1) and 16.70% (in S2) in AOS-
contaminated soils. Lecanicillium is well known as entomo-
pathogenic fungal species. Temperature between 10 and
25°C and higher moisture are benefit to conidial germination
of Lecanicillium spp. [45]. Considering that the average tem-
perature of Shengli oilfield was 12.9°C, and the AOS-
contaminated soils had higher moisture contents than non-
contaminated soil (Table 1), it might be the reason for the
appearance of Lecanicillium. Furthermore, Septoriella, Ven-
turia, and Alternaria were the genera of fungi in Ascomycota,
and Piloderma was the genus of fungi in Basidiomycota that
could adapt oily circumstance. They are the promising fungi
genera that could be used in bioremediation of aged oil con-
tamination in the future.

The analysis of multiple samples shown as cluster tree
(Figure 6) demonstrated that the three samples were divided

into two clusters. S1 and S2 were clustered together, indicat-
ing a more similar fungi community structures and diversi-
ties. While as noncontaminated sample, S3 was divided into
a separated group, implying distinguishing structures and
diversities of fungi communities from the contaminated soils.
Furthermore, the two clusters were well separated, which
suggested a clear distinction of the fungi community struc-
tures and diversities between the two clusters [17].

In the present study, combined with the results of the
high-throughput sequencing, further study should be carried
out in the future to explore more microorganisms like bacte-
ria and archaea with powerful features of oil resistance before
strict screening, culturing, and domesticating of the domi-
nant fungi genera.

4. Conclusions

This is the first study that evaluated the significant effects on
physicochemical properties and fungal diversities of soil
caused by AOS contamination. The results revealed that
longtime oil exposure made the receiving soil arid, saline-
alkali, and unsuitable for agriculture. The contents of both
TPHs and HMs in the contaminated soils were apparently
increased compared with noncontaminated soil. High-
throughput sequencing results by Miseq platform showed
significant changes in fungi community compositions and
diversities. It was observed that oily circumstance could
limit the growth of most genera and meanwhile promote
the growth of certain oil-resistant fungi like Venturia (Asco-
mycota), Alternaria (Ascomycota), and Piloderma (Basidio-
mycota). In particular, there were three new-appeared
genera in aged oil sludge-contaminated soils, among which
Cephalotheca was identified as the core genus with the high-
est abundance of 16.76% in all the retained genera. The
results could present a thorough understanding of microbial
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diversity in oil-contaminated soil and a better insight into the
soil bioremediation.
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AOS: Aged oil sludge
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Landfill leachate contains a large amount of organic matter and ammoniacal nitrogen. As such, it has become a complex and
difficult issue within the water treatment industry. The activated sludge process has been found to be a good solution with
low processing costs and is now therefore the core process for leachate treatment, especially for nitrogen removal. This paper
describes the characteristics and treatment of leachate. Treatment of leachate using the activated sludge process includes the
removal of organic matter, ammoniacal nitrogen, and total nitrogen (TN). The core method for the removal of organic
matter involves anaerobic treatment supplemented with an aerobic process. Ammoniacal nitrogen is commonly removed
using a conventional aerobic treatment, and advanced TN removal is achieved using endogenous denitrification or an
anaerobic ammonium oxidation (ANAMMOX) process. Since biological processes are the most economical method for TN
removal, a key issue is how to tap the full potential of the activated sludge process and improve TN removal from leachate.
This complex issue has been identified as the focus of current scholars, as well as an important future direction for leachate
research and development.

1. Introduction

Solid waste sanitary landfills have been the most common
and most important way of dealing with garbage across the
world. To take China as an example, the country’s total solid
waste reached 1.73 billion kilograms in 2013 and 80% of this
output was processed through sanitary landfills because of
the low costs associated with this method [1].

Leachate is a by-product of sanitary landfills, and, due
to its large concentration of pollutants, it must be prop-
erly treated before being discharged. The total amount of
leachate generated by solid waste sanitary landfills has
reached 30 million tons per year. Because the waste com-
position is very complex, with high organic, ammoniacal
nitrogen, and salt content, landfill leachate is considered
to be a special wastewater [2–4]. The amount of pollut-
ants in one ton of landfill leachate is equivalent to the
amount of pollutants found in 100 tons of urban waste-
water. Directly discharging leachate into the surrounding

environment would cause irreversible harm, especially to
groundwater systems.

Conventional sewage treatment leaves behind high con-
centrations of ammoniacal nitrogen in landfill leachate which
can cause the eutrophication of water bodies. Although bio-
chemical treatments are used to reduce the ammoniacal nitro-
gen concentration to agreed levels, nitrite concentration in
leachate can remain high. Nitrite is a recognized carcinogen;
if attention is only given to the control of ammoniacal nitro-
gen and TN is neglected, the detrimental effects of leachate
on the environment could be substantial. Implementingmore
stringent emission standards for TN in leachate is therefore
imperative for countries that want to protect their local envi-
ronment. In 2008, China revised and implemented new leach-
ate emission standards (GB16889-2008). The new standard
increased regulations on the discharge of TN, total phospho-
rus, and six heavymetal indicators. The requirements of these
regulations, especially in relation to TN emissions, are both a
challenge and an opportunity for leachate treatment. The
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challenge is that they are more stringent, increasing the diffi-
culty associated with leachate disposal. However, on the other
hand, the new standards will accelerate the development and
promotion of new technologies.

2. The Characteristics of Landfill Leachate

Landfill leachate is a foul-smelling black or brown liquid. It
contains large amounts of organic and inorganic material,
including a number of refractory organics such as aromatic
compounds and humus; inorganic salts such as ammoniacal
nitrogen, carbonate, and sulfate; and metal ions such as
chromium, lead, and copper [5, 6]. Because of the complex
composition of the waste, a characteristic of leachate water
quality is that it contains high levels of contaminants and,
often, biological toxicity.

As a result, chemical oxygen demand (COD) in leachate
is typically above 20000mg/L. Besides toxic aromatic com-
pounds, leachate is also rich in organic macromolecules such
as humus and humic acid. Ammoniacal nitrogen concentra-
tion above 2000mg/L is often achieved. This toxic organic
matter and these high ammoniacal nitrogen levels cause dif-
ficulty during processing, especially for biological treatments.
Even in the absence of toxicity, organisms cannot achieve
effective microbial degradation because of the large molecu-
lar weight and insufficient chemical stability. Therefore, an
activated sludge process cannot achieve effective reduction
of COD and an advanced treatment process must therefore
be developed.

Another feature of leachate is the variance in the qual-
ity and quantity of wastewater from different landfills;
location has a significant impact. Relatively speaking, the
concentration of leachate pollutants in the United States
and Europe is much lower than in Asian countries. For
example, ammoniacal nitrogen in leachate from European
and American countries is generally below 1000mg/L,
while it is generally above 1000mg/L in Asian countries
[7–12]. These differences may relate to different cultures
and behaviors in the various regions. In addition, leachate
quality can differ in the same place at different times and
can be divided into early (less than five years old),
medium-term (5–10 years old), and old landfill leachate
(more than 10 years old) [13]. Leachate characteristics
identified at different times are presented in Table 1 where
the values in parentheses represent typical levels.

As shown in Table 1, the features of early leachate are
high organic content, strong biodegradability, and relatively

low ammoniacal nitrogen concentration. The features of
old leachate are high ammoniacal nitrogen content, little
biodegradability, and poor COD/NH4

+-N (or carbon-to-
nitrogen ratio). The quality of medium-term leachate water
is somewhere between that of the early and old leachates
[14, 15]. Meanwhile, the quantity of leachate in the same area
is larger in the rainy season and contains higher organic
content. The amount of leachate is much reduced in the
dry season and it contains high ammoniacal nitrogen con-
centrations. The third characteristic of leachate water quality
is nutritional imbalance; organic matter, ammoniacal
nitrogen, and heavy metal concentrations are very high but
phosphorus content is very low. Low phosphorus content
and concentrated heavy metals increase the difficulty of
developing an effective biological treatment for leachate.

3. Treatment of Landfill Leachate and Difficulty

3.1. Treating Landfill Leachate. Since leachate contains large
amounts of organic matter and ammoniacal nitrogen, gen-
eral disposal methods have included physical and chemical
pretreatment followed by aerobic and anaerobic biochemical
processes, concluding with further physical and chemical
methods for final in-depth treatment.

The main functions of pretreatment are to remove
suspended solids, degrade some of the organic matter and
ammoniacal nitrogen, reduce toxicity, and improve the over-
all biodegradability of the leachate. This is achieved through
coagulating and stripping the ammoniacal nitrogen from
the leachate. The function of the subsequent biochemical
stage is to remove the biodegradable organic matter and
ammoniacal nitrogen. The core technologies in these bio-
chemical processes are, for example, the upflow anaerobic
sludge blanket (UASB), membrane bioreactors (MBR), the
anoxic-oxic (A/O) process, and sequencing batch reactors
(SBR). The later deep treatment of leachate further removes
organic matter and TN and can include Fenton oxidation,
electrochemical processes, activated carbon adsorption, and
membrane treatment processes.

This largely biochemical disposal method results in most
biodegradable organic compounds and ammoniacal nitrogen
being removed, along with a portion of TN. However, the
leachate water still contains a large amount of refractory
organic compounds and some TN. In order to achieve cur-
rent discharge standards, double membranes using nanofil-
tration and reverse osmosis are employed as safeguards.

Table 1: Characteristics of landfill leachate with different periods.

Leachate type Early Medium-term Old

Landfill useful life (years) <5 5–10 >10
pH (−) 6.5–7.5 (7.0) 7.0–8.0 (7.5) 7.5–8.5 (8)

COD (g/L) 10–30 (15) 3–10 (5) <3 (2)
BOD/COD (−) 0.5–0.7 (0.6) 0.3–0.5 (0.4) <0.3 (0.2)

NH4
+-N (mg/L) 500–1000 (700) 800–2000 (1000) 1000–3000 (2000)

COD/NH4
+-N 5–10 (6) 3-4 (3) <3 (1.5)

∗The values in parentheses are typical values.
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3.2. Difficulties in Treating Landfill Leachate. At present, the
main difficulties in leachate treatment are as follows:

(1) Leachate has high organic content and a large
amount of toxic and organic molecules. Discharge
standards cannot be achieved using a single biochem-
ical or physicochemical process; a combination of
physicochemical and biochemical processing is
required. Choosing a reasonable, economical, and
efficient combined process is the first challenge

(2) Ammoniacal nitrogen levels are high, and identifying
an effective and complete nitrogen removal process
for leachate is difficult. Traditional biological treat-
ment processes can effectively remove ammoniacal
nitrogen, but it is not ideal for TN removal. Improv-
ing the efficiency of TN removal by biological treat-
ment process is the second key difficulty

(3) The significant changes in water quality and quantity
increase the difficulty of identifying a stable standard
discharge method. In different seasons, leachate
water quality and quantity can be very different
which challenges both the selection and the operation
of a suitable treatment process. Identifying a suitable
combination of available technologies and how to use
them to ensure a stable operation are the third chal-
lenge in leachate treatment

(4) The treatment process is complex and the costs are
very high. In order to achieve discharge standards,
leachate treatment plants often use nanofiltration
and reverse osmosis which makes treatment costs
high. Reducing costs in leachate treatment is the
fourth main difficulty

To summarize, it is necessary to identify the appropriate
combination of biochemical and physicochemical treat-
ments to dispose of landfill leachate. In addition, maximiz-
ing the potential of the biochemical treatment process,
improving the TN removal rate, and reducing the total costs
are the main challenges associated with developing leachate
treatment processes.

4. The Removal of Organic Matter by
Activated Sludge

Leachate contains a considerable amount of both biodegrad-
able and nonbiodegradable organic matters. Activated sludge
processes can effectively remove biodegradable organic mate-
rial by completely converting it to carbon dioxide and water.
The process can involve anaerobically or aerobically acti-
vated sludge. The advantages of an anaerobic process are that
it has low energy consumption and can produce energy itself.
The disadvantages are that effluent COD is high and retains
some biodegradable organic matter. Alternatively, the advan-
tages of an aerobic process are high biodegradation and
organic removal rate, as well as good water quality. A disad-
vantage is high energy consumption throughout the process.

4.1. Anaerobic Activated Sludge Process. The anaerobic acti-
vated sludge process for treating landfill leachate can
include upflow anaerobic sludge blanket (UASB), anaero-
bic membrane bioreactor (MBR), and expanded granular
sludge blanket reactor (EGSB). The efficiency of organic
removal by anaerobic activated sludge processes is shown
in Table 2.

The UASB process results in high removal efficiency and
large volumetric loading. This method is therefore often used
to treat leachate with high organic content. Agdag and
Sponza report on the use of a UASB to dispose of landfill
leachate [16]. The hydraulic retention time (HRT) was 1.25
days and the COD removal rate was 80%. Peng et al. com-
bined two processes to process leachate, using a UASB along-
side the anoxic-oxic (A/O) process, which resulted in COD of
8550mg/L–12500mg/L [17]. The total volumetric loading of
the UASB reached 21 kg COD/m3·d and COD was reduced
by more than 80%.

Callia et al. also used a UASB to dispose of leachate
observing COD levels of 12350–47800mg/L [18]. The vol-
umetric loading of their UASB reached 23.5 kg COD/m3·d
and the COD removal rate was 80%. Bohdziewicz and
Kwarciak used UASB to dispose of leachate, which saw
the COD at 3500mg/L–4200mg/L [19]. The influent
included 20% wastewater. The final HRT was two days
and the volumetric loading was 2 kg COD/m3·d. The final
removal of organic waste was above 76%. Compared to
the results of Callia et al., the low volumetric loading of
Bohdziewicz’s UASB was due to the lower levels of organic
matter in the influent.

Anaerobic MBR contain a high concentration of
sludge and the effluent quality from this process is good.
Bohdziewicz et al. used an anaerobic MBR to process influent
that comprised 20% leachate and 80% wastewater [20]. COD
was observed at 2800–5000mg/L and COD was reduced by
up to 95%. The HRT and organic loading rate of the MBR
were two days and 2.5 kg COD/m3·d, respectively. Xie et al.
also used an anaerobic MBR to dispose of leachate, observing
a COD level at 13000mg/L and an ammoniacal nitrogen level
at 3000mg/L [21]. The average COD removal rate was 62%
while the volumetric loading was 4.87 kg COD/m3·d.
Furthermore, the results demonstrated that Alkaliphilus, Pet-
rimonas, Fastidiosipila, and vadin BC27 were the abundant
fermentation bacteria found in the bacterial communities.

Table 2: The organic treatment efficiency of landfill leachate by the
anaerobic activated sludge process.

Processes COD of leachate
Removal
rate

Reference

UASB 5400mg/L–20000mg/l 80% [16]

UASB 8550mg/L–12500mg/L 80% [17]

UASB 12350mg/L–47800mg/L 80% [18]

UASB 3500mg/L–4200mg/L 76% [19]

Anaerobic MBR 2800mg/L–5000mg/L 95% [20]

Anaerobic MBR 13000mg/L 62% [21]

EGSB 33000mg/L 85%–90% [22]

3Archaea



The EGSB, a third-generation anaerobic reactor, has the
characteristic of high volumetric loading. Liu et al. studied
the effects of ammoniacal nitrogen concentration on organic
matter removal efficiency when using an EGSB to dispose of
landfill leachate [22]. The results showed that the influent’s
average COD was around 33000mg/L and the EGSB’s maxi-
mum volumetric loading was 64 kg COD/m3·d. The COD
removal rate was 85%–90%. When the concentration of
ammoniacal nitrogen was under 1500mg/L, the removal rate
of COD was slightly affected.

4.2. Aerobic Activated Sludge Process. The aerobic activated
sludge process for treating leachate includes sequencing
batch reactors (SBR), aerobic membrane bioreactors
(MBR), the A/O process, and biofilm reactors. The efficiency
of aerobic activated sludge processes in removing organic
matter from landfill leachate is shown in Table 3.

SBR are the predominant technology used in landfill
leachate treatment because of their simple structure and large
capacity. Klimiuk et al. used an SBR to process leachate
which saw COD at 1348mg/L [23]. With an HRT of 12
hours, COD was reduced by 80%–85% and a 5-day biochem-
ical oxygen demand (BOD5) was reduced by more than 99%.
By increasing the filler in an SBR, its handling capacity can
also be increased. Lim et al. used rice husks as filler in an
SBR, thereby observing COD at 1040–4870mg/L and a
COD removal rate of over 70% [24].

MBR are often used to treat leachate because of their high
sludge concentration and good effluent water quality. Zolfa-
ghari et al. used an MBR that saw COD at 2200mg/L and
COD removal rate was stabilized at 90% [25]. A high concen-
tration of activated sludge and rich microbial populations
provide a good foundation for the reduction of COD. San-
guanpaka et al. studied the treatment efficiency of an MBR
using water with different pH levels [26]. The average COD
of the influent leachate was 5445mg/L when initial pH levels
ranged between 5.66 and 8.79. Changes to the COD removal
rate were small with levels maintained at 98.1%–99.25%.

The A/O process is often used to treat leachate because of
its strong nitrogen removal; the rate of COD reduction is also
very good when A/O is used to process landfill leachate. Peng
et al. used a UASB and the A/O process (UASB+A/O)
whereby effluent from the UASB enters an A/O system to
further reduce COD [17]. The A/O influent’s COD was
2000–3000mg/L and the effluent’s COD was around
1500mg/L; COD was therefore reduced by more than 40%.
The combined UASB+A/O system delivered COD and
BOD5 removal rate of 80%–92% and 99%, respectively.

At present, the aerobic activated sludge process is
used to remove ammonium from leachate. However, the
efficacy of COD reduction is also very important. Once
aerobic treatment of leachate is complete, biological
organisms can be almost completely removed. Consequently,
threats to the environment caused by landfill leachate are
significantly reduced.

4.3. Summary of Activated Sludge Processes. The removal of
organic matter by an activated sludge process is consid-
ered the most effective and economical way of achieving
the desired outcome. The low energy consumption of the
anaerobic process combined with the efficiency of the aer-
obic method could greatly reduce the environmental harm
caused by leachate. However, due to the complex compo-
sition of leachate, large amounts of organic matter remain
in the final effluent discharged after these biological treat-
ments and this makes it difficult to reach regulatory stan-
dards. Further development and more effective disposal
methods are yet required.

5. The Removal of Ammoniacal Nitrogen by
Activated Sludge

Ammoniacal nitrogen found in leachate typically exceeds
1000mg/L, although some leachates contain even higher
levels of up to 3000mg/L. Significant discharge of ammonia-
cal nitrogen directly into the surroundings can cause great
harm to the environment and especially local groundwater
systems. Many developed countries have devised strict emis-
sion standards in regard to landfill leachate. In 1997, China
implemented one such set of regulations (GB16889-1997).
The standards stipulate specific permitted discharge levels
of suspended solids, BOD5, COD, ammoniacal nitrogen,
and E. coli. As a result, the cost-effective removal of ammoni-
acal nitrogen from landfill leachate has been a significant
challenge for the water treatment industry. Accordingly, acti-
vated sludge processes have been key methods in ammonia-
cal nitrogen disposal because of the low associated costs
and low secondary pollution.

5.1. Ammoniacal Nitrogen Removal by SBR. SBR are the pre-
ferred process used for landfill leachate ammoniacal nitrogen
disposal. Lo used SBR to dispose of landfill leachate and the
ammonia nitrogen removal rate was 99% [27]. Similarly,
Spagni and Marsili-Libelli used an SBR to process leachate
and observed an average COD of 2055mg/L [28]. The aver-
age level of ammoniacal nitrogen was 1200mg/L, and the

Table 3: The organic treatment efficiency of landfill leachate by aerobic activated sludge process.

Processes COD of leachate Removal rate Reference

SBR 1348mg/l
COD 80%–85%

BOD 99%
[23]

SBR 1040mg/L–4870mg/L COD 70% [24]

MBR 2200mg/L COD 60% [25]

MBR 5445mg/L COD 98.1%–99.25% [26]

AO 2000mg/L–3000mg/L COD 40% [17]

4 Archaea



shortcut nitrification and ammoniacal nitrogen removal rates
reached 98% and 99%, respectively. Because of a significant
imbalance in the carbon-to-nitrogen (C/N) ratio in the leach-
ate, the test used an additional carbon source to achieve deni-
trification. The TN removal efficiency was more than 95%.

Aziz et al. employed two different SBR to process landfill
leachate—one with powdered activated carbon (PAC) and
one without [29]. The average COD and average ammoniacal
nitrogen in the leachate were 1396mg/L and 579mg/L,
respectively. Without PAC, the ammoniacal nitrogen
removal rate of the SBR was 85.5%. This increased to 89.4%
with the addition of PAC; the energy-saving effect is evident.

Sun et al. investigated an SBR’s capacity for removing
ammoniacal nitrogen at low temperatures [30]. In their
study, the leachate’s average COD and ammoniacal nitrogen
levels were 665mg/L and 155mg/L, respectively. The results
showed that even at low temperatures of between 13 and
17.6°C, the system achieved rapid shortcut nitrification and
ammoniacal nitrogen was removed at a rate of more than
99%. The TN removal rate reached 90% with the addition
of a carbon source. Sun et al. studied the effect of using a
combination of a UASB and an SBR to treat leachate [31].
The influent COD and ammoniacal nitrogen were 1237–
13500mg/L and 738–2400mg/L, respectively. The results
showed that the system’s ammoniacal nitrogen removal rate
reached 99.5% and, after adding external carbon to the
SBR, the TN removal rate exceeded 99.1%.

Granular sludge sequencing batch reactors (GSBR)
provide a new process with high rates of nitrogen removal.
Ren et al. report on the use of a GSBR in leachate treatment,
resulting in ammoniacal nitrogen levels of 498mg/L at a
removal rate of more than 99% [32]. The microenvironment
of the granular sludge was found to achieve good simulta-
neous nitrification and denitrification, with the GSBR’s TN
removal rate reaching 50%–60%.

5.2. Ammoniacal Nitrogen Removal by MBR. Canziani et al.
used an MBR to dispose of leachate which averaged COD
and ammoniacal nitrogen levels at 6361mg/L and 1497mg/
L, respectively [33]. Ammoniacal nitrogen was removed at
a rate of 95% and a stable shortcut nitrification rate of 90%
was achieved. Zolfaghari et al. used a sequencing batch
MBR in their study [34]. COD in the leachate was 1550mg/
L–2122mg/L and ammoniacal nitrogen was 288mg/L–
434mg/L. The results showed that the COD and ammoniacal
nitrogen removal rates in summer were 63.4% and 98.2%,
respectively. The COD and ammoniacal nitrogen removal
rates in the winter were 53.2% and 99.2%, respectively. Zhang
et al. used a combination of an MBR with Fenton oxidation
and reverse osmosis to process leachate [35]. COD of the
MBR influent was around 1500mg/L, and the ammoniacal
nitrogen level was between 600mg/L and 700mg/L. The
COD removal rate of MBR was more than 95% and the
ammoniacal nitrogen removal rate was more than 80%.

Additionally, Remmas et al. studied MBR leachate treat-
ment, observing an average COD level of 1600mg/L and an
average ammoniacal nitrogen level at 600mg/L [36]. In order
to ensure the success of the tests, the researchers used diluted
leachate at the beginning of the study. When the process was

considered stable, the proportion of leachate was gradually
increased until the influent was composed entirely of leach-
ate. The rates of reduction in COD and ammoniacal nitrogen
were more than 50% and 95%, respectively, when ammonia-
cal nitrogen levels were below 600mg/L. When ammoniacal
nitrogen in the influent was above 800mg/L, the removal rate
clearly declined, indicating that high ammoniacal nitrogen
levels impact the stability of the system. After denitrification
through the addition of carbon, the TN removal rate was
80%–90%.

5.3. Other Processes to Remove Ammoniacal Nitrogen. There
are many activated sludge methods used to dispose of
leachate in addition to SBR and MBR. These include the con-
ventional continuous flow and A/O processes, the use of
rotating biological contactors (RBC), and sequencing batch
biofilter granular reactors (SBBGR), as well as combinations
of activated sludge processes.

The continuous flow process has a simple construction
and a high rate of ammoniacal nitrogen removal. Yusof
et al. employed a continuous flow process to process leachate,
and they report average COD and ammoniacal nitrogen
levels of 2897mg/L and 1452mg/L, respectively [37]. The
final ammoniacal nitrogen volumetric loading was 3 kg N-
NH4

+/m3·d and the removal rate was 99%. Effluent nitrate
was maintained at around 1200mg/L. Elsewhere, Halim
et al. used a fixed-bed column process achieving average
COD and ammoniacal nitrogen levels of 2580mg/L and
1030mg/L, respectively [38]. The reduction in COD and
ammoniacal nitrogen reached rates of 92.6% and 86.4%,
respectively. After system regeneration, the rates of reduction
in COD and ammoniacal nitrogen increased to 93.7% and
90.0%, respectively.

Because the A/O process has both nitrification and deni-
trification applications, it can remove not only ammoniacal
nitrogen but also TN by using a reflux nitrification liquid.
As previously outlined, Peng et al. used a UASB+AO pro-
cess to treat landfill leachate [17]. The ammoniacal nitrogen
level after A/O process was 1100–2000mg/L, and the
ammoniacal nitrogen removal rate was 99%. The maximum
ammonia nitrogen removal volumetric loading was 0.68 kg
N-NH4

+/m3·d. Through the denitrification process of
UASB+AO, the TN removal rate was 91–93%. Wu et al.
also used UASB+AO to dispose of leachate which averaged
COD and ammoniacal nitrogen levels at 9500mg/L and
2000mg/L, respectively, and the rate of ammoniacal nitro-
gen removal was over 97% [39]. By using a denitrification
process in the anoxic zone of the A/O process, a TN
removal rate of 80–85% was achieved.

Chen et al. modify the A/O process to process the leach-
ate in their study; an anoxic tank was added after the aerobic
tank for denitrification [40]. The average COD and ammoni-
acal nitrogen levels of the leachate were 3144mg/L and
1425mg/L, respectively. The ammoniacal nitrogen and TN
removal rates of this system were 95% and 66.4%, respec-
tively. The shortcut nitrification rate was maintained at 90%.

RBC is easily managed and has low consumption. Kuli-
kowska et al. used two RBC processes to treat leachate which
averaged the ammoniacal nitrogen concentration level at
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834mg/L [41]. The single-stage RBC could achieve good
nitrification when ammoniacal nitrogen volumetric loading
was at 1.92 g N-NH4

+/m2d and the rate of ammoniacal nitro-
gen removal exceeded 99%. When the ammoniacal nitrogen
volumetric loading was at 3.6 g N-NH4

+/m2d, two RBC pro-
cesses were required to achieve complete nitrification, and
when the ammoniacal nitrogen volumetric loading was at
4.79 g N-NH4

+/m2d and 6.63 g N-NH4
+/m2d, the removal

rate decreased to 74.4% and 71.6%, respectively [41].
The SBBGR is a new type of activated sludge process

which is characterized by a high concentration of sludge
and effective leachate treatment. Iaconi et al. employed
an SBBGR to dispose of leachate and observed COD and
ammoniacal nitrogen levels at 2200–3200mg/L and
1500–2000mg/L, respectively [42]. The ammoniacal nitro-
gen removal rate of the reactor reached over 99%, and the
TN removal rate reached more than 99% by the addition
of an external carbon source.

Because of the large amount of contaminants in leach-
ate and their complex components, some studies use a
combination of processes to ensure the effectiveness of
the treatment. For example, Liu et al. studied a two-stage
A/O and MBR process to treat leachate; the MBR replaced
the secondary sedimentation tank in the standard A/O
process [43]. This ensures not only that the sludge concentra-
tion of the system is maintained but also that the removal of
COD and ammoniacal nitrogen is optimized. In this study,
COD and ammoniacal nitrogen were at 4000–20000mg/L
and 1450–2100mg/L, respectively. The ammoniacal nitrogen
and TN removal rates reached 99.04% and 74.87%,
respectively. High-throughput sequencing analysis indicated
that Proteobacteria (44.57–50.36%), Bacteroidetes (22.09–
27.25%), Planctomycetes (6.94–8.47%), Firmicutes (3.31–
4.53%), and Chloroflexi (3.13–4.80%) were the dominating
phyla in the system’s bacterial community.

5.4. Summary of Ammoniacal Nitrogen Removal by Different
Activated Sludge Processes. Since ammoniacal nitrogen has
strong chemical stability, it is very difficult to remove it
through standard physical or chemical methods. Activated
sludge processes are therefore the main technologies used
for the removal of ammoniacal nitrogen today. Whichever
process is used, most ammoniacal nitrogen found in leachate
can be effectively removed through acclimated nitrification of
or nitrifying bacteria. Because high levels of ammonia nitro-
gen have high toxicity, in an actual application, the influent
ammonia nitrogen load is very important to understand
and control. A high ammonia nitrogen load may poison
microbes and reduce the removal rate of the system.

6. The Removal of TN by Activated Sludge

Conventional activated sludge processes might achieve the
ammoniacal nitrogen emission standards for landfill leach-
ate. However, leachate organic matter is depleted during the
nitrification process which poses significant challenges for
traditional denitrification processes. In order to solve the
problem of TN removal, a number of researchers identified
that adding a further carbon source could initiate advanced

denitrification. However, the cost of this approach was con-
sidered too high and not applicable in engineering scenarios.
In order to reduce processing costs for TN removal,
researchers have used more advanced treatment processes
in recent years such as endogenous denitrification (ED) and
the anaerobic ammonium oxidation process (ANAMMOX).
These processes can not only meet the requirements of leach-
ate TN removal but also have low associated costs. This is of
great significance to meet the needs of the industry and to
promote further development of landfill leachate treatments.

6.1. TN Removal by Endogenous Denitrification. Denitrifying
bacteria are able to maintain a carbon source during leachate
treatment. When sewage has no external source of carbon on
which it might draw, this kind of bacteria uses internal
carbon sources from within itself for denitrification. If this
characteristic could be successfully enhanced, advanced deni-
trification could be achieved for landfill leachate without the
addition of an external carbon source.

Zhu et al. used an aerobic sequencing batch reactor
(ASBR) and an SBR to treat early landfill leachate [44]. Influ-
ent COD and ammoniacal nitrogen levels were at 8528mg/L
and 1154mg/L, respectively. The primary role of the ASBR
was to regulate the leachate’s C/N ratio. The SBR influent
C/N ratio was around four to one. After the first filling, the
SBR was stirred and an aeration nitrification process was
generated. After the last aeration, agitation continued until
the system had completely removed the TN. The main pur-
pose of premixing the raw water was to maintain a carbon
source for denitrification, and the last agitation was per-
formed to utilize the internal carbon source. The system
achieved COD and TN removal rates of 89.61–96.73% and
97.03–98.87%, respectively, without any external source of
carbon required.

Wang et al. also used an ASBR and SBR system to
treat early leachate with COD and ammoniacal nitrogen
levels of 6000mg/L and 1100mg/L, respectively [45]. Sim-
ilar to the study of Zhu et al. above, the primary role of
the ASBR here was to regulate the leachate’s C/N ratio.
However, in contrast to that study of Zhu et al., the SBR
in this study was operated in an influent-stirring-aera-
tion-stirring-sedimentation-draining process. After stirring
the leachate, denitrifying bacteria would absorb the carbon
and convert it into an internal form such as PHB. When
nitrification was complete, the denitrifying bacteria used
this stored carbon to realize ED. The system’s COD and
TN removal rates were 90% and 95%, respectively.

In conclusion, advanced nitrogen removal can be
achieved through endogenous denitrification. The disadvan-
tage of this process is that it can only treat early and medium-
term leachates with a C/N ratio that is greater than four. If
the C/N ratio is below four, the technology cannot be used.

6.2. TN Removal by Anaerobic Ammonium Oxidation. ANA-
MMOX is an advanced autotrophic denitrification process.
Its biggest advantages are that it requires no carbon source
and that TN removal efficiency is high. The main difficulty
related to this process is the source of nitrite.
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ANAMMOX currently used for treating landfill leach-
ate has two major categories: one-stage ANAMMOX and
two-stage ANAMMOX. One-stage ANAMMOX achieves
autotrophic denitrification in one reactor; having a small
number of reactors is an advantage, but control is difficult.
Two-stage ANAMMOX, which involves short nitrification
and anaerobic ammonium oxidation, is performed in two
reactors with two functions. The first reactor realizes semi-
shortcut nitrification and the second reactor enables ANA-
MMOX itself; shortcut nitrification occurs in the first
reactor and the effluent is mixed with raw water to
become the influent of the ANAMMOX reactor. The
advantage of two-stage ANAMMOX is that bacteria are
highly enriched enabling higher nitrogen removal effi-
ciency. Its complexity is its disadvantage.

6.2.1. Semishortcut Nitrification by Activated Sludge. SBR are
especially conducive to realizing semishortcut nitrification
in landfill leachate. Ganigué et al. used an SBR to process
leachate and observed ammoniacal nitrogen levels of
1623mg/L [46]. By controlling the alkalinity of the leach-
ate, the ammonia nitrogen volumetric loading was kept
at 1–1.5 kg N-NH4

+/m3·d. The effluent supported stable
semishortcut nitrification, and the ratio of nitrite nitrogen
and ammoniacal nitrogen was 6 : 4. Meanwhile, the nitrate
concentration was very low due to the high water temper-
atures and dissolved oxygen, which was less than 5% of
water TN. In 2012, Ganigué’s research group published a
report in Bioresource Technology about the semishortcut
nitrification of leachate [14]. At 6000mg/L, the ammonia-
cal nitrogen level of the leachate in this study was higher
than that in previous research. The results showed that,
at 25°C and 35°C, stable semishortcut nitrification was
enabled by controlling the ratio of alkalinity to ammonia-
cal nitrogen. The final effluent’s ammoniacal nitrogen to
nitrite ratio could be controlled at 4 : 3 which provided a
good basis for ANAMMOX. Li et al. also used an SBR
to treat leachate [47]. In contrast to Ganigué et al., Li
et al. identified that semishortcut nitrification was mainly
controlled by the amount of aeration in the SBR and the
pH level of the effluent. The average ammoniacal nitrogen
of the leachate in Li et al.’s study was 1748mg/L. When
aeration at 19.6± 171m3·air/m3·h was applied, the volu-
metric loading of ammoniacal nitrogen reached 0.71
± 0.14 kg N-NH4

+/m3·d. To achieve stable semishortcut
nitrification, the effluent pH range was adjusted according
to the different ammoniacal nitrogen volumetric loads.
This was generally between 8.18 and 8.39.

Thus, there are two ways to realize semishortcut nitrifica-
tion–adjust the alkalinity of the leachate or the pH level of the
effluent. Due to significant differences in water quality of
leachate, it is difficult to maintain stable semishortcut nitrifi-
cation by only controlling the pH and alkalinity of the leach-
ate. How to realize stable semishortcut nitrification requires
further exploration and innovation.

6.2.2. One-Stage and Two-Stage ANAMMOX.Wen et al. used
a one-stage sequencing batch biofilm reactor (SBBR)
ANAMMOX process to process leachate [48]. The study

investigated the TN removal capacity of the SBBR under
different dissolved oxygen conditions. The results showed
that when the dissolved oxygen was controlled at 2.7mg/
L, the TN removal rate was at its highest and stabilized
at 90%. Thus, dissolved oxygen is very important in one-
stage ANAMMOX.

To inhibit the effects of dissolved oxygen on ANA-
MMOX bacteria, Xu et al. used an intermittent aeration
one-stage SBR to treat old leachate [49]. Short nitrification
occurred when the SBR was aerated and ANAMMOX
occurred when the SBR was stirred. The dissolved oxygen
was controlled at 1.0–1.5mg/L during the aeration process.
Ultimately, the TN removal efficiency of the SBR exceeded
90%. The TN effluent mainly included nitrate. The activities
of aerobic ammonium oxidization, anaerobic ammonium
oxidization, and denitrification reached 2.83 kg NH4

+-N/
kgdw/day, 0.65 kg NH4

+-N/kgdw/day, and 0.11 kg NO3
−-N/

kgdw/day, respectively.
Similarly, Zhang et al. used a one-stage intermittent

aeration SBR process to treat leachate in their study
and observed COD and ammoniacal nitrogen levels at
1900± 200mg/L and 1950± 250mg/L, respectively [50].
An ammonium conversion efficiency of 99.3± 0.3% and a
TN removal efficiency of 99± 0.1% were subsequently
obtained. Based on the nitrogen balance, the nitrogen
removal contribution was 77.1% for ANAMMOX and
15.6% for denitrification. Thus, intermittent aeration could
resolve disturbances from dissolved oxygen on the ANA-
MMOX bacteria but manipulation is very complex.

The two-stage ANAMMOX is more complicated than
the one-stage version but removal efficiency is much
higher. Miao et al. used three SBR in the treatment of
leachate which saw COD and ammoniacal nitrogen levels
at 2200± 200mg/L and 2000± 200mg/L, respectively [51].
The system included a carbon removal SBR, a shortcut
nitrification SBR, and an ANAMMOX SBR. The carbon
removal SBR uses simple aeration to remove organic mat-
ter and therefore ensure anaerobic ammonium oxidation
activity which would be otherwise inhibited. The function
of the shortcut nitrification SBR is to provide nitrite for
the ANAMMOX SBR via a shortcut nitrification process,
and the ANAMMOX SBR completes the process with
final denitrification by ANAMMOX. The TN removal of
the system was 90% and the ammoniacal nitrogen volu-
metric loading and ammoniacal nitrogen removal volu-
metric loading were 0.81 kg N-NH4

+/m3·d and 0.76 kg N-
NH4

+/m3·d, respectively. In 2016, Miao used a two-stage
SBR and SBBR process which measured COD and ammo-
niacal nitrogen levels at 3000± 100mg/L [52]. The SBR
served to remove organic matter and realize shortcut
nitrification, and the function of the SBBR was achieved
using ANAMMOX, changing the traditional mode of
operation. It took five hours to fill the system; the aim
of prolonging the filling time was to avoid the inhibition
of nitrite for the ANAMMOX bacterium. By changing
the mode of operation, the TN removal rate exceeded
95% and the effluent TN was below 20mg/L. Adding
fillers significantly improved the efficiency of the nitrogen
removal in the system.
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Li et al. used an SBR plus UASB process, achieving stable
semishortcut nitrification in the SBR by adjusting the pH of
the effluent water [53]. ANAMMOX stability was then
achieved in the UASB, and, ultimately, the ammoniacal
nitrogen volumetric loading was 1 kg N-NH4

+/m3·d and the
TN removal rate was 85± 1%. The ammonia-oxidizing bacte-
ria (AOB) in the partial nitration SBR was mainly affiliated
with Nitrosomonas sp. IWT514 and Nitrosomonas eutropha.
The anaerobic AOB in the ANAMMOX reactor were mainly
affiliated with Kuenenia stuttgartiensis [53].

Wang et al. used an A/O+UASB system to process leach-
ate which saw COD and ammoniacal nitrogen levels of
2305mg/L and 1240mg/L [54]. The function of the A/O pro-
cess was anoxic denitrification and shortcut nitrification. The
A/O effluent entered an intermediate tank and then entered
the UASB along with raw water. The COD and TN removal
rates were 62% and 94%, respectively. In quantitative PCR
reactions, the proportions occupied by AOB, nitrite-
oxidizing bacteria, and ANAMMOX in the A/O were
11.39%, 1.76%, and 0.05%, respectively, and the proportions
in the UASB were 0.35%, 4.01%, and 7.78%, respectively.

Wu et al. used a more complex UASB+AO+UASB
system and observed COD and ammoniacal nitrogen levels
of 2500–3000mg/L and 1900-2000mg/L, respectively [55].
The function of the first UASB was denitrification using
carbon from within the raw water, the A/O process served
to initiate shortcut nitrification, and the function of the sec-
ond UASB was to realize nitrogen removal. The system’s final
effluent presented COD, ammoniacal nitrogen, and TN levels
of 70mg/L, 11.3mg/L, and 39mg/L, respectively. The deni-
trification contribution rates by the three reactors were
24.6%, 49.6%, and 16.1%, respectively.

Phan et al. used a two-stage reactor to treat old leach-
ate in which internal circulation ANAMMOX was imple-
mented [56]. The influent’s ammoniacal nitrogen and
nitrite concentrations were 235–655mg/L and 261–858mg/
L, respectively. Due to the excellent performance of the inter-
nal circulation system, the ammoniacal nitrogen volumetric
loading rate exceeded 10 kg N-NH4

+/m3·d. A high TN
removal rate of 9.52± 1.11 kg N-NH4

+/m3·d was observed
when the TN concentration of the influent was 1500mg/
L. The specific ANAMMOX activity was found to be
0.598± 0.026 g N2-Ng/VSS·d. DNA analysis showed that
Candidatus Kuenenia stuttgartiensis was the dominant spe-
cies in the reactor at 37.45%.

6.3. Summary of TN Removal by Activated Sludge Processes.
TN removal has been a problem in all previous research
and activities associated with leachate treatment. As new
technologies, ED and ANAMMOX have positive and
negative characteristics. The biggest advantage of ED is that
no external carbon source is needed to obtain high TN
removal and operation is simple. A disadvantage of this pro-
cess, however, is that it can only process the leachate when it
contains enough carbon and this limits its application.

ANAMMOX is a hot water treatment technology, and its
advantages are low costs, high TN removal rates, and not
needing an external carbon source. However, the drawbacks
of ANAMMOX are that it is a complicated process and

management of the system is difficult. Moreover, ANA-
MMOX bacteria are difficult to obtain and slow to grow.
The domestication of the system is problematic.

7. Summary

In summary, due to low costs and good results, activated
sludge processes are the preferred technology for landfill
leachate treatment. Discharge that meets the required
standards would be easy to realize if the problems of organic
matter and TN could be solved. TN removal from leachate is
particularly difficult; conventional disposal processes are
currently low in efficiency or high in cost, and this makes it
difficult to apply them practically to leachate treatment.
New treatment processes, such as ED and ANAMMOX have
significant advantages. The design of these processes and
their parameters should be pursued and optimized to aid
the water treatment industry; future research should explore
and focus on these core leachate processes.
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Bioremediation is the use of microorganisms for the degradation or removal of contaminants. Most bioremediation research has
focused on processes performed by the domain Bacteria; however, Archaea are known to play important roles in many
situations. In extreme conditions, such as halophilic or acidophilic environments, Archaea are well suited for bioremediation. In
other conditions, Archaea collaboratively work alongside Bacteria during biodegradation. In this review, the various roles that
Archaea have in bioremediation is covered, including halophilic hydrocarbon degradation, acidophilic hydrocarbon degradation,
hydrocarbon degradation in nonextreme environments such as soils and oceans, metal remediation, acid mine drainage, and
dehalogenation. Research needs are addressed in these areas. Beyond bioremediation, these processes are important for
wastewater treatment (particularly industrial wastewater treatment) and help in the understanding of the natural microbial
ecology of several Archaea genera.

1. Introduction

The contamination of soil, sediment, and water from indus-
trial and other human inputs is widespread and poses a
threat to human and ecological health. Bioremediation is
the use of microbes for the beneficial removal of contami-
nants of concern [1]. The microbial processes involved in
bioremediation are normally natural components of respira-
tion or adaptation, often a component of carbon cycling or
metal redox cycling. Thus, bioremediation often occurs
without direct intervention; however, biostimulation (the
addition of nutrients or adjustment of conditions) and bio-
augmentation (the addition of microbes capable of bioreme-
diation) are often important for the complete removal of
contaminants within an economical timeframe. The field
of bioremediation research has traditionally focused heavily
on processes from the domain Bacteria, which has a large
diversity of bioremediation applications. In many applica-
tions where Bacteria are the key players in bioremediation,
however, Archaea are often involved as well. In “extreme”
environments, archaeal processes are of particular interest

for bioremediation.ManyArchaea are extremophiles, capable
of living in environments considered uninhabitable by most
other organisms, and many extreme environments become
contaminated and are in need of remediation. Furthermore,
many industrial wastewaters have hypersaline, hyperthermal,
metallic, and/or an acidic or alkaline pH, where extremophi-
lic Archaea have the potential to play key functions for con-
taminant removal.

This manuscript aims at providing an overview of the
various roles that Archaea have in bioremediation. This
review is meant to be comprehensive but with a particular
focus on recent contributions. Both pure culture and mixed
community studies are included in the review. The review
does not cover nutrient cycling. Nor does it explicitly cover
wastewater treatment or provide any explicit review of the
environmental microbiology of Archaea; however, bioreme-
diation is heavily interconnected to these areas. The review
summarizes major findings and suggests future areas of
research needed to strengthen our understanding of the con-
tributions of Archaea in bioremediation. Though many
chapters and reviews exist that encompasses pieces of the
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topics below, as of the submission of this article, the authors
have not uncovered any other comprehensive review that
focuses purely on Archaea in the bioremediation area.

2. Archaea in the Degradation of Organics in
Hypersaline Environments

Perhaps, the most developed research area that connects
Archaea to bioremediation lies within the degradation of
organics in hypersaline environments. Natural hypersaline
environments include salterns, salt lakes, salt marshes, salt
flats (sabkhas), and oil and gas production wastewaters.
The contamination of these environments with crude oil is
common, and about 5% of the chemical, pharmaceutical,
and oil industries have highly saline wastewater effluents in
need of treatment [2]. Members of both Bacteria and
Archaea are known to inhabit such environments and these
are often referred to as “halobacteria” and “haloarchaea,”
respectively. Recent reviews have focused on hydrocarbon
degradation by halobacteria and haloarchaea [3–5], the bio-
technological potential of the hydrolytic enzyme [6], the
biodiversity of microbial communities in halophilic environ-
ments [7, 8], the potential of haloarchaea in bioremediation
processes [9], and the growing rate of research of haloarchaea
in bioremediation [10]. Recently, a new database—called
HaloDom—has compiled all isolated halophilic species into
a single online resource [11]. Many Bacteria can degrade at
salinities of up to 15% such as strains of the genera Ralstonia,
Halomonas,Dietzia, and Alcanivorax [12, 13]. Here, an over-
view of the haloarchaeal strains isolated on the ability to
degrade hydrocarbons, such as crude oil, is provided.

The haloarchaea cluster into a single class (the classHalo-
bacteria) within the phylum Euryarchaeota. They are typi-
cally cultured at neutral pH and temperatures of 30-45°C,
and they require high salinities of 1.8–5.0M NaCl [14–17].
Many strains have been traditionally isolated on a standard
nutrient media that contains heterotrophic carbon and
energy sources [15]. Table 1 lists the strains associated with
hydrocarbon degradation and their degradative abilities.
Additionally, a phylogenetic tree of many of these strains
(where nearly full-length 16S rRNA gene sequences were
available), as well as other strains and phylogenetic groups
discussed in this manuscript, is shown in Figure 1. The met-
abolic capabilities of haloarchaea for hydrocarbon degrada-
tion appear vast, and these Archaea all inhabit a close
phylogenetic association.

The connection between the haloarchaea and the degra-
dation of crude oil and xenobiotic pollutants extends past
three decades. A haloarchaea strain named EH4, later deter-
mined to be closely related to Haloarcula vallismortis [18],
was isolated in 1990 from a salt marsh in France and found
able to degrade various aliphatic and aromatic hydrocarbons
[14]. The discovery of hydrocarbon-degrading haloarchaea
was independently confirmed with a manuscript published
in 1991 reporting the isolation of a Halobacterium strain
from a hypersaline wastewater in Russia that degrades
alkanes [19]. Haloferax volcanii strain D1227 was then iso-
lated from a saline oil brine from Michigan (USA) on mono-
aromatic carboxylic acids as sole carbon and energy sources

[20] and later found to degrade 3-phenylpropionate [21].
Haloferax mediterranei st. M-11 was isolated from the brine
of the Kalamkass oil field (Mangyshlak, Kazakhstan) [22].
Haloarcula st. D1 was then isolated and capable of aerobi-
cally degrading 4-hydroxybenzoic acid which is a pollutant
in certain industrial wastewaters [23]. The degradation path-
way consisted of a gentisate-1,2-dioxygenase pathway which
was found key in the degradation pathways forHaloferax vol-
canii st. D1227 as well [24, 25]. A sampling of hypersaline
lakes in Turkey resulted in 33 isolates of Halobacteriaceae
across 9 genera [26]. Though these isolates were not directly
tested for degradation of crude oil or related hydrocarbons,
all 33 isolates tested positive for catalase and oxidase activity
and 15 tested positive for Tween 80 hydrolysis [26]. A recent
manuscript reported the isolation of four further Halobacter-
iaceae that could also hydrolyze Tween 20 and Tween 80
[27]. Though the Tween 80 and Tween 20 tests are used as
a standardized physiological lipase test for microbes [28], it
is potentially of particular interest in bioremediation because
Tween 80 and related compounds are used as surfactants in
oil spill remediation and in hydraulic fracturing mixtures
[29, 30].

The study of haloarchaea in bioremediation has gained
significant traction in recent years. Four heptadecane-
degrading halophilic archaeal strains were isolated from an
uncontaminated salt crystallization pond in Camargue,
France (Haloarcula st. MSNC 2,Haloferax st. MSNC 2,Halo-
ferax st. MSNC 14, and Haloferax st. MSNC 16) [18]. Halo-
ferax st. MSNC 14 also grew on phenanthrene while the
other three isolates could not [18]. Later research found that
Haloferax st. MSNC 14 produced surfactants during growth
on n-heptadecane, pristane, and phenanthrene, but not dur-
ing growth on acetate [31]. Thus, it was able to increase the
bioavailability of low-solubility hydrocarbons during their
degradation [31]. Four strains were also isolated from soil
and water in a hypersaline coastal area of the Arabian Gulf
(Haloferax st. HA-1, Haloferax st. HA-2, Halobacterium st.
HA-3, and Halococcus st. HA-4) with a multitude of alkane
and aromatic degradation abilities [16]. Ten strains of
Haloarchaea closely related to Haloferax were isolated from
salt marshes, salterns, crystallizer ponds, salt flats, and the
Dead Sea and were found to degrade a mixture of polycyclic
aromatic hydrocarbons and crude oil [17]. This study also
found that Haloferax volcanii st. DS2 could degrade these
polycyclic aromatic compounds [32]. This strain, which
was isolated from the Dead Sea on glycine and yeast autoly-
sate [33], has just prior had its genome sequenced [34].
Haloterrigena mahii sp. H13, collected from a saltern pond
in San Diego, CA, USA, also had its genome sequenced
and contains genes that may be involved in the degradation
of 1,2-dichloroethane, naphthalene/anthracene, γ-hexachlo-
rocyclohexane, 1-/2-methylnapthalene, andbenzoate [17, 35].
A literature search has not uncovered any research that
directly tested the aforementioned biodegradation capabili-
ties with this pure culture.

The diversity of haloarchaea-degrading hydrocarbons,
and of xenobiotics that they can degrade, has been expand-
ing. A strain of Halobacteriaceae (named L1) was isolated
from the Dead Sea and could grow on benzoic acid [36].
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Natrialba sp. st. C21 has also been isolated from oil-
contaminated saline water in Ain Salah, Algeria [37]. This
strain can degrade phenol, naphthalene, and pyrene through
an ortho-cleavage pathway and exhibits catalase, oxidase,
and Tween 80 esterase activity [37]. Acikgoz and Ozcan
[38] found eight Halobacteriaceae out of a screening library
of 103 isolates that could degrade and tolerate above
200 ppm phenol. The fastest phenol-degrading strain was

identified as aHaloarcula sp., but more detailed phylogenetic
characterization was not provided [38]. In another study,
nine isolates were found that can use aromatic hydrocarbons
for carbon and energy sources [39]. These isolates were iden-
tified as members of Haloferax sp. (isolates C-24 and C-27),
Halobacterium piscisalsi (st. C-37),Halobacterium salinarum
(st. C-51), Halorubrum ezzemoulense (st. C-41 and C-46),
and Halorubrum sp. (st. C-43), and two strains (C-50 and

Table 1: The strains of hydrocarbon-degrading halophilic Archaea.

Strains Hydrocarbons degraded Citation

Haloarcula st. EH4
Tetradecane, hexadecane, eicosane, heneicosane, pristane, acenaphthene,

phenanthrene, anthracene, and 9-methyl anthracene
[14]

Haloferax sp. D1227 Benzoate, p-hydroxybenzoate, cinnamate, and phenylpropionate [20, 21]

Haloferax mediterranei st. M-11 Oil [22]

Haloarcula st. D1 4-Hydroxybenzoic acid [23]

Haloferax st. MSNC 4 and MSNC 16
Haloarcula sp. st. MSNC 2

Heptadecane [18]

Haloferax st. MSNC 14 Heptadecane, phenanthrene, and pristane [18, 31]

Haloferax sp. HA-1

Crude oil, C8-C34 n-alkanes, benzene, toluene, phenanthrene,
biphenyl, and/or naphthalene

[16]
Haloferax sp. HA-2

Halobacterium sp. st. HA-3

Halococcus sp. st. HA-4

Haloferax alexandrinus st. B03, B06, AA31, and AA35

Naphthalene, anthracene, phenanthrene, pyrene, and/or
benz[a]anthracene

[32]
Haloferax sp. SC1-9 st. B07, MM17, AA41, and PR13

Haloferax sp. HSC4 st. MM27

Haloferax sulfurifontix st. CL47

Haloferax volcanii st. DS2 Anthracene [32]

Haloterrigena mahii sp. H13
Putatively: 1,2-dichloroethane, naphthalene/anthracene,

γ-hexachlorocyclohexane, 1-/2-methylnapthalene, and benzoate
[35]

Halobacteriaceae st. L1 Benzoic and p-hydroxybenzoic acid [36]

Natrialba sp. st. C21 Phenol, naphthalene, and pyrene [37]

Haloferax sp. C-24 and C-27, Halobacterium
piscisalsi st. C-37, Halobacterium salinarum st. C-51,
Halorubrum ezzemoulense st. C-41 and C-46,
Halorubrum sp. st. C-43, and Halobacteriaceae
st. C-50 and C-52

Naphthalene, phenanthrene, pyrene, and/or p-hydroxybenzoate [39]

Haloferax lucentense st. A01

Crude oil, Tween 80, n-octadecane, and phenanthrene [49, 50]

Halobacterium salinarum st. A02

Halobacterium piscisalsi st. A03

Haloferax mucosum st. A04

Halobacterium sulfurifontis st. A05

Haloferax elongans st. M4
Crude oil, n-hexadecane, and phenanthrene as part of a biofilm [52]

Halobacterium salinarum st. M5

Halobacterium noricense st. SA1

Oil, alkanes (C9-C40), benzene, biphenyl, anthracene, naphthalene,
and/or phenanthrene

[54]

Haloferax larsenii st. SA2, WA3

Haloferax elongans st. SA3, WA1

Halobacterium sp. st. SA4

Halobacterium noricense st. WA2

Halobacterium salinarum st. WA4

Haloferax elongans st. SA3
Crude oil [55]

Halobacterium salinarum st. YS06_13_22
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C-52) reported with less than 93% 16S rRNA gene identity to
any isolated strains [39]. Upon inspection of the deposited
sequences in NCBI’s GenBank, the sequence for strain C-50
appears to have poor sequence quality; a BLAST search of
the first 280 bp recovered zero alignments to sequences in
GenBank. Strain C-52 has 99% identity along the more

recently deposited 16S rRNA gene of Halorubrum trapani-
cumCBA1232, which has a deposited genome (NCBI BioPro-
ject PRJDB4921); however, no publications are associated
with this genome [40]. All nine strains degraded naphthalene,
phenanthrene, and pyrene, and all but strain C-37 and C-51
degraded p-hydroxybenzoate [39]. Degradation in all cases

 Haloferax sp. AA35 [HQ438279]
 Haloferax sp. st. MSNC 14 [FJ868734]

 Haloferax sp. BO6 [HQ438273]
 Haloferax sp. BO3 [HQ438272]

 Haloferax sp. BO7 [HQ438274]
 Haloferax sp. AA31 [HQ438278]
 Haloferax sp. AA41 [HQ438280]

 Haloferax sp. C27 [JX067386]
 Haloferax sp. MM27 [HQ438277]

 Haloferax sp. MM17 [HQ438276]
 Haloferax sp. PR13 [HQ438275]
 Haloferax sp. st. MSNC 4 [FJ868732]

 Haloferax sp. st. MSNC 16 [FJ868735]
 Haloferax volcanii strain DS2 [NR 074218]

 Haloferax sp. CL47 [HQ438281]
 Haloferax sp. D1227 [AF069950]

 Halobacteriaceae archaeon L1 [AY647219]
 Haloterrigena mahii strain H13 [KY349161]
 Natrialba sp. C21 [HG423210]
 Halorubrum ezzemoulense strain C41 [JX067389]
 Halorubrum ezzemoulense strain C46 [JX067391]

 Halorubrum sp. C43 [JX067390]
 Halorubrum sp. CBA1232 [KU356816]

 Haloarchaeon EH4 [FJ868736]
 Haloarcula sp. st. MSNC 2 [FJ868731]

 Halobacterium piscisalsi strain C37 [JX067388]
 Halobacterium salinarum strain C51 [JX067393]

 Halobacterium salinarum strain YS06 13 22 [KY659789]

Class Halobacteria

 Uncultured archaeon clone TANA6 [AY667274]
 Uncultured Methanomicrobiales archaeon clone KB-1 1 [AY780566]
 Uncultured Methanomicrobiales archaeon clone KB-1 2 [AY780567]

 Uncultured archaeon clone TANA5 [AY667273]
 Uncultured Methanothrix clone TDC-AR3 [AF447153]

Order Methanomicrobiales

 Methanothrix soehngenii [X16932]
 Uncultured Methanosaeta sp. clone KB-1 1 [AY780568]
 Uncultured Methanosaeta sp. clone KB-1 2 [AY780569]
 Uncultured archaeon clone TANA2 [AY667272]

 Uncultured Methanothrix clone TDC-AR6 [AF447156]
 Uncultured Methanomethylovorans sp. clone KB-1 1 [AY780564]
 Uncultured Methanomethylovorans sp. clone KB-1 2 [AY780565]

 Methanosarcina barkeri str. Fusaro [NC 007355]
 Methanosarcina mazei strain: DSM 2053 [AB973358]
 Methanosarcina thermophila strain: DSM 1825 [AB973357]
 Uncultured archaeon clone TANA1 [AY667271]
 Uncultured Methanosarcina sp. clone KB-1 [AY780570]

Order Methanosarcinales

 Ferroplasma acidiphilum [AJ224936]
 Methanothermobacter marburgensis strain Marburg [NR 028241]

 Archaeoglobus sulfaticallidus PM70-1 [FJ810190]
 Caldivirga maquilingensis strain IC-167 [NG 041949]
 Pyrobaculum calidifontis strain JCM 11548 [NR 074360]

 Thermocladium modestius strain IC-125 [NR 040779]
 Aeropyrum pernix strain K1 [NG 042068]

 Sulfolobus metallicus strain DK-I15/60 [EU419200]
 Sulfolobus acidocaldarius strain ATCC 33909 [NR 043400]

 Sulfolobus solfataricus 98/2 [NC 017274]
 Sulfolobus solfataricus [NC 002754]
 Sulfolobus solfataricus strain P1 [NZ LT549890]100
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Figure 1: Phylogenetic analysis of strains, or related strains, of the Archaea discussed in this manuscript. Alignment and tree analysis was
performed in MEGA 6.0 [167]. Sequences were imported from GenBank, alignment was performed with MUSCLE, tree was built with
neighbor-joining method with 1000 bootstraps, and evolutionary distances were inferred with maximum composite likelihood method.
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was through ortho-oxidation through a catechol 1,2-dioxy-
genase or a protocatechuate 3,4-dioxygenase pathway [39].
A microbial community enriched from the Great Salt Lake
(Utah, USA) consisted of several genera entirely of the class
Halobacteria, with 91% belonging to the genera Halopenitus
as determined by 454 sequencing of 16S rRNA genes [41].
This community could grow on 4-hydroxybenzoate but not
the other carbon sources tested, and the degradative path-
ways and genes were analyzed with PCR approaches of func-
tional genes [41].

Though the isolation of haloarchaeal strains from con-
taminated sites is successful and haloarchaea are often found
in natural environments (i.e., [42, 43]), the understanding of
the microbial ecology of these strains on oil contamination
under in situ conditions is not well developed. A few studies
investigating the distribution of the haloarchaea have been
done. The archaeal community in a saline-alkali soil in the
Dagang Oilfield (China) differed significantly along a petro-
leum contamination gradient, with four groups of Archaea,
including Haloferax and Natronomonas, being abundant in
the contaminated soils while five different groups of Archaea
were dominant in noncontaminated soils [44]. Other studies
have profiled further diversity of haloarchaeal groups in oil-
field sites, including the genera Halalkalicoccus, Natronomo-
nas, Haloterrigena, and Natrinema, suggesting that varied
haloarchaea are widely present in these contaminated envi-
ronments [45]. Though Haloferax has a number of isolates
known to degrade aromatics, Natronomonas is not as well
established to oil degradation, though it does contain fatty
acid degradation pathways and is thus putatively able to
degrade alkanes [46]. Thus, these genera are likely degrading
the organics in situ. In contrast, in a hypersaline-produced
water from the Campos Basin (Brazil) contaminated with
phenol and aromatics, the archaeal community consisted of
no detected haloarchaea in situ but was rather dominated
by methanogens (59% Methanosaeta and 37% Methanopla-
nus) [47]. Methanogens have a role in the final degradation
of hydrocarbons in coculture with hydrocarbon-degrading
Bacteria (see below); the presence of methanogens and the
lack of haloarchaea suggest a highly reduced environment.
Hydrocarbon-degrading halophilic bacteria (specifically,
Halomonas) were isolated from these waters and could
degrade these contaminants, especially with biostimulation
[48]. The contaminants in this production water were also
degraded more significantly in a previous study with the bio-
augmentation of haloarchaea strains [32]. The bacteria Halo-
monas and haloarchaea survive in similar salinities and
contain similar degradative capabilities [4]; however, it is
not known what drives the competitive advantage of one over
the other.

Recently, further studies have progressed towards evalu-
ating bioremediation techniques with haloarchaeal commu-
nities. A recent study focused on how vitamin amendments
may stimulate crude oil degradation [49]. Vitamin B12
enhanced the degradation of crude oil from five Archaea
strains tested (Haloferax lucentense st. AO1, Halobacterium
salinarum st. AO2, Halobacterium piscisalsi st. AO3, Halo-
ferax mucosum st. AO4, and Halobacterium sulfurifontis st.
AO5) [49]. Pyridoxine enhanced the biodegradation of oil

by four of these strains (A01, A02, A04, and A05), riboflavin
enhanced the degradation by three strains (A01, A02, and
A05), folic acid enhanced the degradation by three strains
(A01, A03, and A05), and thiamin enhanced the degradation
by one strain (AO5), but biotin did not enhance oil degrada-
tion significantly by any of the five strains [49]. The biostim-
ulation with vitamins is not surprising, as earlier work has
shown that a nutritional yeast extract amendment signifi-
cantly increases hydrocarbon degradation [32]. The strains
were found to also degrade Tween 80, n-octadecane, and
phenanthrene and were also enhanced with 0.75M KCl and
2.25M MgSO4 [49, 50]. In another study, continuous illumi-
nation and casamino acids were found to increase oil biodeg-
radation by mixed cultures dominated by Haloferax sp. and
by four isolates (two identified as Haloferax, one as a Halo-
bacterium, and one as aHalococcus) [51].Haloferax elongans
st. M4 and Halobacterium salinarum st. M5 were found
capable of being cultured onto a Bacteria-Archaea biofilm
community for the degradation of crude oil, n-hexadecane,
and phenanthrene [52]. Such biofilm communities have
advantages in bioremediation technologies. There too, vita-
mins stimulated crude oil degradation in the biofilm [52].
In yet another study with a mixed community of Bacteria
and Archaea, the addition of casamino acids and citrate was
required for oil degradation and the microbial community
dynamics were observed [53]. After adding crude oil to the
culture, biotic degradation could not occur and the archaeal
community shifted away from what was previously high
levels of Haloquandratum, to one in which only Natronomo-
nas spp. remained, while the bacterium Salinibacter was
selected [53]. With the additional amendment of casamino
acids and citrate, the community could degrade oil with an
archaeal enrichment of Haloarcula, Haloterrigena, and
Halorhabdus [53]. A recent study investigated the biostimu-
lation of oil-degrading cultures derived from a hypersaline
sabkha and found that Fe+3, Ca+2, Mg+2, K+, animal blood,
and commercial yeast all had a stimulatory effect towards
oil degradation [54]. Haloarchaeal communities were domi-
nated by Haloferax spp. and Halobacterium spp., and eight
strains were isolated (two associated with Halobacterium
noricense, two with Haloferax larsenii, a Halobacterium sali-
narium, and a Halobacterium sp.) [54]. These strains could
grow on a variety of alkanes and aromatics and degraded
between 22 and 36% of amended crude oil over 2 weeks [54].

Cocontamination of different types of pollutants often
complicates bioremediation, and a recent study has investi-
gated the effect of heavy metal cocontamination with hydro-
carbon degradation in hypersaline systems [55]. Strains of
both Archaea (a strain of Haloferax elongans and a Halobac-
terium salinarum) and Bacteria (a strain each of Arhodomo-
nas, Marinobacter, and Halomonas) were inhibited with
elevated levels of Hg, Pb, Cu, Cd, and As and were more sen-
sitive to these metals in the presence of crude oil [55]. Over-
all, the archaeal strains had less tolerance for heavy metals
than three halophilic/halotolerant Bacteria tested, though
the bacterial genus Kocuria had similar levels of sensitivity
to heavy metal toxicity [55]. For the Haloferax elongans,
FeIII amendment lessened the toxicity of Hg, Pb, Cu,
and Cd, while for the Halobacterium salinarum, FeIII
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amendment lessened the toxicity of Cu, Cd, and As and pro-
line lessened the toxicity limit of Cd [55]. For theHalobacter-
ium salinarum, the rate of crude oil consumption was tested
under heavy metal stress with and without FeIII or proline
amendment. The crude oil degradation rate increased signif-
icantly under Hg or Pb stresses with FeIII or proline amend-
ment, while the enhancement of oil consumption rates in
Cu-, Cd-, and As-stressed cultures were more nuanced
[55]. At low-salt concentrations (<1.5M), many of these
heavy metals, to a certain concentration, increased cell
growth presumably from affecting cytoplasmic osmolality
[55]. In previous research, the strain Haloferax sp. st.
BBK2 was affected by 0.5mM concentrations of Cd but
was resistant to Cd toxicity up to 4mM levels and it accu-
mulated Cd intracellularly [56].

The progress within this area from simple discovery to
in-depth biostimulation analysis over the last decade is tre-
mendous despite the relatively few investigators that have
been steadily producing significant findings in this area.
The diversity of strains and isolates within the haloarchaea
is large, but not exhaustive [41, 57]. The study of haloarchaea
benefits frommoderate growth rates (doubling times of ~24–
32 hr), fruitful isolation attempts, and easy culturing condi-
tions (aerobic, diverse organic substrates, etc.) [14–17]; how-
ever, more molecular-based research to monitor and detect
in situ degradation is needed to better understand these
archaeal biodegradation processes in contaminated hypersa-
line environments. Though they have relatively warm tem-
perature preferences (generally greater than 30°C) and have
vitamin needs [14–17, 32, 49], the broad distribution of
haloarchaea in hypersaline environments, the broad meta-
bolic capabilities found on xenobiotics and crude oil, and
the relatively quick degradation rates all provide promise that
if properly stimulated, bioremediation of hydrocarbons in
hypersaline environments should proceed quickly.

3. Degradation of Organics with Thermophilic
Sulfolobus solfataricus

A few strains of thermophilic and acidophilic Archaea have
been found capable of pollutant degradation. Such biodegra-
dation capabilities are of interest, as many industrial waste-
water streams are hot. Genomic sequencing of Sulfolobus
solfataricus st. P2 found genes for aromatic degradation and
it was found to be able to degrade phenol aerobically through
meta-ring cleavage [58]. A strain of the closely related ther-
mophilic Sulfolobus solfataricus st. 98/2 was later found to
be able to degrade phenol at 80°C and 3.2 pH [59, 60]
through meta-ring cleavage also [61]. A dienelactone hydro-
lase from Sulfolobus solfataricus st. P1 was also identified and
characterized [62]. This enzyme is important for chloroaro-
matic degradation, such as 2,4-dichlorophenoxyacetic acid
[63], though direct testing of this enzyme on chloroaromatics
was not reported. To our findings, this seems to be the extent
of current research on Sulfolobus in terms of bioremediation
applications, but a review of Sulfolobus in broader biotech-
nology applications has recently been published [64]. This
research field is still developing and there are likely more
thermophilic hydrocarbon degraders; however, culturing

thermophilic strains is difficult due to maintaining high
temperatures for cellular growth, the increased volatility of
the hydrocarbons at high temperatures, and for aerobes, the
low oxygen solubility at high temperatures.

4. Degradation of Hydrocarbons in
Soils with Archaea

In nonextreme environments, Bacteria are better known to
perform the degradation of hydrocarbons; however, Archaea,
particularly the methanogens, are often a component of the
degradation process. Hydrogenotrophic and acetoclastic
methanogens convert hydrogen and acetate, respectively, to
methane gas in anaerobic conditions [65]. In degradative
processes where hydrogen or acetate are waste products,
these methanogens can thus increase the thermodynamic
favorability by reducing hydrogen and acetate concentrations
and in effect drive the degradative process forward [66].
This forms a syntrophic relationship between Bacteria that
degrades the compound of interest and the methanogenic
Archaea that removes the waste products of that degradation
[67]. Acetoclastic methanogens are found in the orderMetha-
nosarcinales, notably the generaMethanosaeta andMethano-
sarcina, while hydrogenotrophic methanogens are found in
the orders Methanococcales, Methanobacteriales, Methano-
sarcinales,Methanomicrobiales,Methanopyrales, andMetha-
nocellales [68]. Here, we review the key roles of Archaea in
soils and freshwater systems contaminated with hydrocar-
bons. A recent review was published that more broadly
covers microbial community responses to petroleum con-
tamination [69].

Two decades ago, an analysis of the microbial communi-
ties in a jet fuel and chlorinated solvent-contaminated aquifer
found that Methanosaeta spp. dominated the archaeal com-
munity and it was proposed that it performs the terminal step
in hydrocarbon degradation in methanogenic zones [70].
Soon thereafter, enrichment cultures showed that long-
chain alkanes can be degraded anaerobically to methane with
a culture of Syntrophus spp. (including one closely related to
a sequence recovered from the jet fuel/chlorinated solvent-
contaminated aquifer in [69]) and both acetoclastic (Metha-
nosaeta sp.) and hydrogenotrophic (Methanoculleus sp. and
Methanospirillum sp.) methanogens [71]. Since then, many
field studies with in situ hydrocarbon degradation have
investigated for the presence of methanogenic Archaea. Soil
contaminated with petroleum and undergoing remediation
was found enriched significantly for Methanosarcinales
strains with a denaturing gradient gel electrophoresis
(DGGE) method [72]. Methanomicrobiales, Methanosarci-
nales, Methanobacteriales, and Thermoplasmatales were all
found in other soil samples contaminated with petroleum
hydrocarbons [73]. High abundances of Methanosaeta were
observed in a diesel-contaminated soil—up to 30% of all
16S rRNA genes in some of the samples [74]. This compares
to normal abundances of 2% Archaea in natural soils, which
are also typically dominated by Crenarchaeota and not the
Euryarchaeota of which the methanogens belong [75]. Proc-
essed oil sands were also found to contain archaeal commu-
nities dominated by the acetoclastic Methanosaeta spp.
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[76]. A coculture of Anaerolineae and Methanosaeta was
found to predominate in an alkane degradation culture over
1300 days with similar 16S rRNA gene concentrations of
each, presumably with Anaerolineae breaking down alkane
chains through acetate andMethanosaeta fermenting acetate
into methane [77]. Another study found that the genus
Methanoculleus was the more abundant methanogen in an
anaerobic alkane degrading culture containing the bacteria
Thermodesulfovibrio and Anaerolineaceae [78].

Often, the diversity of Archaea detected in hydrocarbon
degrading cultures is low but the diversity of Archaea in
one heavy crude oil-contaminated soil was found to be higher
than the diversity of Archaea in a pristine soil [79]. Clone
libraries indicated that the contaminated soil contained
many members of deeply branching Methanomicrobiales,
Halobacteriales, Methanosarcinales, and many Euryarch-
aeota and Crenarchaeota of uncultured genera, while the
pristine soil only contained Natronomonas-like sequences
among the Archaea [79]. In a hydrocarbon-contaminated
sludge from an oil storage facility, β-Proteobacteria was
found in coculture with a diverse archaeal community con-
sisting of Thermoprotei (54%), Methanocellales (33%), and
then Methanosarcinales/Methanosaetacaea (8%) [80].

The study of syntrophic hydrocarbon degradation has
advanced to studying systems under biostimulation condi-
tions. The anaerobic degradation of benzene is oftentimes
slow or nonexistent [4]. In a field-based study comparing
the natural attenuation of B20 biodiesel blend and a bio-
stimulation with an ammonium acetate injection, it was
found that Archaea populations significantly increased from
less than 103 to 3.7× 108 16S rRNA genes·g−1 under the bio-
stimulation conditions commensurately with enhanced
BTEX degradation [81]. Conversely, in a recent study of
an Alpine Petroleum-contaminated site, the archaeal com-
munity was mostly found unchanged on the phyla level
(based on read depth analysis of a 16S rRNA gene amplifica-
tion) and overall archaeal abundance (measured with qPCR)
decreased during fertilization biostimulation or increased
temperature [82]. The only archaeal enrichment appeared
to be Woesearchaeota which became more abundant com-
pared to other archaeal phyla with a temperature increase
to 20°C [82]. This study did not report data on finer phylo-
genetic scales.

The syntrophic relationship between hydrocarbon-
degrading Bacteria and methanogenic Archaea is not always
present in degradation cultures. Euryarchaeota and Thau-
marchaeota completely disappeared in one set of microcosms
amended with spent motor oil [83]. Similarly, Illumina
sequencing of a 16S rRNA gene amplification did not widely
detect Archaea in one petroleum enrichment culture [84].
A GeoChip analysis of the archaeal community in a differ-
ent study found that archaeal abundance was negatively
impacted by oil contamination in an aerobic soil with num-
bers reduced to 10% of the archaeal abundance in nonconta-
minated soil [85]. A DGGE-based community profile of an
Antarctic soil contaminated with diesel under various reme-
diation conditions found no substantial differences in the
archaeal community during bioremediation [86]. Another
study found that Archaea were scarce (<1% of the

population) in an aquifer above a coal-tar DNAPL with only
a low abundance of methanogens [87]. Other than the
reduced redox conditions required for methanogenesis, it is
not clear why Archaea respond strongly to oil contamination
in certain environments and not others.

A diverse and varying dominance of archaeal members
(as well as bacterial members) exists in soils and groundwater
during hydrocarbon bioremediation. Controlled experiments
in which physicochemical conditions (such as redox, salinity,
temperature, and trace element availability) are varied in
hydrocarbon-contaminated soils may help determine the
role that these factors play in selecting the specific archaeal
communities (if any at all) that are stimulated. The research
in this area also uses a variety of methodologies to study
the Archaea, and similar methodologies (clone libraries) still
often use different primer sets. Studies in which these meth-
odologies are compared for the same sample would help elu-
cidate the extent that the varying results above are a function
of the chosen methodology.

5. Archaea in the Degradation of Oil in Oceans
and Marine Sediments

The role of Archaea in the degradation of oil in marine sys-
tems is oftentimes unclear as well. It is believed that Bacteria
play the dominant role in oil biodegradation in oceans [88],
but the role of Archaea in oil degradation in oceans is not
fully understood. Archaea in many studies have been found
to be sensitive to oil compounds. In a lab-based study of
beach sediment microcosms, Archaea 16S rRNA genes
became difficult to amplify with a PCR method after incuba-
tion with oil, suggesting a large decrease in archaeal popula-
tions [89]. That study however only detected two tight
clusters of Archaea in its analysis, a group of Marine Group
II Euryarchaeota and a group of Crenarchaeota [89]. A later
study found that the nitrifying Nitrosopumilus maritimus, a
member of the Marine Group I Archaea, was also very sensi-
tive to crude oil presence [90]. In another study, the oil
degrading bacteria that were found to grow were heavily
dependent on temperature but the archaeal community
structure was minimally affected [91]. The study also
observed few Archaea groups—predominately a tight phylo-
genetic group of Marine Group II Archaea and eight other
OTUs related to Euryarchaeota and Thaumarchaeota [91].
The isolation of hydrocarbon-degrading strains in coastal
sediment contaminated with petroleum off of the coast of
Sicily (Italy) recovered only isolates from the domain Bacte-
ria [92]. The natural diversity of archaeal communities were
determined with DGGE and was found to consist of uncul-
tured Crenarchaeota and Thaumarchaeota which did not sig-
nificantly change in crude oil-amended microcosms [92].
Though members of Thaumarchaeota are hypothesized to
be able to aerobically degrade crude oil [93], no direct evi-
dence with cultured strains yet exists.

Other studies have detected shifts in archaeal communi-
ties that suggest that some Archaea may at times play a role
in degradation. One study tested the change in the archaeal
community before and after adding either heptadecane,
naphthalene, or crude oil in seawater and marine sediment
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at two locations near Rio de Janeiro (Brazil) [94]. While no
Archaea could be identified in the water samples, the archaeal
community in the marine sediment uniquely changed for
each of the hydrocarbons that were added [94]. The method
detected primarily uncultured Archaea, which were mostly
Euryarchaeota [94]. In a field study, a DGGE analysis of
archaeal 16S rRNA genes indicated that oil contamination
in mangrove sediments differed compared to a pristine site
[95]; again, the method predominately detected uncultured
groups of Archaea. In a recent survey of Atlantic and Medi-
terranean coastal sediments around Europe, the presence
and abundance of the Miscellaneous Crenarchaeotic Group
(MCG) were also found to correlate to oil-contaminated
sediments [96]. These findings suggest that some uncultured
groups of Archaea may have roles in oil degradation in
marine systems.

Methanogens have been connected to hydrocarbon deg-
radation in some marine systems as well. Methanogenesis
increased commensurately with hydrocarbon degradation
in microcosms seeded with contaminated sediments taken
from Halic Bay (Turkey) and stimulated with phosphorus
and/or nitrogen [97]. A research study also found that adding
methanol or acetate could stimulate degradation of petro-
leum hydrocarbons in marine sediment [98]. The acetoclastic
methanogenic Methanosarcinales increased in the sediment
with acetate stimulation and temporarily with methanol
stimulation [98].Methanomicrobiales, which are hydrogeno-
trophic methanogens, increased with methanol stimulation
as well, but not with acetate stimulation [98].

Though haloarchaea contain many strains that require
high levels of NaCl, recent evidence suggests that marine sys-
tems have phylogenetically related strains as well. Samples
taken from the Amazon equatorial ocean basin and amended
with oil droplets had significant variation in the community
composition of the Archaea domain upon oil biodegradation
as detected with metagenomic techniques, including a rela-
tive enrichment of the Halobacteriaceae [99]. In a mesocosm
study of archaeal and bacterial diversity from oil contamina-
tion in mangrove sediments, bacterial diversity was more
significantly affected from oil contamination than archaeal
diversity [100]. The genus Nitrosopumilus, common in
marine systems, was inhibited with oil degradation, but the
read depth for the family Halobacteriaceae was stimulated
from combined oil and nitrate additions, of which members
related to Haloferax increased marginally with oil additions
[100].Archaeawas not found to be affected by oil contamina-
tion in the coastal water of the Gulf of Finland, but they were
impacted in the coastal sediments [101]. The Halobacteria-
ceae was significantly more abundant where the sediment
was contaminated with oil [101]. Archaeal cytochrome 450
and retinol metabolism pathways were enhanced where oil
was also present which signifies active oil degradation
[101]. Altogether, these results indicate that some haloarch-
aea likely have roles in oil biodegradation at least in sedi-
ments. Degradation of oils in sediments is important, as
coastal systems are oftentimes more contaminated with oil
than open oceans.

In many of the studies above, a limited diversity of
Archaea was measured, typically with methods relying on a

PCR amplification with universal primers followed by an
analysis. Interpreting results from these studies should be
done cautiously because amplification-dependent methodol-
ogies may miss clades of Archaea due to primer mismatching
and/or PCR biases [102]. With modern metagenomic
sequences, it may be worthwhile to reexamine old assump-
tions based on these results. Indeed, recent metagenomic-
based methods are elucidating much greater diversity of
Archaea in marine systems than the earlier studies using
methods dependent on PCR amplification were detecting
(i.e., [99]).

6. Archaea in Heavy Metal Remediation

Bioremediation of metals can take many forms [103]. Often-
times, it involves the redox cycling of the metals for the con-
version of toxic redox states to nontoxic redox states.
Alternatively, redox cycling may convert soluble metal redox
states to insoluble redox states, or vice versa, and the effect of
which is precipitation or mobilization of the metal. Addition-
ally, metals may be removed through reactions that permit
volatilization of heavy metals or through sorption into bio-
mass. These processes are also important for radioactive
metals [104], but Archaea are poorly studied in this area
despite some archaeal strains having high tolerance of radio-
activity [105]. A recent review over the bioremediation of
heavy metals was published, but did not address Archaea
[106]. A comprehensive review of metal-tolerant thermo-
philes has been published recently including significant
information regarding Archaea and the significant context
in terms of bioremediation [107]; thus, here, we do not cover
thermophiles and metal bioremediation in as much detail.

Arsenite (AsIII) is a toxic form of arsenic, but it can be
oxidized to less toxic arsenate (AsV). In a study of an acidic,
sulfuric thermal spring in Yellowstone National Park (USA),
arsenite oxidation coincided with the appearance of uniso-
lated Crenarchaeota and Euryarchaeota and it was thus
hypothesized that Archaea could oxidize arsenite [108]. In
earlier work, the Sulfolobus acidocaldarius st. BC was indeed
confirmed to oxidize arsenite to arsenate [109]. From reviews
of the deposited genomic sequences in GenBank, theArchaea
strains Aeropyrum pernix st. K1, Pyrobaculum calidifontis st.
JCM 11548, and Sulfolobus tokodaii st. 7 are found to contain
arsenite oxidase genes [110, 111]. A recent metagenomic
study of Diamante Lake (Argentina) found a large abundance
of arsenate reduction and arsenite oxidation genes and
haloarchaea [112]. Fourteen isolates of the genus Haloru-
brum were found to contain arsenite oxidation genes and
one strain was confirmed capable of arsenite oxidation
[112]. Arsenate reduction by Archaea is also common which
in turn would increase arsenic toxicity (i.e., [113]).

Mercuric mercury (HgII) is highly toxic and one method
of removal is via biological reduction to volatile zero-valent
mercury (Hg0). This is carried about by enzymes encoded
by mercury reductase genes which have been identified in
several diverse Crenarchaeota and Euryarchaeota [114]. A
study of a mercury-containing hot spring in Yellowstone
National Park (USA) found novel and deeply rooted mercury
reductase genes associated with Archaea [115]. Mercury
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reductase was found upregulated in Sulfolobus solfataricus
and was needed for mercury resistance [116], and mercury
volatilization was also measured from Halococcus, Halobac-
terium, and, to a lesser extent, Haloferax [117]. Direct
study of zero-valent mercury volatilization from Archaea
is otherwise rather scarce. Conversely, mercury methylation
by methanogens, which increases toxicity, is well docu-
mented [118].

The precipitation of uranium by the reduction of UVI to
UIV is one mechanism for the immobilization of uranium
in environments where it may impact ground and surface
waters [119]. Pyrobaculum sp., which are hyperthermophiles,
are capable of uranium reduction [120]. These Archaea have
large redox capabilities for other metals (i.e., [121]) and thus
may be beneficial in many types of metal-contaminated
hyperthermic waste streams.

Another way in which metals may be bioremediated is via
intracellular or extracellular binding or sorption. Methano-
bacterium bryantii was found to excrete extracellular pro-
teins to chelate copper [122]. Sulfolobus acidocaldarius was
found to bind UVI into organophosphate groups [123].
Halophilic microbes are often able to absorb heavy metals,
as well [124]. Halobacterium sp. GUSF was found to be able
to absorb manganese at high rates and high concentrations
[125]. Halobacterium noricense was found to adsorb cad-
mium [126]. As noted above, Haloferax st. BBK2 was found
to accumulate cadmium intracellularly [56]. The archaeon
Halobacterium noricense DSM15987 was found to accumu-
late UIV with phosphoryl and carboxylate groups compared
to a direct biosorption process with the bacterium Brachy-
bacterium sp. G1 [127, 128]. These results show promise that
the haloarchaea can be used in the treatment of hypersaline
environments and wastewaters for heavy metal removals.

7. Archaea in Acid Mine Drainage

Acid mine drainage is a major contributor to water pollution
by introducing a highly acidic effluent with toxic metals in
solution. Acid mine drainage occurs when oxygen, intro-
duced due to mining activities, reacts with metal sulfide min-
erals (such as FeS2) resulting in the production of sulfuric
acid and lower pH; this reaction is often aided by aerobic
iron- and sulfur-oxidizing microbes [129]. Many microor-
ganisms including many Archaea tolerate and thrive in the
acidic and metal dense environments found in acid mine
drainage. Ferroplasma spp. are acidophilic metal oxidizers
with preferences of very low pH (<1.5) and are major players
in the production of acid mine drainage and the biogeochem-
ical cycling of sulfur [130, 131]. At Iron Mountain (CA)
which has acid mine drainage, Archaea are the major propor-
tion of the prokaryotes and Ferroplasma dominates (85% of
Archaea) [130]. Many other Archaea are involved in similar
ways. For example, Sulfolobusmetallicus, which is also acido-
philic, thermophilic, and chemolithoautotrophic, can oxidize
elemental sulfur and sulfidic ores, producing sulfuric acid
and causing the leaching of uranium, zinc, and copper
[132]. Exploiting these Archaeamay be important for mining
of metals and biocatalysis under extreme conditions (i.e.,
[133]) but may not be helpful in an acid mine bioremediation

context where increased toxic metal mobility and acidifica-
tion is typically not a favorable outcome. However, the diver-
sity of the Archaea in the order Thermoplasmatales and their
resistance to toxic metal resistance [134] may prove useful for
other metal remediation purposes.

The biological treatment applying sulfate-reducing bac-
teria is an attractive option to treat acid mine drainage
and to recover metals [135]. The process produces alkalin-
ity, neutralizing the acid mine drainage simultaneously.
There are two lineages of archaeal sulfate reducers: the
Archaeoglobus, within the Euryarchaeota, and Thermocla-
dium and Caldivirga within the Crenarchaeota [136].
Archaeoglobus are thermophilic but not acidophilic [137].
Thermocladium and Caldivirga are moderately acidophilic
and can tolerate pH down to about 2.3 but are still ther-
mophilic and thus are not suitable for acid mine drainage
[138, 139].

8. Archaea in Reductive Dehalogenation

Reductive dehalogenation removes halides from organic
compounds resulting in lower halogenated or nonhaloge-
nated products and is important in bioremediation. This field
has been largely focused on the organohalide-respiring Bac-
teria that can use organohalides as terminal electron accep-
tors. However, the ability of methanogens to dehalogenate
has been long established. Many papers were published in
the 1980s and 1990s discovering the various substrates
subject to dechlorination by methanogens. Various strains
ofMethanosarcina were found to dehalogenate pentachloro-
phenol [140], perchloroethylene [141], trichloroethene [142],
chloroform [143], and trichlorofluoromethane [144].Metha-
nobacterium ivanovii strain T1N was able to degrade penta-
chlorophenol [140]. Cell suspensions of Methanosarcina
barkeri (DSM 2948), Methanosarcina mazei (DSM 2053)
(which was incorrectly referred to as Methanococcus mazei
despite reclassification 8 years prior [145]), Methanobacter-
ium thermoautotrophicum st. Marburg (DSM 2133) (which
has since been reclassified as Methanothermobacter marbur-
gensis [146]), and Methanothrix soehngenii (DSM 2139)
dechlorinate 1,2-dichloroethane through dihaloelimination
to the product ethylene and through hydrogenolysis to chlor-
oethane [147]. The ability to dehalogenate is likely from the
high concentrations of corrinoids, such as cobalamin, in
methanogens which are needed for methanogenesis [148,
149]. Corrinoids are able to dehalogenate organics abiotically
[150, 151].

Archaea are also commonly reported as a part of micro-
bial communities dechlorinating chloroethenes (Table 2).
Methanobacterium congolense was found in the well-studied
chloroethene-dechlorinating ANAS culture [152]. Inhibition
of the methanogens with 2-bromoethanesulphonate (BES)
was reported to not affect the “ability to dechlorinate tri-
chloroethene completely”; however, further information
was not provided [152]. Methanothrix, Methanomethylovor-
ans, and an unclassified Archaea were present in a column
treating perchloroethene [153]. At a site undergoing remedi-
ation from trichloroethene to ethene, Methanosaeta sp.,
Methanospirillum sp., Methanosarcina, and an unclassified
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Methanomicrobiales were found present [154]. Methanosar-
cina, Methanomethylovorans, Methanomicrobiales, and
Methanosaeta were reported as significant components of
the well-studied and highly enriched KB-1 organochloride-
dechlorinating culture [155]. Methanosarcina was found to
be important for the dechlorination of vinyl chloride in an
enriched Dehalococcoides-containing culture, while Metha-
nosaeta had no impact [156]. It was hypothesized that the
Methanosarcina were producing H2 from acetate oxidation
for the Dehalococcoides in these cultures [156]. Hydrogeno-
trophic methanogens in other cultures are conversely likely
competing for H2 substrate with the organohalide-respiring
bacteria [157, 158]. Many dechlorinators, such as the versatile
Dehalococcoides, lack the ability to synthesize needed corri-
noids for reductive dehalogenation and instead have genes
for corrinoid scavenging and import [159, 160].Methanogens
in these cultures may provide these key corrinoids for the
organohalide-respiring bacteria in these communities, though
this role may be fulfilled by other corrinoid-producing bacte-
ria [158]. A recent review on cobalamin synthesis in the con-
text of dehalogenation has been published [161]. The ability
of methanogens to dechlorinate suggests that these Archaea
may contribute to dechlorination activities even in systems
dominated by organohalide respirers. The roles and antago-
nism of Archaea in reductive dechlorination systems are
likely complex. Recent research has started investigating the
natural cycling of organohalides but has only thus far focused
on Bacteria [162–164].

9. Research Needs

A primary hurdle in the study of Archaea in bioremediation
systems is methodological. Many studies on bioremediation
do not study archaeal community members explicitly nor
have methods that would allow for the discovery of archaeal
diversity or activities. Additionally, many methodologies
that have been used to study Archaea are prone to biases,
which may cloud our understanding. A varied number of
archaeal and “universal” amplification primer pairs are
known and are used to study archaeal diversity [32, 37, 82,
83, 86]. Interpreting results from these methods should be
done carefully. PCR amplifications of entire prokaryotes or
entire domains are prone to biases, which can underrepresent

and overrepresent various microbial community members
[102]. Analyses that are based on a high phylogenetic level
(i.e., phylum-based analyses) can also hide trends on the finer
phylogenetic levels (i.e., genus). Recent publications above
often rely on “relative read depth” analysis of the high
throughput sequencing of a 16S rRNA gene amplification
product to provide quantitative measurement of specific
Archaea taxonomic groups; however, these methods are still
exposed to PCR biases. For analysis of mixed cultures, meta-
genomic sequencing of unamplified DNA and more quanti-
tative PCR (qPCR) methods should also be used. QPCR has
a high sensitivity, can be designed for high specificity, and
can be quality controlled [165] and thus makes a superior
quantitative method to “relative read depth” analysis which
lacks these characteristics. In a recent publication, read
depth analysis from an Illumina-sequenced PCR product
was able to identify enriched taxonomic groups, but the read
depth analysis agreed poorly with the actual quantification
with qPCR [164]. Some qPCR methods have been developed
for certain Archaea (i.e., [155]); however, more methods
need to be developed to further extend the study of Archaea
in mixed microbial communities.

An additional hurdle in studying Archaea in bioremedia-
tion again is methodological. Dose growth response analysis
is often used to measure community members that outcom-
pete others at a given physicochemical condition on a given
substrate. One hypothesis of Archaea evolution suggests that
Archaea’s niche and advantage in the environment is operat-
ing under energy stress, and thus, dose growth response
methods provide conditions where Archaea may easily be
outcompeted [166]. In the environment, biodegradation
activity often occurs in heterogeneous environments with
microniches, energy stresses, and complex microbial com-
munities where Archaea are thus theoretically more heavily
involved than what will be found using many traditional
microcosm/enrichment culture methodologies.

Though this field has made significant advances in the
last several years, it is still developing and all forms of
research will continue to advance the field. The potential of
Archaea to serve in bioremediation applications (outside of
hypersaline environments) is not well understood. The extre-
mophilic nature of many Archaea make them uniquely
suitable for biodegradation of “extreme” environments and

Table 2: The methanogens present in chloroethene-dechlorinating cultures.

Methanogenic strains Culture notes Citation

Methanosarcina st. KB-1, Methanomethylovorans st. KB-1 1 and st.
KB-1 2, Methanomicrobiales st. KB-1 2, and Methanosaeta st. KB-1 1
and st. KB-1 2

Dehalococcoides-dominated KB-1 enrichment culture [155]

Uncultured Methanobacterium congolense
Dehalococcoides-, Desulfovibrio-, and

Clostridia-dominated ANAS enrichment culture
[152]

Methanothrix st. TDC-AR3, Archaea st. TDC-AR4,
Methanomethylovorans st. TDC-AR5, and Methanothrix sp. st.
TDC-AR6

Dehalococcoides- andAcetobacterium- containing culture [153]

UnculturedMethanosaeta st. TANA2, unculturedMethanospirillum st.
TANA5, uncultured Methanosarcina st. TANA1, and uncultured
Methanomicrobiales st. TANA6

Trichloroethene-contaminated aquifer undergoing
bioremediation to ethene with a diverse bacterial

community
[154]
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waste streams, yet many of these possibilities are not yet
tested. Future research in bioremediation should be con-
scious of the potential roles of Archaea in bioremediation
processes, and thus, methods should be more routinely used
to analyze the Archaea.
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Microorganisms are sensitive indicators of edaphic environmental variation. The Illumina MiSeq sequencing technology was used
to analyze soil bacterial community diversity around an aging oil sludge in the Yellow River Delta. The alpha diversity index of soil
bacterial community results (Ace, Chao, Shannon, and Simpson) determined that bacterial community diversity sampling within
the scope of a 20 cm radius from the center of an aging oil sludge spot showed the most abundant diversity. The level of diversity
distributed symmetrically with radial direction from the center of the aging oil sludge spot. Over the distance of 100m from the
center, bacterial community diversity tends to be monotonous, with small differences especially in the horizontal direction
underground. The alpha-diversity indicators also showed that the bacterial diversity of samples were close under the aging oil
sludge. In addition, the aging oil sludge inhibited the growth of bacteria compared with the referenced unpolluted soil sample
and also increased the diversities of soil bacteria. At the phylum level, the Proteobacteria, Chloroflexi, and Actinobacteria
existing in the aging oil sludge-contaminated wetland soil constituted a larger proportion of the community, while the
proportion of Firmicute was relatively less. On the contrary, Firmicute showed the highest content of 63.8% in the referenced
soil. Under the genus level and family level, the corresponding strains that resisted the aging oil sludge were selected. According
to the bacterial diversity analysis, the basic structure of the bacterial community which could be used for remediation of aging
oil sludge-contaminated soil was also developed.

1. Introduction

Microorganisms play an important role in the soil environ-
ment. The variation of the microbial populations often
indicates the change of the soil environment. Environmental
pollution may cause a transformation in microbial commu-
nity composition and activity [1, 2]. Moreover, there is a
dependent relation between microbial diversity and soil
contamination [1, 3]. The stability of microbial diversity
represents the status of a microbial community, which could
be used to predict the transformation trend of the environ-
mental quality and soil nutrient conditions. Thus, it is

considered to be one of the most sensitive biological indica-
tors. Soil microorganisms occupy an important position in
the cycle of the biological geochemical system. Simulta-
neously, it plays an important role in soil self-purification,
toxic compound transition, and transformation of the soil
environment. Soil microorganisms are far more sensitive to
contaminants than soil animals and plants [4], which is
an indicator of the changes in the physical and chemical
properties of the soil and environmental quality.

With the increasing demand of petroleum, oil production
is increasing sharply, leading to incidents of serious soil
pollution. The Shengli Oil Field, located in the Yellow River
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Delta, is the second largest oilfield in China. However, there
is a National Nature Reserve in the Yellow River Delta with
hundreds of animals and plants that need to be protected.
It also has wetlands that cover an area of over 4500 km2.
Obviously, the oil production process has a negative effect
on the protection of endangered organisms and wetlands.
Especially, the aging oil sludge (long-term untreated oil spots
scattering around oil wells), with the potential risk of long-
time and rock-ribbed pollution to the surroundings, presents
a thorny problem of treatment and disposal. Meanwhile, a lot
of toxic substances are included in the oil sludge. For
example, the soil around a crude oil storage site in the
Jianghan Oil Field of China was severely contaminated with
polycyclic aromatic hydrocarbons (PAHs). The soil around
the oil sludge or in the oil exploration area was similarly
contaminated with PAHs [5–7].

However, much attention has been paid to the stacking
oil sludge in the open air [8–10]. The scattered oil sludge in
oil-producing regions, especially around the oil wells, were
ignored for years, forming a lot of aging oil sludge-
contaminated sites on the soil. Until now, the quantities of
the most deleterious components in the aging oil sludge
[11], such as total petroleum hydrocarbons (TPHs) and
heavy metals, as well as bacterial diversity of the long-time
oil-polluted soil, are still unknown and rarely referred to
and reported globally [12].

Currently, high-throughput sequencing is recognized as a
powerful method to analyze a bacterial community. Its
specific primers are also known as accurately providing the
diversity of bacterial groups at a fine scale [13, 14]. The
MiSeq sequencing system adopted the mature TruSeq with
synthetic sequencing technology simultaneously, which inte-
grated amplification, sequencing, and data analysis in one
machine. Illumina technology was commonly used as the
foundation with the method of the reversible termination
reagent, which simultaneously detects millions of pieces at a
large-scale. To add each dNTP, the terminator is imaged with
fluorescent tags and subsequently cut. Because four kinds of
reversible termination were combined with dNTPs, natural
competition with minimum deviation detects the base
sequence directly by virtue of each cycle of a fluorescence
signal. Now, the high-throughput sequencing method is
widely used in the process of microbial diversity analysis,
since it has the characteristics of no culture, high sensitivity,
and low detection limit [15, 16].

It was reported that the types and quantities of microor-
ganisms were closely associated with the contents of soil
moisture, organic carbon, soil clay, and soil microorganisms
[17]. Researchers analyzed the characteristics of microbial
diversity in the Yellow River Delta wetland. The results
showed that the number of microorganisms and the diver-
sity of cultured microorganisms decreased with the increase
of inorganic salt [18, 19]. Moreover, the geochemical
parameters such as pH, Eh, As, sulfate, and water tempera-
ture also had significant effects on the indigenous microbial
community [20].

This work mainly researched on the transformation
of the bacterial community structure caused by the aging
oil sludge using high-throughput sequencing technology

[2, 9, 10, 21]. The 16S rRNA gene analysis and taxonomical
analysis were performed with a clone library. The results
and related findings would aid in a thorough understanding
of the microorganism structure in aging oil sludge-
contaminated soil and thus provide a new point of view
to soil bioremediation.

2. Materials and Methods

2.1. Experimental Setup. The soil samples in this experiment
were collected from the Shengli Oil Field in Shandong
Province, China. Meanwhile, the test soil was obtained from
three separate sites across the oil field. Three points in
various directions around the aging oil sludge were selected,
0 and 20 cm below the earth of the aging oil sludge, and over
100m in horizontal direction from the aging oil sludge; the
latter was used as the corresponding reference soil.

2.1.1. Sampling and Processing. 1 kg each of the three soil
samples was collected, removing the stones and plant debris
with the tube labeled for sampling time, sampling site, sam-
pling code, and the surrounding geographical environment
outside. Soil samples were preserved at a temperature of
4°C after being transported to the laboratory. A four-point
method was used to remove excess soil and the soil finally
remained as representative samples. Soil samples were dried
naturally and were passed through 100-mesh sieves to
determine their physical and chemical properties.

2.1.2. Microbial Diversity Experiment. A sterilized shovel was
used to collect soil samples around the aging oil sludge while
removing the stones and debris. Finally, 50 g of soil was
collected as a representative sample. Meanwhile, there was a
need to change to a new sterilized shovel for each soil sample
to prevent cross-contamination. The representative samples
were preserved in sterile tubes andmarked for sampling time,
sampling site, sampling code, and surrounding geographical
environment outside the tubes. Soil samples were trans-
ported with carbon dioxide, and then stored with liquid
nitrogen under the temperature of −80°C immediately.

2.2. Analytical Methods

2.2.1. Determination of Soil Physical and Chemical Properties.
Moisture content was determined by weighing samples
before and after oven drying at 105°C for 24h. The pH was
measured with a pH meter (Mettle-Toledo Instruments,
Shanghai, China). The determination of the soil organic
carbon was referred to GB 9834-1988. Heavy metals, includ-
ing copper, zinc, and chromium, were measured by an
atomic absorption spectrophotometer (GFA-7000, Japan).
The lights of the microwave digestion method were used
and the acid system was nitric acid, hydrofluoric acid, and
hydrogen peroxide. Experimental steps were as follows: first,
0.25 g of soil sample was accurately put in a microwave
digestion jar. Then, 5ml of nitric acid, 2ml of hydrofluoric
acid, and 1ml of hydrogen peroxide were added successively.
Then, the appropriate temperature and time were set to cool
down the soil samples. In addition, the digestion liquids were
transferred to a 50ml beaker for digesting. After a period of
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cooling and dissolving the residue, the solution was trans-
ferred to a 50ml volumetric flask with 5ml of 5% La
(NO3)3 (Cu/Zn) or 5ml of 10% NH4Cl (Cr). Besides, the
determination of total petroleum hydrocarbons (TPH) was
referred to HJ/T 350-2007, China.

2.2.2. DNA Extraction, 16S rRNA Gene Amplification, and
High Throughput Sequencing. Soil microbial metagenomic
DNA was isolated with a Soil DNA Kit (Omega Bio-tek,
Norcross, GA, US) according to the manufacturer’s
instruction. The DNA extracts were stored at −20°C for
the following PCR amplification. The universal 16S rRNA
gene primers were the 515F (5′-GTGCCAGCMGCCG
CGG-3′) and 806R (5′-GGACTACHVGGGTWTCTAAT-
3′). The barcode and adapter were incorporated between
the adapter and the forward primers. The PCR used was
the TransStart FastPfu DNA Polymerase, a 20μL reaction
system. The PCR mixture contained 10 ng of DNA tem-
plate, 2μL of 2.5mM dNTPs, 0.8μL of both primers,
0.4μL of FastPfu Polymerase, 4μL of 5x FastPfu Buffer,
and sterile double-distilled H2O in a total volume of
20μL of PCR amplification which was performed in a
ABI GeneAmp 9700 (USA). The PCR process consisted
of an initial 5min denaturation at 95°C, followed by 27
cycles of denaturing at 95°C for 30 s, and annealing at
55°C for 30 s, with an extension at 72°C for 45 s. The same
sample was mixed with the PCR product with 2% agarose
gel electrophoresis detection. By virtue of the AxyPrep
DNA gel extraction kit (Axygen Biosciences, Union City,
CA, US) PCR products were cut, eluted with Tris-HCl,
and subjected to 2% agarose electrophoresis detection at
the same time. The QuantiFluor™-ST (Promega, US) blue
fluorescence quantitative system for PCR products was
used for detection. The next step was building the MiSeq
library. We chose the TruSeq™ DNA Sample Prep Kit
and cBot TruSeq PE Cluster Kit v3-cBot-HS. Specific steps
were as follows: the P7 and P5 joints were connected; the
magnetic bead filter was used to remove the irregular frag-
ments; PCR amplification was used to enrich the library
template; and alkali degeneration was used to produce
single-stranded DNA fragments. The cBot Truseq PE
Cluster Kit v3-cBot-HS was the cluster-generation kit
for bridge amplification.

The treated samples in the MiSeq PE300 platform
were sequenced for about 65 hours. The end DNA frag-
ments complemented with the primer base and were
fixed on a chip, while the other end complemented ran-
domly with the other primers, and was then fixed and
formed a “bridge.” PCR amplification and DNA clusters
were produced at the same time. Subsequently, DNA lin-
earization was performed while producing a single DNA
strand. The modified DNA polymerase and four kinds
of fluorescence-labeled dNTP were added while each
cycle used only a synthetic base. The polymerization
nucleotide species in each template was obtained by scan-
ning the plate reaction surface with a laser. The chemical
cutting of the “fluorescent groups” and “end groups” was
carried out, and the viscosity ending of 3′ was restored.

Meanwhile, the second nucleotide was aggregated and
the results of fluorescent signal in each round were
calculated and collected, while the template DNA sequence
was obtained.

2.2.3. Sequencing Data Processing. The overlap relationship
was used to obtain the PE reads while carrying out quality
control and filtering the quality of the sequence at the same
time. The OTU taxonomists’ analysis, cluster analysis, and
diversity index analysis were carried out after distinguishing
the samples. Meanwhile, we conducted various diversity
index analyses. The detection of sequencing depth was
also conducted on the basis of OTU clustering analysis.
The community structure analysis in each classification
level was conducted by the taxonomy information. On
the basis of the analysis above, the study was carried
out on a serial analysis of community structure, system
development, and visualization.

According to the similarity levels, all the sequences
were taken using OTU division. Meanwhile, by dint of
the OTU biological information, under a 97% similarity
level, the statistical analysis was carried out. Analysis steps
were as follows: extracting the nonrepeated sequence from
an optimized sequence to reduce the redundant computa-
tion in the analysis course (http://drive5.com/usearch/
manual/dereplication.html); removing the nonrepeated sin-
gle sequence (http://drive5.com/usearch/manual/singletons.
html); and conducting OTU cluster on nonrepeated
sequences and removing the chimera in the process of clus-
tering while obtaining a representative sequence of OTU
under a similarity of 97%. All the optimized sequences were
mapped to the representative OTU sequence, and the
sequences which own the similarity level by more than 97%
were selected while generating the OTU form.

To acquire the information of the corresponding species
classification for each OTU, the RDP classifier Bayesian
algorithm analyzed representative sequences of OTU under
the 97% similarity level and calculated the community
composition in each classification level. The databases were
as follows: Silva (release 119 http://www.arb-silva.de) and
RDP (release with the 11.1 http://rdp.cme.msu.edu/). The
rarefaction curve was obtained from the sequencing depth
of the sample. Rarefaction analysis was conducted with 97%
similarity OTU, using mothur and R language tools to make
a graph. Bacterial diversity indices were as follows:
Chao—the Chao1 estimator (http://www.mothur.org/wiki/
Chao); Ace—the ACE estimator (http://www.mothur.org/
wiki/Ace); Shannon—the Shannon index (http://www.
mothur.org/wiki/Shannon); Simpson—the Simpson index
(http://www.mothur.org/wiki/Simpson); and the index of
the sequencing depth coverage—the Good’s coverage
(http://www.mothur.org/wiki/Coverage). According to the
analysis of beta diversity for a hierarchical clustering distance
matrix, the group used the method of UPGMA (unweighted
pair group method with arithmetic mean) to construct a
tree structure.

2.3. Statistical Analysis. Statistical analysis was carried out
with SPSS 19.0 software and Origin 8.0.
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3. Results

3.1. Physical and Chemical Characteristics. The physical and
chemical properties of the soil were summarized in Table 1.
Results demonstrated that the contaminated soils were
slightly alkaline and generally had a higher pH value than
the corresponding reference soils. According to the soil and
environmental quality standard, the heavy metal contents
including copper, zinc, and chromium in aging oil sludge-
contaminated soils were not fit for planting. Meanwhile, the
heavy metal content could cause serious damage and
pollution to the soil. Similarly, the contaminated soil showed
an elevated level of organic matter (organic carbon) with a
range of 0.05%–0.41%. Compared with the reference value,
the content of total organic carbon was moderate. Moreover,
the results of TPH demonstrated that petroleum hydrocar-
bons were detected in the soil which was closest to the
aging oil sludge.

3.2. MiSeq-Pyrosequencing Results and Microbial Structures.
16S rRNA sequencing had provided a detailed view on the
composition. The analysis of the single sample diversity
(alpha diversity) could reflect the richness and the diversity
of the microbial community. The study aimed at analyzing
the bacterial diversity of the soil contaminated with the aging
oil sludge. The soil sample obtained from 20 cm below the
earth of the aging oil sludge was marked as number 1. Sample
number 2 was fetched below the aging oil sludge directly.
Sample number 3 was the plain soil more than 100m distant
from the aging oil sludge. Meanwhile, number 3 was used as
the corresponding reference soil. The sequence information
and microbial diversity index of the samples are listed in
Table 2. OTU numbers of the three samples were 1452,
1280, and 747, respectively. Among the entire diversity index,
Ace estimated the OTU number in the community, while
Chao estimated the OTU number in the soil sample. In other
words, Ace and Chao indicated the community richness. In
addition, the value of Shannon estimated the microbial
diversity, positively associated with microbial diversity. On
the contrary, Simpson was used to estimate microbial
diversity, the value of which was negatively correlated with
microbial diversity. Meanwhile, coverage was the probability
of the measured sample sequence.

Index results showed that the numbers of Ace, Chao,
Shannon, and Simpson had no significant differences
between sample numbers 1 and 2. It was clear that the Ace,
Chao, and Shannon were higher in the aging oil sludge-
contaminated soil than in the corresponding reference soil,
while the Simpson was lower than that of the corresponding
reference soil. It was concluded that soil samples under the
aging oil sludge showed the highest content on bacterial
diversity. Similarly, bacterial diversity was lower in soil which

was directly under the aging oil sludge. The numerical value
also showed that sample number 3, obtained at a location
furthest away from the aging oil sludge, showed the lowest
bacterial diversity. It was obvious that samples from the
furthest distance to the aging oil sludge presented the lowest
microbial diversity. Moreover, the alpha diversity also indi-
cated that the aging oil sludge inhibited microbial diversity
to a certain extent, as we found out from the soil 0 cm under
the aging oil sludge, while we could also see that the aging oil
sludge might produce an increase of bacterial diversity from
the soil 20 cm under the aging oil sludge. This explains why
different distances from the aging oil sludge leads to soil
microbial populations with different microbial diversity.

A rarefaction curve was built with the numbers of
selected individuals from a sample with certain quantity
and species numbers counted from the individuals repre-
sented. The rarefaction curve was used to indicate whether
the sequencing quantity was enough. It was commonly used
to compare the sequencing data volume of species richness in
different samples and to indicate whether the quantity of
sequencing data were reasonable. A smooth curve meant
reasonable sequencing data, and much more data only pro-
duced a little new OTU. As illustrated in Figure 1(a), the
result in the study demonstrated that all the aging oil
sludge-contaminated soil had a similar pattern, which was
different from the corresponding reference soil. Within a
certain range, the curves with a sharp-rise trend indicate that
a lot of species had been found in the community. A flattened
curve meant that the species would not significantly increase
with the increase of sample size in the environment.
Meanwhile, the result also showed that the sequencing
number was easier to reach in the corresponding reference
soil. The study similarly illustrated that the corresponding
reference soil had the lowest richness, and a little
sequencing number could also perfectly reflect bacterial
diversity in the samples.

Venn analysis was used for counting the number of
common and unique OTU in different samples with the
similar level of 97%. Figure 1(b) shows that the OTU
numbers were 1452, 1280, and 747 in the three samples.
The proportion of unique OTU was 10.5% in the number 1
soil and 9.3% in the number 2 soil. Moreover, the

Table 1: The soil physical and chemical properties.

Sample ID pH Moi (%) TOC (%) Cu (mg/kg) Zn (mg/kg) Cr (mg/kg) TPH (mg/kg)

Number 1 8.55 26.6 0.05 47.93 93.81 111.46 15.2

Number 2 8.44 21.1 0.41 76.60 131.63 74.55 <5
Number 3 8.11 14.0 0.22 12.20 15.68 34.07 <5

Table 2: Different bacterial diversity indices in different samples.

Sample ID Ace Chao Shannon Simpson Coverage

Number 1 1577 1563 5.52 0.0185 0.993

Number 2 1348 1349 5.21 0.0237 0.996

Number 3 760 757 3.43 0.1780 0.999
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proportion of unique OTU was 17% in the corresponding
reference soil. In addition, the common OTU in aging oil
sludge-contaminated soil was 53.2%, while the proportion
of the common OTU was 10.3% in three samples.

3.3. Taxonomic Complexity of Bacterial Community. The
richness of the bacterial community in different levels was
illustrated in Figure 2. As shown in Figure 2(a), the dominant
phyla in aging oil sludge-contaminated soil were mainly
Proteobacteria, Chloroflexi, Actinobacteria, Acidobacteria,
Bacteroidetes, and Firmicute, with a higher content in
samples under the aging oil sludge. Proteobacteria, Firmicute,
Actinobacteria, Cyanobacteria, and Bacteroidetes were the
main bacteria in the corresponding reference soil. Proteobac-
teria was the highest phylum in the aging oil sludge-
contaminated soil, with the relative content of 40.30% and
57.60% in aging oil sludge-contaminated soil, respectively,

while it was 8.89% in the corresponding reference soil. More-
over, the highest phylum in the corresponding reference soil
was Firmicute, with a relative content of 63.81%; however, it
was reduced sharply in the aging oil sludge-contaminated
soil. In addition, Chloroflexi was 12.05% and 8.70% in soil
sample number 1 and number 2, respectively, while the
content was 0.56% in the corresponding reference soil. The
change trend of Acidobacteria is the same with Chloroflexi
in the three samples. In general, these results reflected the
differences and relationships of phylum diversity in the three
samples. The richness of the bacterial community at the
family level was illustrated in Figure 2(b). From the picture,
we could see that Pseudomonadace, Anaerolineaceae, Ocea-
nospirillaceae, Flavobacteriaceae, and Pseudomonadaceae
are the main families in the aging oil sludge-contaminated
soil. The contents of Streptococcacea were 9.16% and 1.34%
respectively in soil 20 cm and 0 cm below the earth of the
aging oil sludge, which indicated that the aging oil sludge
might have different effects on bacterial diversity. Streptococ-
caceae, SubsectionI_Family I, Lactobacillaceae, and Halomo-
nadaceae were the dominant species in the corresponding
reference soil. Oceanospirillaceae showed a higher content
in the aging oil sludge-contaminated soil but there was no
Oceanospirillaceae in the corresponding reference soil. Simi-
larly, Streptococcaceae was the highest family in the reference
soil and the percentage of Streptococcaceae was 52.35%. The
level of genus bacterial diversity (Figure 2(c)) reflected that
Pseudomonas, Anaerolineaceae_uncultured, Marinobacter-
ium, and Sphingorhabdus zeaxanthinibacter were the domi-
nant genera in the aging oil sludge-contaminated soil. It
was obvious that Lactococcus and Synechococcus are the main
genera in the reference soil. The content of Lactococcus was
50.32% in the corresponding reference soil and 8.80% and
1.29% in soil 20 cm and 0 cm below the earth of the aging
oil sludge. The results demonstrated that the percentage of
Zeaxanthinibacter was 4.56% and 2.28% in the aging oil
sludge-contaminated soil, but there was none in the corre-
sponding reference soil. In addition, the clustering analysis
method was used in the study and the branch length rep-
resented the distance in different samples. The short range
of branches meant that the species composition of the
sample was much more similar. Similarly, the branch
structure was used to describe and compare similarities
and differences between multiple samples. As illustrated
in Figure 3, the aging oil sludge-contaminated soil was
classified together and the corresponding reference soil
was classified separately.

High-richness and low-richness species were partitioned
and gathered together with a heat map. It reflected the
similarities as well as the differences of the sample com-
munity composition at the phylum classification level in
virtue of the color gradient and similar degree. Figure 4
shows the bacterial community analyzed under the level
of phylum. The number of phyla which hardly existed,
respectively, was 4, 7, and 13 among all the soil samples,
respectively. The three samples, having no phylum, were 0.
Some communities, such as Omnitrophica, Marinimicrobia,
and Bacteroidetes, were few in all the samples. After our
analysis and statistics, Proteobacteria, Firmicutes, Chloroflexi,
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Figure 1: Rarefaction curves and OTU Venn analysis in
different samples.
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Actinobacteria, Acidobacteria, Bacteroidetes, Gemmatimona-
detes, and Planctomycetes were high (>1%) in 20 cm soil
contaminated with the aging oil sludge. Furthermore, the

contents of Proteobacteria, Chloroflexi, Actinobacteria,
Acidobacteria, Bacteroidetes, Firmicutes, Gemmatimona-
detes, and Planctomycetes were all over 1% in the 0 cm soil
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contaminated with the aging oil sludge. Proteobacteria,
Firmicutes, Actinobacteria, Bacteroidetes, and Cyanobacteria
were more than 1% in the corresponding reference soil. The
content of Chloroflexi, Acidobacteria, Gemmatimonadetes,
and Planctomycetes in the reference soil was lower compared
with the aging oil sludge-contaminated soil. In addition,
the content of Proteobacteria in the aging oil sludge-
contaminated soil was high while the content reduced
sharply in the corresponding reference soil. Inversely, the
content of Firmicute plummeted in the aging oil sludge-
contaminated soil, but it was the highest phylum in the
corresponding reference soil.

4. Discussion

The community structure of soil microorganisms was always
related to the soil physical and chemical properties. He et al.
showed that soil properties could significantly change the
richness, composition, and structure of microbial species,
which might improve and modify ecosystem function
[22, 23]. The results of physical and chemical properties
showed that the soil was alkaline. pH must be taken into
account for its effect in the growth of bacteria. A decreasing
pH and increased metal contamination showed a negative
effect on bacterial growth [24]. It may be for this reason that
sample 1 has the largest bacterial diversity. Moisture could
affect microbial activity, transcription, and composition
[25]. The moisture contents in sample 1 (26.6%) and sample
2 (21.1%) were generally higher compared with sample 3
(14.0%) which was inconsistent with previous studies
[9, 10, 26]. It is probably the hydrophobic crusts formed
by the heavy oil components in AOS which limited the
evaporation of water and the water/air exchange of soil
[27]. The results of the soil’s physical and chemical prop-
erties indicated that the aging oil sludge had little effect on
the receiving soils. In general, the high pH indicated that
the aging oil sludge-contaminated soil was not suitable

for planting; the soil should be cultivated with alkali
plants. It could not only improve soil pH, but could also
maintain soil moisture. In addition, this method could also
improve soil physical and chemical properties and make
the soil suited for farming.

Bacterial richness and diversity were usually considered
as biological indicators of the origin for soil aggregates [28].
MiSeq sequencing revealed significant differences in the
microbial taxonomic composition between the contaminated
soil and corresponding reference soil. In total, 9 phyla were
identified and Frimicute and Proteobacteria were widely
recognized as the predominant phyla in the soil. In the
background soil sample, Frimicute was the dominant phy-
lum. While in the contaminated soil samples, Frimicute
decreased sharply and Proteobacteria and Chloroflexi became
the dominant phyla. In other words, Firmicute was sensitive
to the aging oil sludge. Without the influence of the aging
oil sludge, the richness of Firmicute decreased dramatically.
The aging oil sludge had no adverse effects on Proteobacteria
and Chloroflexi, which increased the relative richness of the
two phyla. Namely, the two phyla might be the functional
bacterium for oil degradation.

Further analysis was made to present the richness and
diversity of the bacterial community at the family level.
Streptococcaceae was the dominant bacteria in the corre-
sponding reference soil and maintained a little content in
the aging oil sludge-contaminated soil. Besides, Pseudomona-
daceae showed a high content in the aging oil sludge-
contaminated soil, while it decreased dramatically in the
corresponding reference soil. The number was 20 in the
aging oil sludge-contaminated soil. The community richness
of Streptococcaceae decreased significantly in the three soils.
However, the richness of Pseudomonas and Alteromonada-
ceae increased, which meant that Streptococcaceae was sensi-
tive to the aging oil sludge. Moreover, the richness of
Streptococcaceae reduced rapidly in the aging oil sludge-
contaminated soil, while the relative abundance of
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Figure 3: Multiple sample similarity tree.
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Pseudomonas and Alteromonadaceae increased. Analysis
results indicated that Pseudomonas and Alteromonadaceae
have better resistance in the aging oil sludge. The shrinking
of Streptococcaceae provided greater living space to Pseudo-
monas and Alteromonadaceae. Moreover, these two strains
of microorganisms existed to degrade the contaminant in

the aging oil sludge. Previous studies repeatedly demon-
strated that Acinetobacter and Pseudomonas could degrade
toxic organic compounds [29–31], which was of great signif-
icance to the microbial remediation of the aging oil sludge.

Under the level of genus, Lactococcus was the domi-
nant bacteria in the corresponding reference soil and
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Pseudomonas showed a high content in the aging oil
sludge-contaminated soil. The study showed that bacterial
diversity was richer in the aging oil sludge-contaminated soil,
from which we could choose bacteria to resist the aging oil
sludge. Bacteria which resisted the aging oil sludge could
lay a foundation for bioremediation in the aging oil
sludge-contaminated soil.

Soil used in the study was obtained from the Shengli
Oil Field in China, which had a long history of contami-
nation with petroleum hydrocarbons [32]. High-throughput
sequencing had enabled in-depth exploration of microbial
diversity in the environment. In addition, the Ace and Chao
were the indicators which indicated microbial richness, while
the Shannon-Weaver and Simpson indices reflected micro-
bial diversity [33]. The bacterial diversity index showed that
the aging oil sludge significantly affected the microbial diver-
sity. The contrast analysis of all the soil samples demon-
strated that microbial species were richer in the aging oil
sludge-contaminated soil. As a result, the soil at a 20 cm
vertical distance under the aging oil sludge showed higher
community diversity than the surface of the earth and the
corresponding reference soil. Different soils contaminated
with different degrees of the aging oil sludge indicated that
the aging oil sludge not only could promote bacteria micro-
bial diversity but could inhibit bacteria microbial diversity.
The study also found that the aging oil sludge could signifi-
cantly influence bacterial diversity among different pollution
degrees. Moreover, we also selected the dominant microor-
ganisms in soil contaminated with the aging oil sludge. In a
subsequent study, the researchers planned to use the micro-
organisms which resisted the aging oil sludge to restore
contaminated soil and especially decrease the content of
petroleum hydrocarbons.

5. Conclusions

The study investigated soil bacterial diversity around an
aging oil sludge and analyzed the community structure and
richness of bacteria. The research results showed that the
aging oil sludge could significantly affect the growth of soil
bacteria and inhibit the growth of bacteria. Under different
pollution degrees of the aging oil sludge, the results showed
different bacterial diversity. At the phylum level, the Proteo-
bacteria, Chloroflexi, and Actinobacteria existing in the aging
oil sludge-contaminated wetland soil constituted a larger
proportion of the community, while the proportion of Firmi-
cute was relatively less. On the contrary, Firmicute showed
the highest content of 63.8% in the referenced soil. Under
the genus and family levels, the corresponding strains that
resisted the aging oil sludge were selected. According to the
bacterial diversity analysis, the resistance bacteria laid a foun-
dation for the subsequent soil bioremediation.
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High salinity can strongly inhibit microbial activity and decrease the sedimentation ability of activated sludge. The combination of
biofilm andmembrane bioreactor is a practical approach towards effective removal of pollutants and low fouling rate. An integrated
biofilm-membrane bioreactor (BMBR) treating mustard tuber wastewater was investigated. An average COD removal efficiency of
94.81% and ammonium removal efficiency of 96.84% were achieved at an organic load of 0.5 kg COD/(m3·d). However, the reactor
showed a relatively low efficiency in total nitrogen and soluble phosphorus removal due to the lack of anaerobic environment. The
increase of influent organic load resulted in a performance degradation because a balance between the degradation ability and
pollution has been reached. Images of scanning electron microscopy revealed that halophilic bacteria were the dominant
microbe in the system that leads to a loose sludge structure and declined settling properties. It was found that membrane fouling
was the consequence of the interaction of microbial activities and NaCl crystallization.

1. Introduction

There are a number of mustard tuber pickling plants in the
Three Gorges reservoir watershed, which is one of the most
important fresh water resources in China. These pickling
plants play an important role in the local economic develop-
ment. However, serious environmental pollution has emerged
due to illegal discharge of the mustard tuber wastewater,
which is characterized by high salinity, high nitrogen and
phosphorus level, and high organic load. Direct discharge
of this type of wastewater has a detrimental impact on the
ecosystem, e.g., eutrophication, dehydration and death of
biological cells, and changes in biodiversity [1].

Currently, treatment of high-salinity wastewater mainly
includes two methods: biological treatment and physico-
chemical treatment. Compared with biological treatment,
the physicochemical method cannot effectively remove
dissolved organic matter and requires a high level of pre-
treatment [2]. The operational cost is so high that the
wide application of the physicochemical method is prohib-
ited. Therefore, further researches were undertaken to seek

for an efficient biological process to treat high-salinity
wastewater [3, 4].

It has been reported that high salinity can strongly inhibit
microbial activity [5] and decrease the sedimentation ability
of activated sludge [6]. Hence, it challenges the system stabil-
ity and results in a low treatment efficiency. In order to over-
come these difficulties, application of membrane biological
reactor (MBR) to treat high-salinity wastewater has been
investigated. With the advantage of membrane filtration,
MBR allows more biomass to be maintained in the reactor
and could achieve a complete separation of hydraulic reten-
tion time and sludge retention time [7]. Gaetano et al. [8]
reported that membrane bioreactor showed high removal
efficiencies under the condition of normal salinity. However,
the increase of salinity significantly promoted the soluble
microbial products leading to membrane fouling. Other
studies showed similar results [9–11]. Membrane fouling still
represents one of the major drawbacks for MBRs [12, 13].
This problem is further aggravated when they are used to
treat high-salinity wastewater because microbial community
characteristics play an important role in biofouling [14].
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The moving bed biofilm reactor-membrane bioreactor
(MBBR-MBR), proposed by Leiknes and Ødegaard [15],
has been considered to be an effective biological process to
mitigate the biofouling in MBR systems. Biofilm can immo-
bilize microbes and increase the biomass concentration while
the membrane separates the suspended solids and sludge.
Comparative studies of the performance between MBBR-
MBR and MBR have been conducted. It has been proved that
the degree of membrane fouling for MBBR-MBR was far
lower than that for MBR [16, 17]. Daniele et al. [18] tested
the impacts of salinity on the performance of MBBR-MBR.
Results indicated that the gradual salinity increase helped
the acclimation of biomass, but biofilm detachments from
carriers led to the irreversible cake deposition. To our knowl-
edge, there are few studies using MBBR-MBR to treat waste-
water containing high-concentration salinity, organic matter,
and nutrient. The mechanism of biofouling in MBBR-MBR
when treating such wastewater is still unclear.

In this context, an integrated biofilm-membrane biologi-
cal reactor (BMBR) was established to treat mustard tuber
wastewater in our study. The objective of the study includes
(i) evaluate the performance of BMBR treating high-salinity
wastewater; (ii) investigate the effect of organic load on the
removal efficiency of BMBR; and (iii) explore the role of
halophilic bacteria in membrane fouling.

2. Materials and Methods

2.1. Reactor Set-Up and Operation. The BMBR used in the
study was made of steel plates with dimensions of 1.08m×
0.75m× 0.6m resulting in a working volume of 400 L. The
reactor was divided into a biofilm zone and a membrane zone
by a baffle (Figure 1). Semisoft media were assembled in the
biofilm zone with a density of 30%. Membrane zone was
equipped with hollow fiber membrane module, controlled
by a special valve. The influent fully contacted with semisoft
media in the upward flow, then overflow into the membrane
area. Perforated aeration pipes with a diameter of 20mm
were installed at the bottom of the reactor. The perforated
pipes were connected with an air pump, through which the
air was aerated into the wastewater. During the experiments,
the reactor was operated in continuous influent-intermittent
effluent way. Effluent from amustardWWTPwas collected in
the regulating tank and then pumped into the reactor. The
raw water consisted of 2~3% salinity, 770~1240mg/L COD,
103~191mg/L NH4

+-N, 207~409mg/L TN, 21~48mg/L
phosphate, and 237~525mg/L SS. The drainage pump
worked in an intermittent mode and controlled by a PLC
automatic system. The operating cycle of drainage pump
was set to be 13min in total including a 10min uptake time
and a 3min off time. The membrane flux was measured
by a liquid flowmeter. The pressure difference between
inside and outside membrane was measured by a negative
pressure meter.

The BMBR was firstly inoculated with the sludge from
aerobic reactor in the Fuling WWTP and keep the mixed
liquor suspended solids (MLSS) above 5 g/L. The reactor
was operated continuously under different organic load.
The operation of BMBR can be divided into three periods

with a corresponding organic load of 0.5 kg COD/(m3·d),
1.0 kg COD/(m3·d), and 1.5 kg COD/(m3·d). During a 110
days operation time period, the aeration intensity was kept
at 0.8m3/h, and a transmembrane pressure difference (TMP)
was remained at 15Kpa. Membranes were cleaned chemically
or physically in a way described below. The operating
condition and organic load are summarized in Table 1.

2.2. Analytical Methods. Samples of influent and effluent
were collected from the reactor and analyzed immediately.
The following parameters including chemical oxygen demand
(COD), suspended solid (SS), ammonium, total nitrogen,
and dissolved phosphate were measured according to APHA
Standard Methods. DO and pH were measured by a DO
detector (HACH, HQ30d, USA) and a pH detector (HACH,
sension2, USA), respectively.

2.3. Membrane Fouling Analysis and Cleaning. The mem-
brane module was firstly taken out of the reactor and then
was scrubbed softly with a sponge under tap water. Physical
cleaning was performed to restore the membrane flux by
removing the cake layer from the membrane surface. After
that, chemical cleaning was carried out to further improve
the membrane flux. The membrane module was soaked in
NaClO solution (0.5%, m/m) for 24h and then soaked in
tap water for 2 h.

Theattachmentofmembranewasdeterminedbyscanning
electron microscopy (SEM; Hitachi S-3400N, Hitachinaka,
Japan) to get an additional visual insight into the deposition
on the surface of membrane.

3. Results and Discussion

3.1. Reactor Performance

3.1.1. COD Removal Efficiency. The COD of influent and
effluent over the 110-day operation time period is shown in
Figure 2. In stage I, the average COD removal efficiency
was greater than 94% with an average COD value of
48.18mg/L. In stage II, when the influent organic load was
1.0 kg COD/(m3·d), the average COD removal rate decreased
from 94.81% to 89.35%. In stage III, with the increase of
organic load, the average COD removal rate furtherly
decrease to 84.90% with average COD of 155.46mg/L. The
existence of a short adaptation period in the beginning of

1
2

3

4

76
5

Figure 1: Schematic of the biofilm-membrane bioreactor. 1:
regulating tank; 2: biofilm-membrane bioreactor; 3: biofilm carrier;
4: pressure meter; 5: perforated aeration pipes; 6: membrane
module; 7: drainage pump.
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each stage was observed, indicating that the high salinity and
organic load had a negative impact on microbes’ growth [19].
Due to the application of biofilm and membrane process, the
sludge was retained and immobilized in the reactor so that
the biomass increased quickly in a short period. After the
adaptation period, the COD removal efficiency stayed stable
at a high level (84.90%~94.81%). Such a result confirmed
the effectiveness and robustness of the biofilm-membrane
bioreactor system even in a high organic pollution and salin-
ity level [18]. However, with the increase of organic load from
0.5 kg COD/(m3·d) to 1.5 kg COD/(m3·d), the trend of COD
removal rate started to decline. One possible explanation is
that the balance between the microbial degradation ability
and pollution loading has been reached when the organic
load was below 1.0 kg COD/(m3·d). Additionally, the defi-
ciency of dissolved oxygen may hinder the reactivity and
growth of microbes because the aeration intensity was kept
constant at all stages. Hence, a greater aeration intensity is
needed to improve the COD removal efficiency at such a high
organic load. Although the COD removal efficiency dropped
with the increase of organic load, BMBR still exhibited a great
performance and salinity tolerance comparing with the con-
ventional MBRs [20]. Mannina et al. reported that when the
feeding salt rate up to 20 g/L, the total COD removal rate

decreased from 96% to 75% at an influent COD concentra-
tion of 350mg/L [21].

3.1.2. NH4
+ Removal Efficiency.Membrane played an impor-

tant role in the NH4
+ removal. From Figure 3, the perfor-

mance of NH4
+ removal was achieved at high level, with a

mean removal rate of 96.84% in stage I and 91.26% in stage
II. Since nitrifying bacteria are autotrophic bacteria, a longer
sludge retention time (SRT) is required for them to repro-
duce. The function of membrane filtration makes the SRT
as long as possible, in which way the nitrifying bacteria
accumulated and nitrification enhanced. It should be noted
that the NH4

+ removal efficiency has not been influenced
greatly when organic load increased from 0.5 to 1.0 kg
COD/(m3·d). This reflects biofilm in BMBR can improve
the impact resistance of the system [22]. However, when
the organic load increased from 0.5 to 1.5 kg COD/(m3·d),
the NH4

+ removal rate sharply dropped by 13.72%. Oxygen
availability is one of the most important factors in the nitrifi-
cation process for nitrifying bacteria. Under the condition
that influent COD concentration was up to 1054.29mg/L,
nitrifying bacteria were inferior to other heterotrophic bacte-
ria in the competition for dissolved oxygen, resulting in the
reduction of NH4

+ removal efficiency. On the other hand,

Table 1: Summary of the tested schemes.

Operating condition Organic load (COD/(m3·d)) Average influent concentration (mg/L)
COD NH4

+ TN PO4
3− SS

Stage I 0.5 962.44 137.51 284.23 34.92 402.26

Stage II 1.0 959.97 142.92 317.98 30.64 355.90

Stage III 1.5 1054.29 133.64 293.64 33.58 428.46
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high salinity may exert inhibition on the nitrification process
[23]. Previous studies have confirmed that high salinity neg-
atively affected the transport of nutrient from medium to the
cell, consequently modifying and reducing cell metabolism
that lead to cell lysis [24]. Zhao et al. discovered that when
salt concentration was above 20 g/L, NH4

+ removal efficiency
decreased, and the bioreactor collapsed [5].

3.1.3. TN Removal Efficiency. Fluctuations in TN removal
efficiency were observed (Figure 4). The overall TN removal
efficiency was relatively low comparing to previous studies.
The main reason for the poor TN removal rate was the lack
of an anoxic environment for denitrification [25]. Excessive
dissolved oxygen made denitrifying bacteria switch from
anaerobic to aerobic metabolism so that denitrification was
inhibited. There was a general trend of decreasing TN
removal as organic load increased from 0.5 to 1.5 kg COD/
(m3·d). This decrease may attribute to the incomplete nitrifi-
cation. It has been proved that nitrification is crucial to stim-
ulate TN removal because nitrification can provide nitrate or
nitrite needed in denitrification. Although there are multiple
novel nitrogen removal paths, e.g., partial nitrification-deni-
trification, ammonium oxidation [26], nitrification is the first
step in nitrogen removal. Therefore, with the decrease of
NH4

+ removal efficiency, TN removal rate declined accord-
ingly. Apart from oxygen and nitrification, another impor-
tant factor that influenced denitrification was salinity.
Denitrifying bacteria are more sensitive to toxic substance
than nitrifying bacteria [27]. It is detrimental for the growth
of denitrifying bacteria in high-salinity environment.

3.1.4. Soluble PO4
3− Removal Efficiency. Suspended solids and

particle-associated phosphorus could be captured via mem-
brane filtration. In this study, focus was put on the removal
efficiency of soluble phosphorus in the BMBR. During the

experiment, the general PO4
3− removal efficiency was poor

with significant fluctuations (Figure 5), ranging from
19.23% to 53.89%, which reflected similar results when com-
paring with other studies [28, 29]. Biological phosphorus
removal includes two steps: anaerobic phosphorus release
and aerobic phosphorus uptake. However, there was no
anaerobic environment available in BMBR. Phosphorus
removal mainly depended on biological assimilation. More-
over, phosphorus-rich sludge cannot discharge the reactor
in time, leading to the low PO4

3− removal efficiency. The high
PO4

3− removal that occurred in the beginning of each stage
was observed. This was because the chemical cleaning of
the membrane module was performed before the working
condition changed so that the membrane module can work
under the same condition. Phosphorus-rich sludge adhered
to the surface of the membrane was cleaned out, and the
microbial biomass suddenly decreased. Consequently, more
microorganism proliferated, and phosphorus was stored in
microbial cells, in which way PO4

3− removal efficiency
increased temporarily.

3.2. The Role of Halophilic Bacteria on Membrane Fouling.
Halophilic bacteria are special microbes that only grow in
saline environment. Halophilic can metabolize organic mat-
ter and nutrient in the wastewater to gain energy. It is prom-
ising to treat high-salinity wastewater using halophilic
bacteria [30]. To determine the substance causing membrane
fouling, SEM was utilized to analyze the microscopic struc-
ture of the membrane pollution (Figure 6). With the increase
of influent organic load, halophilic bacteria gradually pre-
dominate by succession, characterized by abundance of bacil-
lus and coccus in the reactor. The stabilization of microbial
community structure has a beneficial effect on removal effi-
ciency [31, 32]. High salinity also changed the structure and
property of sludge [28]. When there is no salt or a low-
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concentration salt exists, the size of sludge floc is large. How-
ever, the sludge floc mainly composed of halophilic bacteria
was small and loose [33], which can block the membrane
pore and cause irreversible contamination. Some kind of
sludge floc attached to the surface of the membrane and
formed a gel layer which contained different kinds of extra-
cellular polymeric substance (EPS). Sludge microorganisms
secreted EPS to resist adverse saline environment. Hong
et al. [34] reported that increasing salt concentration resulted
in the rise of EPS concentration. The soluble portion of EPS

as well as bound EPS facilitated the formation of the gel layer
on the membrane surface [35], which cannot be readily
removed by physical cleaning [36]. On the other hand, when
the water temperature was below 10°C, the soluble salt
recrystallized (Figure 7), contributing to the sharp decrease
of membrane flux. Summarily, the membrane fouling was
the consequence of the interaction of microbial activities
and NaCl crystallization. If the goal is to mitigate the mem-
brane fouling when treating high-salinity wastewater, a low
operating temperature should be avoided.
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4. Conclusion

The biological treatment of mustard tuber wastewater pre-
sents to be a great challenge due to the high concentration
of organic carbon, nutrient, and salinity that can strongly
inhibit microbial activity and damage the settling ability of
activated sludge. A novel technology combined with biofilm
and membrane bioreactor was developed to treat mustard
tuber wastewater. In detail, the microbial biomass can
increase quickly in BMBR system because the immobilized
biofilm enhances the growth of bacteria. A high removal
efficiency of organic carbon and ammonium was achieved

indicating that heterotrophic bacteria and nitrifying bacteria
maintained high reactivity in the saline environment. How-
ever, the removal of total nitrogen and soluble phosphorus
was relatively low due to the lack of anaerobic environment.
With the increase of influent organic load, the performance
of the BMBR degenerated when the organic load exceeded
the microbial degradation ability. Halophilic bacteria played
a key role in pollutant removal as well as in the biofouling
process. Under a low-temperature operation, membrane
fouling was the consequent of the interaction of microbial
activities and NaCl crystallization. Finally, BMBR system
showed a high potentiality in treating high-concentration
or high-salinity wastewater.
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Figure 6: SEM images of membrane fouling. (a) The microorganisms on cake layer; (b) the EPS on gel layer.
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This study investigated the performance of an autohydrogenotrophic membrane biofilm reactor (MBfR) to remove nitrate from
water with high sulfate concentrations. The results of simulated running showed that TN removal could be over than 98.8%
with the maximum denitrification rate of 134.6 gN/m3 d under the conditions of the influent sulfate concentrations of
300mg SO4

2−/l. The distribution ratio of H2 electron donor for nitrate and sulfate was 70.0 : 26.9 at the high influent loading
ratio of sulfate/nitrate of 853.3 g SO4

2−/m3 d : 140.5 gN/m3 d, which indicated that denitrification bacteria (DB) were normally
dominated to complete H2 electron with sulfate bacteria (SRB). The results of molecular microbiology analysis showed that the
dominated DB were Rhodocyclus and Hydrogenophaga, and the dominated SRB was Desulfohalobium, under the high influent
sulfate concentrations.

1. Introduction

Nitrate-contaminated river or groundwater occurred every-
where in the world because the fertilizers were utilized exten-
sively and part of the wastewater from industries was
discharged randomly, especially in developing countries [1,
2]. The high concentrations of nitrate in drinking water
(>10mgN/l) would have a high risk to produce nitrosamines
and cause methemoglobinemia, which was harmful to
people’s health [3, 4]. Therefore, a lot of methods to reduce
nitrate from water sources have been reported [5, 6].

The effective methods to reduce nitrate include ion
exchange [7] and reverse osmosis [8–10]. Due to the high
cost of physiochemical technologies, their applications are
limited in some extent [11]. The two normal types of the
biological treatment are heterotrophic denitrification and

autotrophic denitrification [12, 13]. The cost of the hetero-
trophic denitrification is high because the organic mate-
rials need often to add the carbon source for bacteria in
the process which are low in groundwater [14, 15]. There
are lots of advantages of autohydrogenotrophic technology,
such as clear with hydrogen, low cost, and without secondary
pollution [16, 17].

Recently, a new technology of hydrogen- (H2-) based
membrane biofilm reactor (MBfR) has developed and got a
good effect, which used autohydrotrophic bacteria in the
denitrification processes [16, 18, 19]. The oxidized pollutants,
such as SO4

2−, CrO4
2−, AsO3

−, TCE, ClO4
−, BrO3

−, and
SeO4

2−, could be reduced by MBfR using H2 as electron
donors [20–23]. While NO3

− and SO4
2− are chemical

oxyanions that normally coexist in a variety of waters. There
are many reasons caused NO3

− and SO4
2− coexisting in
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water, such as anthropogenic activities related to overusing of
fertilizers and wastewater discharges, natural mineralogy
related to SO4

2− minerals, and atmospheric deposition of
NO3

− and SO4
2− [24]. On the other hand, in MBfR, the

autohydrogenotropic bacteria could utilize NO3
− and SO4

2−

as electron acceptors to generate energy for their growth
[25], and several sulfate-reducing bacteria (SRB) are able to
use alternative terminal electron acceptors to reduce sulfate
such as nitrate [26].

The following equations could describe the stoichiometry
of hydrogenotrophic denitrification and sulfur-reducing:

2NO3
− + 2H+ + 5H2 →N2 + 6H2O

4H2 + SO4
2− →H2S + 2H2O + 2OH−

1

While in some sites in the world (e.g., natural mineral-
ogy), the contents of sulfate could be as high as hundreds
or thousands micrograms per liter in the groundwater,
which is used as a drinking water. Because SO4

2− is not
normally considered a health concern, and no MCL has
been established for SO4

2−, so many references of autohy-
drogenotrophic denitrification could concern about sulfate
reduction, but the concentrations of SO4

2− were relatively
lower in the influents for research [27].

The aim of this study was to investigate the performance
of autohydrogenotrophic denitrification under the high con-
centrations of sulfate by a hollow fiber membrane bioreactor
with polyvinyl chloride (PVC) membrane.

2. Materials and Methods

2.1. Reactor in the Study. The theory of denitrification using
hydrogenotrophic bacteria is shown in Figure 1(b); the
denitrification attached on the outside surface of membrane
would utilize the H2 transferred from the lumen of the
membrane at some extent of pressure to accomplish the
denitrification. For the reactor, we use a transparent plastic

cylinder to hold two membrane modules, and the influent
fluid was flowed from upper side to the lower outlet, and
the flow rate was controlled by a peristaltic pump (longer
BT50-1J, Baoding, PRC), and the membrane made of polyvi-
nyl chloride membrane with hydrophobicity alloy fiber was
used in the study. The detailed schematic of the reactor could
be seen in Figure 1(a). Also, the parameters of the membrane
and the reactor are listed in Table 1.

2.2. Influent Water Source and Experimental Conditions. In
the study, the influent water was taken from the sulfate-
and nitrate-contaminated groundwater in the vegetable
land at the suburb of Qingzhou (Weifang, China), where
a lot of fertilizer had been used in the lands. The shallow
groundwater around the vegetable land had been contami-
nated by nitrate and sulfate, and the water quality is shown
in Table 2.
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Figure 1: MBfR in the experiment (a) and theoretical views of MBfR (b).

Table 1: The parameters of the reactor.

Parameters Unit Value

Numbers of fiber module 2

Outer diameter of fiber cm 0.15

Inner diameter of fiber cm 0.085

Fiber number in the reactor 96

Length of fiber mm 140

Volume of fibers cm3 23.74

Available surface area cm2 633.34

Available volume of reactor cm3 560

Void ratio % 95.76

Specific surface area m2/m3 113.10

Height cm 22.0

Section area of reactor cm2 28.26

Diameter of reactor cm 6.0

Available volume of reactor cm3 560
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We stated up the reactor by inoculating the biofilm
microorganisms from other MBfRs running for hydroge-
notrophic denitrification for years in our lab. For simulat-
ing the different concentrations of sulfate in the influent
water, some dosage of FeSO4·7H2O was fed in the influent
pumped from the actual groundwater. The detailed exper-
imental design of the reactor running could be seen in
Table 3.

All the fluid samples collected in the experiments were
kept at 4°C until the samples were analyzed. The NO3

−-N,
NO2

−-N, and SO4
2− were measured by the ion chromatogra-

phy (Dionex ICS 3000). The H2 unutilized by the denitrifiers
would go into the headspace of the reactor. A GC 14-B
equipped with a TCD detector (Shimadzu Co.) was used
to test the H2 gas concentration in the headspace in the
reactor by pumping gas from the gas port by a syringe,

and the hydrogen content in the liquid could be calculated
by Henry’s law.

2.3. Sampling for Biofilm and the Analysis of Microbiology. In
the experiments, at different running periods for the reactor,
the biofilm would be sampled to analyze the changes of the
microbial communities. For our study, when the water
quality in the effluent was steady, that is, at day 40, day 80,
and day 150, the biofilm samples were collected. According
to our previous research, DNA extractions, PCR, and DGGE
were done; see the detailed methods in [28]. As for the nucle-
otide sequencing, the reamplified DNA products were
analyzed by Sangon Company (Shanghai, China). Shannon-
Wiener index was used to analyze the diversity changes of
microbial communities in different running periods of the
reactor. The relation and the dendrogram generation among

Table 2: Water quality parameters of the groundwater.

Total dissolved solids
(mg/l)

pH
Alkalinity

(mg/l as CaCO3)
Hardness

(mg/l as CaCO3)
DO

Nitrate
(mgN/l)

Nitrite
(mgN/l)

Sulfate
(mg/l)

300–400 7.2~7.5 320~500 400~650 6.0–6.4 35~60 ND 250~450
ND: not detected.

Table 3: Experimental design of the reactor running.

Start-up Run I Run II Run III

Running time (day) 3 1–40 41–80 81–155

H2 pressure in the fiber (MPa) 0.02 0.03 0.04 0.05

Nitrate concentration in the influent (mgN/l) 10.0± 2.0 20.0± 2.0 40.0± 4.0 50.0± 4.0
Sulfate concentration in the influent (mg/l) 100± 10.0 200± 10.0 250± 10.0 300± 10.0
Flow rate (ml/min) 1.1

HRT (h) 8.5
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Figure 2: The water quality in the influent and effluent and TN removal.
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the biofilm bacteria in different running periods were
calculated and analyzed by cluster analysis through the
NTSYS-pc (2.10, Exeter Software, USA).

3. Results and Discussion

3.1. Operation and Effluent Quality of MBfR. In the begin-
ning of the experiment, the biofilm established on the out
surface of the fiber was only taken 3 days just because of
the inoculation of bacteria from the reactors running over
than years. Then, the reactor was operated over 155 days to
evaluate the performance of MBfR under different condi-
tions. The performance of MBfR over the operation periods
was illustrated in Figure 2.

As shown in Figure 2, the influent concentrations of
nitrate and sulfate ranged from 10–50mgN/l and 100–
300mg SO4

2−/l through the experiments, respectively. In
the whole experiment period, the averages of TN removal
were 96.4 ± 2.3%, 98.8 ± 1.0%, and 94.9 ± 2.8% in the
Run I, Run II, and Run III, respectively. As for the water
quality in the effluent, the averages of nitrate concentra-
tions in the effluents were 0.7, 0.3, and 2.1NO3

−-Nmg/l,
for Run I, Run II, and Run III, respectively. And for
nitrite in the effluent, the contents of nitrite in Run I are
not detected, but were 0.2 and 0.4NO2

−-Nmg/l, in Run
II and Run III, respectively. It suggested that the high con-
centrations of sulfate have some extent inhabitation to
denitrification in MBfR processes.

3.2. Performance of MBfR under High Concentration of
Sulfate. In this experiment, the high sulfate concentrations

up to 300mg/l in the influent were used to investigate the
performance of MBfR. Under the conditions of the different
contents of sulfate in the influent, the denitrification loadings
and sulfate loadings could be seen in Table 4.

The volumetric denitrification rates were changed from
55.7 gN/m3 to 134.6 gN/m3 with a good TN removal over
than 94.9%, which was mainly caused by increasing the influ-
ent nitrate loadings. The sulfate reduction rate was changed
from 155.4 to 266.7 g SO4

2−/m3, which was not mainly
controlled by the influent sulfate loading of 566.3–
853.3 g SO4

2−/m3, and the average sulfate removals were
about 23.5–27.4%. It indicated that the nitrate would be uti-
lized preferentially by denitrification bacteria (DB) than sul-
fate utilized by SRB in completion with H2 in MBfR, and
nitrate respiration is energetically more favorable than sulfate
respiration [31].

In the autohydrogenotrophic denitrification in MBfR,
the SRB also utilized hydrogen as electron donor to reduce
sulfate to sulfide; therefore, there would be a competition
for hydrogen between the reductions of nitrate, sulfate,
and other electron acceptors. The distributions of hydro-
gen electron in electron acceptors at different influent sul-
fate contents in this study and references are shown in
Table 5. The calculations of the hydrogen electron’s distri-
butions in MBfR were according to our previous research
[30]. Distributions of hydrogen electron were not only
dependent on the concentrations of electron acceptors
but also on the types of electron acceptors. But the distri-
bution ratio of H2 on sulfate would be high as its concen-
tration increases at the same conditions. As for sulfate in
this study, even the influent sulfate loading increased

Table 4: The influent loadings and volume reductions for nitrate and sulfate under different influent sulfate concentrations.

Influent sulfate
contents (mg/l)

Influent sulfate
loading (g/m3 d)

Volume sulfate
reduction (g/m3 d)

Nitrate loading
(gN/m3 d)

Volume
denitrification
rate (gN/m3 d)

Sulfate in
effluent (mg/l)

Nitrate in
effluent
(mgN/l)

References

200 566.3 155.4 57.8 55.7 145.3 0.7 This study

250 707.3 166.3 112.5 111.6 191.3 0.3 This study

300 853.3 226.7 140.5 134.6 221.5 2.1 This study

42 118.5 50.7 56.5 55.5 24 0.3 [29]

92 262.6 109.6 139.5 133.8 54 2 [29]

78 216.8 85.3 141.7 136 46.5 2 [30]

Table 5: Distributions of hydrogen electron in electron acceptors at different influent sulfate contents.

Influent sulfate (mg/l) Influent nitrate (mgN/l) Nitrate (%) Sulfate (%) Oxygen (%) Cr (VI) (%) References

200 20 57.9 36.1 6.0 This study

250 40 71.8 24.4 3.8 This study

300 50 70.0 26.9 3.1 This study

42 20 76.0 15.9 8.1 [29]

92 50 81.2 15.2 3.6 [29]

78 50 87.5 12.5 [30]

78 10 69.9 29.2 0.9 [33]

78 5 55.7 42.8 1.5 [33]

4 Archaea



gradually, the sulfate removal was contained at steady fig-
ure of about 25%, while the TN removal was almost over
95%, which can be seen from the distribution of electron-
equivalent fluxes that the ratio of nitrate : sulfate was
70.0% : 26.9% (Run III). It indicated that DB could get
more H2 than SRB whatever of the acceptor influent load-
ing changes. While Table 5 also indicated that the high
influent sulfate concentrations or high ratio of influent sul-
fate concentration to influent nitrate concentration would
lead SRB to get more power in the competition for hydro-
gen among the electron acceptors, which could be used to
select the special bacteria in MBfR operations for minimiz-
ing sulfate reduction [32].

3.3. H2 Utility. The effluent H2 concentrations in Runs I–III
were very low, from 0.10 to 0.52mg/l, which indicated that
the H2 could be transferred well without bubble from the
PVC membrane and be used sufficiently by DB and SRB;
meanwhile, the system got an effective removal of nitrate.

The % unutilized hydrogen was calculated according to
(2), that is, the part of H2 leaving out of reactor: the part
utilized by bacteria. The H2 utility in the reactor is shown
in Table 6.

where the detailed meanings of S3,i, S3,o, S2,o, S5,i, S5,o, and SH,o
could be seen in [30].

As shown in Table 6, the sum of hydrogen utilization effi-
ciency over the 3 periods was 97.7–99.5%; the remains may
go into the effluent or out of the water. Among the sum of
the H2 utility, nitrate got much more quota than that of sul-
fate and oxygen.

3.4. Analyses of Microbial Community. The microbial com-
munities in each running period of the reactor could be
seen in the analyses of the DGGE (Figure 3). The DGGE
indicted the dominant bands. Even the operation period
was long in each running stage with different concentra-
tions of sulfate in the influent, while the autohydrogen-
otrophic bacteria growth was very slow and the change
of microbial community was considerately slow. In the
beginning period of Run I, the bands were not clear and
complicated, which indicated that the biofilm needs accli-
mation furthermore. While several bands, which were
clear and simple, could be seen in Run II and Run III.
The special bands with number 2, 3, and 4 in DGGE
which were dominated were cut and sent to be sequenced.
The results indicated that the bacteria in bands 2, 3, and 4
were similar to Rhodocyclus, Hydrogenophaga, and Desul-
fohalobium, with the similarity of 99%, 98%, and 99%,
respectively. The Rhodocyclus and Hydrogenophaga were
normal autotrophic bacteria, belonging to beta divisions

within the Proteobacteria. This is consistent with our pre-
vious study [28]. The Desulfohalobium was found in Runs
II and III, which is a Gram negative, anaerobic, sulfate-
reducing, moderately halophilic, and rod-shaped bacterial
genus from the family of Desulfovibrionaceae. This indi-
cated that the SRB could be abundant with the influent
concentration increasing and could enhance its strength
of competition with nitrate for H2 [31].

4. Conclusion

The study investigated the performance of MBfR to
remove nitrate companied with high influent concentra-
tions of sulfate over 155 days. The results indicated that
even in high concentration of sulfate in influent, the MBfR
also could get a good denitrification effect with nitrate and
nitrite under the US standard. The analysis of the molec-
ular microbiology showed that microbial community
structures of Runs II and III were similar, simple, and sta-
ble. The bacteria species of Betaproteobacteria which
include Rhodocyclales and Hydrogenophaga were dominant
DB for nitrate removal. The Desulfohalobium was found to
be a dominant SRB in Runs II and III under the high
concentrations of sulfate. The results would give some
directions on the actual application of MBfR to remove
nitrate or other oxidations in the drinking water.

%H2unutilized = 100%× SH,o
0 143 S3,i − S3,o + 0 214 S3,i − S3,o − S2,o + 0 083 S4,i − S4,o + 0 125 S5,i − S5,o + SH,o

, 2

1 2 3 4 5 6 8 9

S1

S2

S3

7

Figure 3: DGGE and on the day 40 (S1), day 80 (S2), and day 150
(S3) (the Arabic numerals meant the different dominated bands in
the operation of MBfR).

Table 6: The H2 utility in the MBfR.

Sum of H2
utility (%)

H2 utility for
nitrate (%)

H2 utility for
sulfate (%)

H2 utility
for O2 (%)

Run I 97.7 61.1 36.6 9.3

Run II 99.4 75.2 24.2 6.0

Run III 99.5 73.0 26.6 4.9

5Archaea



Data Availability

The data used to support the findings of this study are avail-
able from the corresponding author upon request.

Conflicts of Interest

The authors declare that they have no conflicts of interest.

Acknowledgments

This research was supported by the Natural Science Founda-
tion of Shandong Province (no. ZR2018MEE045), the Shan-
dong Provincial Department of Housing and Urban-Rural
Construction (no. 2017-K2-002), the 2017 China Scholar-
ship Council foundation (no. 2017-3105), the Foundation
of Remediation of Contaminated Sediment in Shandong
Province (no. SDHBYF-2012-14), and Shandong Key Scien-
tific and Technical Innovation Project (no. 2018YFJH0902).

References

[1] B. Gu, Y. Ge, S. X. Chang, W. Luo, and J. Chang, “Nitrate in
groundwater of China: sources and driving forces,” Global
Environmental Change, vol. 23, no. 5, pp. 1112–1121, 2013.

[2] A. Menció, J. Mas-Pla, N. Otero et al., “Nitrate pollution of
groundwater; all right…, but nothing else?,” Science of the
Total Environment, vol. 539, pp. 241–251, 2016.

[3] D. C. Bouchard, M. K.Williams, and R. Y. Surampalli, “Nitrate
contamination of groundwater: sources and potential health
effects,” Journal - American Water Works Association,
vol. 84, no. 9, pp. 85–90, 1992.

[4] Q. Wang, C. Feng, Y. Zhao, and C. Hao, “Denitrification of
nitrate contaminated groundwater with a fiber-based biofilm
reactor,” Bioresource Technology, vol. 100, no. 7, pp. 2223–
2227, 2009.

[5] D. Ucar, E. U. Cokgor, and E. Sahinkaya, “Heterotrophic–
autotrophic sequential system for reductive nitrate and
perchlorate removal,” Environmental Technology, vol. 37,
no. 2, pp. 183–191, 2015.

[6] D. Ucar, E. U. Cokgor, E. Sahinkaya et al., “Simultaneous
nitrate and perchlorate removal from groundwater by
heterotrophic-autotrophic sequential system,” International
Biodeterioration and Biodegradation, vol. 116, pp. 83–90, 2017.

[7] S. Samatya, N. Kabay, Ü. Yüksel, M. Arda, and M. Yüksel,
“Removal of nitrate from aqueous solution by nitrate selective
ion exchange resins,” Reactive and Functional Polymers,
vol. 66, no. 11, pp. 1206–1214, 2006.

[8] J. J. Schoeman, “Nitrate-nitrogen removal with small-scale
reverse osmosis, electrodialysis and ion-exchange units in
rural areas,” Water SA, vol. 35, no. 5, 2009.

[9] J. Bi, C. Peng, H. Xu, and A.-S. Ahmed, “Removal of nitrate
from groundwater using the technology of electrodialysis and
electrodeionization,” Desalination and Water Treatment,
vol. 34, no. 1-3, pp. 394–401, 2011.

[10] Y. Y. Birdja, J. Yang, and M. T. M. Koper, “Electrocatalytic
reduction of nitrate on tin-modified palladium electrodes,”
Electrochimica Acta, vol. 140, pp. 518–524, 2014.

[11] M. Pirsaheb, T. Khosravi, K. Sharafi, and M. Mouradi, “Com-
paring operational cost and performance evaluation of electro-
dialysis and reverse osmosis systems in nitrate removal from

drinking water in Golshahr, Mashhad,” Desalination and
Water Treatment, vol. 57, no. 12, pp. 5391–5397, 2015.

[12] A. X. Zhou, X. S. Su, J. Y. Dang, and Y. L. Zhang, “Relation-
ships between microbial compositions and hydrochemical fac-
tors in nitrate contaminated groundwater of Hun River
alluvial proluvial fan, China,” Journal of Agricultural Science
and Technology, vol. 17, pp. 735–746, 2015.

[13] S. Demirel and I. Bayhan, “Nitrate and bromate removal by
autotrophic and heterotrophic denitrification processes: batch
experiments,” Journal of Environmental Health Science and
Engineering, vol. 11, no. 1, pp. 27–27, 2013.

[14] M. A. Gomez, E. Hontoria, and J. Gonzalez-Lopez, “Effect of
dissolved oxygen concentration on nitrate removal from
groundwater using a denitrifying submerged filter,” Journal
of Hazardous Materials, vol. 90, no. 3, pp. 267–278, 2002.

[15] G. Huang, Y. Huang, H. Hu, F. Liu, Y. Zhang, and R. Deng,
“Remediation of nitrate–nitrogen contaminated groundwater
using a pilot-scale two-layer heterotrophic–autotrophic
denitrification permeable reactive barrier with spongy iron/
pine bark,” Chemosphere, vol. 130, pp. 8–16, 2015.

[16] K. C. Lee and B. E. Rittmann, “A novel hollow-fibre membrane
biofilm reactor for autohydrogenotrophic denitrification of
drinking water,” Water Science and Technology, vol. 41,
no. 4-5, pp. 219–226, 2000.

[17] H. I. Park, D. K. Kim, Y. J. Choi, and D. Pak, “Nitrate reduction
using an electrode as direct electron donor in a biofilm-
electrode reactor,” Process Biochemistry, vol. 40, no. 10,
pp. 3383–3388, 2005.

[18] R. Nerenberg and B. E. Rittmann, “Perchlorate as a secondary
substrate in a denitrifying, hollow-fiber membrane biofilm
reactor,” Water Science and Technology: Water Supply, vol. 2,
no. 2, pp. 259–265, 2002.

[19] Y. Tang, C. Zhou, S. W. Van Ginkel, A. Ontiveros-Valencia,
J. Shin, and B. E. Rittmann, “Hydrogen permeability of the
hollow fibers used in H2-based membrane biofilm reactors,”
Journal of Membrane Science, vol. 407-408, pp. 176–183,
2012.

[20] S.W. Van Ginkel, Z. Yang, B.-o. Kim, M. Sholin, and B. E. Ritt-
mann, “Effect of pH on nitrate and selenate reduction in flue
gas desulfurization brine using the H2-based membrane bio-
film reactor (MBfR),” Water Science & Technology, vol. 63,
no. 12, pp. 2923–2928, 2011.

[21] S. W. van Ginkel, R. Lamendella, W. P. Kovacik Jr, J. W. Santo
Domingo, and B. E. Rittmann, “Microbial community struc-
ture during nitrate and perchlorate reduction in ion-
exchange brine using the hydrogen-based membrane biofilm
reactor (MBfR),” Bioresource Technology, vol. 101, no. 10,
pp. 3747–3750, 2010.

[22] M. C. Ziv-El and B. E. Rittmann, “Systematic evaluation of
nitrate and perchlorate bioreduction kinetics in groundwater
using a hydrogen-based membrane biofilm reactor,” Water
Research, vol. 43, no. 1, pp. 173–181, 2009.

[23] S. Velizarov, J. G. Crespo, and M. A. Reis, “Removal of inor-
ganic anions from drinking water supplies by membrane
bio/processes,” Reviews in Environmental Science and Bio/
Technology, vol. 3, no. 4, pp. 361–380, 2004.

[24] N. van Breemen and H. F. G. van Dijk, “Ecosystem effects of
atmospheric deposition of nitrogen in the Netherlands,” Envi-
ronmental Pollution, vol. 54, no. 3-4, pp. 249–274, 1988.

[25] H. Liu, W. Jiang, D.Wan, and J. Qu, “Study of a combined het-
erotrophic and sulfur autotrophic denitrification technology

6 Archaea



for removal of nitrate in water,” Journal of Hazardous Mate-
rials, vol. 169, no. 1-3, pp. 23–28, 2009.

[26] A. Marietou, “Nitrate reduction in sulfate-reducing bacteria,”
FEMS Microbiology Letters, vol. 363, no. 15, 2016.

[27] B. E. Rittmann, R. Nerenberg, K. C. Lee et al., “Hydrogen-
based hollow-fiber membrane biofilm reactor (MBfR) for
removing oxidized contaminants,” Water Science and Tech-
nology: Water Supply, vol. 4, no. 1, pp. 127–133, 2004.

[28] Y. Zhang, F. Zhong, S. Xia, X.Wang, and J. Li, “Autohydrogen-
otrophic denitrification of drinking water using a polyvinyl
chloride hollow fiber membrane biofilm reactor,” Journal of
Hazardous Materials, vol. 170, no. 1, pp. 203–209, 2009.

[29] Y. Zhang, L. Huang, Z. Zhang, C. Sun, and J. Li, “Actual
application of a H2-based polyvinyl chloride hollow fiber
membrane biofilm reactor to remove nitrate from ground-
water,” Journal of Chemistry, vol. 2015, 7 pages, 2015.

[30] S. Xia, Y. H. Zhang, and F. H. Zhong, “A continuous stirred
hydrogen-based polyvinyl chloride membrane biofilm reactor
for the treatment of nitrate contaminated drinking water,”
Bioresource Technology, vol. 100, no. 24, pp. 6223–6228, 2009.

[31] Y. Tang, A. Ontiveros-Valencia, L. Feng, C. Zhou,
R. Krajmalnik-Brown, and B. E. Rittmann, “A biofilm model
to understand the onset of sulfate reduction in denitrifying
membrane biofilm reactors,” Biotechnology and Bioengineer-
ing, vol. 110, no. 3, pp. 763–772, 2013.

[32] J. G. de Lomas, A. Corzo, J. M. Gonzalez, J. A. Andrades,
E. Iglesias, and M. J. Montero, “Nitrate promotes biological
oxidation of sulfide in wastewaters: experiment at plant-scale,”
Biotechnology and Bioengineering, vol. 93, no. 4, pp. 801–811,
2006.

[33] J. Chung, R. Nerenberg, and B. E. Rittmann, “Bio-reduction of
soluble chromate using a hydrogen-based membrane biofilm
reactor,” Water Research, vol. 40, no. 8, pp. 1634–1642, 2006.

7Archaea



Research Article
Bioaugmentation with Mixed Hydrogen-Producing
Acetogen Cultures Enhances Methane Production in
Molasses Wastewater Treatment

Shuo Wang ,1,2,3 Jianzheng Li ,4 Guochen Zheng,5 Guocheng Du,6 and Ji Li 1,2

1Jiangsu Key Laboratory of Anaerobic Biotechnology, School of Environment and Civil Engineering, Jiangnan University,
Wuxi 214122, China
2Jiangsu College of Water Treatment Technology and Material Collaborative Innovation Center, Suzhou 215009, China
3Department of Civil Engineering, University of Calgary, Calgary, AB, Canada T2N 1N4
4State Key Laboratory of Urban Water Resource and Environment, Harbin Institute of Technology, Harbin 150090, China
5Songliao River Basin Administration of Water Resources Protection, Changchun 130021, China
6Ministry Key Laboratory of Industrial Biotechnology, School of Biotechnology, Jiangnan University, Wuxi 214122, China

Correspondence should be addressed to Ji Li; liji@jiangnan.edu.cn

Received 1 May 2018; Accepted 9 July 2018; Published 1 August 2018

Academic Editor: Guangbin Li

Copyright © 2018 Shuo Wang et al. This is an open access article distributed under the Creative Commons Attribution License,
which permits unrestricted use, distribution, and reproduction in any medium, provided the original work is properly cited.

Hydrogen-producing acetogens (HPA) have a transitional role in anaerobic wastewater treatment. Thus, bioaugmentation with
HPA cultures can enhance the chemical oxygen demand (COD) removal efficiency and CH4 yield of anaerobic wastewater
treatment. Cultures with high degradation capacities for propionic acid and butyric acid were obtained through continuous
subculture in enrichment medium and were designated as Z08 and Z12. Bioaugmentation with Z08 and Z12 increased CH4
production by glucose removal to 1.58. Bioaugmentation with Z08 and Z12 increased the COD removal rate in molasses
wastewater from 71.60% to 85.84%. The specific H2 and CH4 yields from COD removal increased by factors of 1.54 and 1.63,
respectively. Results show that bioaugmentation with HPA-dominated cultures can improve CH4 production from COD
removal. Furthermore, hydrogen-producing acetogenesis was identified as the rate-limiting step in anaerobic wastewater treatment.

1. Introduction

High-strength organic wastewater and municipal sludge can
be efficiently treated through anaerobic processes, which pro-
duce CH4 as the main product [1]. The microbial cultures
used in anaerobic wastewater treatment are highly complex
and include fermentative bacteria, hydrogen-producing
acetogens (HPA), and methanogenic bacteria (MB) [2, 3].
HPA species are applied in anaerobic wastewater treatment
as an alternative to MB, sulfate-reducing bacteria, and other
hydrogen-consuming bacteria [4]. However, only a few
strains of HPA have been isolated and purified because the
species are obligate or facultative anaerobe. HPA mainly
converts volatile fatty acids (VFAs) and ethanol into acetic
acid, H2, and CO2 [5, 6]. The metabolic products of HPA,
in turn, promote CH4 production by MB [7].

Propionate acid tends to accumulate in high-strength
organic wastewater, and the COD removal efficiency from
wastewater decreases with increasing influent COD [8]. Pre-
vious studies attributed this phenomenon to methanogenesis
because MB has a slow growth rate, narrow ecological niche,
and stringent requirements for living conditions [9, 10]. In
addition, VFA degradation is the rate-limiting step in anaer-
obic wastewater treatment because it is subject to the acetic
acid degradation pathway and can decelerate and decrease
acetic acid conversion [10, 11]. The degradation of propio-
nate and butyrate acids by HPA cannot proceed spontane-
ously under normal conditions because it requires energy
consumption [6]. By contrast, the terminal product CH4
can be spontaneously produced under normal conditions
when acetic acid, H2, and CO2 are present in sufficient
amounts [6]. This phenomenon indicates that the substrate
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conversion capacity of MB is higher than that of HPA. There-
fore, hydrogen-producing acetogenesis likely exerts consider-
able influence on the effectiveness of anaerobic wastewater
treatment. The growth rate of HPA is as typically as slow as
that of MB [12, 13]. HPA, however, requires more rigorous
living conditions than MB [14]. Thus, HPA could potentially
become the rate-limiting factor in anaerobic wastewater
treatment under certain conditions.

HPA is a strictly anaerobic eubacteria, and most HPA
species are mutualists [15, 16]. The latter characteristic
implies that the growth and metabolism of HPA completely
depend on the presence of other microorganisms, such as
methanogens [17]. McInerney and Bryant [4] andMcInerney
et al. [12] isolated four HPA strains that can degrade butyrate;
comprehensively analyzed the growth, metabolism, phospha-
tidic acid composition, and nutrition of the isolates; and
established the Syntrophomonadaceae family through 16S
rRNA sequencing analysis [18]. Medium-temperature pro-
pionic acid-oxidizing bacteria [19] have been recently
obtained in fumarate culture medium. These bacteria exhib-
ited remarkable activity in propionate oxidation associated
with sulfate reduction. Syntrophobotulus glycolicus, Syntro-
phothermus lipocalidus, Sporomusa sphaeroides, andMoorella
thermoacetica have been subsequently isolated [20–23].
However, given that pure HPA cultures are difficult to obtain,
the ability of a HPA-dominated coculture of anaerobic
microbes to enhance CH4 production and contaminant
removal should be investigated [10, 24].

The effectiveness of anaerobic wastewater treatment
depends mainly on the enrichment of functional microor-
ganisms [25, 26]. The performance of anaerobic wastewater
treatment can be improved through bioaugmentation, which
involves the addition of specific strains or dominated flora to
the reaction system [27]. Bioaugmentation accelerates the
start-up and maintains the stability of bioreactors and
enhances the conversion rate of complex substrates. The
methane production increased at least 38% [26, 27] and has
increased total biogas and CH4 yields through COD removal
[13, 14]. In addition, the ability of propionate-oxidizing and
butyrate-oxidizing HPA to enhance CH4 production has
been investigated.

In this work, cultures dominated by propionate-oxidizing
and butyrate-oxidizing HPA were obtained from anaerobic
sludge through enrichment culture. The organic substrate
degradation capability of the propionate-oxidizing and
butyrate-oxidizing microflora was investigated through
batch cultures. The enhancement in CH4 production and
COD removal rates by bioaugmentation with the mixed
HPA culture was evaluated.

2. Materials and Methods

2.1. Seed Sludge and Enrichment Medium. The original
anaerobic activated sludge used to screen for HPA-
dominated cultures was collected from an anaerobic baffled
reactor [28]. The enrichment medium, micronutrient solu-
tion, and vitamin solution were prepared as described by
Liu et al. [13] andWang et al. [14]. 10mL of anaerobic sludge
sampled and inoculated to 300mL serum bottles, and each

bottle contained 100mL propionic acid or butyric acid
enrichment medium. The serum bottles were purged with
nitrogen gas for 20min and then cultivated under shaking
at 130 r/min and 35°C. Only when the consumption of pro-
pionic acid or butyric acid was up to 85% that 10mL of bac-
terial suspension was extracted and injected as inocula for
the subsequent batch cultures. The successful enrichment of
HPA-dominated cultures (Z08 for HPA-dominated culture
that oxidized propionic acid; Z12 for HPA-dominated culture
that oxidized butyric acid) depended on the rate of CH4
production from propionic acid and butyric acid [13, 14].

2.2. Glucose and Molasses Wastewater. Glucose wastewater
contained 5000mg/L of glucose and was modified with
1000mg/L of NH4Cl, 600mg/L of NaCl, 200mg/L of FeCl2,
300mg/L of KH2PO4, and 300mg/L of K2HPO4. The COD
of molasses wastewater was 8000mg/L. To maintain the
bioactivity of the anaerobic activated sludge, NH4Cl and
K2HPO4 were added at a COD :N : P ratio of 500 : 8 : 1.
NaHCO3 was used to adjust the initial pH value of the
wastewater to 7.8–8.0.

2.3. Bioaugmentation Batch Test. Bioaugmentation batch
tests were conducted to evaluate the effect of HPA-
dominated microflora. Four serum bottles (500mL) were
used for glucose degradation. Each serum bottle contained
300mL of glucose wastewater and 30mL of anaerobic acti-
vated sludge. The original mixed liquor volatile suspended
solids (MLVSS) of anaerobic sludge, Z08, and Z12 was
12400mg/L, 2500mg/L, and 3600mg/L, respectively; in par-
ticular, the MLVSS of anaerobic sludge, Z08, and Z12 were
uniformly diluted to 350mg/L to maintain the initial MLVSS
which was equal in each sample. Each serum bottle contained
biomass at the rate of 40mg MLVSS/L. The experimental
scheme for bioaugmented glucose wastewater treatment
was designed as follows: FH1 (30mL of anaerobic activated
sludge), FH2 (27mL of anaerobic activated sludge and 3mL
of Z08), FH3 (26mL of anaerobic activated sludge and
4mL of Z12), and FH4 (27mL of anaerobic activated sludge,
1.8mL of Z08, and 1.2mL of Z12). Four serum bottles
(500mL) were utilized for normal molasses wastewater
treatment. Each serum bottle contained 240mL of normal
molasses wastewater and 40mL of anaerobic activated
sludge. Each serum bottle contained biomass in the form of
MLVSS at the rate of 50mg MLVSS/L. The experimental
scheme for bioaugmented molasses wastewater treatment
was designed as follows: QJ1 (40mL of anaerobic activated
sludge), QJ2 (36mL of anaerobic activated sludge and 4mL
of Z08), QJ3 (35mL of anaerobic activated sludge and 5mL
of Z12), and QJ4 (36mL of anaerobic activated sludge,
2.0mL of Z08, and 2.0mL of Z12). All serum bottles were
cultivated under shaking at 130 r/min and 35°C.

2.4. Iodonitrotetrazolium Chloride–Dehydrogenase. Dehy-
drogenase is an organic macromolecule that is secreted by
microorganisms. It is used as an index for the evaluation of
the bioactivity of anaerobic activated sludge [29]. Iodonitro-
tetrazolium chloride (INT) has low redox potential
(+90mV). This characteristic indicates that INT has high

2 Archaea



electron affinity [30] and suggests that dehydrogenase
activity can be measured on the basis of INT activity. Dehy-
drogenase activity (UI) can be calculated using

UI = 15 15 ⋅ A
W

, 1

where UI is the dehydrogenase activity (μmol INT/g·min), A
denotes the absorbance of the extract liquor, and W repre-
sents biomass content (MLVSS, mg).

2.5. Analytical Methods. COD and MLVSS values were
measured in accordance with standard methods [31]. Glu-
cose was measured through the phenol–sulfuric acid method
[32]. The biogas yield in each bottle was measured periodi-
cally using 5 and 50mL syringes, and biogas constituents
(H2, CO2, and CH4) were characterized through gas chroma-
tography (Lunan SC-7, China). The components of ethanol
and VFAs (acetic acid, propionic acid, and butyric acid from
the liquid phase of the reaction system) were analyzed
through gas chromatography (AAC GC-112, China). The
experiment was run in triplicate.

3. Results and Discussion

3.1. Enrichment of HPA

3.1.1. Propionate-Oxidizing HPA. Z08, a mixed culture
dominated by propionate-oxidizing HPA, was successfully
obtained after ten generations of continuous subculture. As
listed in Supplementary Table 1, the acetic acid yield and
accumulative H2 yield was 1007.9mg/L and 49.2mL, respec-
tively, indicating that the propionate-oxidizing HPA per-
formed well in propionic acid degradation and supplied
sufficient substances for methane production. The conver-
sion rate of propionic acid was 18.5mmol/gMLVSS·d, and

the rate of methane production from propionic acid was
0.49. As shown in Figure 1(a), bioaugmentation with Z08
rapidly decreased propionic acid concentration from
8436.71mg/L to 8083.74mg/L and increased acetic acid
concentration from 524.61mg to 701.43mg. This result
indicates that Z08 has good adaptation performance. After
9 days of inoculation with Z08, propionic acid concentration
significantly decreased from 8083.74mg/L to 2008.91mg/L,
whereas acetic acid concentration increased from
701.43mg/L to 2251.49mg/L. The H2 and CO2 contents of
the biogas increased from 0.06% to 0.09% and from
11.53% to 18.76% (Figure 1(b)), respectively, whereas CH4
content sharply increased to 45.42%. However, the degrada-
tion of propionic acid slowed down and decreased to
351.14mg/L after 30 days of subculture. The accumulated
acetic acid concentration was 1203.53mg/L. The cumulative
biogas yield was 161mL, and H2, CH4, and CO2 contents
were 0.12%, 49.14%, and 11.27%, respectively. In addition,
the terminal pH value of the entire reaction system stabilized
at 7.30–7.40. This pH range is suitable for enhanced propio-
nic acid removal and CH4 production [33]. The average
degradation rate of propionic acid under bioaugmentation
with Z08 was 269.5mg/L·d. The conversion rate of propionic
acid was 22.1mmol/gMLVSS·d, and the rate of CH4 produc-
tion from propionic acid was 0.41.

Propionic acid degradation can be divided into three
stages on the basis of two distinct turning points. The first
stage is the adaptation stage and occurred from days 0 to 8
of degradation. During this stage, propionic acid degradation
was low. The second stage occurred from days 9 to 20 of
degradation. During this stage, the microorganisms in Z08
adapted to the new living conditions and actively degraded
propionic acid. Most of propionic acid was consumed
through the synergistic action of MB [13, 34]. The third stage
occurred from days 21 to 30 of degradation. As the propionic
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Figure 1: Performance of Z08 through propionic acid degradation (a) and methane production (b).
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acid content of the culture medium decreased, microbial
activity was reduced because the microorganisms in Z08
competed with one another. In addition, excessive acetic acid
generation during stage 2 triggered feedback inhibition as
shown by (2). Feedback inhibition then decelerated pro-
pionic acid degradation [35]. However, the bioactivity of
MB in Z08 was not inhibited, and propionic acid concen-
tration decreased again when acetic acid was converted to
CH4 by MB.

CH3CH2COOH +H2O⟶ 2CH3COOH + 3H2

+ CO2△G0′ = +76 1 kJ/mol
2

3.1.2. Butyrate-Oxidizing HPA. Z12, a mixed culture domi-
nated by butyrate-oxidizing HPA, was successfully obtained
after seven generations of continuous subculture. As listed
in Supplementary Table 2, the acetic acid yield and accumu-
lative H2 yield was 900.7mg/L and 51.6mL, respectively,
indicating that the butyrate-oxidizing HPA presented good
capacity in butyric acid degradation and provided sufficient
substances for methane production. The conversion rate of
butyric acid was 15.5mmol/gMLVSS·d, and the rate of meth-
ane production from butyric acid was 0.75. As illustrated in
Figure 2(a), over 3 days of inoculation with Z12, butyric acid
concentration decreased from 7063.64mg/L to 5727.3mg/L,
and acetic acid concentration increased from 659.88mg/L
to 788.59mg/L. H2, CH4, and CO2 concentrations in biogas
increased by 0.06%, 18.68%, and 4.64% (Figure 2(b)),
respectively, indicating that HPA in Z12 had begun to
degrade butyric acid into acetic acid, H2, and CO2 to provide
substrates for MB in Z12. However, butyric acid degradation
slowed down from days 4 to 6 along with the treatment
process, and butyric acid content remained at 5500mg/L.
Subsequently, butyric acid concentration sharply decreased

from 5457.28mg/L to 776.29mg/L, and the cumulative acetic
acid concentration peaked at 1762.43mg/L. The H2 content
of the biogas peaked on day 9, and CH4 and CO2 content also
rapidly increased. Butyric acid concentration decreased to
211.83mg/L on day 24, whereas acetic acid concentration
gradually decreased on day 21. Moreover, the H2 content of
the biogas also declined. The terminal concentrations of
butyric acid and acetic acid were 211.83 and 827.65mg/L,
respectively. The cumulative biogas yield was 191mL, and
CH4 and CO2 contents reached as high as 60.76% and
16.45%, respectively. The final pH value of the whole reaction
system stabilized at 7.40–7.50, which is desirable for good
butyric acid removal and CH4 production. The average
degradation rate of butyric acid under bioaugmentation with
Z12 was 285.5mg/L·d. The conversion rate of butyric acid
was 15.8mmol/gMLVSS·d, and the rate of CH4 production
from butyric acid was 0.74.

Although the process of butyric acid degradation can also
be divided into three phases, it differed from that of propio-
nic acid degradation. Stage I, the acclimation period of Z12,
occurred during days 1 to 3 of degradation and was shorter
than the acclimation period of Z08. During this stage, Z12
rapidly degraded butyric acid, and acetic acid content
increased. During stage II (days 4–6), the degradation rate
of butyric acid declined (Figure 2(a)). In contrast to HPA,
MB displayed good bioactivity in the reaction system because
the methane production rate kept increasing during this
stage. The slight accumulation of acetic acid indicated that
hydrogenotrophic methanogen was dominant in MB and
the community structure of Z12 thus facilitated H2 con-
sumption, which further enhanced butyric acid degradation
by HPA [36]. During stage III (days 7–24), HPA efficiently
converted butyric acid to acetic acid and H2, and the acetic
acid and H2 contents of the reaction system increased
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Figure 2: Performance of Z12 through butyric acid degradation (a) and methane production (b).
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temporarily (Figure 2(b)). By contrast, acetic acid concentra-
tion remained low because of the good substrate conversion
efficiency of MB.

3.1.3. Rate-Limiting Step of AnaerobicWastewater Treatment.
In general, acetic acid degradation by MB is an energy-
reducing reaction that can occur spontaneously under

Table 1: Biogas yields and methane production performance of FH1 to FH4.

FH1 FH2 FH3 FH4

Glucose conversion (%) 96 99 99 99

Biogas yield (mL) 140 198.9 205.7 259.9

Maximum specific methane production rate (mmol/gMLVSS·d) 0.89 1.27 1.56 2.26

Rate of methane production from glucose (mol/mol) 1.32 1.60 1.79 2.32

Enhanced ratio of methane production (%) — 125 224 262
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standard conditions. By contrast, as shown by (3), butyric acid
degradation by HPA cannot occur spontaneously under
standard conditions [35]. This behavior implies that the deg-
radation of acetic acid by MB is easier than that of butyric
acid by HPA.

CH3CH2CH2COOH + 2H2O⟶ 2CH3CH2OH
+ 2H2△G0′ = +48 1

3

Although hydrogenotrophic methanogens could not
deplete H2 in time and decrease pH2, acetogenic methano-
gens converted acetic acid into CH4 in the culture medium
[37]. Therefore, the reduction in acetic acid concentration
could promote the degradation of butyric acid.

Similarly, propionate degradation by HPA cannot pro-
ceed spontaneously under normal conditions because this
reaction requires energy consumption [6]. Nevertheless, pro-
pionic acid degradation could be enhanced by decreasing H2
concentration. Furthermore, propionic acid degradation
requires a low system pH2 given its high standard Gibbs-
free energy [38, 39]. In accordance with hydrogen partial
pressure theory, propionic acid was rapidly degraded when
pH2 was low, and propionic acid degradation slowed down
when H2 accumulated (Figure 1).

Moreover, the acetic acid concentration of the culture
medium was maintained at approximately 1000mg/L
throughout the reaction (Figures 1(a) and 2(a)) because of
the presence of MB, which could release feedback inhibition
on propionic and butyric acid accumulation. Although the
degradation of butyric acid in stage II was less and thus
resulted in the accumulation of acetic acid (Figures 2(a)
and 2(b)), methane production still increased, emphasizing
that the rate-limiting step was not methanogenesis. The high
CH4 yield implied the good bioactivity of MB and that the
rate-limiting step of propionic acid and butyric acid degrada-
tion can be attributed to HPA [8, 40].

3.2. Performance of Mixed HPA Culture in Glucose
Degradation. The biogas yield, maximum specific CH4 pro-
duction rate, and CH4 production rate from glucose in FH4
were higher than those in FH1, FH2, and FH3 (Table 1).
The contents of terminal VFAs (acetic acid, propionic acid,
and butyric acid) in FH4 (139, 109, and 297mg/L) were
markedly lower than those in FH3 (189, 149, and 433mg/L).
These results indicated that the mixed HPA culture and
the anaerobic activated sludge exhibit high glucose conver-
sion rates. Bioaugmentation enhanced the rate of CH4 pro-
duction from glucose, and the variation in pH corresponded
to the variation in glucose degradation by the dominant
microflora. The initial pH was maintained at 8.0. The acidi-
fication ratio reached 42.3% as glucose degradation pro-
ceeded [41], causing the pH value to decrease to 5.7. This
pH value is unfavorable for MB [33]. Thereafter, the pH
value recovered to 7.1 through the synergy of HPA and
MB. This effect was particularly pronounced under high
acetic acid conversion rates. The two types of dominant
bacteria (Z08 and Z12) grew independently and performed
specific microbial activities. The promoting effects of these
activities on high-strength organic wastewater treatment
require further study.

3.3. Performance of Mixed HPA Culture in Normal Molasses
Wastewater Treatment

3.3.1. Biogas Components and Yields. As shown in
Figure 3, the majority of the substrates in molasses waste-
water were converted to H2, CO2, and CH4. These results
indicate that bioaugmentation improves resource recovery.
All reaction systems provided high H2 yields during the
initial stages of treatment, and QJ4 provided the highest
H2 yield (23.76%) among all reaction systems. H2 content
remained as high as 15% for the first 72 h of treatment
and subsequently declined. By contrast, CH4 was not
detected, indicating that homoacetogenic bacteria in the
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reaction system utilized H2 and CO2 to produce acetic
acid [42]. CH4 was detected after 120 h in QJ3 and QJ4
and after 145 h in QJ1 and QJ2. These results imply that
the bioactivity of the butyric-oxidizing HPA is higher than
that of the propionic-oxidizing HPA [35]. The CH4 con-
tents of the QJ2, QJ3, and QJ4 systems remained above
25% during acetogenesis, and the CH4 content of QJ4
reached as high as 37%. However, the CH4 content of
QJ1 was only approximately 15% because HPA has low
acetic acid, H2, and CO2 conversion capacities. The anaer-
obic activated sludge modified with the mixed HPA cul-
ture could produce sufficient substrates for MB because
ethanol, propionic acid, and butyric acid, as indicated by
the quick and efficient conversion of the substrates into
acetic acid, H2, and CO2.

The biogas yields of QJ2, QJ3, and QJ4 were 183, 226, and
252mL, respectively, and were moderately higher than that
of QJ1. The cumulative H2 yields of QJ1, QJ2, QJ3, and QJ4
were 48.93, 51.21, 56.27, and 89.43mL, respectively. The
cumulative CH4 yields of QJ1, QJ2, QJ3, and QJ4 were
32.33, 45.97, 49.14, and 61.91mL, respectively. These results
collectively imply that HPA bioaugmentation increases H2
and CH4 production and improves molasses conversion.
As shown in Figure 4, the specific rates of H2 and CH4
yields from COD removal under bioaugmentation with
the mixed HPA culture in QJ4 had increased by a factor
of 1.54 and 1.63 compared with those in QJ1. The experi-
mental results show that bioaugmentation has a detectable
effect and that it can effectively improve the efficiency of
anaerobic wastewater treatment.
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3.3.2. Terminal Soluble Products.As illustrated in Figure 5, the
degradation of molasses wastewater by anaerobic activated
sludge and HPA was inconsistent with that of glucose waste-
water. Ethanol could be detected after 6 h of glucose degrada-
tion and after 72 h of molasses degradation. These results
indicate that the mixed HPA culture can effectively convert
ethanol into acetic acid,H2, andCO2 [43]. In addition, ethanol
was not detected in QJ, suggesting that bioaugmentation with
Z08 and Z12 promotes ethanol conversion frommolasses and
thereby decreases the possibility of propionic acid and butyric
acid conversion from molasses. The conversion of ethanol
into acetic acid is a spontaneous reaction [35]. Therefore,
the substrate conversion rate increased in QJ2, QJ3, and QJ4
under relatively high ethanol content (500mg/L). HPA-
dominated microflora has a transitional role in anaerobic
wastewater treatment [34, 44], thus enhancing resource
recovery (Figure 4).

In QJ1, no characteristics of VFA degradation were
observed, and the terminal acetic acid, propionic acid, and
butyric acid contents were 1000, 780, and 770mg/L, respec-
tively, after 500 h of degradation. By contrast, in QJ2, QJ3,
and QJ4, propionic and butyric acid degradation showed
clear trends and improved as acetic acid content increased.
The terminal acetic acid, propionic acid, and butyric acid
contents were 1751, 230, and 847mg/L in QJ2, respectively;
2047, 220, and 590mg/L in QJ3, respectively; and 1841,
375, and 580mg/L in QJ4, respectively. The propionic acid
and butyric acid contents in QJ2, QJ3, and QJ4 were signifi-
cantly lower than those in QJ1 because propionic acid and
butyric acid could be effectively degraded by the HPA-
dominated culture, and microbial metabolic products could
be utilized by MB. Moreover, at 72–120h of the reaction,
acetic acid content considerably increased, H2 content
decreased, and CH4 was not detected in QJ4 (Figures 3(d)
and 5(d)). These results imply that homoacetogenesis has
occurred in the reaction system. The initial pH value
of the reaction system was 8.10, which then sharply
decreased to 4.50 within the first 48 h of the reaction
because a large amount of VFAs were produced through

acidogenesis [6, 41]. Correspondingly, H2 conversion
increased. Thereafter, given the synergism of HPA and
MB, propionic acid, butyric acid, acetic acid, H2, and CO2
were successively utilized, and the pH value of the reaction
system was maintained at approximately 7.00.

3.3.3. Correlation of Specific Dehydrogenase Activity and
COD Removal. The COD removal efficiencies in QJ1, QJ2,
QJ3, and QJ4 were 71.7%, 80.3%, 83.5%, and 85.8%, respec-
tively, after 500 h of anaerobic treatment. In QJ4, bioaugmen-
tation with the mixed HPA culture increased substrate
degradation and CH4 production. In addition, specific dehy-
drogenase activity was measured on the basis of INT
throughout the process of molasses wastewater treatment.
The specific dehydrogenase activity in QJ4 was significantly
higher than that in QJ1, indicating that bioaugmentation
with Z08 and Z12 improves microbial activity. The correla-
tion coefficients between specific dehydrogenase activity
and COD removal in the four systems were 0.9609, 0.9924,
0.9841, and 0.9776, as calculated by the CORREL function
(Table 2). The experimental results demonstrate that the
INT-specific dehydrogenase activity of anaerobic activated
sludge is highly correlated with COD removal rate. Thus,
the bioactivity of anaerobic activated sludge can be objec-
tively and accurately reflected by INT-specific dehydrogenase
activity [45].

4. Conclusion

Mixed cultures dominated by propionic- and butyric-
oxidizing HPA were obtained through more than seven
generations of continuous subculture. The rate of CH4 pro-
duction from propionic acid and butyric acid were 0.41 and
0.74, respectively. Hydrogen-producing acetogenesis was
identified as the rate-limiting factor of anaerobic wastewater
treatment. Inoculation with the mixed cultures of Z08 and
Z12 increased the biogas yield, maximum specific CH4
production rate, and CH4 production rate of glucose and
molasses wastewater treatment, as well as increased the

Table 2: Correlation of specific dehydrogenase activity and COD removal.

Related parameters
Measurement time of parameters

48 h 96 h 270 h 360 h 500 h

QJ1

Specific dehydrogenase activity (μmol INT/g·min) 12.12 6.27 3.52 3.77 5.61

COD removal (%) 40.90 7.87 7.08 5.51 10.24

Correlation coefficients 0.9609

QJ2

Specific dehydrogenase activity (μmol INT/g·min) 16.16 7.36 5.13 4.86 5.73

COD removal (%) 45.70 13.39 3.94 5.51 11.81

Correlation coefficients 0.9924

QJ3

Specific dehydrogenase activity (μmol INT/g·min) 15.15 7.79 5.13 4.55 6.45

COD removal (%) 39.40 19.69 4.72 5.51 14.17

Correlation coefficients 0.9841

QJ4

Specific dehydrogenase activity (μmol INT/g·min) 22.22 9.52 6.16 5.83 7.00

COD removal (%) 38.60 17.32 13.39 5.51 11.02

Correlation coefficients 0.9776
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specific rates of H2 and CH4 yield from COD removal by
a factor of 1.54 and 1.63, respectively. The INT-specific
dehydrogenase activity of anaerobic activated sludge was
highly correlated with COD removal efficiency.
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An integrated anaerobic fluidized-bed membrane bioreactor (IAFMBR) was investigated to treat synthetic high-strength
benzothiazole wastewater (50mg/L) at a hydraulic retention time (HRT) of 24, 18, and 12 h. The chemical oxygen demand
(COD) removal efficiency (from 93.6% to 90.9%), the methane percentage (from 70.9% to 69.27%), and the methane yield (from
0.309m3 CH4/kg·CODremoved to 0.316m3 CH4/kg·CODremoved) were not affected by decreasing HRTs. However, it had an
adverse effect on membrane fouling (decreasing service period from 5.3 d to 3.2 d) and benzothiazole removal efficiency
(reducing it from 97.5% to 82.3%). Three sludge samples that were collected on day 185, day 240, and day 297 were analyzed
using an Illumina® MiSeq platform. It is striking that the dominant genus of archaea was always Methanosaeta despite of HRTs.
The proportions of Methanosaeta were 80.6% (HRT 24), 91.9% (HRT 18), and 91.2% (HRT 12). The dominant bacterial genera
were Clostridium in proportions of 23.9% (HRT 24), 16.4% (HRT 18), and 15.3% (HRT 12), respectively.

1. Introduction

The widespread use of antibiotics has generated large vol-
umes of contaminated antibiotic wastewater. Antibiotics
have not been degraded entirely even after passing through
the processing of conventional wastewater treatment plants
(WWTP) [1, 2]. They gradually enter the water environment
when wastewater is discharged. Therefore, antibiotics have
been detected in surface water [3, 4], groundwater, and soils,
generating worldwide attention. The occurrence and release
of antibiotics have adversely affected bioreactor treatment
in decreasing COD removal efficiency because of their bacte-
rial toxicity [5]. Furthermore, antibiotics are considered to be
pollutants because antibiotics and their transformation prod-
ucts may lead to spread/transfer of antibiotic-resistant bacte-
ria (ARB) and antibiotic resistance genes (ARGs) when
microbes are exposed to antibiotics in the long term.

Among the processes used for wastewater treatment,
anaerobic treatment has some technical advantages, such as
the production of methane, lower energy costs, and lower
excess sludge production [6]. Anaerobic bioreactors have
been used for high-strength organic wastewater treatment,
including treatment of contaminated antibiotic wastewater
[5, 7]. However, anaerobic bioreactors alone cannot fulfill
the demands of stringent effluent standards. To improve
effluent quality, some researchers have combined anaerobic
and membrane reactors [8–10]. A two-stage anaerobic
fluidized-membrane bioreactor reportedly was used to treat
municipal wastewater containing 20 pharmaceuticals,
achieving pharmaceutical removal efficiencies of 78%–100%
[11]. Also, membrane bioreactors could have an advantage
in the release of antibiotic-resistant bacteria (genes). Munir
et al. have researched the effluent and biosolids of five waste-
water utilities in Michigan [12]. They found that membrane
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bioreactor has the least release of antibiotic-resistant bacteria
(genes) compared to the four other types of wastewater
treatment utilities.

Parameters such as hydraulic retention time (HRT), tem-
perature, and solid retention time (SRT) have a significant
effect on the performance and running life of a bioreactor. A
large number of different combinations of operation condi-
tions have been reported, such as SRT from a few days [13]
to about a year [14], temperature from psychrophilic [15] to
thermophilic, and HRT from a few hours [16] to a few days
[17]. HRT is one of the essential operating conditions, which
has a direct influence on the performance of the bioreactor
[17]. In the light of different chemical compositions of antibi-
otic wastewater, it is important to select the corresponding
HRT. The change of performance inevitably affects mem-
brane fouling development in AnMBR. It has been reported
that a decrease in HRT enhanced accumulation of soluble
microbial products (SMP), which acceleratedmembrane foul-
ing [18]. Our previous research showed the feasibility of an
integrated anaerobic fluidized-bed membrane bioreactor
treating synthetic benzothiazole wastewater [10]. However,
little information is available about the influence of HRT on
IAFMBR treating high-strength benzothiazole wastewater.

This study investigated the feasibility of an integrated
anaerobic fluidized-bed membrane bioreactor (IAFMBR) to
treat high-strength wastewater containing benzothiazole.
This research was focused on the impact of hydraulic reten-
tion time (HRT) on the performance of the IAFMBR and
the succession of microbial community structures.

2. Materials and Methods

2.1. Integrated Anaerobic Fluidized-Bed Membrane
Bioreactor. The integrated anaerobic fluidized-bed mem-
brane bioreactor (IAFMBR) was made of 10mm Plexiglas
with a total volume of 8.9 L (effective volume of 6.1 L) [10].
The reactor consisted of an outer tube, a middle tube, an
inner tube, a three-phase separator, and a membrane module
(Figure 1). The outer tube was filled with anaerobic granular
sludge. A hollow fiber membrane (Mitsubishi Rayon Co.,
Ltd., Tokyo, Japan) was equipped in the inner zone with a
total surface membrane area of 0.21m2 and a pore diameter
of 0.4μm. The designed membrane flux was 11.3 L/m2h.

The IAFMBR consisted of an AFBR (anaerobic
fluidized-bed reactor) and an AnMBR (anaerobic mem-
brane bioreactor). The AFBR effluent was treated by
anaerobic granular sludge. The IAFMBR effluent was a
membrane permeate which was treated by anaerobic gran-
ular sludge and membrane.

2.2. Reactor Operation Conditions. The reactor had stably
operated for 151 d, including a start-up phase (1–58 d) and
an adaptation phase (59–151) (Table 1). In this study, the
reactor was operated under HRT of 24 (152–185 d), 18
(186–240 d), and 12h (241–297 d) (Table 1). Continuous
membrane filtration was performed. During the whole exper-
iment, the reactor was wrapped with an electrothermal wire
to keep the temperature at 35°C. The SRT was 35 d, and the
concentration of benzothiazole was 50mg/L.

2.3. Inoculation and Feed Composition. The reactor was inoc-
ulated with 1.2 L anaerobic granular sludge that was taken
from an anaerobic reactor treating wastewater from an
alcohol-producing plant in Daqing, China. The MLVSS was
4850mg/L, and the MLVSS/MLSS was 0.67.

Synthetic wastewater was fed according to the character-
istics of antibiotic production wastewater coming from a
pharmaceutical factory in Harbin, China. The concentration
of benzothiazole was 50mg/L. Glucose and acetate were used
to maintain the COD (2961–3337mg/L). The other composi-
tions of wastewater were as follows (mg/L): NH4Cl, 140; urea,
40; KH2PO4, 45; MgSO4, 55; and CaCl2, 15. The inorganic
nutrient composed is according to the previous study [8].

2.4. Sample Analysis. The COD was measured according to
standard methods [19]. Biogas production was measured
using a wet gas meter. Biogas production was detected using
a gas chromatograph (Agilent GC 7890A, USA) with a ther-
mal conductivity detector. The sample of VFAs was filtrated
with a 0.45μmMillipore filter, and it was determined by a gas
chromatograph (Agilent GC 7890, USA) equipped with a
flame ionization detector. Benzothiazole concentration was
detected by a high-performance liquid chromatography
instrument (Waters e2695, USA) under ultraviolet detection
set at 254nm with a C18 column (SB-C18, 250mm× 4.6mm,
Agilent Co., Ltd., USA). The mobile phase, flow rate, and
temperature were as described previously[10].

The samples of mixed liquor were taken from the reactor.
The sample of cake layer was taken from the membrane by
flushing the membrane surface with a certain amount of
deionized water. The extraction of EPS and SMP was based
on [20]. Both SMP and EPS were quantified through a mea-
surement of protein and polysaccharides. The concentration
of proteins was detected by the modified BCA kit (Sangon
Biotech Ltd., Shanghai, China) following the manufacturer’s
protocols. The concentration of polysaccharides was deter-
mined by the phenol sulphuric acid method [21].

2.5. Microbial Community Analysis

2.5.1. Sample Collection and DNA Extraction. The sludge
samples (HRT 24, 18, and 12 collected on days 185, 240,
and 297, resp.) were taken from the AFBR reactor. Total
DNA analysis was performed by extraction using a FastDNA
SPIN Kit for Soil (MP Biomedicals (Shanghai) Ltd., China)
following the manufacturer’s protocols.

2.5.2. PCR Amplification and Illumina® MiSeq Method. PCR
amplification, production purification, and quantification
were afforded by a sequencing company (Sangon Biotech
Ltd., Shanghai, China). The extracted DNA was amplified
using a set of bar-coded primers 341F and 805R for bacteria.
The amplification of archaea DNA was used using nested
PCR (two sets of primers). One set of primers was 340F
and 1000R, and the other set of primers was 349F and
806R. The composition of different primers was reported in
the previous study [10].

The thermocycling steps were as follows: 94°C for
3min, followed by 5 cycles at 94°C for 30 s, 45°C for
20 s, and 65°C for 30 s; 20 cycles at 94°C for 20 s, 55°C
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for 20 s, and 72°C for 30 s; and a final extension step at
72°C for 5min. The PCR productions were sequenced by
an Illumina MiSeq high-throughput platform (Sangon
Biotech Ltd., Shanghai, China).

2.5.3. Biodiversity Analysis and Phylogenetic Classification.
The raw reads were demultiplexed. The adapters, barcode,
and primers in all reads were trimmed. Sequences shorter
than 200 bp were removed with the PRINSEQ software. The
UCHIME softwarewas used to detect chimera sequences [10].

Operational taxonomic units (OTUs) were clustered by
97% similarity (3% dissimilarity level) using the UCLUST
algorithm (http://www.drive5.com/uclust/downloads1_1-
579.html). The Shannon index and Chao1 index were calcu-
lated to compare the diversity and richness of microbial
structures [22].

3. Results and Discussion

3.1. Performance of IAFMBR

3.1.1. COD Removal. The variations of COD were investi-
gated during the three phases (Figure 2). In general, the
COD removal efficiency of IAFMBR was relatively stable,
and the numerical values were 93.6± 0.6%, 91.2± 1.7, and
90.9± 0.9% at the HRT of 24h, 18 h, and 12h. For AFBR,
the COD removal efficiency was slightly impacted by the
HRT. The COD removal efficiency was maintained at about
87.3± 0.6% at the HRT of 24 h, and the effluent COD was
398mg/L. When the HRT was reduced to 18 h, the effluent
COD was increased to 828mg/L at the beginning and then
decreased to 467± 57mg/L at a stable period, corresponding
to an efficiency of 84.9± 2.1%. However, as the HRT was

�ree-phase
separator

AFBR

Membrane

An MBR

Water tank

Feed tank

Sample spot

Gas flow meter

Figure 1: The schematic diagram of the IAFMBR.

Table 1: The summary of operating conditions of IAFMBR system.

Phase Start-up Adaptation HRT 24 HRT 18 HRT 12

Days (d) 1–58 d (58 d) 59–151 d (93 d) 152–185 d (34 d) 186–240 d (55 d) 241–297 d (57)

Benzothiazole (mg/L) 0 1–50 50 50 50

HRT (h) 24 24 24 18 12

Temperature (°C) 35 35 35 35 35

OLR (kg COD/m3·d) 3.33 3.26 3.13 4.64 6.36
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reduced to 12 h, the effluent COD was 557± 28mg/L, and the
COD efficiency was 82.5± 1.1%.

The impact of HRT on the performance has been
researched in some studies. The antibiotic wastewater that
contained amoxicillin (AMX) was treated by an expanded
granular sludge bed (EGSB) at an HRT of 8–20 h, and the
COD removal efficiency dropped from 85% to 36.5% [23].
Gao et al. used IAFMBR treating domestic wastewater [8].
They found that the COD removal efficiency obviously
decreased from 63.6± 2.5% (HRT 8) to 48.4± 2.6% (HRT
4). Compared to those studies that were previously men-
tioned, HRT variations did not obviously affect the COD
removal efficiency in this study. This is because the synthetic
feed (the main carbon sources were glucose and acetate) is
easy to biodegrade by microorganisms.

3.1.2. Benzothiazole Removal. Benzothiazole removal effi-
ciency decreased with the stepwise drop of HRT (Figure 3).
The average AFBR (IAFMBR) effluent benzothiazole concen-
trations were 2.03± 0.24mg/L (1.23± 0.27mg/L), 9.60
± 1.36mg/L (7.28± 1.36mg/L), and 12.02± 1.71mg/L (8.99
± 1.89mg/L) at the HRT of 24, 18, and 12 h. The benzothia-
zole removal efficiency of AFBR (IAFMBR) was 96.0± 0.5%
(97.6± 0.5%), 81.1± 1.9% (85.7± 2.6%), and 76.4± 3.4%
(82.3± 3.7%) at the HRT of 24, 18, and 12h.

HRT is one of the critical factors that affect the degrada-
tion of antibiotics. It has been reported that the main removal
pathway of benzothiazole was biodegradation [10]. For bio-
degradation, the contact time between biodegraded material
and sludge was important which affects the treatment
efficiency. For AFBR, a lower HRT applied may cause the
washout of the functional bacteria that is required for the bio-
degradation of antibiotics [24]. For IAFMBR, the functional
microbe could wash out and into the inner tube. However,
the membrane fouling cycle was relatively short resulting in

frequent membrane cleaning. The functional microbe could
not enrich in the inner tube.

3.1.3. VFA Accumulation. The accumulation and composi-
tion of the volatile fatty acids (VFAs) were supervised in dif-
ferent HRT (Figure 4). Acetate was the major component of
VFAs in the AFBR effluent, which increased with the change
of HRT, and its concentrations in the AFBR effluent were
88.44± 11.84mg/L (HRT 24h), 206.93± 15.58mg/L (HRT
18h), and 242.82± 9.55mg/L (HRT 12h), being accounted
as about 73.31%, 69.98%, and 68.26% of total VFAS, respec-
tively. The same phenomenon of acetate accumulation was
also indicated in previous studies [8, 10]. Acetate is the sub-
strate for acetotrophic methanogens which play an important
role in CH4 production and for homoacetogenic bacteria,
transforming acetate to hydrogen and CO2 [25].

The increment of propionate increased slightly, and its
concentrations were 15.86± 3.31mg/L, 18.84± 5.75mg/L,
and 23.01± 0.79mg/L at the HRT of 24, 18, and 12 h in the
AFBR effluent. The concentration of butyrate increased from
16.33± 3.07mg/L (HRT 24h) to 69.93± 9.10mg/L (HRT
18h) to 89.91± 4.14mg/L (HRT 12h) in the AFBR effluent,
being accounted as about 13.54%, 23.65%, and 25.27% of
total VFAs, respectively. It was reported that antibiotics had
an adverse effect on butyrate-oxidizing bacteria [25]. In this
study, the residual concentration of benzothiazole increased
with a decreased HRT (Figure 3), which could inhibit buty-
rate degradation. A similar inhibition of butyrate degrada-
tion was found in other antibiotics [26]. Valerate was not
detected during all periods.

In general, tVFA accumulation increased with the declin-
ing HRT. The tVFAs in IAFMBR effluent was lower than
those in AFBR, which were 57.83mg/L± 13.81mg/L,
154.66± 18.50mg/L, and 171.04± 10.88mg/L at the HRT of
24 h, 18 h, and 12 h.
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Figure 2: COD removal performance at different HRT. (a) Variations of COD concentration and (b) variations of COD removal efficiency.
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3.1.4. Biogas Production. Biogas production was monitored
throughout the three phases of reactor operation (Table 2),
particularly for the evaluation of methanogenic activity.
The biogas production volume was greatest at HRT of 12 h
(21.49± 0.39 L/d) compared with that of HRT of 18 (14.00
± 0.78 L/d) and 24 h (10.74± 0.39 L/d). Methane production
apparently increased from 7.60± 0.26 L/d to 10.29± 0.57 L/d
to 14.88± 1.57 L/d at HRT of 24, 18, and 12 h. These data
showed that methane production augmented with an
increase in the organic loading rate, which was similar to pre-
vious studies [8].

However, the methane percentage was slightly affected by
the change of HRT (70.9± 0.3%, 73.5± 2.1%, and 69.3± 1.6%
at HRT of 24, 18, and 12h). About 70% methane content was

similar to previous studies [25]. The methane yield is a useful
parameter to evaluate the performance of an anaerobic reac-
tor [5]. The methane yield was relatively stable, and the
values were 0.309± 0.014m3 CH4/kg CODremoved (HRT24),
0.327± 0.028m3 CH4/kg CODremoved (HRT18), and 0.316
± 0.022m3 CH4/kg CODremoved (HRT12), respectively. There
are two possible reasons. On the one hand, methanogens
were in the anaerobic granular sludge. This structure pro-
tected the activity of methanogens. On the other hand, the
effect of BTH on the methanogens was not significant.

In order to show the carbon flow, a mass balance (based
on COD) was illustrated (Figure 5(a)). About 70% carbons
were converted to methane at different HRT. The data of
mass balance and methane yield (Table 2) was similar, which
showed that the production of methane was not affected by
the reducing HRT.

3.2. Membrane Fouling

3.2.1. TMP Fraction. The change of transmembrane pressure
(TMP) was used as an indicator of membrane fouling. Clean-
up or backflushing was not applied in order to detect the one-
time operational duration of membrane fouling. In this
experiment, the TMP was collected at the stable period of
different HRTs, and the value of TMP reached 16 kPa as
membrane fouling.

In general, the trends of the membrane fouling cycle were
similar at different HRT (Figure 5(b)). The membrane foul-
ing cycle was 5.3, 3.7, and 3.2 d at HRT of 24, 18, and 12 h.
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Figure 3: The variations of benzothiazole removal performance at different HRT.
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in AFBR and IAFMBR.

Table 2: The biogas production at different HRTs (average
concentrations at steady-states).

HRT
Biogas

production
(L/d)

Methane
production

(L/d)

Methane
percentage

(%)

Methane yield (m3

CH4/
kg·CODremoved)

24 10.74± 0.39 7.60± 0.26 70.9± 0.3 0.309± 0.014
18 14.00± 0.78 10.29± 0.57 73.5± 2.1 0.327± 0.028
12 21.49± 1.26 14.88± 1.57 69.3± 1.6 0.316± 0.022
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When HRT was 24 h, the TMP rapidly increased to 9 kPa on
day 2.4 in a linear manner and then had transient platform
fluctuations. Finally, TMP was close to 16 kPa on day 5.3 in
a linear manner again.

Generally, with the shortened HRT, the influent COD of
AnMBR was increased (from 398mg/L to 557mg/L)
(Figure 2(a)), which led to the decrease in the membrane
fouling cycle. These results were similar to previous studies
[8]. Gao et al. have researched the control of membrane foul-
ing by addition of granular-activated carbon (GAC) at HRT
4, 6, and 8 h in an anaerobic membrane bioreactor. They
found that the membrane fouling cycle at HRT 4h (about
15 d) was almost two times of that at HRT 8h (about 31 d)
when 40 g GAC was added. The membrane fouling cycle of
this study was obviously short. The possible reasons are as
follows: (1) no addition of GAC. The fluidization of GAC
could evidently reduce TMP [16]. However, maintenance of
the fluidization of GAC demands a lot of energy to consume.
(2) The feed had high COD (2961–3337mg/L) and antibiotic
(50mg/L benzothiazole), which resulted in aggravation
membrane fouling.

3.2.2. EPS and SMP Fraction. The variations of EPS and SMP,
from both mixed liquor and cake layer, in different TMPs
were detected (Figure 6). In the mixed liquor, there was no
significant difference in SMP under different HRT. For
instance, when the HRT was 24 h, the SMP were 43.00mg/
L, 48.19mg/L, and 47.88mg/L at TMP of 5 kPa, 10 kPa, and
15 kPa, respectively (Figure 6(a)). The concentrations of
EPS and SMP were different at HRT 24, 18, and 12h in the
mixed liquor, but the trends were similar. EPS and SMP were
not affected by TMP variations in each certain HRT with sta-
ble performance (Figures 6(a) and 6(c)). The possible reason
was that the mixed liquor and microbiology communities
were relatively stable, which did not change with TMP.

However, for cake layer, the concentrations of EPS and
SMP increased with rising TMP in each certain HRT
(Figures 6(b) and 6(d)). For instance, when the HRT was
24 h, the SMP were 22.28mg/L, 34.74mg/L, and 50.73mg/L
at TMP of 5 kPa, 10 kPa, and 15 kPa, respectively. Those EPS
and SMP in the cake layer came from the biomass growthwith
rising TMP on the membrane surface. Sludge cake formation
on the membrane surface is viewed as the major cause of
membrane fouling [27]. It has been reported that cake sludge
deposited on the membrane surface has much higher specific
filtration resistance than that of bulk sludge liquor [28].

The concentrations of EPS and SMP in mixed liquor and
the cake layer increased with decreasing HRT, which was due
first to the faster growth of anaerobic sludge with shorter
HRT [18]; secondly, more undegraded substrates were pres-
ent in the mixed liquor. It has been reported that SMP occurs
in response to environmental stress, such as that caused by
toxic compounds [29]. In this study, the concentration of
benzothiazole was increased (from 1.23± 0.27mg/L to
12.02± 1.71mg/L) with the change of HRT, which could
explain the increasing SMP. The major fraction of SMP was
the soluble phase of EPS, and SMP consistently varied with
EPS in the aerobic MBR [30].

The concentration of protein was much higher than that
of polysaccharide either in mixed liquor or cake layer, in EPS
or SMP, which was consistent with previous studies[8]. Meng
et al. found that proteins are more hydrophobic, adhere more
easily to the membrane surface, and induce membrane foul-
ing [31]. In addition, our group has reported that protein had
a negative impact on membrane fouling compared to poly-
saccharide [32]. This conclusion explained the cause of seri-
ous membrane fouling in another aspect.

3.3. Microbial Community Structure. Normally, bacteria play
a dominant role in antibiotic wastewater treatment systems:
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Figure 5: Mass balance and transmembrane pressure (TMP). (a) Mass balance at different HRT and (b) TMP profile at different HRT.
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bacteria carbon transformation functions may be disturbed.
Meanwhile, bacteria possessing antibiotic resistance could
survive in this condition [33]. That is why it is important to
understand the microbial community structure.

3.3.1. Bacterial Community Analysis. The Illumina MiSeq
high-throughput platform was used to determine three
microbial samples (HRT 24, 18, and 12 collected on days
185, 240, and 297, resp.), which were taken from the AFBR.
The qualified sequencing reads were in the range of 24,182
to 42,241, which were clustered in more than 1500 OTUs
based on a threshold of 97%.

The relative abundance of phylum, class, and genus levels
was described in order to understand the communities better.

More than 20 types of bacterial phyla were recovered alto-
gether, and the main phyla were Firmicutes (27.7%–41.4%),
Proteobacteria (8.9%–21.6%), Chloroflexi (12.4%–25.3%),
and Bacteroidetes (8.3%–9.4%) (Figure 7(a)). These phyla
were found to be significant microbial groups in other anaer-
obic bioreactors treating antibiotic wastewater [7, 9, 10].

At the class level, two of the most important classes were
Clostridia (21.2%–30.2%) and Anaerolineae (10.9%–23.2%),
(Figure 7(b)). The sample of HRT 24 was dominated by Clos-
tridia (30.2%), Anaerolineae (10.9%), and δ-Proteobacteria
(9.6%). The HRT 18 community was dominated by Clos-
tridia (30.2%), followed by γ-Proteobacteria (18.4%) and
Anaerolineae (17.6%). The HRT 12 community was domi-
nated by Anaerolineae (23.2%) and Clostridia (21.2%).
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Figure 6: The variation of extracellular polymeric substances (EPS) and soluble microbial products (SMP) in the mixed liquor and cake layer.
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Clostridia had many carbon-degrading functions, which
played a main role in COD removal. Some Clostridia were
able to cleave aromatic rings and utilize the methyl group
of aromatic methyl ethers as carbon source [34, 35]. Clos-
tridia and δ-Proteobacteria were the major classes associated
with antibiotic environments [33, 36]. Moreover, Anaeroli-
neae was found in an anaerobic bioreactor [37].

In general, microbes from two samples showed similar
diversities but different abundance. The sample of HRT 24
was dominant byClostridium (23.9%), followed byTrichococ-
cus (6.9%), and Levilinea (4.8%). The major community in a
sample of HRT 18 was Clostridium (16.4%), followed by
Citrobacter (16.3%) and Levilinea (10.0%). The sample of
HRT 18 was dominant by Clostridium, Levilinea, and Longili-
nea in the proportion of 15.3%, 11.6%, and 6.3% (Figure 7(c)).

In this study, no matter how the condition changes,
Clostridium was the dominant genus, which was a common
genus of dominant bacteria in anaerobic bioreactors [38,
39]. Clostridium belonging to phyla of Firmicutes with hard
cell walls can produce endospores. Clostridium spp. were
reported to have the ability of degrading complex organic
matters from acid by producing or secreting hydrolases, such
as protease and α-amylase[40]. The relative abundance of
some genera was increased in response to HRT, such as
Levilinea, Leptolinea, and Longilinea. Levilinea, Leptolinea,
and Longilinea are Gram-negative, belonging to the class of
Anaerolineae and phyla of Chloroflexi with flexible filaments
[41, 42]. Meanwhile, the decreasing HRT led to the increas-
ing residual concentration of benzothiazole. This phenome-
non indicated that the three genera could be inclined to
develop in residual benzothiazole.

3.3.2. Archaeal Community Analysis. Over 30,000 qualified
sequences were produced by an Illumina MiSeq high-
throughput platform. The dominant genus of the archaeal
community was Methanosaeta in proportions of 80.8%
(HRT 24), 91.1% (HRT 18), and 91.2% (HRT 12) followed
by Methanospirillum (14.5%, 2.1%, and 1.1% in HRT 24, 18,
and 12, resp.) and Methanobacterium (2.3%, 6.1%, and 7.3%
in HRT 24, 18, and 12, resp.) (Figure 7(d)). The proportion
of acetotrophic methanogens (Methanosaeta) increased from
80.8% to 91.2%, and the proportion of hydrogenotrophic
methanogens (Methanospirillum and Methanobacterium)
decreased from 16.9% to 8.3%. Overall, the dominant partic-
ipant was alwaysMethanosaeta (acetotrophic methanogens),
no matter how the HRT changes.

Methanosaeta was an important archaea in anaerobic
bioreactors [43, 44]. Methanosaeta belongs to acetotrophic
methanogens which can convert acetic acid to methane and
CO2, and this process produces 70% of methane [45]. Wang
et al. treated brewery wastewater using a continuous stirred
microbial electrochemical reactor (CSMER) [37]. The
CSMER comprised a complete mixing zone (CMZ) and
microbial electrochemical zone (MEZ), and the anaerobic
sludge was inoculated in CMZ. They found that Methano-
saeta (40.3%) was the predominant archaea in CSMERCMZ
andMethanosaeta existed in each sample.Methanosaeta have
been found to have high methane yield so that the higher rel-
ative abundance ofMethanosaetamanifested a favorable con-
dition for methane yield [46]. And this finding was in line
with the higher methane yield in HRT 18 (0.327m3 CH4/kg
CODremoval) and 12 (0.327m3 CH4/kg CODremoval) com-
pared with HRT 24 (0.315m3 CH4/kg CODremoval).

Methanosaeta

Methanospirillum

Methanobacterium

Others

Acetoclastic methanogens

Hydrogenotrophic methanogens

HRT 24
HRT 18
HRT 12

100806040200
Relative abundance (%)

(d)

Figure 7: Taxonomic classification of bacteria and archaea form different HRT (collected on day 185, 240, and 297): (a) bacteria phylum, (b)
bacteria class, (c) bacteria genus, and (d) archaea genus.
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4. Conclusions

This study indicated the feasibility of an IAFMBR to the treat-
ment of high concentration wastewater containing antibiotics
at different HRT. The COD removal efficiency, the methane
percentage, and the methane yield were not affected by HRT
decreasing from 24h to 12 h. The decreased HRT had an
adverse effect on membrane fouling and benzothiazole
removal efficiency. For bacteria, the dominant phyla, class,
and genera were Firmicutes, Clostridia, and Clostridium.
For archaea, the dominant genera were Methanosaeta. With
the decreased HRT, the acetotrophic methanogens increased
while that of hydrogenotrophic methanogens decreased.
The best performance was obtained at HRT of 24h.
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Microorganisms play an essential role in the performance of constructed wetlands (CWs) for wastewater treatment. However, there
has been limited discussion on the characteristics of microbial communities in CWs for treatment of effluents from marine
recirculating aquaculture systems (RAS). This study is aimed at characterizing the microbial communities of pilot-scale CWs
with Salicornia bigelovii for treatment of saline wastewater from a land-based Atlantic salmon RAS plant located in Northern
China. Illumina high-throughput sequencing was employed to identify the profile of microbial communities of three CWs
receiving wastewater under different total ammonia nitrogen (TAN) concentrations. Results of this study showed remarkable
spatial variations in diversity and composition of microbial communities between roots and substrates in three CWs, with
distinct response to different TAN concentrations. In particular, Proteobacteria, Firmicutes, Cyanobacteria, and Bacteroidetes
were predominant in roots, while Cyanobacteria, Proteobacteria, Firmicutes, Verrucomicrobia, and Bacteroidetes were prevalent
in substrates. Moreover, redundancy analysis indicated that specific functional genera, such as Nitrosopumilus, Vibrio,
Pseudoalteromonas, Nitrospina, and Planctomyces, played key roles in the removal of nitrogen/phosphorus pollutants and
growth of wetland plants. From a microorganism perspective, the findings of this study could contribute to better understanding
of contaminants’ removal mechanism and improved management of CWs for treatment of effluents from land-based
marine aquaculture.

1. Introduction

Development of environment-friendly and efficient aqua-
culture effluent treatment system is crucial for sustainable
intensification of aquaculture, including recirculating aqua-
culture systems (RAS). Due to large volumes of wastewater
with high salinity, it remains a challenge for treatment of
effluents from land-based marine aquaculture. A number
of physical (e.g., mechanical filtration [1]), chemical (e.g.,

catalytic reduction [2]), and biological (e.g., periphyton
biofilters [3]) methods, used in conventional wastewater
treatment, have been applied for treating mariculture
wastewater, while they are costly in terms of capital invest-
ment, energy demand, and system maintenance [4]. Alterna-
tively, constructed wetlands (CWs) act as a natural biofilter
and can remove considerable amounts of nutrients, organic
matter, and suspended solids from wastewater [5, 6]. Owing
to low capital, operating costs, and low energy consumption,
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CWs are becoming a promising technique to treat aqua-
culture effluents before discharge.

The performance of CWs largely depends on the interac-
tion of wetland substrates, plants, and their associated micro-
organisms [7]. In particular, microorganisms within the
biofilm on the surface of filter media and plant roots are
widely considered to play a key role in the removal of many
organic and inorganic pollutants [8, 9]. In recent years, a
growing body of literature has examined the response of
microbial community in CWs to wastewater quality charac-
teristics [9], substrate type [10], plant diversity [11], pH
variation [12], operational time [13] and so on. In a generic
context, a better understanding of microbial communities
in CWs and their influential parameters could aid in optimi-
zation and management of CWs toward further efficiency
enhancement [14, 15]. Until now, only a few published
studies have focused on CWs for treatment of saline waste-
water from offshore and coastal marine aquaculture [16],
while the characteristics of microbial communities in CWs
for mariculture wastewater treatment have not yet been dealt
with in depth.

A number of methods are available for the assay of
environmental microbial characteristics, for example, plate
count method, machine learning-based measurements, and
molecular technologies [7, 17]. High-throughput sequenc-
ing technology is a highly efficient molecular biology
method to profile complicated microbial populations of
CWs [10, 18, 19], which provides an opportunity to investi-
gate the links between the microbial communities and oper-
ational environment of CWs in particular [15, 20]. Recently,
Urakawa and Bernhard [21] emphasized further research on
high-throughput sequencing of wetland microbial communi-
ties to support the potential use of microorganisms as effec-
tive biological indicators for wetland management. To date,
there are few published studies on the characteristics of
microbial communities in CWs treating mariculture efflu-
ents, based on the high-throughput sequencing technology.

The aim of this study was to characterize the diversity
and structure of microbial communities attached to substrate
surface and plant roots in CWs with Salicornia spp. for treat-
ment of mariculture wastewater under three different total
ammonia nitrogen (TAN) concentrations, using Illumina
high-throughput sequencing method. Moreover, the contrib-
uting microorganisms and core genera to the removal of
nitrogen and phosphorus from wastewater were identified,
and the relationships between nutrients’ removal efficiency
and corresponding functional genera were investigated.

2. Materials and Methods

2.1. Experimental Wetland System. Three pilot-scale recircu-
lating horizontal subsurface flow CW systems (Figure 1)
were constructed to treat simulated wastewater from a
land-based intensive Atlantic salmon (Salmo salar) farm,
located in Shandong Province, Northern China. Each
CW system had one cylindrical barrel (diameter (Ø),
900mm; height, 670mm) and three respective CW tanks
(300mm× 300mm× 300mm, W×L×H). Each CW tank
was filled with graded smooth cobblestone (Ø, 30–50mm;
height, 80mm) as the bottom layer, haydite (Ø, 5–8mm;
height, 100mm) as the middle layer, and smaller haydite
(Ø, 3–5mm; height, 120mm) as the top layer. A total of
12 Salicornia plants (fresh weight, 2.0± 0.1 g/plant) were
planted in each tank. Before the experiment, the Salicornia
plants were, first, subjected to salt acclimation for 30 days
for adaptation to the salinity of seawater used in this farm
and then moved to the CWs and fed with seawater in
batches for 60 days.

Fermented with Atlantic salmon residual excrement
bait [22], the simulated wastewater was diluted to different
TAN concentrations and classified into three groups,
namely, low-concentration group (L, 0.75± 0.01mg/L),
middle-concentration group (M, 2.31± 0.09mg/L), and
high-concentration group (H, 7.23± 0.18mg/L), representing
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Figure 1: The pilot CW system (a) and a single CW unit (b). (Figure (b) was adapted from Li et al. (unpublished data) [70]).
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the range of observed TAN concentrations in actual waste-
water from the salmon farm under study. The simulated
wastewater was stored in the barrel and then pumped by
peristaltic pumps to the CW system (each with three parallel
CW units). The outflows of the CWs went back to the barrel
by gravity. Wastewater in the barrel was completely replaced
every 18 days. During the experimental period, wastewater
flowed into the CWs at a rate of 100mL/min. Before sample
collection, all the three CWs were in operation continuously
for 72 days. At the end of the experiment, sample collection
and monitoring of influent and effluent wastewater quality
were performed. Table 1 presented the effluent wastewater
characteristics and removal performance of the CWs,
including TAN, nitrite (NO2

−-N), nitrate (NO3
−-N), phos-

phate (PO4
3−-P), temperature (T), and pH. The removal

performance was expressed by final variation and removal
rate. By the end of the experiment, the fresh weight of the
harvested Salicornia plants (g/plant) in the three CWs was
10.0± 1.4 (low-concentration group), 12.8± 3.6 (middle-con-
centration group), and 9.8± 3.9 (high-concentration group).

2.2. Sample Collection and DNA Extraction. In order to
achieve the maximum recovery rate and representative infor-
mation on microbial populations, samples were collected
both from the plant roots (R-samples) and the substrate
(S-samples) surface on several selected spots of each
experimental wetland system. In total, nine R-samples
(1 g·ind−1) were collected, including three from the L group
(L-R, replicate samples marked as L1-R, L2-R, and L3-R),
three from the M group (M-R, replicate samples marked
as M1-R, M2-R, and M3-R), and three from the H group
(H-R, replicate samples marked as H1-R, H2-R, and H3-R).
Similarly, nine S-samples (10 g·ind−1) were collected from
the top layer of the CWs, including three from the L group
(L-S, replicate samples marked as L1-S, L2-S, and L3-S), three
from the M group (M-S, replicate samples marked as M1-S,
M2-S, and M3-S), and three from the H group (H-S, replicate
samples marked as H1-S, H2-S, and H3-S).

The attached biofilms on the R- and S-samples were
extracted by means of shaking each sample in 100mL of
sterile physiological saline with 100μL of Tween 80 deter-
gent solution using a vortex mixer for 10min. Then, the
solution was filtered through a 0.22μm polycarbonate filter
(Millipore, MA, USA) to collect the microorganisms. All
the processed samples were stored at −80°C until microbial
DNA extraction. The total DNA on the filter paper was
extracted with E.Z.N.A.® Water DNA Kit (Omega Bio-Tek,
Norcross, GA, USA) according to the manufacturer’s pro-
tocol. Thereafter, the extracted DNA was subjected to elec-
trophoresis using 1.0% agarose gel at 150V for 20min to
examine the quality of DNA. DNA purity and quantity
were determined using a NanoDrop spectrophotometer
(NanoDrop Technologies Inc., Wilmington, DE, USA). The
extracted DNAs were stored at −80°C before being subjected
to high-throughput sequencing.

2.3. High-Throughput Sequencing. Deep sequencing of the
16S rRNA gene amplicons from the 18 samples was per-
formed using Illumina MiSeq paired-end sequencing plat-
form (Illumina, San Diego, CA, USA). First, polymerase
chain reaction (PCR) was carried out using 25μL of reaction
mixture containing 1x PCR buffer, 10 ng of genomic DNA,
0.5U of Ex Taq (Takara, Dalian, China), 1.5mmol/L
MgCl2, 0.4μmol/L deoxynucleoside triphosphate (dNTP),
and 1.0μmol/L each primer. The primer pair used for
PCR was 515F (5′-GTGYCAGCMGCCGCGGTA-3′) and
909R (5′-CCCCGYCAATTCMTTTRAGT-3′), targeting the
V4-V5 hypervariable region of bacterial 16S rRNA gene
[23, 24]. The PCR profile consisted of initial denaturation
at 94°C for 3min, followed by 30 cycles of denaturation at
94°C for 40 s, annealing at 56°C for 60 s, elongation at 72°C
for 60 s, and final extension at 72°C for 10min. Each sample
was amplified in duplicate and then combined together. The
PCR products were separated by electrophoresis on 1.2%
agarose gel and purified using SanPrep DNA Gel Extraction

Table 1: Characteristics of the influent and effluent of CWs treating mariculture wastewater under different TAN concentrations.

Parameters TAN (mg/L) NO2
−-N (mg/L) NO3

−-N (mg/L) PO4
3−-P (mg/L) pH T (°C)

Final effluent

L 0.020± 0.001a 0.008± 0.002a 1.348± 0.331a 0.420± 0.005a 7.88 19.9

M 0.773± 0.178b 0.006± 0.003a 1.145± 0.074a 0.398± 0.008a 7.72 19.9

H 3.510± 0.479c 0.013± 0.002b 0.675± 0.035b 0.356± 0.026b 7.62 19.8

Final variation

L −0.028± 0.001a −0.187± 0.002a −1.462± 0.331a −0.008± 0.005 +0.04 +0.3

M −0.323± 0.178b −0.008± 0.003b −1.210± 0.074a −0.033± 0.008 +0.03 +0.5

H −1.247± 0.479c −0.005± 0.002b −0.285± 0.035b −0.026± 0.026 +0.10 +0.4

Removal rate (%)

L 58.51± 2.13a 96.07± 1.04a 52.03± 11.77a 1.87± 0.012
M 29.46± 16.21b 59.26± 19.25b 51.38± 3.13a 8.20± 0.019
H 26.21± 10.07b 27.93± 10.92c 29.69± 3.65b 6.88± 0.068

Final variation = effluent concentration − influent concentration; removal rate = ((effluent concentration − influent concentration)/influent concentration) ×
100%. L: low influent TAN concentration group (0.75mg/L); M: middle influent TAN concentration group (2.31mg/L); H: high influent TAN
concentration group (7.23mg/L). Differences in the final effluent and removal rate among the groups were tested using one-way ANOVA. Different
characters indicate significant differences (p < 0 05) (means ± SD, n = 3).
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Kit (Sangon Biotech, Shanghai, China). The DNAs in the
PCR products were quantified with NanoDrop, and ampli-
cons from each sample were pooled at equimolar ratios based
on the DNA concentration. The purified mixtures were
finally sequenced on the Illumina MiSeq platform.

2.4. Statistical Analyses. The raw data obtained from the
Illumina MiSeq paired-end sequencing platform were
merged with FLASH [25]. After quality filtering, the merged
sequences were screened and filtered for quality and length
using QIIME 1.9.0 [26]. Clean sequences (length> 300 bp,
without ambiguous base “N” and average base quality
score> 30) were checked and filtered using UCHIME pro-
gram to remove chimeric sequences [27], and effect
sequences without chimera were clustered into operational
taxonomic units (OTUs) at 97% similarity. Representative
sequences processed with QIIME 1.9.0 were used for taxo-
nomic assignments based on Ribosomal Database Project
classifier [28] and Greengenes database [29]. In order to
compare the microbial communities of the collected samples,
alpha diversity indices were obtained using QIIME 1.9.0
package, including Chao 1 richness estimator, Shannon
index, and Simpson index. While visualizing the differences
in the microbial community structure among the samples, a
hierarchical cluster heatmap was generated and principal
coordinate analysis (PCoA) on weighted and unweighted
UniFrac distances of the 16S rRNA genes was performed
with the R package vegan. Moreover, redundancy analysis
(RDA) was conducted, using Canoco version 5.0, to explore
all possible correlations between functional genera and
nutrients’ removal effect in the CWs. All other statistical
analyses were made using SPSS version 13.0 along with Stu-
dent’s t-test and one-way analysis of variance (ANOVA),
with significant difference set at p < 0 05.

3. Results and Discussion

3.1. Analysis of Sequence Data and Alpha Diversity. In this
study, a total of 306,489 high-quality 16S rRNA gene
sequence reads were obtained from the 18 samples subjected
to Illumina MiSeq sequencing. Each library contained 9989–
39,691 reads that were normalized to 9989 for comparison of
microbial community diversity. The alpha diversity indices
(OTU number, Chao 1 index, Shannon index, and Simpson
index) were calculated for comparison of the microbial com-
munity richness and diversity between the R- and S-samples
collected from the three CWs (Table 2).

Results of this alpha diversity analysis showed that the
microbial population on the plant roots had higher commu-
nity richness and diversity compared to the substrate surface.
As seen in Table 2, all of the four alpha diversity indices for
the R-samples, especially the Chao 1 index of the R-samples
from the M group (p < 0 05), were higher than those of the
S-samples from the three CWs. The OTU number and Chao
1 index [30] were used to analyze the microbial community
richness of the R- and S-samples from the three CWs. In
total, 32,670 OTUs were generated with a threshold of 0.97.
Based on the OTU results (ranging from 1492± 274 to
2089± 202 (mean± standard deviation)), the samples were
ranked as L-S<M-S<H-S<M-R<L-R<H-R. Based on
the Chao 1 index (average, varying from 6557± 685 to
9759± 1750), the samples were ranked as M-S<L-S<H-S<
H-R<L-R<M-R. Furthermore, Shannon and Simpson
indices were employed to analyze diversity and evenness of
microbial species [31, 32]. The results of Shannon index
were as follows: L-S (5.51± 1.20)<M-S (5.70± 0.90)<H-S
(6.50± 1.03)<M-R (7.34± 0.85)<L-R (7.41± 0.78)<H-R
(7.85± 0.71), which were similar to those of Simpson index
(ranging between 0.86± 0.08 and 0.97± 0.02). Moreover,
the relatively small standard deviation of the alpha diversity
results within each treatment group indicated a good repro-
ducibility of our experiments.

Results of this study indicated a remarkable spatial
variation in the microbial community richness and diversity
in the CWs. These results reinforce previous findings in the
literature on spatial diversity of microbial communities. For
example, Urakawa et al. [33] demonstrated that rhizosphere
attracts microbial cells and maintains larger microbial
diversity indices than the biofilm on substrate in a floating
treatment wetland. Differently, results of the alpha diversity
indices obtained in the present study are slightly higher than
those reported in previous studies [10, 20], probably owing to
varying operational factors of CWs (e.g., plant species,
hydraulic loading rates, and wastewater characteristics) in
those studies.

3.2. Comparison of Microbial Community Structures. Results
of hierarchical cluster heatmap analysis of the microbial
communities at genus level (Figure S1, Supplementary
Material) and PCoA based on weighted and unweighted
UniFrac distances (Figure 2) served as a basis for analysis of
the relationships of microbial communities among the
three different CWs. As seen from the heatmap and PCoA,
good reproducibility of our experiments could be

Table 2: Diversity estimation of the 16S rRNA gene libraries for the R- and S-samples.

Sample
OTU number Chao 1 index Shannon index Simpson index

R S R S R S R S

L 2007± 275 1492± 274 8704± 582 6947± 1464 7.41± 0.78 5.51± 1.20 0.96± 0.02 0.86± 0.08
M 1986± 268 1618± 246 9759± 1750∗ 6557± 685∗∗ 7.34± 0.85 5.70± 0.90 0.96± 0.03 0.86± 0.07
H 2089± 202 1698± 251 8338± 407 7234± 859 7.85± 0.71 6.50± 1.03 0.97± 0.02 0.91± 0.04
R: root samples; S: substrate samples; L: low influent TAN concentration group (0.75mg/L); M: middle influent TAN concentration group (2.31mg/L); H: high
influent TAN concentration group (7.23mg/L). Differences among the L, M, and H groups were tested using one-way ANOVA. Different characters indicate
significant differences (p < 0 05). Differences between the R- and S-samples of each group were determined using Student’s t-test. “∗ ” and “∗∗ ” indicate
significant differences (p < 0 05) (means ± SD, n = 3).
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speculated from the result that three parallel samples in every
treatment group were clustered together. In specific, all the
R-samples were clustered in the left subgroup and all S-
samples were clustered in the right subgroup, which
indicated different microbial communities and a
remarkable spatial variation between the plant roots and
substrate surface. Furthermore, all the R-samples were
gathered into three distinctive clusters according to
different TAN concentrations, showing that they harbored
different microbial communities. For the S-samples, most of
them were tightly clustered by TAN concentrations, though
they were not well grouped. This result demonstrated
that microbial communities both on plant roots and
substrate were influenced by the TAN concentrations of
the CW inflows. The principal component axes PC1 and
PC2 accounted for 59.44% and 16.70% of the total
changes in the bacterial community structure, respectively.

This study revealed a spatial variation in the microbial
communities on the roots and substrate, which might be
attributed to oxygen diffusions and secretions from root. It
is interesting to note that the oxygen concentration differs
between the root and substrate areas because of root respi-
ration and plant mechanisms for transporting oxygen to
the rhizosphere [33]. For instance, Ansola et al. [20] reported
that the microbial community gradient from flooded areas
(lagoon) to dry-wet areas (zones with plant) was different
and possibly related to oxygen concentration (from oxygen-
poor flooded areas to dry areas with higher oxygen diffu-
sivity). Haichar et al. [34] suggested that nutrient com-
pounds and/or allelochemicals as root exudate could control
microbial populations.

Results of this study, as mentioned above, showed that
TAN concentrations of the CW inflow affected the microbial

communities both on plant roots and substrate. This result
was consistent with previous findings on the impact of
TAN concentrations on microbial community, especially
on ammonia-oxidizing prokaryote community [35, 36].
For instance, Shen et al. [35] found that nitrogen inputs
significantly altered ammonia-oxidizing prokaryote commu-
nity, with the influence varying among different systems.
According to Urakawa et al. [36], ammonia availability is a
major factor that determines the distribution of ammonia-
oxidizing prokaryotes in coastal water.

3.3. Composition of Dominant Microbial Population. Micro-
bial phylum with a detection frequency of >0.5% in one
or more samples was defined as a dominant phylum in
this study. A total of 12 phyla (11 bacterial phyla and 1
archaeal phylum) were identified among the 18 samples
(Figure 3), including Proteobacteria, Firmicutes, Cyano-
bacteria, Bacteroidetes, Planctomycetes, Thaumarchaeota
(archaea), Acidobacteria, Actinobacteria, Verrucomicrobia,
Chloroflexi, WS3, and Chlorobi. Only a small proportion
of sequences (0.88–1.87%) retrieved from the three CWs
could not be affiliated with known bacterial phyla.

In all R-samples from the three CWs, the most abundant
phylum was Proteobacteria (average abundance: 63.69–
72.52% of total effective sequences), followed by Firmicutes
(4.14–11.35%), Cyanobacteria (7.46–11.62%), and Bacteroi-
detes (3.15–12.15%). Regarding the S-samples, the most
abundant phylum was Cyanobacteria (35.65% and 40.98%),
followed by Proteobacteria (36.39% and 37.63%), Firmicutes
(9.06% and 7.65%), and Verrucomicrobia (7.76% and 5.28%)
in CWs treating wastewater with low and middle TAN con-
centrations; however, those were Proteobacteria (36.44%),
Firmicutes (10.49%), and Bacteroidetes (9.39%) dominant
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Figure 2: Unweighted (a) and weighted (b) principal coordinate analysis (PCoA) of the R- and S-samples from the three CW groups treating
mariculture wastewater with different TAN concentrations.
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in CWs treating wastewater with high TAN concentration.
Furthermore, some dominant phyla exhibited statistical
differences (Table S1, Supplementary Material). With regard
to the R- and S-samples, statistical differences were noted
among Proteobacteria, Cyanobacteria, Actinobacteria, and
Verrucomicrobia (Student’s t-test, p < 0 05). Regarding
CWs with influents under different TAN concentrations,
statistical differences were observed among Bacteroidetes,
Thaumarchaeota, Verrucomicrobia, WS3, and Chlorobi
(one-way ANOVA, p > 0 05). These results supported the
abovementioned findings on spatial variation in microbial
communities and the influence of TAN concentrations.

Since Proteobacteria is a functionally and phyloge-
netically diverse phylum, it was further analyzed by
class (Figure 4). In total, six well-recognized classes
(Gammaproteobacteria, Alphaproteobacteria, Betaproteo-
bacteria, Deltaproteobacteria, Epsilonproteobacteria, and
Zetaproteobacteria) were observed, among which Gamma-
proteobacteria (31.70–42.23%) in the R-samples and Alpha-
proteobacteria (22.13–25.40%) in the S-samples were the
top two most abundant classes.

Most of the phyla identified in this study have been dis-
cussed in the literature on their contribution to pollutant
degradation [10, 20]. For example, Firmicutes, Bacteroidetes,
and Actinobacteria have been reported to be the ubiquitous
phyla in CWs and wastewater treatment processes, which
are critical for the decomposition of contaminants [37, 38].
Verrucomicrobia are almost pervasive in soil [39], which
explains its higher enrichment in the substrate than in the
roots (Table S1, Supplementary Material). As a common
wastewater treatment filamentous bacterium, the high rela-
tive abundance of Chloroflexi indicates its potential role in

organic decomposition [40]. Moreover, previous studies have
reported that many Planctomycetes can perform “anammox”
metabolism [41]. Wang et al. [42] have concluded that high
enrichment of Cyanobacteria is beneficial for maintaining
high removal efficiency during summertime. In the present
study, Cyanobacteria accounted for the largest proportion
of the microbial communities in the S-samples, and its pho-
tosynthetic activity could produce oxygen (a key electron
acceptor for pollutant-degrading bacteria) and organic
exudates (key carbon source for heterotrophic bacteria) [43].

Proteobacteria are regarded as dominant in CWs treating
wastewater [10, 20, 44] and in various rhizosophere systems
[45, 46]. Microorganisms belonging to the phylum Proteo-
bacteria are involved in the biodegradation of numerous
pollutants, such as organic matter, nitrogen, and phosphorus
[33, 47]. In the present study, Proteobacteria was the most
abundant phylum in the R-samples and second largest phy-
lum in the S-samples. At the class level, this study showed
that Gammaproteobacteria dominated Proteobacteria in the
R-samples, and Alphaproteobacteria was the most abundant
class of Proteobacteria in the S-samples. For comparison,
Urakawa et al. [33] reported that Alphaproteobacteria in
plant rhizospheres and Gammaproteobacteria in substrate
biofilms were the most abundant classes of Proteobacteria
in a floating treatment wetland. Those inconsistent results
between this study and the literature indicated that microbial
communities could be affected by a number of factors, such
as plant diversity [11], operation time [13], and wastewater
quality characteristics [9].

The significant roles of archaea in water treatment have
attracted intense attention in the literature, especially on
their roles in nitrogen transformation [48]. In the present
study, it was interesting to note that Thaumarchaeota, as the
only detected archaea phylum, tended to be significantly
richer in the CWs treating wastewater with low TAN concen-
trations (p < 0 05) (Table S1). This archaea group includes
currently known ammonia-oxidizing archaea (AOA), such
as Nitrosopumilus and Nitrososphaera, which play an
important role in nitrogen removal, especially the ammonia
oxidation process [49]. When ammonia is a limiting
resource for microbial growth, AOA were reported generally
higher numbers in low ammonia environments as they are
not limited by ammonia [50] concentrations in the low range.

3.4. Functional Genera and Their Relationships with Nutrient
Removal. Analysis at the genus level allowed further verifica-
tion of microbial diversity and relative abundance of genera
in the R- and S-samples from CWs treating mariculture
wastewater with different TAN concentrations (Figure S1).
Microbial genus with a detection frequency of >1% in one or
more samples was defined as a dominant genus. A total of 67
dominant genera (66 bacterial genera and 1 archaeal genus)
were identified among the 18 samples, of which specific
functional genera have been reported in the literature to play
important roles in the key processes of CWs for the removal
of various pollutants, especially marine nitrogen (Figure 5).
The relative abundances of the functional genera in the R-
and S-samples from CW receiving inflows with different
concentrations of TAN were presented in Table 3.
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In order to determine efficient microbial indicator, the
relationships between the functional genera, nutrients’
(TAN, NO2

−-N, NO3
−-N, and PO4

3−-P) variation and
removal rates, and even plant growth were evaluated by
RDA biplot (Figure 6). As shown in Figure 6, the first and

second axes explained 71.17% and 28.83% variation in the
removal rates, respectively, which was consistent with all
the other nutrients’ variation, except for TAN. Acinetobacter,
Nisaea,Nitrosopumilus, Comamonas, Bacillus, Pseudomonas,
Vibrio, Stenotrophomonas, Pseudoalteromonas, and genus of
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Nitrosomonadaceae were positively correlated with the
removal of nitrogen (Figure 6). Among them, Vibrio con-
tributed most to the removal rate of NO2

−-N, and Pseudoal-
teromonas were most related to the variation in NO2

−-N.
With regard to plant growth, Nitrospina had maximum
effect, followed by Acinetobacter, Pseudomonas, and Vibrio.
Besides, Planctomyces had a significant impact on phospho-
rus removal and variation in TAN.

While microbial communities have been proven to be
influenced by different nutrient concentrations (such as
TAN [36]), the established microbial communities, especially
some functional microorganisms, can in turn affect nutrients’
removal (Figure 6). Some microbial genera have been
reported to directly participate in the nitrogen removal by
ammonia oxidation, nitrification, and denitrification. For
instance, Acinetobacter could transform nitrogen by hetero-
trophic nitrification and aerobic denitrification [51, 52].
AndNisaea, comprising two species, namely, the type species
Nisaea denitrificans and Nisaea nitritireducens [53], can
participate in denitrification and NO2

−-N oxidation in
nitrification, reducing NO3

−-N and NO2
−-N. Furthermore,

Nitrosopumilus spp. and genus of Nitrosomonadaceae can
oxidize ammonia [54–56] and contributed to ammonia
removal in CWs. Besides, Stenotrophomonas, Comamonas,
Bacillus, Vibrio, and Pseudomonas have also been reported
to participate in the transformation of nitrogen [57–60].
Pseudoalteromonas has been shown to influence biofilm
formation in various marine econiches [61–63] and could
indirectly affect the removal of various pollutants such as
NO2

−-N. Similarly, in the present study, Pseudoalteromo-
nas was noted to contribute most to the variation in
NO2

−-N. In fact, nitrite reduction is a challenging topic that
researchers are dedicated to finding new solutions such as
catalytic treatment [64]. The application of nitrite reduction
bacteria Pseudoalteromonas could be a promising alternative.

Although rhizosphere is known to solubilize phosphorus
through the chemical activity of root exudates and biological
activity of rhizosphere bacteria, the underlying mechanisms
are not yet clear enough. This study showed that Plancto-
myces had a significant impact on phosphorus removal.
Similarly, Wu et al. [65] demonstrated that Planctomyces
are positively correlated with available phosphorus content.

Table 3: Relative abundances of some functional genera in the R- and S-samples from CWs treating mariculture wastewater with different
TAN concentrations.

Microorganism Function Sample
L M H

Mean SD Mean SD Mean SD

Pseudoalteromonas Biofilm formation
R 0.0258 0.0390 0.0022 0.0007 0.0033∗ 0.0019

S 0.0007ab 0.0006 0.0020a 0.0010 0.0002∗∗b 0.0002

Acinetobacter Denitrification, nitrification
R 0.0765 0.0519 0.1593 0.1105 0.0204 0.0225

S 0.0003 0.0002 0.0001 0.0002 0.0001 0.0001

Bacillus
Plant growth promotion,
denitrification, nitrification

R 0.0199 0.0074 0.0202 0.0116 0.0070 0.005

S 0.0167 0.0131 0.0133 0.0028 0.0186 0.0261

Pseudomonas
Denitrification, plant growth

promotion

R 0.0115∗a 0.0055 0.0090∗ab 0.0031 0.0034b 0.0019

S 0.0019∗∗ 0.0017 0.0018∗∗ 0.0009 0.0024 0.0032

Vibrio
Plant growth promotion,

nitrification
R 0.0167 0.0091 0.0216 0.0148 0.0080 0.0053

S 0.0115 0.0184 0.0019 0.0013 0.0096 0.0007

Stenotrophomonas Denitrification
R 0.0150∗ 0.0104 0.0069∗ 0.0050 0.0034∗ 0.0050

S 0∗∗ 0 0∗∗ 0 0∗∗ 0

Comamonas Denitrification
R 0.0123∗a 0.0034 0.0075ab 0.0048 0.0022b 0.0022

S 0.0017∗∗ 0.001 0.0032 0.0020 0.0016 0.0011

Nisaea
Denitrification, nitrite

oxidation

R 0.0019 0.0011 0.0016 0.0013 0.0007∗ 0.0002

S 0.0002 0.0002 0.0003 0.0003 0∗∗ 0

Nitrospina Nitrite oxidation
R 0.0005 0.0002 0.0012 0.0005 0.0011 0.0008

S 0.0009 0.0004 0.0016 0.0015 0.0002 0.0001

Genus of Nitrosomonadaceae Ammonia oxidation
R 0.0001a 0.0001 0.0011b 0.0004 0.0016b 0.0006

S 0.0051 0.0069 0.0022 0.0013 0.0024 0.0016

Nitrosopumilus Ammonia oxidation
R 0.0145a 0.0020 0.0135a 0.0220 0.0003b 0.0003

S 0.0063 0.0069 0.0020 0.0029 0 0

Planctomyces Anammox, P solubilization
R 0.0045 0.0026 0.0058 0.0025 0.0071 0.0042

S 0.0060 0.0042 0.0081 0.0018 0.0064 0.0053

SD: standard deviation; R: root samples; S: substrate samples; L: low influent TAN concentration group (0.75mg/L); M: middle influent TAN concentration
group (2.31mg/L); H: high influent TAN concentration group (7.23mg/L). Differences among the L, M, and H groups were tested using one-way ANOVA.
Different characters indicate significant differences (p < 0 05). Differences between the R- and S-samples of each group were determined using
Student’s t-test. “∗ ” and “∗∗ ” indicate significant differences (p < 0 05).
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Furthermore, Planctomyces has been reported to anaerobi-
cally oxidize ammonium (anammox) [66], which supports
the finding of the present study that Planctomyces had a
positive correction with the variation in TAN. Nitrospina
are NO2

−-N-oxidizing bacteria, which could transform
NO2

−-N to NO3
−-N that can be easily taken up by plants

[67, 68]. Interestingly, Nitrospina was noted to have maxi-
mum effect on plant growth in the present study. In consis-
tent with the RDA results (Figure 6) in this study, Jha et al.
[69] reported that Pseudomonas and Vibrio are Salicornia
plant growth-promoting rhizobacteria, which can directly
and indirectly improve the extent or quality of plant growth.

4. Conclusions

This study characterized the profile ofmicrobial communities
of three pilot-scale CWs treating mariculture wastewater
under different TAN concentrations. The Illumina high-
throughput sequencing results revealed a remarkable spatial
variation in the diversity and composition of microbial com-
munities between root and substrate in the CWs, which
differed with the varying TAN concentrations in the maricul-
ture wastewater. In particular, functional genera, such as
Nitrosopumilus (archaea),Vibrio, Pseudoalteromonas,Nitros-
pina, and Planctomyces, were found to contribute to plant
growth and effective removal of nitrogen and phosphorus
from wastewater. The findings of this study could broaden
the knowledge of the removal mechanism of contaminants
in CWs and serve as a basis for the potential use of microor-
ganisms as a biological indicator in CW management.
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